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ABSTRACT 

 

A range of chemical pollutants now contaminate drinking water sources and 

present a public health concern, including organic compounds, such as pharmaceuticals 

and pesticides, and both metalloids and heavy metals, such as arsenic and lead. 

Metalloids and heavy metals have been detected in private drinking water wells, which 

do not fall under federal drinking water regulations, as well as in urban tap water, due to 

the introduction of contamination to the drinking water distribution system. Further, 

many so-called “emerging organic contaminants,” which are present in drinking water 

sources at detectable levels but have unknown long-term health implications, do not fall 

under federal drinking water regulations. To protect the health of consumers, drinking 

water treatment at the point-of-use (POU) (i.e., the tap) is essential. Next-generation POU 

treatment technologies must require minimal energy inputs, be simple enough to permit 

broad application among different users, and be easily adaptable for removal of a wide 

range of pollutants.  

Nanomaterials, such as carbon nanotubes and iron oxide nanoparticles, are ideal 

candidates for next-generation drinking water treatment, as they exhibit unique, high 

reactivity and necessitate small treatment units. However, concerns regarding water 

pressure requirements and nanomaterial release into the treated supply limit their 

application in traditional reactor designs. To bridge the gap between potential and 

practical application of nanomaterials, this study utilizes electrospinning to fabricate 

composite nanofiber filters that effectively deploy nanomaterials in drinking water 

treatment. In electrospinning, a high voltage draws a polymer precursor solution (which 
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can contain nanomaterial additives, in the case of nanocomposites) from a needle to 

deposit a non-woven nanofiber filter on a collector surface. 

Using electrospinning, we develop an optimized, macroporous carbon nanotube-

carbon nanofiber composite that utilizes the sorption capacity of embedded carbon 

nanotubes, and achieves a key balance between material strength and reactivity towards 

organic pollutants. Additionally, via single-pot syntheses, we develop two optimized 

polymer-iron oxide composites for removal of heavy metal contamination by inclusion of 

iron oxide nanoparticles and either cationic or anionic surfactants in the electrospinning 

precursor solution. In hybrid materials that contain a well-retained quaternary ammonium 

surfactant (tetrabutylammonium bromide) and iron oxide nanoparticles, ion exchange 

sites and iron oxide sites are selective for chromate and arsenate removal, respectively. 

We demonstrated that a sulfonate surfactant, sodium dodecyl sulfate, acted as a 

removable porogen and an agent for surface segregation of iron oxide nanoparticles, thus 

enhancing composite performance for removal of lead, copper, and cadmium. Notably, 

nanoparticles embedded in composites exhibited comparable activity to freely dispersed 

nanoparticles. Collectively, the composites developed in this work represent a substantial 

advance towards the overlap of effective nanomaterial immobilization and utilization of 

nanomaterial reactivity. Outcomes of this work advance current knowledge of 

nanocomposite fabrication, and contribute to the responsible and effective deployment of 

nanomaterials in POU drinking water treatment.  
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PUBLIC ABSTRACT 

 

A range of chemical pollutants is present in drinking water sources, including 

organic compounds, (e.g., pharmaceuticals and pesticides) and heavy metals (e.g., arsenic 

and lead). To protect the health of consumers, particularly those with private drinking 

water wells and in urban areas with aging water distribution systems, drinking water 

treatment at the point of use (POU) is essential. Next-generation POU technologies must 

require minimal energy, efficiently remove a range of pollutants, and be simple enough to 

permit broad application across users. Nanomaterials are ideal candidates for such 

technologies, as they exhibit high reactivity within small physical footprints. However, 

concerns regarding pressure requirements and material release challenge their application 

in traditional reactor designs. To bridge the gap between potential and practical 

application of nanomaterials, this study utilizes electrospinning to fabricate composite 

nanofiber filters. In electrospinning, a high voltage draws a polymer precursor solution 

(which can contain nanomaterial additives) from a needle, depositing a non-woven 

nanofiber filter on a collector. Using electrospinning, we develop an optimized carbon 

nanotube-carbon nanofiber composite that achieves a key balance between material 

strength and reactivity towards organic pollutants. Additionally, we develop two 

optimized polymer nanocomposites with embedded iron oxide nanoparticles and/or ion 

exchange groups, and demonstrate their application for removal of a range of metal 

contaminants (e.g., arsenic, chromium, lead, copper, and cadmium). Outcomes of this 

work establish novel methods for nanocomposite fabrication, contributing to the 

responsible and effective deployment of nanomaterials in POU drinking water treatment.  
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CHAPTER 1: INTRODUCTION 

1.1 Drinking Water Supply Quality: Challenges  

Amid growing water scarcity, communities must also confront the challenge of 

increasingly compromised water sources.1 Surface and groundwater resources relied upon 

for drinking water now contain an array of chemically diverse contaminants (e.g., 

pharmaceuticals, agrochemicals, metalloids, and heavy metals).2–5 For example, a U.S. 

Geological Survey (USGS) survey in 2000 estimated that ~8% of groundwater resources 

used by all public water supply systems contain arsenic at a concentration above the 

maximum contaminant level (MCL; 10 µg As/L).5 This estimation is also relevant to 

private groundwater wells. A 2009 University of Iowa Center for Health Effects of 

Environmental Contamination study examined water quality in private, rural groundwater 

wells across Iowa and found 8% of samples exceeded the MCL for arsenic (Figure 1.1).3 

Occurrences of chromate have also been observed in groundwater wells.6 Further, in 

urban settings, the water distribution system can represent a secondary cause of drinking 

water contamination beyond source water quality. Chromate may leach from distribution 

system piping,7 and corrosion of galvanized, brass, and lead piping is known to cause the 

release of lead, copper, and cadmium during transmission of drinking water to individual 

users.8–10 For example, a recent switch in drinking water source and the accompanying 

change in water chemistry led to extensive lead contamination of tap water in Flint, 

Michigan.11 Due to the known negative health effects of metalloids and heavy metals, 

such exposure represents a significant public health challenge.12–16 

Occurrences of a range of organic micropollutants, such as atrazine and 

acetochlor, and have also been observed in groundwater wells.3,17,18 These organic 
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contaminants complicate the water quality challenge further, as a broad suite of so-called 

“emerging organic contaminants” remains unregulated by EPA drinking water standards, 

despite their presence in water resources. As yet, there exists a dearth of knowledge 

regarding long-term health effects of exposure to low concentrations of these potentially 

bioactive compounds.4,19,20 These emerging organic contaminants, which include 

pharmaceuticals and personal care products (PPCPs) and agrochemicals (e.g., herbicides, 

pesticides, and veterinary drugs), are known to be ubiquitous in surface and ground 

waters, often at low concentrations (e.g., ppb or ppt levels).21,22 Emerging organic 

contaminants are increasingly polar and polyfunctional in nature,23 and thus represent a 

significant challenge for conventional wastewater and water treatment methods.21,24 

PPCPs are primarily released into the environment in domestic wastewater treatment 

effluent.21,22,24 For example, the incomplete removal of a range of pharmaceuticals, such 

as carbamazepine, diclofenac, metoprolol, and sulfamethoxazole, has been observed in 

primary and secondary wastewater treatment.21,25 Beyond inputs of recalcitrant 

micropollutants via domestic wastewater treatment effluent, agricultural runoff serves as 

another contamination source, releasing compounds such as atrazine, mecoprop, and 

trenbolone into the environment.2,4,24,26,27 Advanced treatment methods, such as reverse 

osmosis (RO) and ozonation, have been shown to improve micropollutant removal in 

wastewater treatment plants.21,24,28–31 Nevertheless, compounds resistant to advanced 

oxidation processes during wastewater treatment (e.g., clofibric acid)30 and contaminants 

from agricultural runoff (e.g., atrazine) must still be removed prior to consumption as 

drinking water.  
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To protect drinking water quality, the United States Environmental Protection 

Agency (US EPA) promulgates and enforces regulations that limit allowed 

concentrations of metalloids, heavy metals and organic compounds in drinking water.32 

However, these regulations are limited both in range (e.g., drinking water standards are 

not enforced for private drinking water supplies, and do not protect users from 

contamination that stems from the distribution system) and in scope (e.g., unregulated, 

so-called “emerging contaminants”). Advanced technologies, such as chemical 

oxidation33,34 and reverse osmosis35,36 are able to efficiently remove many 

contaminants,37 but the economics of associated energy and maintenance costs are often 

limiting, particularly for small, rural communities that rely on decentralized water 

sources (e.g., private groundwater wells) and urban, often low-income, communities with 

aging water treatment infrastructure.  

 

1.2 POU Drinking Water Treatment: Current Status 

Communities that lack access to effective centralized drinking water treatment must 

depend upon decentralized, or point-of-use (POU), drinking water treatment. There are 

several technologies approved by the US EPA as small system compliance technologies 

(SSCTs) for POU removal of specified contaminants in drinking water systems serving 

10,000 or fewer individuals (Table 1.1).38 Granular activated carbon (GAC) is approved 

as an SSCT for removal of synthetic organic compounds (SOCs). However, it should be 

noted that because many organic compounds remain unregulated (the so-called 

“emerging contaminants”), approval of GAC by the EPA does not consider removal 

efficiencies for a broad range of contaminants. Indeed, several studies have indicated that 
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both powder and granular activated carbons are less effective for removal of more polar 

compounds,30,39 including many PPCPs such as sulfamethoxazole, ibuprofen, and 

acetaminophen, as well as deprotonated acids, such as naproxen and gemfibrozil.30,40 

Thus, as emerging contaminants, such as those on the EPA Contaminant Candidate List 

(CCL4),41 become regulated, GAC may be unable to provide the necessary levels of 

removal to achieve safe levels in drinking water. Additionally, because GAC is an 

inherently microporous material, consisting primarily of internal pore volume, lengthy 

contact times (or large contact beds) may be necessary to overcome diffusion limitations 

and achieve acceptable levels of contaminant removal.42  

In the case of metalloids and heavy metals, reverse osmosis (RO) is the only 

approved SSCT for removal of both anionic and cationic species.38 Applicability of RO 

in small drinking water systems may be limited by economic considerations, due to high 

capital, maintenance, and energy costs associated with operation.43 RO units typically 

produce significant volumes of waste discharge water (~5 gallons of discharge for each 

gallon of treated water) that may require additional treatment prior to disposal,44 limiting 

applicability in communities with water scarcity limitations. Further, use of RO may 

require significant pretreatment (such as particulate pre-filtration) to prevent rapid 

membrane fouling.43 Both ion exchange (IX) and activated alumina (AA) adsorption are 

preferable alternatives to RO, as the IX and AA media require a significantly smaller 

pressure drop than RO membranes. AA is approved only for removal of arsenic, on the 

assumption that all arsenic exists as As(V) (e.g., arsenate, AsO4
3-). Anion exchange (AX) 

is approved for removal of chromium, while cation exchange (CX) is approved for 

removal of cadmium, copper, and lead. It should be noted that for both POU IX and POU 
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AA, the US EPA does not currently approve regeneration of treatment units, due to the 

difficulty of backwashing and/or the need for use of strong caustics or acids.38 

Additionally, although granular iron hydroxide media is known to exhibit good arsenic 

removal performance,45,46 it is still considered to be under investigation towards its 

approval as a SSCT for arsenic.38 

 

1.3 Next Generation POU Drinking Water Treatment: The Role of 

Nanomaterials 

The next generation of POU drinking water treatment must improve upon the 

currently available technologies described above. Given the widely acknowledged water-

energy nexus,47 improvements to POU drinking water treatment should focus on 

technologies that require minimal energy inputs to treat water at high fluxes (e.g., 

sorption-based technologies). POU treatment units should be simple and easy to use, to 

permit broad application among different users. Further, given the wide range of 

contaminants present in drinking water supplies, next-generation POU drinking water 

treatment must both be able to efficiently remove a range of pollutants and be easily 

tailored to a variety of source water qualities. Ideally, such a unit would exist within a 

small physical footprint, to be appropriate for use in decentralized systems or by 

individual users. 

Nanomaterials are ideal candidates for deployment in such next-generation POU 

technologies. Nanomaterials are defined as those materials with at least one characteristic 

dimension less than 100 nm. Engineered nanomaterials are now routinely produced at 

industrial scale levels (e.g., hundreds of tons per year),48 and utilized in a wide range of 
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commercial applications. For example, titania nanoparticles are found in sunscreens, 

paints, and cosmetics; zero valent iron nanoparticles are used in groundwater 

remediation; and carbon nanotubes are used in composite materials such as tennis rackets 

and bicycle frames.49,50 Indeed, global revenue from nano-enabled products reached $731 

billion in 2012 and exceeded $1 trillion in 2013, according to an independent study 

funded by the National Science Foundation and National Nanotechnology Coordination 

Office.51  

Due to their small sizes, nanomaterials can exhibit a range of unique properties 

and associated reactivity (so-called “nano-effects”) relative to their micro- or macro-scale 

counterparts.52–54 For example, although carbon nanotubes (CNTs) exhibit specific 

surface areas (on the order of 300 m2/g)55,56 that are generally lower than those of 

conventional activated carbons,56,57 CNTs possess large surface area to volume ratios that 

provide a larger quantity of surface sites for contaminant uptake (e.g., larger sorption 

capacities).58 Likewise, nanoscale metal oxides possess high specific surface areas; 

values > 200 m2/g have been observed for nano-scale ferrihydrite, a naturally occurring 

iron oxyhydroxide that is commonly found in soils and groundwater.59 Accordingly, 

nanomaterials provide a greater fraction of surface atoms than their bulk scale 

counterparts. These surface atoms possess higher surface energies than bulk atoms, 

allowing the use of nanomaterials to improve the rate of heterogeneous reactions, such as 

catalytic reactions in fuel cells.60,61 Nano-effects extend beyond properties associated 

with surface site availability, as nanomaterials also exhibit unique magnetic, electronic, 

thermal, and antibacterial properties.58,62–64 
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In harnessing these properties, highly reactive nanomaterials could be deployed 

within units with small physical footprints that are ideal for POU-scale (e.g., in home or 

at the tap) drinking water treatment. In recognition of the unique potential of nano-

structured materials, the National Nanotechnology Initiative recently highlighted the key 

role of nanomaterials in “addressing the pressing technical challenges related to water 

quality and quantity,” and the future of water sustainability.65 

 

1.4 Potential of Carbon and Metal Oxide Nanomaterials in Drinking Water 

Treatment 

Based on the above-mentioned unique material properties of nanomaterials and 

pressing water quality challenges, researchers have evaluated the potential of 

carbonaceous and metal oxide nanomaterials for removal of organic pollutants and heavy 

metals, respectively. 

1.4.1 Potential of carbon nanotubes for removal of organic contaminants 

Of the several types of carbon-based nanomaterials that are now commercially 

available or commonly examined in the literature, including carbon nanotubes, graphene, 

and fullerene (Figure 1.2),58,66 the majority of research has focused on the potential of 

carbon nanotubes (CNTs) for sorption of organic pollutants. CNTs are cylinders 

composed of one (e.g., single-walled CNTs, SWCNTs) or more (e.g., multi-walled 

CNTs, MWCNTs) graphene sheets.66 Commercial CNTs are currently expensive relative 

to conventional activated carbon (AC) sorbents on a per unit mass basis (e.g., $100/kg for 

MWCNTs).66 However, Mitsui, a manufacturer of commercial CNTs, has projected that 



 

8 

the cost of commercial CNTs could be reduced to $80/kg,67 and proposed processes that 

utilize catalytic chemical vapor deposition with plug flow or fluidized bed reactors could 

yield CNTs at an average cost of $25-38/kg.68 Further, CNTs have been shown in some 

cases to be cost-effective relative to conventional sorbents,69 particularly if regenerated.56 

In fact, CNTs have been shown in some instances to be more easily regenerated than their 

AC counterparts.70,71  

CNT surface compositions are highly tunable, and can be modified via attachment 

of functional groups to the CNT sidewall, as well as integration of heteroatoms into the 

sidewall. For example, CNT surfaces can be enriched with oxygen-containing 

functionalities (e.g., –OH, C=O, C-O, and –COOH) via acid treatment or KOH 

etching57,72–74 or via doping of heteroatoms such as nitrogen. Functionalization or doping 

of CNT surfaces with groups other than simple C- and O-containing moieties (i.e., N-

containing groups) often proceeds through surface functionalization with carboxyl 

groups.75 These changes in surface functionality can influence CNT behavior in aqueous 

systems, as well as their capacity for adsorption of organic pollutants. For example, 

although non-functionalized CNTs are known to aggregate in solution, which can 

strongly influence their size, shape, and available surface area,58 surface oxygen-

containing groups can improve CNT dispersion, and thus improve available area for 

contaminant uptake. 

Accordingly, CNTs have been evaluated for removal of a range of both nonpolar 

[e.g., BTEX (benzene, toluene, ethylbenzene, and xylene),76 aliphatic and aromatic 

hydrocarbons,57,73,77–79 and dioxins80] and polar (e.g., nitroaromatic compounds,73,74 

phenolic compounds,72,79,81 and trihalomethanes82,83) compounds. These investigations 
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have revealed a variety of removal mechanisms, including π-π electron donor-acceptor 

(EDA) interactions, hydrophobic, and electrostatic interactions, as well as hydrogen 

bonding.56,84 Conventional wisdom in the carbon-based sorbent literature indicates that 

hydrophobic interactions typically control adsorption of nonionic hydrophobic organics.73 

The role of both hydrophobic interactions (e.g., physisorption) and hydrophobic 

exclusion from the aqueous phase has been noted for uptake of naphthalene,78,85 

phenanthrene, and pyrene78 by CNTs. However, the importance of π-π EDA interactions 

has also been emphasized in the literature. CNTs can (depending on their surface 

functional groups) act as either electron donors or acceptors,56 thus improving removal of 

compounds that are electron acceptors (e.g., 4-nitrotoluene)73,76 or electron donors (e.g., 

phenanthrene),72,77 respectively. Accordingly, improved removal capacities were obtained 

with non-functionalized CNTS (relative to those with oxygen-containing functionalities) 

for aromatic organics and phenolic derivatives, such as resorcinol,72 phenanthrene, 

biphenyl, and 2-phenylphenol.79 Similar removal trends have also been observed for 

several ionizable organic compounds (e.g., 1-nathylamine, 1-napthol, and phenol;81 and 

perfluorooctane sulfonate, perfluorooctanoic acid, perfluorooctanesulfonamide, 2,4-

dichlorophenoxyacetic acid and 4-n-nonylphenol86), likely due to both their 

hydrophobicity and/or aromaticity. 

The aforementioned π-π EDA interactions can also impart unique reactivity 

behavior that is distinct for carbon nanotubes, relative to conventional activated carbons. 

For example, Chen et al. observed MWCNTs to have higher adsorption affinities for 

polar aromatic compounds (e.g., nitroaromatics) relative to nonpolar aromatics (e.g., 

benzene and chlorinated benzenes), and for nonpolar aromatics relative to nonpolar 
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aliphatics (e.g., cyclohexane). These trends were attributed, respectively, to π-π electron 

donor-acceptor (EDA) interactions between the π-accepting nitroaromatic compounds 

and the π-donating carbon nanotube surfaces, and to π-electron dependent polarizable 

interactions between the aromatic adsorbates and the CNT surfaces.73 Similarly, carbon 

nanotubes have been shown to exhibit both higher sorption capacities70,82,83 and faster 

uptake kinetics82,83,87 for organic compounds relative to conventional activated carbon 

sorbents. Long et al. observed significantly higher uptake of dioxin on both single-walled 

and multi-walled carbon nanotubes relative to conventional activated carbon. This effect 

was attributed to specific interactions between the benzene rings of dioxin and the 

aromatic surfaces of the CNTs.80 

Several researchers have observed that specific CNT surface functionalities can 

enhance adsorption of organic pollutants. Recent work has shown that N-doped CNTs 

exhibit higher adsorption affinity and selectivity for π-donor aromatic compounds, such 

as hydroxyl- and amino-substituted compounds.88 Likewise, Wu et al. noted that surface 

oxidation treatment enhanced exposed surface area of CNTs and yielded improved mass-

normalized adsorption capacities for several polar contaminants (e.g., nitrobenzene, 4-

nitrophenol, and 4-chlorophenol). Notably, however, increased competition with water 

molecules for surface sites caused a reduction in surface area-normalized adsorption 

capacities.74 Several reports indicate that the introduction of oxygen surface 

functionalities improved uptake of pollutants (albeit on a mass-normalized basis), 

including phenanthrene on –COOH functionalized SWCNTs,77 trihalomethanes on –OH 

and –COOH functionalized MWCNTs,82,83 BTEX on nitric and sodium hypochlorite-

oxidized MWCNTs,76 and for both monoaromatic compounds (phenol, nitrobenzene) and 
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pharmaceutical antibiotics (sulfamethoxazole, tetracycline, and tylosin) on KOH-etched 

SWCNTs and MWCNTs.57 Zhang et al. attributed the improved sorption of 

sulfamethoxazole by hydroxylated MWCNTs at pH 7.5 to the influence of π-π EDA 

interactions, given the π-acceptor nature of the amino groups and nitrogen containing 

heterocyclic rings of sulfamethoxazole, and the π-donor characteristics of the 

hydroxylated benzene rings of the CNT surface.89  

Given the specific interactions described above and the increasingly polar and 

polyfunctional nature of emerging organic contaminants, the ease with which CNT 

surfaces can be functionalized to promote targeting of specific organic contaminants and 

the distinct reactivity observed for CNTs relative to traditional ACs underscore the 

unique role that CNTs could play in next-generation drinking water treatment. Indeed, 

CNTs have been demonstrated as effective adsorbents for a range of emerging organic 

contaminants (e.g., 17α-ethinyl estradiol,90 oxytetracycline, carbamazepine,91 atrazine,92 

norfloxacin,93 sulfamethoxazole,57,89 tetracycline, and tylosin57). However, although 

dispersions are conducive to laboratory investigations, CNTs cannot be applied for 

practical POU drinking water treatment either in packed beds (due to high head losses),94 

or in dispersions (due to concerns regarding potential nanomaterial toxicity and material 

loss into the treated supply and environment).95,96  

1.4.2 Potential of metal oxide nanoparticles for removal of heavy metal 

contaminants 

Akin to the recognized utility of carbon-based adsorbents for treatment of organic 

pollutants, metal oxides (in particular, iron-based adsorbents) are widely used for 

treatment of heavy metal contamination.97,98 Granular ferric hydroxide (e.g., Evoqua® 
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GFH) is a granular, poorly crystalline β-FeOOH primarily applied for arsenic 

removal.99,100 However, GFH and other comparable granular iron oxides have also been 

demonstrated for removal of lead, copper, cadmium, and chromium contamination across 

a range of water qualities including drinking water and urban storm water runoff.101–104 

Application of GFH is primarily constrained by its limited durability, as the granules tend 

to crumble and disintegrate over prolonged periods of use, thus frequently requiring 

significant backwashing to avoid build-up of head loss pressure.105 Further, granular iron 

oxides (like their carbonaceous counterparts) possess high internal surface areas and 

exhibit diffusion limited rates of removal,45,46 thus requiring application in large packed 

beds with frequent backwashes that generate large volumes of associated waste. 

The use of nano-scale metals and metal oxides, which possess high external 

surface area and large surface-to-volume ratios, could address these concerns regarding 

diffusion limited uptake, while also being applied within reactors with small physical 

footprints that are ideal for the POU scale. Further, nanoscale materials often exhibit 

reactivity behavior distinct from that of their micro-scale counterparts. For example, 

Ponder et al. observed that zero-valent iron nanoparticles (nZVI; both freely dispersed 

and resin-supported) exhibited ~5 times the initial rate (normalized to Fe content) of 

Cr(VI) and Pb(II) removal relative to both ~40 mesh iron filings and ~325 mesh iron 

powder (although surface area-normalized rates are not provided).106 Similarly, improved 

Cr(VI) removal efficiencies and rates of removal were observed for nZVI relative to 

granular ZVI.107,108 Within the nano-domain, nanoparticle performance is strongly 

influenced by particle size, as demonstrated by Waychunas et al. for uptake of Hg(II) by 

nano-goethite. Specifically, 5 nm particles sorbed significantly more Hg(II) than 75 nm 
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particles on an absolute basis, while 75 nm particles exhibited the best performance on a 

surface area-normalized basis, indicative of a different number and different types of 

sorption sites across the various particle sizes.52 A similar effect was observed for 

hematite nanoparticles, where 7 nm hematite exhibited higher affinity for copper ions 

relative to 25 and 88 nm particles.109 This effect was attributed to a higher relative 

fraction of distorted binding environments with reduced symmetry on the surface of 7 nm 

particles, as compared to their larger analogues.109  

The efficiency of a wide range of metal oxides has been demonstrated for removal 

of heavy metals and metalloids, including iron oxide,97,110 magnesium oxide,111–113  

cerium oxide,110,111,114 titanium oxide,110 and aluminum oxide.110 A number of different 

crystalline forms of nano-scale iron oxide, including goethite (α-FeOOH), hematite (α-

Fe2O3), maghemite (γ-Fe2O3), and magnetite (Fe3O4), have been studied for their 

application in water treatment.97 For example, researchers have demonstrated the utility 

of nano-goethite for removal of arsenic115–117 and copper,118,119 nano-maghemite for 

chromate removal,120 and nano-magnetite for chromium121,122 and lead removal.122 

Amorphous hydrous iron oxides, such as ferrihydrite, also exhibit high removal 

capacities for arsenic (including both arsenate and arsenite),97,123–130 copper,129–132 zinc,129 

lead,130–133 and chromium.129–131  

Although nano-metal oxides are well-studied in aqueous suspensions, practical 

application in flow-through treatment systems remains challenging, primarily due to high 

head losses when they are deployed in a packed bed configuration.134 The magnetic 

properties of magnetite could be used to facilitate recovery, as demonstrated both for a 

hematite-coated nano-magnetite for arsenic removal135 and chitosan-coated magnetite 
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applied for treatment of copper, lead, and cadmium.136 However, magnetite is not very 

stable, and is readily transformed to maghemite in oxidizing environments (e.g., exposure 

to air).137 Further, a secondary recovery step is still necessary during application of these 

functionalized composites. 

 

1.5 Macroscale and Supported Nanocomposites for Drinking Water Treatment 

The use of a nanocomposite could effectively address the challenges associated 

with direct application of nanotubes and nanoparticles. This includes their immobilization 

within a coordinated network of nanomaterials or on an inert, porous support material. 

The existing state-of-the-art related to the development of such nanocomposites and their 

application in water treatment are summarized as follows:  

1.5.1 Carbon nanotube composites for drinking water treatment 

Several approaches have been developed to improve immobilization and/or 

recovery of CNTs, within a wide range of applications. Functionalization of CNTs with 

magnetic iron oxide nanoparticles138–140 could facilitate recovery from batch systems. To 

avoid post-treatment recovery of CNTs, Wei et al. fabricated a porous, granular 

CNT/Al2O3 hybrid adsorbent via granulation and subsequent calcination of a mixture of 

MWCNTs, the surfactant Brij 35, and pseudo-boehmite.141 Similarly, Xu et al. coated 

CNTs on CaCO3 microparticles that were surface-functionalized with a prefilm of several 

poly(sodium 4-styrenesulfonate) and poly(diallyldimethylammonium chloride) double 

layers via electrostatic self-assembly.142 However, while both studies reported excellent 

batch uptake of organic pollutants (carbamazepine and diclofenac;141 2-napthol and 4-
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chlorophenol142) by the composites and demonstrated the ability to regenerate the 

immobilized CNTs, performance was not demonstrated under conditions most 

representative of application (i.e., flow-through systems).  

To facilitate application of CNTs in flow-through systems, CNTs can be embedded 

within a matrix material, such as silicon nitride, although such a composite may restrict 

transport through the membrane (thus limiting achievable flux).143 Macroscale structures 

consisting primarily of CNTs are an alternative to matrix-embedded CNTs. Srivastava et 

al. created a mechanically stable, 300-500 µm diameter “macrotube” consisting of 

radially aligned MWCNTs by spray pyrolysis of a ferrocene/benzene solution [e.g., 

controlled chemical vapor deposition (CVD)].144 CVD can also yield carbon nanotube 

“sponges” by use of a ferrocene precursor in dichlorobenzene to generate a porous, three-

dimensional, interconnected framework.139,145,146 Although the separation/purification of 

oil mixtures has been demonstrated with such macroscale CNT structures,144,146 their 

relevance for the removal of more polar organic micropollutants has not been evaluated. 

CNT networks that are vacuum-deposited or grown on polymeric and ceramic 

supports represents another class of CNT composite materials. These networks have been 

demonstrated for a range of end-goals, including advanced oxidation via hydroxyl radical 

formation during ozonation,147 viral and bacterial pathogen removal,148–150 and 

electrochemical treatment of model organics.151,152 Such CNT networks have also been 

evaluated for removal of organic micropollutants via adsorption.153,154 Wang et al. 

demonstrated that micropollutant removal performance at 1 mg/L influent concentrations 

(i.e., relatively high and beyond environmental relevance) translated to comparable 

performance at 100 µg/L influents, and that tailoring of CNT surface functionalities could 
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improve removal of specific targets (e.g., improved removal of acetaminophen by 

hydroxylated MWNCTs relative to pristine MWNCTs).154 Notably, however, deposited 

CNT networks may require cross-linking or curing within a layer-by-layer composite155 

to prevent mobilization and formation of preferential flow paths during flow-through 

application.  

1.5.2 Supported metal oxide nanoparticle composites 

Recent efforts to improve the practical feasibility of applying nano-metal oxides 

in flow-through systems for drinking water treatment have focused on their 

immobilization on high surface area supports. Metal oxide CNTs have been evaluated in 

a variety of reactor designs. Wang et al. demonstrated manganese oxide-coated CNTs for 

lead removal in a batch system,156 while Gupta et al. applied alumina-coated CNTs for 

lead removal in a fixed bed column.157 In a step towards a stand-alone hybrid composite, 

MWCNTs were functionalized with magnetite nanoparticles, and spray-coated onto a 

carbon fabric support.158 However, this material was demonstrated as an electrode for 

removal of arsenic via capacitive deionization, rather than for sorption-based treatment in 

flow. However, given that CNTs present similar barriers to application as nano-metal 

oxides, metal oxide-CNT composites are less likely to move towards commercial 

viability than other, more durable hybrid composites. 

Relative to CNTs, macro-scale supports such as sand, zeolites, and activated 

carbon are more readily applied in packed columns. Iron oxide-coated sands have been 

demonstrated for removal of both anionic (e.g., arsenic)159–165 and cationic (e.g., copper, 

lead, and cadmium)166,167 heavy metals/metalloids, and have been applied in POU-scale 

arsenic treatment units.161,163 Immobilization of nano-iron oxides on microporous and 
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granular supports such as zeolite,168,169 alumina,170 and granular activated carbon 

(GAC)105,171,172 permits the use of higher iron oxide loadings.171 Fan and Anderson 

demonstrated the removal of copper and cadmium on a manganese oxide-coated GAC, 

noting that GAC is a lower-cost support material for metal oxide impregnation relative to 

ion exchange resins. Further, they concluded that relative to a representative commercial 

cation exchange (CX) resin, the manganese oxide-coated GAC produced comparable 

performance for only a slightly higher unit cost.172 Jang et al. loaded hydrous ferric oxide 

(HFO) nanoparticles onto GAC via incipient wetness impregnation, and demonstrated 

metal removal in synthetic water (0.3 mM HCO3
-, pH 6.5) containing 300 g As/L via 

mini-column tests.105 However, due to the microporous nature of both zeolite and GAC, 

diffusion limitations again restrain removal rates,166 necessitating larger treatment unit 

footprints for application at scale. Further, as for GFH, disintegration of GAC over time 

can lead to high head drops in packed beds.173 

Polymeric supports are a promising alternative to carbon- and mineral-supported 

composites to enhance composite lifetime and durability under flow conditions. 

Polymeric supports with a higher degree of porosity allow higher mass loadings of metal 

oxide nanoparticles, and thus enhanced removal performance per unit composite mass. 

This was clearly demonstrated by Katsoyiannis and Zouboulis, who showed that 

improved arsenic removal performance was attained with the higher achievable iron 

oxide nanoparticle loading on polyHIPE beads (which are produced by polymerization of 

a high internal phase emulsion, and have a more microporous structure) coated with iron 

oxide nanoparticles, relative to coated polystyrene beads (which have relatively smooth 

surfaces).174 
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Extending the concept of polymeric bead supports, the use of polymeric ion 

exchange resins as microporous supports for iron oxide nanoparticles has been 

extensively evaluated. Beyond their widely acknowledged durability during water 

treatment applications,175,176 ion exchange resins also offer the potential to exploit dual 

mechanisms of contaminant removal via both ion exchange at functional sites and 

sorption at iron oxide sites.176 Hybrid ion exchange (HIX) composites are particularly 

well-developed for arsenic removal, and have achieved commercial viability (e.g., 

Purolite ArsenXnp).177  

The first generation of hybrid ion exchange (HIX) composites, which were 

applied for arsenic removal, utilized the sulfonate functional groups of cation exchange 

resins to facilitate their fabrication by first adsorbing Fe3+ salts at sulfonate sites, 

followed by in situ precipitation of hydrous ferric oxide nanoparticles.134,175 Although 

hybrid cationic exchange (HCIX) resins have been successfully applied for removal of 

negatively charged arsenic species (e.g., arsenate and arsenite),134,175 other work has 

shown that HCIX resins preferentially remove cationic species (e.g., copper) over arsenic 

species.130 Further, Cumbal and SenGupta demonstrated that HCIX removal efficiencies 

for arsenic are limited by the Donnan membrane effect, in which the non-diffusible, 

negatively charged sulfonate groups cause exclusion of negatively charged arsenate ions 

from the resin micropores, thus preventing their access to the HFO sorption sites.178  

Thus, more recent work has focused on the development of hybrid anion 

exchange (HAIX) resins. The cationic (e.g., quaternary ammonium) sites have been 

shown to promote transport of anionic target species to the HFO sites,178,179 and HAIX 

composites preferentially remove anionic targets (e.g., selectivity for arsenic in the 
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presence of copper).130 Further, the quaternary ammonium sites remain active ion 

exchange sites after deposition of HFO nanoparticles, and can be utilized for 

simultaneous removal of other contaminants, such as the concurrent removal of arsenate 

(via sorption) and perchlorate (via ion exchange), as was demonstrated by Lin et al.179  

Similarly, while hybrid AX resins have been applied for removal of cationic 

species (e.g., removal of lead and cadmium by a weak base AX resin impregnated with 

MnO2),
180 HCIX composites are more effective than HAIX when targeting cationic heavy 

metal species (e.g., copper, lead, and cadmium).181–183 For example, Wan et al. 

demonstrated the selective removal of cadmium and zinc by a hydrous manganese oxide-

CX composite in the presence of calcium.183 Likewise, Pan et al. showed that cadmium 

and lead were effectively removed in both simulated electroplating water and simulated 

natural water that contained both calcium and magnesium by a HFO-CX composite 

resin.182 

Notably, HIX composites remain limited by rates of intraparticle diffusion to 

HFO sites within the pores of spherical ion exchange resin beads.134,175 Fibrous ion 

exchange supports, such as commercially available FIBAN® fibers, which typically have 

diameters on the order of ~15-50 µm,184–186 and thus provide high external surface areas 

relative to microporous beads, can overcome such diffusion limitations.179,184,185 Similar 

to their microporous counterparts, hybrid fibrous ion exchange composites can provide 

dual sites for uptake. Lin and Sengupta demonstrated concurrent removal of arsenic and 

perchlorate on HFO-impregnated anion exchange fibers,179 and Padungthon et al. showed 

the simultaneous removal of zinc and calcium/magnesium hardness by strong acid cation 

exchange fibers impregnated with hydrous zirconium oxide (HZO).187  
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However, as for microporous resins, a major limitation is that production of 

fibrous ion exchange materials requires several material processing steps during 

production. Such processing steps and the associated material inputs are important factors 

in evaluating material sustainability via life cycle assessment.188,189 For example, 

polyacrylonitrile-based IX fibers are typically produced via cross linking of PAN via 

reaction with hydrazine prior to further functionalization (e.g., conversion of nitrile 

groups to carboxylic acid or amine groups).185 Subsequent immobilization of HFO (or 

other hydrous metal oxides, such as hydrous zirconium oxide) on the IX material 

typically relies on the precipitation of metals salts using sodium hydroxide.178,187 

Although Chaudhary and Farrell demonstrated that a one-step treatment with 10% NaOH 

could produce carboxamide and carboxylate functional groups on the polymer surface, 

and allow deposition of iron oxide nanoparticles,186 this method does not allow 

functionalization with quaternary ammonium groups, the effectiveness of which has been 

demonstrated for removal of arsenic by both microporous HIX beads178 and fibrous 

composites.179,190  

 

1.6 Role of Electrospinning in Development of Functional Nanocomposites 

Electrospinning, a novel method for fabrication of non-woven, nanofiber materials, 

could overcome limitations associated with the application of nanotubes and 

nanoparticles in drinking water treatment, such as high head losses in packed beds and 

concerns regarding nanomaterial release into the treated supply (Figure 1.3). In the 

electrospinning process, a polymer precursor solution (e.g., polyacrylonitrile dissolved in 

an organic solvent, such as N-N-dimethylformamide) is loaded in a syringe with a metal 
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needle tip. As the polymer precursor solution (or “sol gel”) is pumped through the needle 

tip, a high voltage is applied between the needle tip and a grounded collector (such as a 

rotating drum). The high voltage difference between the needle tip and collector is able to 

overcome surface tension of the droplet formed at the needle tip, pulling the solution 

towards the collector in a whipping jet of polymeric nanofibers, and causing evaporation 

of the organic solvent. The nanofibers are deposited on the collector as a non-woven mat, 

or filter, which is mechanically stable and allows high-flux fluid passage through the 

nanofiber network. Further, the electrospinning process is highly tunable, via changes to 

processing parameters (e.g., applied voltage, needle size, and humidity)191,192 and to the 

sol gel composition. For example, composite “building blocks,” such as carbon nanotubes 

or metal oxide nanoparticles, can be included in the sol gel, allowing fabrication of a 

hybrid composite via single-pot synthesis. The electrospun polymeric composite can 

either be used directly, or undergo thermal treatment (e.g., thermal stabilization and 

pyrolysis for conversion of the polymer precursor to carbon) prior to application. The 

electrospinning process is also highly scalable, making the industrial-scale production of 

electrospun materials possible.193 

 

1.7 Current Status of Electrospun Composites for Organics and Heavy Metal 

Removal 

1.7.1 Electrospun carbon nanofiber (CNF) composites for organic removal 

Polyacrylonitrile (PAN) is commonly used in fabrication of electrospun carbon 

nanofiber (CNF) materials.194 Electrospun CNF materials have been applied for a wide 

range of applications, ranging from electrodes in microbial fuel cells,195–197 to 
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supercapacitors,198–202 to supports for photocatalytic nanoparticles.203 CNFs (both 

electrospun and catalytically grown) have been applied as dispersions for adsorption of 

organic pollutants such organic dyes,204 organic solvents,205 and volatile organic 

compounds such as benzene.206,207 However, application of such dispersions is limited by 

the same practical considerations noted above for CNTs (e.g., potential for material 

release). Thus, the promise of electrospun CNFs is their potential for application as a 

cohesive, stand-alone material, although unmodified electrospun CNFs are relatively 

weak (e.g., brittle, prone to cracking). Singh et al. was able to apply an unmodified, 

electrospun CNF filter for removal of the disinfection byproduct monochloroacetic acid 

(MCAA) in a flow-through system by limiting carbonization temperatures during 

fabrication to < 500°C.208 However, such low carbonization temperatures may prevent 

the degree of graphitization of the polymeric precursor, thus limiting material sorption 

capacity.  

Methods to improve material flexibility have focused on the inclusion of silica 

(SiO2) in the CNF matrix209–211 or the introduction of macropores (which reduces 

nanofiber stress during bending) via inclusion of removable components in the precursor 

solution.212–214 Such removable components include volatile organics or polymers (e.g., 

terephthalic acid,212 poly(methylmethacrylate),215 and poly(styrene-co-acrylonitrile)216) 

and acid-dissoluble metal oxides (e.g., SiO2,
214 CaCO3,

213
 Mn oxides,217 and ZnCl2

218). 

Application of these flexible composites has focused on energy applications (e.g., as 

supercapacitors and battery anodes),217,218 physical separation of nanoparticles,211 or 

sorption of hydrophobic compounds (e.g., oil209,212 and organic dyes210), rather than 

sorption of polar/polyfunctional organic micropollutants. 
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To improve CNF strength, several groups have evaluated the effect of embedding 

CNTs within the nanofibers. Embedded CNTs are commonly utilized to improve both 

mechanical strength and electrical/thermal properties of polymeric nanofibers.219–221 The 

inclusion of CNTs in CNFs yields similar improvements in material properties,222–225 

although the effect on material strength has not been quantitatively investigated for 

cohesive CNF networks. Additionally, the influence of CNTs on both material strength 

and performance (e.g., sorption capacity) has not been evaluated. For example, while 

Singh et al. demonstrated that the inclusion of MWCNTs in their CNF filters improved 

initial removal of MCAA during flow-through treatment, the effect of MWCNTs on 

composite strength was not quantified.208  

Singh et al. further noted that embedded MWCNTs had no impact on removal 

efficiency beyond the first 50 mL treated, presumably due to rapid saturation of the 

relatively small fraction of surface-exposed CNTs.208 This represents a key challenge in 

deployment of CNTs (or other nanomaterials) within composite matrices: immobilizing 

the nanomaterial to prevent material leaching from the composite, while providing 

sufficient accessibility to embedded CNTs, such that material reactivity is not lost. While 

improvements in material porosity, such as those described above for fabrication of 

macroporous, flexible CNF membranes, could yield improved access to embedded CNTs, 

this phenomenon has not yet been investigated. 

1.7.2 Electrospun polymeric composites for heavy metal removal 

Recent work towards development of polymeric electrospun composites for 

treatment of heavy metal contamination is focused in two main areas: surface-

functionalized polymers and metal oxide-polymer composites. There is limited cross-over 
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between the two areas (i.e., there are few demonstrations of electrospun composites that 

utilize both surface functional groups and immobilized metal oxides to provide surface 

sites for contaminant removal). 

Both single-component and bi-component functionalized electrospun polymers 

have been developed as heavy metal sorbents. Single-component materials (typically 

polyacrylonitrile) are chemically modified to convert inactive functional groups (e.g., 

nitrile) to functional groups that serve as active sites for metal uptake (e.g., amine, 

amidoxime). In bi-component materials, a mechanically stable electrospun polymer 

support is surface-functionalized with another polymer (which provides the functional 

sites for uptake) or the secondary component is co-electrospun with a “functional 

component” to facilitate electrospinning fabrication of a functional material that is 

otherwise challenging to electrospin. 

1.7.2.1 Surface-functionalized electrospun polymers 

The functionalization of both commercial PAN cloth and nonwoven electrospun 

PAN nanofiber mats with amino (NH2) groups can be achieved via reaction with 

diethylenetriamine (DETA).226 The rate and extent of conversion can be increased by use 

of higher temperatures, although the extent of functionalization must be carefully 

controlled (typically <35%) to prevent the polymer from becoming brittle and 

inflexible.226 Performance comparisons across aminated PAN fibers applied for heavy 

metal sorption are challenging, due to a range of functionalization conditions and rates of 

conversion. However, Kampalanonwat and Supaphol compared Pb and Cu removal 

performance of aminated PAN nanofibers and microfibers across identical 

functionalization conditions. They observed approximately 2-fold increases in material 
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capacity for the nanofiber material at pH 4, which was attributed to the larger surface area 

of the nanofibers.227 Generally, aminated PAN fibers (evaluated between pH 2-6) exhibit 

batch uptake capacities for Cu and Pb that were >30 mg/g.226–228 Aminated PAN can be 

further converted to phosphorylated PAN via refluxing in paraformaldehyde and 

phosphorous acid, and subsequently applied for removal of copper, lead, cadmium, and 

silver.229 However, limited further investigations have pursued this functionalization 

route, likely due to the extensive materials processing required for fabrication of 

phosphorylated PAN. 

Functionalization of PAN with amidoxime groups (R1R2C=N-OH) utilizes 

hydroxylamine hydrochloride (NH2OH-HCl) and either sodium hydroxide or sodium 

carbonate. The extent of functionalization, which also can be controlled by temperature 

and solution alkalinity, must again be <35% to prevent loss of material strength and 

flexibility.230–232 Efforts to improve material properties include the use of a Teflon frame 

to prevent material shrinkage during functionalization,230 immobilization between two 

ethylene-propylene thermal bonded non-woven layers prior to functionalization,233 and 

co-electrospinning of pre-amidoximated PAN with poly(vinylidene fluoride) (PVDF).234  

Although performance comparisons across similar materials are again 

challenging, due to varied and/or limited reporting of functionalization conditions, 

amidoximated PAN materials have been applied for removal of dyes, lead, copper, and 

uranium (as well as other trace heavy metals).230,231,233–236 Most promising for the 

relevance of amidoxime functionalized materials in drinking water treatment are results 

indicating that the material can remove environmentally relevant concentrations from 

complex matrices in dynamic systems. For example, Horzum et al. demonstrated 
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effective sorption of U(VI) from 50 and 100 µg/L solutions in a flow-through column 

over 14 trials.236 Xie et al. showed that an amidoximated PAN-PVDF composite could 

efficiently extract uranium from a simulated seawater containing both 3.5 wt% sea salt 

and nine other commonly found marine elements (V, Fe, Co, Ni, Cu, Zn, Pb, Mg, and Ca) 

at 100 times their typical concentrations in seawater.234 Notably, Xie et al. suggested that 

an important optimization parameter for improving material capacity is the improved 

distribution and accessibility of amidoxime groups throughout the material (i.e., via 

increased functionalization uniformity and material porosity), rather than simply the total 

functional group content.234 This lesson in performance optimization is like more broadly 

transferrable to development of other types of functionalized and composite materials. 

A wider range of polymers has been utilized in bi-component composites, relative 

to the polyacrylonitrile-focused amine- and amidoxime-functionalized single-component 

materials. For example, electrospun cellulose acetate nanofibers, which provide a 

cohesive nanofiber matrix, were functionalized via surface grafting with polymethacrylic 

acid (PMMA), which provides carboxyl groups for heavy metal (mercury, copper, and 

cadmium) uptake.237 Similarly, several groups have demonstrated core-shell nanofibers 

for heavy metals uptake, with polyaniline (PANI) and polypyrrole (PPy) as the active 

“shell” layer.238–240 The “core” support material can affect the extent of processing 

required for deposition of the PANI or PPy layer; for example, deposition of PANI on a 

PAN support proceeds via a one-step chemical oxidative polymerization,240 while 

functionalization of polystyrene requires heat, pressure, and plasma treatment prior to 

surface polymerization of PANI.238 Cationic heavy metals (e.g., copper, cadmium, lead, 

and mercury) can be removed by PANI-composites via complex formation with the 
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nitrogen in PANI.238 In contrast, both PANI and PPy remove Cr(VI) via a two-step 

mechanism, in which Cr(VI) is first removed via ion exchange with chloride counter-ions 

and subsequently reduced to Cr(III).238,239 

An alternative approach to surface deposition of a functional polymer after 

electrospinning is the use of a secondary “template” polymer to facilitate electrospinning. 

Polyvinyl alcohol (PVA) has been used to facilitate electrospinning of both 

poly(ethyleneimine) (PEI)241 and polyacrylic acid (PAA),242 although both composites 

required cross-linking (using glutaraldehyde or thermal treatment, respectively) to 

provide sufficient material stability for application in aqueous solution. The template may 

also be sacrificial, such as the removal of poly(ethylene oxide) (PEO) from a chitosan-

PEO composite after electrospinning to allow production of pure chitosan nanofibers for 

arsenic removal.243 

1.7.2.2 Electrospun metal oxide-polymer composites 

The templated approach to composite fabrication described above is typically 

used in the production of pure metal oxide nanofibers. A metal oxide precursor is 

included in the polymer precursor solution, and the polymer template is removed during 

subsequent calcination. However, iron oxide and aluminum oxide nanofibers produced by 

this method are typically brittle and can only be applied in batch as dispersions.244,245 

This approach is, however, useful for the fabrication of polymer-silica composites, given 

the improved mechanical characteristics of silica relative to iron and aluminum oxides. 

For example, Wu et al. and Taha et al. produced mesoporous functionalized silica 

nanofibers by electrospinning with a polymer template (polyvinyl pyrrolidone or 

polyvinyl alcohol), followed by extraction of the polymer phase in acetone/HCl or 
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ethanol/HCl mixtures.246,247 The silica was modified with amino or thiol groups prior to 

electrospinning via hydrolysis poly-condensation, and the functionalized nanofibers were 

applied for batch adsorption of Cr(III) or Cu, respectively.246,247 Similarly, an amino-

functionalized cellulose acetate/silica composite was applied for Cr(VI) removal, where 

the silica component served both to improve material stability and support the surface 

functional groups. Although composite performance was demonstrated in a continuous 

flow-through system, experiments were performed at pH 1 and for influents containing 

≥10 mg/L (i.e., conditions unrealistic for water treatment).248 Dastbaz and Keshtkar 

demonstrated an alternative approach to the co-electrospinning of silica by incorporating 

SiO2 nanoparticles surface-functionalized with aminopropyltriethoxysilane (APTES) to 

incorporate amine functional groups into electrospun PAN. Both the degree of SiO2 

functionalization and the nanoparticle loading in the composite were optimized to 

improve adsorption capacity for Th2+, U6+, Cd2+, and Ni2+, although the material required 

application at relatively low sorbent loadings in batch systems to prevent adsorbent 

aggregation (implying that the composite was not a cohesive network of fibers).249 

Similarly, several iron and aluminum composites have been fabricated by 

including the component that provides the active site in the electrospinning precursor 

solution. Electrospun composites with active Fe(II) or Fe(III) sites were fabricated by the 

addition of iron chloride (Fe2Cl2 or Fe3Cl3) to PAN or PVA, respectively.250,251 The 

PAN/Fe(II) composite was applied directly for coordination and reduction of Cr(VI),250 

while the PVA/Fe(III) composite was cross-linked via exposure to saturated liquid 

ammonia in a desiccator prior to application for arsenic removal.251  
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Given that the iron salts may leach from the composites over time, the use of 

nanoparticles is a more promising alternative to fabricate durable composites with 

embedded active sites. Nevertheless, development of such simple composites is limited, 

and they tend to exhibit poor performance relative to surface-functionalized polymers, 

primarily due to inaccessibility of sites for uptake due to nanoparticle encapsulation.252 

Hota et al. incorporated nano-boehmite (AlOOH) into polycaprolactone and Nylon-6, and 

observed a capacity for Cd removal of only 0.21 mg/g (relative to 0.34 mg/g for 

unsupported nano-AlOOH, although this capacity comparison was made on the basis of a 

single-point uptake experiment). They attributed the loss in AlOOH capacity to loss in 

reactive surface area after encapsulation within the nanofibers.253 Patel et al. observed 

that relative to PAN composites with surface-deposited iron oxide nanostructures, a PAN 

composite with embedded iron oxide nanoparticles exhibited approximately half the 

capacity for removal of Congo Red dye.254 However, a direct comparison was not made 

to the capacity of the unsupported iron oxide nanoparticles, and the PAN support was 

found to also contribute significantly to dye uptake (e.g., PAN provided 60% of the total 

uptake observed for the PAN-embedded iron oxide composite).254 Such factors confound 

comparisons across composite materials and prevent an evaluation of nanoparticle 

utilization within the composite. 

Due to the challenges of effectively deploying nanoparticles embedded within a 

composite structure, the majority of polymer-metal oxide composite development to date 

has focused on the fabrication and application of hierarchical structures. Hierarchical 

(e.g., core/shell) composites are fabricated by post-electrospinning hydrothermal growth 

of nanostructures or deposition of nanoparticles on the surface of an electrospun polymer 
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support. Surface deposited structures can be grown from a seed that is incorporated in the 

electrospinning precursor solution, such as the electrospinning of a thermal plastic 

elastomer ester doped with iron alkoxide.255 Alternatively, the metal oxide precursor 

(e.g., iron alkoxide, Fe3+) can be complexed with the surface of the polymer after 

electrospinning, prior to hydrothermal growth of iron oxide nanostructures on the surface 

of the complexed Fe-polymer material.256–258 Other examples include the growth of γ-

AlOOH nanostructures on the surface of electrospun PAN by hydrothermal treatment in 

the presence of aluminum powder and hexamethylenetetramine, and in-situ reduction of 

MnO4
- to MnO2 on a polypyrrole-coated PAN composite. While these composites are 

promising, as they provide a high degree of surface-accessible metal oxide nanostructures 

as uptake sites for heavy metals such as chromium, lead, and copper, their fabrication is 

time- and materials-intensive. 

 

1.8 Study Rationale 

To our knowledge, commercial application of both nanomaterials and electrospun 

nanocomposites in drinking water treatment remains limited, primarily due to practical 

challenges associated with their deployment in treatment units. The two main examples 

of commercially available nanocomposites for drinking water treatment are ArsenXnp® 

(Purolite Co.),177 a microporous ion exchange resin bead impregnated with HFO 

nanoparticles, and the Naked Filter® (Liquidity Nanotech),259,260 an electrospun 

polyacrylonitrile-based water bottle filter. Removal of arsenic by ArsenXnp® is limited 

by rates of diffusion, due to its microporous nature. The use of nanofibrous materials, 

such as the Naked Filter®,259,260 could overcome diffusion limitations and decrease the 
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necessary physical footprint of treatment units. However, the Naked Filter® currently 

focuses on physical removal of contaminants (i.e., removal of bacteria via size 

exclusion), without tailoring of nanofiber surfaces to improve targeted removal of 

specific contaminants.260 

Demonstrations of immobilized CNTs and CNT-composite membranes for 

dynamic sorption of organic micropollutants are also limited, and these nano-enabled 

technologies have not achieved commercial viability. Wang et al. provided the most 

promising evidence for use of an entangled network of vacuum deposited MWCNTs 

supported by a polymer membrane, showing >40% removal of 7 micropollutants 

(ibuprofen, acetaminophen, carbendazim, 4-acetylamino-antipyrine, caffeine, prometryn, 

triclosan; treated individually) over 50 minutes of recirculation for a 100 µg/L influent 

solution.154 The inclusion of CNTs in an electrospun polymer and in CNF membranes has 

principally focused on material strength, although a limited number of studies have 

considered the potential for such a platform in treatment. For example, as noted earlier, 

Singh et al. showed that inclusion of MWNCTs in an electrospun CNF membrane 

improved initial removal efficiency of an 80 mg/L monochloroacetic acid influent 

solution, but they did not quantify the effect of MWCNTs on material strength, and saw 

no impact on removal efficiency at permeate volumes > 50 mL due to MWCNT 

encapsulation.208 Methods to improve CNF macroporosity could promote accessibility of 

embedded MWCNTs, while simultaneously improving material flexibility. The most 

promising approach is that of Liu et al., who generated a macroporous, flexible CNF via 

inclusion (and subsequent sublimation during thermal treatment) of the volatile organic 

acid, terephthalic acid.212 In their work, however, the flexible CNF did not contain 
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nanomaterial inclusions, and was applied for oil/water separation (i.e., hydrophobic 

pollutant targets), rather than removal of more polar organic micropollutant classes.  

In the case of nanocomposites for heavy metal removal, the fabrication 

methodology utilized for ArsenXnp® (e.g., nano-hydrous ferrous oxide immobilization on 

an ion exchange resin support) has been extended to commercial ion exchange fibers. 

Both cation and anion exchange fibers have been functionalized with hydrous metal 

oxides (HFO, HZO), and applied for removal of heavy metals/metalloids (arsenate, zinc) 

in the presence of interfering counter-ions (chloride, sulfate, and bicarbonate, or calcium 

and magnesium).179,187,190 Composite performance is typically benchmarked to that of the 

unmodified ion exchange support, rather than to that of unsupported metal oxide 

nanoparticles; thus, the degree of utilization of the impregnated metal oxide is generally 

not optimized. 

To date, most electrospun polymer nanofibers with embedded iron oxide 

nanostructures exhibit limited uptake capacities, due to encapsulation within the polymer. 

While electrospun composites with surface-deposited iron oxide nanostructures provide a 

higher degree of solution-accessible sites for uptake, they have not been demonstrated in 

dynamic (e.g., flow-through) treatment systems. More broadly, there is a need for simpler 

fabrication methods (e.g., single-pot syntheses) that avoid post-processing of electrospun 

materials, to improve both the sustainability and commercial viability of such materials. 

Additionally, the simultaneous functionalization of electrospun polymers with both ion 

exchange and iron oxide sites has not yet been investigated.  

Electrospun polymers can be easily tailored via changes to the electrospinning 

precursor solution (i.e., addition of composite building blocks). The utility of ionic 
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surfactants, which possess charged head groups similar to common ion exchange resins 

(i.e., quaternary ammonium and sulfonate groups), in facilitating electrospinning of 

complex and/or challenging sol gels is well established.261,262 Further, Jang et al. 

demonstrated the simultaneous removal of arsenate and perchlorate on HFO- and 

quaternary ammonium surfactant-modified GAC, indicating that surfactants may indeed 

provide active sites for contaminant uptake.263 Also, Lundin et al. showed that 

amphiphilic molecules, such as surfactants, can surface-segregate within polymer 

matrices (albeit, in the context of utilizing the quaternary ammonium functionality in 

antimicrobial materials).264 Thus, inclusion of ionic surfactants in electrospinning 

precursor solutions with iron oxide nanoparticles may be useful not only to functionalize 

nanofiber surfaces and provide active sites for uptake, but also to improve dispersion and 

promote surface segregation of embedded iron oxide nanoparticles. Such an effect could 

facilitate the single-pot synthesis of an electrospun composite that achieves an optimized 

balance between nanomaterial immobilization and accessibility of reactive surface area. 

 

1.9 Study Objectives and Hypotheses 

To address the existing gaps in the application of nanomaterials in drinking water 

treatment, this work explores the fabrication, characterization, and performance testing of 

composite carbonaceous and polymeric electrospun nanofiber materials (Figure 1.4). We 

examine the important intersection of material strength and reactivity, to enable both 

practical and effective utilization of nanocomposites in drinking water treatment. 

Specifically, this work establishes methods for fabrication of mechanically robust CNF-

CNT composites and surface-functionalized iron oxide-polymer composites, and 
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evaluates their performance for removal of emerging organic micropollutants and heavy 

metals, respectively, at environmentally relevant concentrations. Performance is 

benchmarked to both unmodified supports and unsupported nanomaterials. Collectively, 

this work establishes a basis for the development of responsible and effective 

nanocomposites for next-generation POU drinking water treatment.  

Specific objectives include: 

 Identify an optimized balance between mechanical strength and sorption 

capacity of macroporous electrospun CNF-CNT composites, and evaluate 

performance for removal of organic micropollutants in a flow-through 

system representative of POU drinking water treatment. 

 Establish a single-pot method for fabrication of an electrospun, polymer-

iron oxide nanoparticle composite, evaluate the inclusion of cationic (e.g., 

quaternary ammonium) surfactants to both provide ion exchange sites and 

improve accessibility of embedded iron oxide nanoparticles, and assess 

performance for removal of heavy metal oxyanions (arsenate and chromate) 

in complex, dynamic treatment systems. 

 Systematically evaluate the role of synergies between iron oxide 

nanoparticles and anionic (e.g., sulfonate) surfactants in development of 

electrospun polymer-iron oxide nanoparticle composites with surface-active 

iron oxide binding sites for removal of cationic heavy metal species (e.g., 

copper, lead, and cadmium), and apply optimized materials for removal of 

lead contamination in a flow-through system representative of POU 

drinking water treatment. 
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These objectives are driven by the following hypotheses. First, CNTs can be 

embedded in electrospun CNFs to provide unique sites for uptake of organic 

micropollutants. Macroporosity of CNF-CNT composites (achieved by inclusion of 

volatile acids in the electrospinning precursor solution) can be tuned to achieve a balance 

between improved material flexibility and enhanced solution-phase accessibility of 

incorporated CNTs, thus permitting utilization of CNT surfaces for micropollutant 

removal under kinetically limited conditions (e.g., continuous flow). Second, a 

comparable methodology can be applied to the development of electrospun polymer 

composites with surface-active iron oxide sites through the use of ionic surfactants. 

Specifically, ionic surfactants will surface-segregate within the polymer nanofibers, and 

interactions between ionic surfactants and iron oxide nanoparticles will yield concurrent 

surface segregation of nanoparticles to produce synergistic performance in the composite. 

Third, the choice of ionic surfactant (and its associated molecular structure and 

properties) can be utilized to modify nanofiber properties, such as surface-

functionalization with active ion exchange sites via retention of the surfactant within the 

polymer matrix, or generation of porosity via removal of the surfactant. Fourth, both 

surfactant-generated ion exchange sites and iron oxide nanoparticle sorption sites can be 

utilized in dynamic flow-through systems for removal of heavy metal contamination, 

while also allowing construction of multi-layered materials tailored to quality problems 

of specific aquatic matrices. 
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1.10 Overview and Thesis Organization 

This thesis contains three chapters of original research addressing the objectives 

and evaluating the hypotheses outlined above. In the first research chapter (Chapter 2), a 

macroporous, electrospun carbon nanofiber-carbon nanotube (CNF-CNT) composite is 

fabricated for removal of organic micropollutants. The effect of multi-walled CNTs and 

macroporosity (created via inclusion and sublimation of the volatile organic, phthalic 

acid) on material characteristics, such as nanofiber diameter and morphology, surface 

area, surface chemical composition, and macro-scale material strength and flexibility is 

examined. Further, Chapter 2 explores the influence of material fabrication parameters on 

batch sorption kinetics and capacities with two representative organic micropollutants 

chosen for their different polarities, sulfamethoxazole (SMX, logKow 0.89) and atrazine 

(ATZ, logKow 2.61). These studies establish the optimal material formulation to obtain a 

balance of material strength and flexibility (which is critical for practical applicability) 

and material reactivity. Batch performance comparisons are made to freely dispersed 

CNTs and commercially available granular activated carbon (GAC), and practical 

performance for removal of a suite of ten representative organic micropollutants in a 

flow-through system relevant to POU drinking water treatment is evaluated. An 

abbreviated version of Chapter 2 has been published in ACS Applied Materials & 

Interfaces.265 

Chapter 3 explores the development, via a “single-pot” synthesis, of electrospun 

ion exchange-iron oxide polyacrylonitrile (PAN) composites for heavy metal oxyanion 

removal. To produce surface sites for uptake, we evaluate the inclusion of quaternary 

ammonium salts (QAS), the surfactants cetyltrimethylammonium bromide (CTAB) and 
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tetrabutylammonium bromide (TBAB), ferrihydrite (Fh) nanoparticles, and possible 

synergies of including both QAS and Fh in the electrospinning precursor solution. We 

examine the effect of quaternary ammonium surfactants (QAS) and Fh loading on 

composite properties, such as nanofiber morphology, surface chemical composition, and 

solution phase accessibility of embedded nanoparticles, and batch uptake rates and 

capacities for arsenate and chromate removal. Practical performance demonstrations 

include comparisons to unmodified PAN nanofibers and freely dispersed Fh 

nanoparticles, and evaluation of QAS retention within the polymer matrix. Chapter 3 also 

explores the effect of varied water quality on material performance, and demonstrates the 

flow-through treatment of influents containing arsenate and/or chromate at 

environmentally relevant concentrations. 

Chapter 4 extends the material fabrication concepts explored in Chapter 3 to the 

development of porous polymer-iron oxide composites for removal of cationic heavy 

metals (e.g., copper, lead, and cadmium). Commercially available, ~3 nm amorphous iron 

oxide nanoparticles are used as the active binding agent in the composite. The potential 

role(s) of the anionic surfactant sodium dodecyl sulfate (SDS) as a removable porogen 

and promoter of nanoparticle surface-segregation are assessed via characterization of 

nanofiber morphology, composite surface area, and surface chemical composition. 

Evaluation of material performance for copper, lead, and cadmium removal in batch 

systems is benchmarked to unmodified PAN, SDS-modified PAN, and unsupported iron 

oxide nanoparticles to determine both the contribution of the iron oxide nanoparticles to 

overall composite capacity, as well as the “utilization efficiency” of the nanoparticle 

capacity (i.e., the degree to which the uptake capacity of the unsupported nanoparticles is 
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preserved within the nanocomposite). Practical performance is demonstrated for flow-

through treatment of influents containing lead at concentrations relevant to drinking 

water. 

This work is anticipated to contribute to the practical deployment of carbon and 

iron oxide nanomaterials within self-contained filters for POU drinking water treatment. 

Further, the materials and material fabrication methodologies developed herein will 

establish a new framework for the development of hybrid nanocomposites by providing 

insights into the concurrent immobilization and utilization of nanomaterials. These 

materials can also be extended to other contaminant targets and application platforms, 

such as for sequestration of carbon dioxide, removal of nutrient (e.g., nitrate and 

phosphate) pollution, binding of uranium for environmental sensing and biomonitoring, 

and for treatment of viral contamination both in drinking water and in air. 



 

39 

Table 1.1. POU treatment technologies approved by the US EPA as small system 

compliance technologies.38  

Treatment 

Technology 

Contaminant 

Synthetic 

Organic 

Compounds 

(SOCs) 

Chromium Arsenic Lead Copper Cadmium 

Activated Alumina 

(AA) 
  SSCT    

Granular Activated 

Carbon (GAC) 
SSCT      

Anion Exchange (AX)  SSCT X1    

Cation Exchange (CX)    SSCT SSCT SSCT 

Reverse Osmosis (RO)  SSCT SSCT SSCT SSCT SSCT 

1Technology is applicable to contaminant removal, but is not approved as a small system 

compliance technology (SSCT) by the US EPA 
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Figure 1.1. Arsenic occurrence in private, rural Iowa groundwater wells (2009, Center for 

Health Effects of Environmental Contamination, University of Iowa). Red dots indicate ≥ 

0.01 mg/L (the EPA MCL). Blue dots indicate 0.001-0.009 mg/L.3 
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Figure 1.2. Types and hybridization states of commercially available and/or laboratory 

synthesized carbon nanomaterials. Reproduced from Mauter et al.58 
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Figure 1.3. Schematic of the electrospinning process. 
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Figure 1.4. Schematic representations of electrospun nanofiber composites developed 

herein. (a) Carbon nanofiber – carbon nanotube composite for organic micropollutant 

removal. (b) Hybrid iron oxide – ion exchange polymer composite for heavy metal 

oxyanion removal. (c) Porous iron oxide – polymer composite for heavy metal cation 

removal. 
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CHAPTER 2: SYNTHESIS, OPTIMIZATION, AND PERFORMANCE 

DEMONSTRATION OF ELECTROSPUN CARBON NANOFIBER-CARBON 

NANOTUBE COMPOSITE SORBENTS FOR POINT-OF-USE WATER 

TREATMENT 

2.1 Abstract1 

We developed an electrospun carbon nanofiber-carbon nanotube (CNF-CNT) 

composite with optimal sorption capacity and material strength for point-of-use (POU) 

water treatment. Synthesis variables including integration of multi-walled carbon 

nanotubes (CNTs) and macroporosity (via sublimation of phthalic acid), relative 

humidity (20 and 40%), and stabilization temperature (250 and 280˚C) were used to 

control nanofiber diameter and surface area (from electron microscopy and BET 

isotherms, respectively), surface composition (from XPS), and strength (from AFM 

nanoindentation and tensile strength tests). Composites were then evaluated using kinetic, 

isotherm, and pH-edge sorption experiments with sulfamethoxazole (logKow = 0.89) and 

atrazine (logKow = 2.61), representative micropollutants chosen for their different 

polarities. Although CNFs alone were poor sorbents, integration of CNTs and 

macroporosity achieved uptake comparable to granular activated carbon. Through 

reactivity comparisons with CNT dispersions, we propose that increasing macroporosity 

exposes the embedded CNTs, thereby enabling their role as the primary sorbent in 

nanofiber composites. Because the highest capacity sorbents lacked sufficient strength, 

our optimal formulation (polyacrylonitrile 8 wt%, CNT 2 wt%, phthalic acid 2.4 wt%; 

40% relative humidity; 280˚C stabilization) represents a compromise between strength 

                                                           
1 An abbreviated version of this work has been published: Peter, K.T.., et al., Synthesis, Optimization, and 

Performance Demonstration of Electrospun Carbon Nanofiber–Carbon Nanotube Composite Sorbents for 

Point-of-Use Water Treatment. App. Mat. Inter., 2016. 48(16): p. 9279-9287. 
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and performance. This optimized sorbent was tested with a mixture of ten organic 

micropollutants at environmentally relevant concentrations in a gravity-fed, flow-through 

filtration system, where removal trends suggest that both hydrophobic and specific 

binding interactions contribute to micropollutant uptake. Collectively, this work 

highlights the promise of CNF-CNT filters (e.g., mechanical strength, ability to harness 

CNT sorption capacity), while also prioritizing areas for future research and development 

(e.g., improved removal of highly polar micropollutants, sensitivity to interfering co-

solutes).  

 

2.2 Introduction 

An array of structurally diverse, synthetic organic chemicals (e.g., agrochemicals, 

pharmaceuticals, and personal care products) are present in surface and groundwater 

resources relied upon for drinking water, where their removal proves challenging with 

conventional treatment approaches.19,21,25,266 Advanced technologies (e.g., chemical 

oxidation and reverse osmosis) are well-suited for the removal of these so-called 

emerging micropollutant classes.35,36,267 However, associated energy and infrastructure 

costs limit their viability in small (typically rural) water systems, as well as for the ~15% 

of Americans who directly utilize private groundwater wells as a drinking water 

source.266,268–271 In these cases, simple, scalable technologies appropriate for point-of-use 

(POU) application are needed to alleviate concerns associated with persistent, potentially 

bioactive organic chemicals in drinking water supplies. 

Granular activated carbon (GAC), which is used at many municipal drinking 

water treatment plants, is currently the only POU technology approved by the EPA as a 
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compliance technology for synthetic organic compounds in small water systems (e.g., 

serving 10,000 or fewer people).272 Nevertheless, general applications of GAC could be 

improved further by expanding its effective treatment targets both in quantity (e.g., 

unregulated but emerging contaminants) and type (e.g., more polar, polyfunctional 

compounds relative to those traditionally removed by GAC).23 For POU treatment, 

specifically, activated carbon-based approaches could also be enhanced by developing an 

application platform that operates at high permeate fluxes while also minimizing 

technology footprint. 

Carbonaceous nanomaterials such as carbon nanotubes (CNTs) are promising 

candidates to address these new frontiers for sorbents in water treatment due to their large 

surface area (and in turn, high sorption capacity), and the potential to tailor their surface 

chemistry to target a broader spectrum of contaminants.273–275 For example, both non-

functionalized and functionalized CNTs have been demonstrated to be effective sorbents 

toward a range of aquatic pollutants, including popular organic micropollutant 

classes.73,79,82 However, the deployment of CNTs, most often studied as sorbents in 

suspension, remains practically challenging amid rising concerns over their incidental 

environmental release and potential toxicity due to subsequent exposure.68,276 For safe 

and effective POU applications, improved CNT application platforms are needed that 

minimize their release into the treated supply, while also overcoming performance issues 

typically associated with such immobilization routes (e.g., possible loss of reactive 

surface area during encapsulation58 or high head losses in packed beds94). 

Carbon nanofibers (CNFs) may represent a more promising sorbent alternative, 

particularly when fabricated as a non-woven mat via electrospinning. Electrospun CNFs 
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are often produced via thermal processing of polyacrylonitrile (PAN) nanofibers, while 

changes to electrospinning parameters (e.g., applied voltage, needle size, humidity) allow 

control of the final fiber morphology. Electrospinning also represents a relatively low-

cost, highly tunable route for material production across a ranges of scales, including 

those suitable for POU applications.208,252,277,278 Such a CNF sorbent platform holds many 

potential advantages, including high fluxes through a stable, nanofiber-enabled filtration 

unit.208,277 Nevertheless, existing demonstrations of high surface area CNFs as sorbents 

have revealed them to be most often effective toward hydrophobic pollutant 

classes205,206,209,210,212,279 (e.g., oil, dyes, and aromatic compounds) rather than the more 

polar organic chemicals typical of emerging micropollutant classes. Further, CNFs often 

suffer from limitations in material strength that may also hinder their growth into a 

reliable sorbent alternative.  

Here, using electrospinning, we have developed CNF-CNT composites as novel, 

non-woven sorbents suitable for POU water treatment. Incorporation of CNTs is 

recognized to improve the mechanical properties of polymeric and carbon nanofibers.219–

223 Inclusion of CNTs has also been shown to generally increase the specific surface area 

of CNF-CNT composites.194,280,281 However, the influence of CNTs on both material 

properties and sorption capacity of electrospun CNF mats has not yet been investigated. 

Further, to best exploit the known, high sorption capacity of CNTs toward organic 

compounds, we explored methods to increase composite nanofiber porosity,194,212–

215,217,218 in turn increasing sorbent surface area so as to promote access to embedded 

CNTs. For example, Liu et al.212 produced macroporous CNFs via sublimation of a 
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volatile organic during thermal treatment to yield a flexible mat with two-fold higher 

surface area that was more effective than unmodified CNFs for oil/water separation. 

Our goal herein was to identify the optimal composite material exhibiting both 

high sorption capacity and material strength. Accordingly, we evaluated the influence of 

CNT loading and extent of macroporosity (via sublimation of volatile phthalic acids) on 

CNF-CNT composite properties including nanofiber morphology, specific surface area, 

and tensile strength. Then, utilizing two representative, persistent organic micropollutants 

chosen for their distinct polarities [atrazine (logKow 2.61) and sulfamethoxazole (logKow 

0.89)],282 we evaluated the uptake rates and capacities of these nanofiber sorbents in 

batch systems. Practical demonstrations of the optimal material included reactivity 

comparisons to dispersed CNTs and GAC, and its application for the removal of ten 

chemically diverse emerging organic micropollutants at environmentally relevant 

concentrations (i.e., ppb) in a flow-through system. 

 

2.3 Materials and Methods 

2.3.1 Reagents 

All reagents were used as received. Electrospinning precursor solutions were 

prepared with polyacrylonitrile (PAN; MW 150,000, Aldrich), N,N-dimethylformamide 

(DMF; 99.85%, BDH Chemicals), terephthalic acid (99+%, Acros Organics), phthalic 

acid (99.5+%, Aldrich), and multi-wall carbon nanotubes (MWCNTs; 95+%, ash 

<1.5wt%, <8nm OD, 0.5-2.0 µm length, CheapTubes). Stock solutions of atrazine 

(Pestanal®, analytical standard, Fluka, Sigma), bezafibrate (≥98%, Sigma), caffeine 
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(ReagentPlus®, Sigma), (-)-cotinine (≥98%, Sigma), gemfibrozil (Sigma), metoprolol 

tartrate (LKT laboratories), naproxen (meets USP testing specifications, Sigma), 

sulfadimethoxine (≥98.5%, Sigma), and sulfamethoxazole (Fluka, Sigma) were prepared 

in methanol (99.99%, Fisher Scientific). Structures and relevant molecular data for these 

compounds are compiled in Table 2.1.  Sorption experiments were conducted either in 5 

mM phosphate buffer (anhydrous potassium phosphate monobasic, KH2PO4; RPI; ACS 

grade) or 1 mM carbonate buffer (anhydrous sodium carbonate, Na2CO3; Fisher 

Scientific, ACS grade) prepared from deionized water (Thermo Scientific Barnstead 

NANOPure Diamond) and pH-adjusted as needed with 5 M NaOH. Granular activated 

carbon (GAC) was acquired from the Calgon Carbon Corporation (CENTAUR® 12x40; 

Iodine number 825 mg/g; Mean particle diameter 0.9-1.1 mm; Ash <7 wt%). 

2.3.2 Preparation of electrospinning precursor solutions  

For unmodified CNF mats (hereafter ‘CNF’), 8 wt% PAN was dissolved in DMF 

by mixing at 60˚C for 2 h at 1.65 g (HLC Cooling-Thermomixer MKR 13, Ditabis). For 

MWCNT-embedded CNF mats, non-functionalized MWCNTs (0.8, 1.6, or 2.0 wt% 

relative to total sol gel mass) were first dispersed in DMF via ultrasonication for 5 h, 

prior to dissolution of PAN in the MWCNT-DMF suspension. Hereafter, these 

composites will be referred to as ‘CNTx’, where x denotes the CNT concentration.  

For macroporous mats, terephthalic acid (TPTA; 3.5 or 4.6 wt% relative to total 

sol gel mass) or phthalic acid (PTA; 1.5 or 2.4 wt%) was added simultaneously with PAN 

to the MWCNT-DMF suspension. Hereafter, macroporous composites will be referred to 

as ‘CNTx-TPTAy’ or ‘CNTx-PTAz’, where x, y, and z denote the CNT, TPTA, and PTA 

concentrations, respectively. The majority of materials utilized PTA because synthesis 
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conditions found to be conducive to sorption capacity (e.g., high TPTA and CNT 

concentrations) also resulted in fabrication challenges (e.g., clogging during 

electrospinning) and mats with limited material strength (see Figures 2.1 and 2.2). 

2.3.3 Electrospinning 

After preparation and prior to use, the kinematic viscosity of select sol gels was 

estimated by measuring the time for a set volume of sol gel to flow by gravity through a 

fixed length of tubing. The precursor solutions were then loaded into a 12 mL plastic 

syringe (HSW Norm-Ject). The syringe was connected to 2.0 mm ID polyethylene (PE) 

tubing via a PE 1/16” female luer lock fitting (NanoNC Co., Ltd). The tubing was also 

connected to a metal nozzle adapter (NanoNC Co., Ltd) via a PE 1/16” male luer lock 

fitting, and a 25G 1/2” needle was attached to the other end of the nozzle adapter. The 

needle tip was located at a distance of 10 cm from the surface of a 9-5/16”-circumference 

metal drum collector (SPG Co., Ltd; Korea), which was coated in Al foil and grounded. 

During electrospinning, the precursor solution was pumped through the needle at 0.5 

mL/h (New Era Pump Systems, Inc.), a positive 12 kV voltage was applied at the needle 

tip (Acopian), and the grounded collector was rotating at 500-rpm (Dingtuo Technology). 

The high voltage difference between needle tip and collector caused formation of a 

whipping polymer jet, evaporation of the solvent, and deposition of non-woven polymer 

(or polymer CNT composite) nanofibers on the collector surface. Electrospinning was 

typically carried out for 5 h.  

After electrospinning, thermal oxidative stabilization was most often carried out 

for 2 h at 280˚C (5˚C/min ramp rate) in air, but a limited number of mats were stabilized 

at 250˚C to assess the influence of this parameter on material performance. The mat was 
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returned to room temperature prior to pyrolysis for 1 h at 1000˚C in an N2 atmosphere 

(5˚C/min ramp rate; OTF-1200X series tube furnace, MTI).  

An important synthesis variable was humidity, with initial trials exploring 

nanofiber sorbents fabricated at low (~20%) and high (~40%) relative humidity (RH). 

Notably, although low humidity produced smaller diameter CNFs, composites produced 

at high humidity consistently displayed greater sorption capacity (see Figure 2.3). We 

attribute this to microporosity introduced at higher humidity from the greater extent of 

water loss during thermal processing. Accordingly, all subsequent nanofibers were 

synthesized at ~40% RH. 

2.3.4 Nanofiber characterization 

The morphology of electrospun nanofiber mats was investigated using a field-

emission scanning electron microscope (SEM) (S4800, Hitachi) at an acceleration 

voltage of 1.8 kV. All samples were sputter-coated with a thin layer of gold/palladium 

(60:40 Au:Pd) prior to SEM imaging. Average fiber diameters were developed from 

measurement of 50-100 nanofibers in ImageJ software. Morphology of selected mats was 

also examined using transmission electron microscopy (TEM) (JEOL JEM-1230) at an 

operating voltage of 120 kV, as well as using high resolution transmission electron 

microscopy (HRTEM) (JEOL JEM 2100F with Schottky FEG Emission-Zr/W). Samples 

were prepared via sonication in deionized water, and a droplet was allowed to dry on a 

grid prior to imaging (#01814-F C-B 400 mesh Cu for TEM, #01824 UC-A on holey 400 

mesh Cu for HR-TEM; Ted Pella, Inc). Surface area and pore volumes were determined 

by N2-BET analysis using a Micromeritics ASAP 2020 Physisorption Analyzer. All 

samples were degassed at 300°C for 3 hours prior to analysis. Surface chemical 



 

52 

composition was analyzed with a custom Kratos Axis Ultra X-ray photoelectron 

spectroscopy (XPS) system equipped with a monochromatic Al Kα X-ray source. XPS 

was used to collect full spectrum survey scans, as well as to examine C 1s, O 1s, and N 1s 

regions. An extensive description of this system can be found elsewhere.283,284 

2.3.5 Strength analysis procedures 

The mechanical strength of nanofibers and nanofiber mats was characterized by 

two complementary methods. The goal of characterization was to develop a quantitative 

assessment of the influence of CNT inclusion and macroporosity on nanofiber strength.  

2.3.5.1 Atomic force microscopy nanoindentation 

 The mechanical strength of individual nanofibers was characterized using atomic 

force microscopy (AFM) based nanoindentation conducted on a Molecular Force Probe 

3D AFM (Asylum Research, Santa Barbara, CA).285–287 AFM height images and 

nanoindentation measurements were performed at room temperature in air, using silicon 

nitride probes (Mikromasch, San Jose, CA, CSC37) with a nominal spring constant of 

0.35 N/m and a typical tip radius of curvature of 10 nm. The tip radius of curvature was 

verified using scanning electron microscopy (SEM) and was found to be approximately 

10 nm, as expected. Actual spring constants were determined using the built-in thermal 

noise method.288 Topographic images were collected using intermittent contact mode 

(AC mode) or contact mode at a typical scan rate of 1 Hz. Nanofiber mat samples were 

adhered to freshly cleaved atomically flat mica (V-I grade, SPI Supplies, Westchester, 

PA) using double-sided tape, and topographic images were obtained prior to 

nanoindentation experiments using AC imaging mode. For nanoindentation 
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measurements, force–displacement curves were collected during the AFM probe motion 

towards and away from the sample. The probe was initially ~200 nm away from the 

surface, was moved towards the nanofiber surface until a predetermined force of 10 nN 

was achieved, and then the applied force was reversed until the probe returned to the 

initial position. A maximum force of 10 nN was selected because no sign of mechanical 

damage on the sample surface has been observed under such conditions after a series of 

repeated force-displacement measurements in previous studies.285,286 In order to ensure 

reproducibility, repeated force curves (~10 curves) were collected at a minimum of 5 

sampling locations per nanofiber for 10 individual nanofibers within each mat. Force-

displacement curves were also collected on the mica substrate in order to calibrate the 

deflection sensitivity of the instrument, which allowed the conversion of the force-

displacement curves to force versus tip-sample separation plots. Overall, 4 different 

probes were used for the nanoindentation measurements.  

Young’s modulus values were extracted from force versus tip-sample separation 

data by fitting nanoindentation plots to a rearranged form of the Hertzian model, which 

assumes elastic contact.287,289,290 All force-displacement plots herein showed no deviation 

between the approach data and the retract data. Thus the indentation could be assumed 

purely elastic, allowing use of the Hertzian elastic model. The Hertzian model is 

described by Equation S1 below, where F is the loading force, R is the tip radius of 

curvature, ∆ is the tip-sample separation, E is the Young’s modulus, C is a constant, and 

ν is the Poisson’s ratio of the sample. Use of this rearranged form eliminated the 

necessity of knowing the exact contact position between the tip and the sample, which is 

typically challenging.291 Based on Equation 2.1, a plot of the force to the 2/3 power vs. 
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the tip-sample separation should be linear in the contact region. The Young’s modulus of 

the sample can then be calculated using the linear slope of the F2/3 vs. Δ plot in the 

contact region, with known or reported values of the tip radius of curvature and the 

Poisson’s ratio. Here, R and ν were assumed to be 10 nm (using SEM) and 0.3 (typical 

value for organic nanomaterials), respectively.286 An average Young’s modulus (± one 

standard deviation) for each nanofiber sample was obtained from histograms of Young’s 

modulus values (provided below in Figure 2.4a). 

F2/3 = C − (
4√R

3(1−υ2)
E)

2/3

Δ     (Equation 2.1) 

2.3.5.2 Load-displacement testing 

Stress-strain curves were also developed for select nanofiber mats from load-

displacement data collected with a BioTense Perfusion Bioreactor (ADMET, Inc., 

Norwood, MA), which consisted of a linear actuator, sample grips, a reactor frame, and a 

250 g load cell (see Figure 2.4b). Data acquisition was performed at 10 samples/sec 

through the MTestQuattro System (ADMET, Inc., Norwood, MA). Unlike the AFM-

based nanoindentation performed on individual nanofibers within a mat, this load-

displacement technique provided a measure of the average mechanical properties of the 

bulk nanofiber mat. Dog-bone-shaped specimens (with a gauge region measuring 2 mm 

wide by 8 mm long) were cut out using a stainless steel punch. The specimens were 

clamped to the sample grips with flat alligator clips, the initial gap between the arms was 

measured with calipers and recorded, and the position and the load were zeroed. 

Specimens were stretched to failure at a displacement rate of 10 mm/min, with the 

maximum extension set to 4 mm.292 Cross-sectional images of the mat in the gauge 
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region were taken with a microscope (Nikon Eclipse Ti with Plan Fluor 4x objective), 

and the average thickness of the mat was determined via measurement with Image J 

software to allow the cross-sectional area of the specimen to be quantified. Engineering 

strain was calculated as the change in position during the test (l-l0) divided by the gauge 

length (L), and stress was calculated as the recorded load (F) during the test divided by 

the initial cross-sectional area (A) of the gauge region. The Young’s modulus was 

calculated from the slope of the stress-strain curves (see Figure 2.4b). The ultimate 

tensile stress (UTS) and ultimate strain were calculated from the curve as the highest 

stress achieved before specimen failure and the corresponding strain, respectively. 

2.3.6 Batch sorption experiments 

All batch experiments utilized a piece (~4 cm2) of nonwoven mat (Figure 2.5a). 

Initial sorbent optimization was conducted with atrazine (ATZ; logKow 2.61)282 and 

sulfamethoxazole (SMX; logKow 0.89)282 to identify the best sorbent material for species 

exhibiting a range of polarities. Timescales necessary to achieve sorption equilibrium 

(i.e., no further change in solution phase concentration) were determined first via kinetic 

experiments conducted in 20 mL vials sealed with butyl stoppers. Kinetic experiments 

monitored the decrease in ATZ and SMX concentration over time in sorbent suspensions 

(0.5 g/L) at pH 7 (buffered by either 5 mM phosphate or 1 mM carbonate). Reactors were 

spiked at the start of the experiment with either 50 µM of atrazine (ATZ) or 

sulfamethoxazole (SMX) from 50 mM stock solutions prepared in methanol (which 

produced < 10-3 %v/v MeOH in the final reactor suspension). Reactors were well-mixed 

throughout the experiment on a rotator (Cole-Palmer Roto-Torque). Samples were taken 

periodically and then passed through a 0.2 µm Nylon syringe filter to remove the sorbent 
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material.  After filtration, samples were transferred to 1.5 mL amber vials for subsequent 

analysis via high pressure liquid chromatography equipped with a photodiode array 

detector (HPLC-DAD). 

Sorption isotherms were collected in batch experiments performed in well-mixed 

reactors similar to those used for kinetic experiments. Reactors were spiked at the start of 

the experiment with varying concentrations (13-170 µM) of ATZ or SMX from 50 mM 

stock solutions prepared in methanol (resulting in < 3.4x10-3 %v/v MeOH in the final 

reactor suspension), and the sorbent mass loading was held constant (0.4 g/L). Based on 

results from kinetic experiments, isotherm samples were taken at 0 and 6 h for nanofiber 

mats and after 24 h for GAC. Sample post-processing and analysis was identical to that 

performed for kinetic sorption experiments. Batch pH-edge experiments were also 

performed in identical reactors, with 0.4 g/L sorbent mass loading, 70 M initial 

concentration SMX or metoprolol, 5 mM phosphate buffer (pH 6-9), and sample post-

processing and analysis identical to that for sorption isotherm experiments. In all cases 

sorbed concentrations were quantified from the difference between the initial and (stable) 

equilibrium dissolved concentration in each system. Both ATZ and SMX were stable in 

controls without any sorbent. 

2.3.7 Performance testing in a flow-through filtration system 

The optimal nanofiber sorbent (prioritized by material strength and sorption 

capacity) was evaluated in a gravity fed, flow-through filtration set-up. The nanofiber mat 

was cut to a 47 mm diameter circle and supported by a 47 mm diameter, 1.2 µm glass 

fiber filter (Whatman). This set-up, with an active filtration area of 9.6 cm2 (35 mm 

diameter), approximates typical point-of-use treatment (Figure 2.5b). During the 
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experiment, flux (typically ~600-1000 L/m2-h, which lies at the upper bound for 

microfiltration) was measured via timed collection of permeate in a graduated cylinder, 

although no significant influence on performance was observed across this flux range 

(Figure 2.6). To determine approximate filter capacity, initial trial runs were conducted 

with relatively high concentration (20 µg/L or 100 µg/L) feed solutions of either ATZ or 

SMX. Feed solutions were un-buffered to avoid counter-ion effects and to facilitate 

analysis via LC-MS/MS without buffer ion interference. Filter mass was varied by 

changing the thickness of the nanofiber mat. Mat mass loading was calculated as the total 

mass of the carbon filter normalized to the active area of filtration (9.6 cm2). The typical 

mat produced in this study had a mass loading of 14 mg (1.5 mg/cm2), and was compared 

to a low mat mass loading of 5 mg (0.5 mg/cm2) by utilizing a shorter electrospinning 

time.  

Subsequent performance testing used a more complex feed solution containing a 

mixture of 10 commonly encountered, but chemically diverse, organic micropollutants. 

This mixture contained 5 µg/L each of acetaminophen, atrazine, bezafibrate, caffeine, 

cotinine, gemfibrozil, metoprolol, naproxen, sulfadimethoxine, and sulfamethoxazole 

[structures and relevant chemical data (e.g., logKow values) of these species are presented 

in Table 2.1]. Feed solutions were either un-buffered, or buffered with 1 mM carbonate 

buffer, pH 7. Samples (5 mL) were taken every 250 mL of filtrate for analysis, and filters 

were operated until “breakthrough” was observed (i.e., when effluent concentration 

equaled influent concentration). 
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2.3.8 Analytical methods 

High concentration (> 0.1 mg/L) aqueous samples from batch experiments were 

analyzed on a 1200 series Agilent HPLC equipped with an Eclipse Plus C18 column (4.6 

mm x 150 mm, 5 µm particle size) and a photodiode array detector (DAD). Analysis of 

ATZ used a mobile phase of 50:50 acetonitrile (ACN):H2O, a flow rate of 1 mL/min, an 

injection volume of 20 µL, and a 223 nm detection wavelength, whereas SMX analysis 

used a 30:70 ratio of methanol (MeOH):5 mM phosphate buffer pH 5, a flow rate of 1 

mL/min, an injection volume of 25 µL, and a 268 nm detection wavelength. Samples 

with lower concentration (5 µg/L; i.e., those used in single-target, flow-through systems) 

were analyzed via HPLC-MS/MS, with a 1200 series Agilent HPLC equipped with an 

Eclipse Plus C18 column (4.6 mm x 150 mm, 5 µm particle size) and a QQQ detector 

(Agilent 6460 Triple Quad LC/MS). Analysis of ATZ was performed via a MS2 SIM 

method, with a mobile phase of 50:50 ACN:H2O, a flow rate of 0.4 mL/min, an injection 

volume of 5 µL, and a parent compound mass of 216, whereas SMX analysis was 

performed via a MS2 SIM method, with a mobile phase of 30:70 MeOH:H2O, a flow rate 

of 0.4 mL/min, an injection volume of 5 µL, and a parent compound mass of 254. 

Aqueous samples of the mixture of 10 emerging contaminants utilized in low 

concentration (5 µg/L) flow-through systems were analyzed at the University of Iowa 

State Hygienic Laboratory via direct aqueous injection LCMSMS. Samples were injected 

(100 µL) into an Agilent 1200 HPLC system operated in a reversed phase mode 

(acetonitrile, methanol, water, acetic acid gradient) using a Phenomenex Luna C18(2) 

column (3 µm, 3.0 x 100 mm). A turbospray interface (ESI) was used to generate positive 

and negative molecular ions which were subsequently fragmented and monitored using 
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an AB Sciex 4000 QT LCMSMS system. Ions were monitored in the MRM mode. 

Unique quantitative and qualitative ion pair fragments were monitored. Internal standard, 

containing a mixture of labeled analytes, was added to each sample just prior to analysis 

at a concentration equal to that in the calibration standards (0.5 ng/mL). Labeled analytes 

were used as internal standards to correct for instrument signal drift and/or matrix effects. 

The following analytes (internal standard use in parenthesis) were monitored as positive 

ions: acetaminophen (acetaminophen-D4), caffeine (caffeine-13C3), cotinine (caffeine-

13C3), metoprolol (metoprolol-D7), sulfadimethoxine (sulfamethoxazole-13C6), 

sulfamethoxazole (sulfamethoxazole-13C6), and atrazine (atrazine-D5). The following 

analytes (internal standard use in parenthesis) were monitored as negative ions:  

gemfibrozil (diclofenac-D4), naproxen (diclofenac-D4), and bezafibrate (diclofenac-D4). 

External calibration was used for quantitation (quadratic curve fit with 1/x weighting). 

Calibration standards ranged in concentration from 0.005 to 10 ng/mL for each analyte. 

Random samples were spiked with known amounts of the target analytes just prior to 

analysis to assess the accuracy of the method. 

 

2.4 Results and Discussion 

2.4.1 Nanofiber characterization 

2.4.1.1 Diameter and surface area 

Inclusion of CNTs decreased nanofiber diameter from 160 (± 30) nm for CNF to 

100 (± 20) nm for CNT2 composites (Figure 2.7). Typically, smaller diameter nanofibers 

result from lower sol gel viscosity.191 However, we observed that sol gel viscosity 
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increased with CNT concentration (e.g., the CNT2 sol gel was ~1.5-fold more viscous 

than that of CNFs). Thus, we attribute the smaller nanofiber diameters obtained with 

higher CNT concentrations to their ability to increase sol gel conductivity, which in turn 

induces strong repulsive, electrostatic forces within the electrospinning jet that ultimately 

decrease the final nanofiber diameter.224,293 

The opposite trend was observed with increasing PTA concentration, which 

increased nanofiber diameters from 210 (± 40) nm for CNT2-PTA1.5 to 310 (± 70) nm 

for CNT2-PTA2.4 (Figure 2.7). This trend appears to primarily reflect changes in sol gel 

viscosity induced by PTA inclusion (e.g., CNT2-PTA2.4 sol gel was nearly 2-fold more 

viscous than that for CNFs). Notably, at a fixed PTA concentration, smaller diameter 

nanofibers were observed at lower CNT concentrations (e.g., 215 (± 20) nm for CNT0.8-

PTA2.4; see Figure 2.8). This trend is opposite to that observed for CNT inclusion in 

non-macroporous mats, suggesting that the increase in sol gel viscosity from PTA 

inclusion outweighed the gains in conductivity from CNT inclusion, resulting in a net 

increase in nanofiber diameter.  

As expected, surface area was greatest for nanofibers with smaller diameters and 

a greater extent of macroporosity. In non-macroporous mats, both surface area and pore 

volume increased with increasing CNT concentration (e.g., ranging from 110 m2/g and 

0.11 cm3/g for CNF, to 310 m2/g and 0.25 cm3/g for CNT2). For macroporous mats, in 

contrast, surface area and pore volume increased with decreasing PTA concentration, 

shifting, respectively, from 290 m2/g and 0.31 cm3/g for CNT2-PTA2.4 to 650 m2/g and 

0.69 cm3/g for CNT2-PTA1.5.  
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These trends in surface area can be rationalized by corresponding changes in 

nanofiber morphology in response to changes in synthesis variables as observed in SEM 

and TEM images. TEM images of CNF-CNT nanofibers (Figures 2.7 and 2.9) suggest 

that the CNTs remain embedded within the fibers, producing irregular twists and knobs in 

the nanofiber structure that were not observed for unmodified CNFs. CNTs and their 

aggregates are also exposed randomly along the length of the nanofibers, particularly at 

those points where the CNTs produced knobs in the nanofiber structure (Figure 2.7).  

Also observed in SEM and TEM images is that inclusion of PTA produced 

relatively large macropores, discernable as holes in the nanofiber surface, to which 

measured increases in surface area can be attributed (see HR-TEM images in Figure 2.9). 

However, images suggest a greater degree of surface macroporosity in composites with 

lower PTA and lower CNT concentrations (CNT2-PTA1.5, CNT0.8-PTA2.4) (Figures 

2.7 and 2.8), consistent with trends in BET surface area reported earlier. Observed pores 

were typically up to ~80 nm in diameter, irregular in shape, and distributed non-

uniformly on the nanofiber surface, tending to appear in clusters.  

The increase in porosity at lower PTA concentrations in CNF-CNT composites is 

noteworthy, as it is counter to expectations from Liu et al., which observed porosity to 

increase with increasing TPTA concentrations in CNFs (without CNTs).212 For PTA-

containing CNFs produced herein, we also observed a moderately higher degree of 

macroporosity with increasing PTA concentration (Figure 2.10). Only after inclusion of 

CNTs was the opposite trend observed; at a fixed CNT loading, a lower PTA 

concentration produced a significantly higher degree of macroporosity in PTA-containing 

CNF-CNT composites. This behavior may be due in part to specific interactions between 
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PTA and CNTs, which would influence the availability of PTA to volatilize and induce 

porosity (indeed, sorption of PTA onto CNTs was measured in electrospinning solutions; 

see Figure 2.10). Additionally, it is known that PTA undergoes decomposition to 

phthalic anhydride at ~210˚C during stabilization, followed by sublimation of phthalic 

anhydride at ~295˚C during carbonization to induce macroporosity.294 We suspect that 

incomplete decomposition and sublimation occurred at higher phthalic acid 

concentrations, particularly within larger composites that possessed greater internal 

volume and less external surface area for sublimation. 

2.4.1.2 XPS 

Surface characterization via XPS revealed rather modest differences in nanofiber 

surface composition in response to the synthesis conditions we explored (Figure 2.11). 

Across stabilization temperature and material formulation, differences of less than 1.5% 

in N and O surface concentrations were observed after carbonization. 

2.4.1.3 Nanofiber strength 

In handling the samples, it was clear that CNF mats were extremely brittle. 

Inclusion of CNTs produced a stronger material that was more resistant to fracture and 

that demonstrated improved flexibility (i.e., it could be gently folded along one axis 

without breaking; Figure 2.12). For macroporous mats, those with low CNT (CNT0.8-

PTA2.4) and low PTA (CNT2-PTA1.5) concentrations fell apart when folded, likely due 

to limited structural integrity arising from their significant macroporosity observed via 

SEM. The CNT2-PTA2.4 mat was noticeably more stable, flexible, and resistant to 
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fracture than the non-macroporous counterpart (CNT2) (e.g., it could be folded along two 

axes simultaneously without breaking). 

AFM-based nanofiber indentation provided a quantitative measurement of the 

compressive strength of CNF, CNT2, and CNT2-PTA2.4 mats. Additional tensile 

mechanical tests were performed on the strongest material fabricated, CNT2-PTA2.4, in 

order to characterize the material properties of the mat. From AFM, the average Young’s 

Moduli (YM) values (see histograms in Figure 2.4a) for CNF and CNT2 were 67 ± 38 

MPa and 68 ± 45 MPa, respectively, while a YM of 25 ± 8 MPa was measured for 

CNT2-PTA2.4. The comparable YM of CNF and CNT2 are reasonable, as AFM probes 

only the top several nanometers of the nanofiber surface, and the embedded CNTs are 

small (<8 nm outer diameter) relative to the nanofibers (>80 nm in diameter). The lower 

compressive YM of the macroporous nanofibers is consistent with the softer, more 

flexible nature of these mats.212 Tensile tests for CNT2-PTA2.4 mats yielded an ultimate 

tensile stress of 151 ± 21 kPa, an ultimate strain of 0.035 ± .019, and a YM of 7.0 ± 1.4 

MPa (values represent the average and standard deviation from analysis of three mat 

samples; Figure 2.4b, c). For reference, these ultimate strain and YM values are 

comparable to polymers such as acrylic and polyamide-imide.295 

For filtration applications, compressive forces reveal the material’s ability to 

withstand deformation from the transmembrane pressure needed to drive flow, while 

tensile stress and strain relate to the ease with which the material can be physically 

handled or manipulated. Lower YM values observed in tension from a load cell relative 

to compression via AFM indentation have been previously observed for polymer-CNT 

and CNF-CNT composites, behavior often attributed to a lack of interfacial contact and 
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mechanical interlock between the nanofibers and the embedded CNTs.223,296 This 

rationale is particularly applicable to our materials, given that the short, thin CNTs 

utilized herein appear mostly aggregated within the nanofibers (see Figures 2.7 and 2.9).  

2.4.2 Optimization of nanofiber sorbent performance 

Figure 2.13 shows results of sorption rate studies for a subset of representative 

nanofibers: (i) unmodified (CNF); (ii) enhanced macroporosity (PTA1.5); (iii) CNT-

embedded (CNT2); and (iv) CNTs with macroporosity producing composites of variable 

strength (strong and flexible CNT2-PTA2.4 and weaker CNT2-PTA1.5). We note that 

based on preliminary results illustrating superior performance (Figure 2.14), these 

nanofibers were stabilized at 280˚C. All nanofibers exhibited two regimes of ATZ and 

SMX uptake; a near instantaneous, albeit limited, initial sorption event that was followed 

by a period of much slower sorption. Unmodified CNFs and PTA1.5 were the poorest 

sorbents, showing <10% immediate uptake for both ATZ and SMX and no further 

sorption over the following 2 hours. For CNT2 and CNT2-PTA2.4, limited (<5%) 

immediate uptake of ATZ and SMX was followed by considerable sorption over one 

hour (during which pollutant loss followed exponential decay) before slowing as the 

sorbent presumably approached capacity. CNT2-PTA1.5, with both high macroporosity 

and CNTs, exhibited the greatest immediate uptake, with more spontaneous sorption of 

ATZ (~30%) than SMX (~10%). As in other CNF-CNT composite systems, both ATZ 

and SMX then followed exponential decay for 30 minutes until sorption equilibrium was 

achieved. 

These relative performance trends for ATZ and SMX uptake rate are supported by 

sorption isotherms (Figure 2.15). Isotherms for different synthesis batches of nanofibers 
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are presented on a log-log scale, assuming that sorption equilibrium is best described by 

the Freundlich model [Csorbed = Kf(Caqueous)
1/n].  However, because these isotherms were 

collected only to reveal trends in sorbent performance resulting from changes in 

nanofiber synthesis, they were limited to only three or four initial concentrations and thus 

we do not report their Freundlich model fit outputs (e.g., Kf and n values).  We emphasize 

that we observed very good batch-to-batch reproducibility in structure and performance, 

with all performance trends consistent across all replicates (see Figure 2.16, where we 

report results from multiple synthesis batches of two different nanofiber formulations, 

resulting in sufficient data points for reporting model fit isotherm parameters with 

reasonable statistical uncertainty). Finally, data for unmodified and macroporous-only 

CNFs are not shown in Figure 2.15, as sorption capacities for both ATZ and SMX were 

consistently low (≤ 5 mg/g) and essentially negligible relative to CNT-containing 

materials, even after accounting for differences in surface area. This is notable, as it 

supports a role in which CNTs not only alter nanofiber properties (e.g., material strength 

and surface area), but also provide new sites for micropollutant uptake. 

The positive influence of CNT inclusion on sorption capacity is illustrated in 

Figure 2.15a, which shows that sorbed ATZ and SMX concentration increased ~ 2-fold 

as the embedded CNT loading increased from 0.8 to 2.0 wt%. In Figure 2.15b, sorption 

isotherms are compared across increasing PTA concentration for CNT2 nanofibers 

(another comparison to CNT0.8-PTA2.4 available in Figure 2.17). While CNT2-PTA2.4 

resulted in sorption that matched unmodified CNT2, CNT2-PTA1.5 exhibited enhanced 

uptake with an extent of sorption that was essentially equivalent for both ATZ and SMX. 
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These kinetic and isotherm experiments illuminate the key nanofiber properties 

critical for sorbent performance. First, incorporation of CNTs clearly produces a superior 

sorbent relative to unmodified and enhanced macroporosity CNFs (see Figure 2.13). 

Further, because sorption capacity in CNT composites increases with PTA-induced 

macroporosity (see Figure 2.15), data also imply that macropores provide greater 

accessibility of solutes to the embedded CNTs. Thus, evidence suggests the CNTs remain 

highly active sorbents even when embedded within porous nanofibers. Second, we 

thereby attribute the two regimes in ATZ and SMX uptake kinetics (see Figure 2.13) to 

the porosity of CNF-CNT composite nanofibers. Consistent with the extent of initially 

rapid uptake always being greater for ATZ (logKow 2.61) than SMX (logKow 0.89), this 

sorption is most probably occurring via hydrophobic interactions with easily accessible 

(i.e., surface exposed) CNTs. The slower sorption over longer timescales likely results 

from mass transfer limitations arising from ATZ and SMX accessing CNTs exposed 

within pores of the composite. Indeed, rate coefficients for ATZ and SMX sorption 

within the exponential decay regime increased with composite macroporosity [kCNT2 

(ATZ 1.9 h-1, SMX 1.1 h-1) < kCNT2-PTA2.4 (ATZ 2.1 h-1, SMX 1.6 h-1) < kCNT2-PTA1.5 (ATZ 

3.2 h-1, SMX 2.6 h-1)], underscoring that accessibility to embedded CNTs is essential for 

material performance.   

Finally, the influence of surface area is shown in Figure 2.18, in which isotherms 

from Figure 2.15 have been normalized by BET measured surface areas. Among the 

composites CNT0.8, CNT2, and CNT2-PTA2.4, increasing surface area (from embedded 

CNTs and induced macroporosity) is largely responsible for greater uptake, with 

equivalent ATZ and SMX sorption when normalized to BET specific surface area. 
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However, surface area does not always account for trends in composite sorption capacity. 

The surface area normalized uptake for CNT2-PTA1.5 was greater than those of other 

composites, suggesting a contribution from specific binding interactions (e.g., hydrogen 

bonding, electron donor-acceptor complexes) at surface sites generated during fabrication 

of these highly porous composites. 

2.4.3 Performance comparison to GAC and CNTs 

As the only material exhibiting sufficient strength and appreciable sorption 

capacity, additional performance studies focused primarily on CNT2-PTA2.4 mats (some 

analogous performance results are also provided for highest capacity CNT2-PTA1.5 in 

Figure 2.19). Figure 2.20a compares surface-area-normalized isotherms for ATZ and 

SMX on CNT2-PTA2.4, GAC and in a suspension of CNTs (corresponding mass-

normalized isotherms are provided in Figure 2.21). CNTs exhibited the greatest sorption 

capacity (per m2) for both ATZ and SMX, illustrating their promise in water treatment 

despite practical disadvantages in their application as dispersions. Generally, per unit 

surface area, GAC and CNT2-PTA2.4 mats were roughly equivalent in their uptake, even 

yielding comparable isotherms slopes that may imply similar sites and/or mechanisms for 

ATZ and SMX uptake on each material. For example, sorption by GAC is known to 

occur primarily by hydrophobic interactions,297 consistent with the greater extent of 

uptake for less polar ATZ (logKow 2.61) relative to SMX (logKow 0.89) that we observed 

for nearly all carbonaceous sorbents.  

A more pronounced difference among sorbents was observed for the rate of ATZ 

and SMX sorption (Figure 2.20b). In CNT suspensions (0.08 g/L; corresponding to the 

equivalent CNT mass embedded in composite CNF-CNTs used in comparative sorption 
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studies), ATZ and SMX exhibited near instantaneous uptake, and sorption capacity was 

quickly achieved (by 30 minutes). Slower but more sustained uptake of ATZ and SMX 

was observed in GAC suspensions (0.5 g/L), with capacity not yet achieved by 2 h. This 

slower sorption rate is consistent with diffusion limitations as ATZ and SMX access 

available sorption sites within GAC micropores.297    

On a piece of CNT2-PTA2.4 mat (corresponding to a suspension loading 0.5 g/L), 

ATZ and SMX uptake was considerably faster than on GAC, and more closely resembled 

the immediate uptake exhibited by the CNT suspension. Roughly half of the available 

ATZ and SMX mass sorbed onto CNT2-PTA2.4 mats within 30 min, with much slower 

uptake and eventually sorbent saturation thereafter. Unlike GAC, CNT2-PTA2.4 

nanofibers have both significant external surface area, responsible for rapid uptake, and 

PTA-induced macropores, responsible for slower, more sustained uptake. Further, the 

high initial rate of sorption on CNT2-PTA2.4 suggests that a significant fraction of the 

embedded CNTs remain readily accessible to solution. Thus, CNT2-PTA2.4 mats 

combine the high surface-area-normalized capacity of GAC with the more rapid sorption 

kinetics of CNTs.  

As a final comparison, the pH-dependent performance of these carbon-based 

sorbents was explored toward SMX (Figure 2.20c), which will become predominantly 

anionic at higher pH (i.e., approaching 9). Per unit surface area, uptake of SMX is largely 

independent of pH on GAC, whereas sorption on CNTs and CNT2-PTA2.4 is greatest at 

lower pH and decreases monotonically with increasing pH values. The observed pH-edge 

behavior on CNTs and CNT2-PTA2.4 is consistent with a decrease in uptake of anionic 

SMX on what we presume to be predominantly negatively charged surfaces at higher pH 
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values. Nevertheless, these data provide a final line of evidence that (i) the sorption 

behavior of CNF-CNT composites primarily reflects the nature of the embedded CNTs 

and (ii) CNT2-PTA2.4 composites compare favorably per unit surface area to more 

conventional carbon-based sorbents across the range of pH values and micropollutant 

targets anticipated for water treatment.     

2.4.4 Micropollutant removal during filtration 

2.4.4.1 Single compound flow-through systems 

The performance of CNT2-PTA2.4 mats during simulated POU treatment was 

assessed in a gravity fed, flow-through system for removal of either ATZ or SMX 

solutions at parts-per-billion (µg/L) levels. As expected, breakthrough curves (Figure 

2.22a) revealed that higher influent concentration (100 vs. 20 ppb) and lower CNT2-

PTA2.4 areal densities (0.5 mg/cm2 vs. 1.5 mg/cm2) resulted in earlier ATZ 

breakthrough. The later breakthrough of SMX observed relative to ATZ is most likely 

because these experiments were conducted in more idealized solutions (i.e., deionized 

water) for facile LC/MS analysis, resulting in a pH (~5.5) at which relative removals of 

SMX and ATZ differed from results observed in our earlier batch systems.   

Importantly, breakthrough of ATZ and SMX under gravity flow occurred at <30% 

of the theoretical maximum capacity estimated from batch isotherm experiments with 

CNT2-PTA2.4 (i.e., 30 mg ATZ/g and 20 mg SMX/g). This low degree of sorbent 

utilization in flow-through relative to batch implies that uptake is kinetically (rather than 

thermodynamically) limited in the flow-through system. Alternatively, it has also 

previously been noted that sorption trends and capacities measured with high 
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concentration (e.g., ppm level) experiments often do not extrapolate to sorbent 

performance at lower concentrations (e.g., ppb level).39,298 Nevertheless, these 

experiments, with effective treatment (i.e., no ATZ or SMX breakthrough) for 1 L of 

influent solution (corresponding to ~230,000 sorbent bed volumes based on a filter mass 

of 14 mg and material porosity of 0.31 cm3/g), are encouraging for the prospects of 

applying these materials in high-flux filtration systems. 

2.4.4.2 Multi-contaminant flow-through systems 

Results for the treatment of an influent containing a suite of 10 emerging 

contaminants with a range of structures and polarities are shown in Figure 2.22b. Data in 

Figure 2.22b were once again collected using more idealized solution conditions (i.e., pH 

~5.5, deionized water) to facilitate LC/MS analysis without interference from buffer ions, 

whereas results obtained in a matrix more representative of natural waters (pH 7 

stabilized by 1 mM Na2CO3) are provided in Figure 2.23.  

In the simplified aquatic matrix, >95% removal was maintained after 3 L 

(~690,000 bed volumes) of operation for naproxen, bezafibrate, and gemfibrozil. This 

behavior is particularly noteworthy given prior reports of poor removal of naproxen and 

gemfibrozil by activated carbons.30,298 These represent the three compounds with the 

largest reported logKow values (logKow >3.1), but all three also have deprotonated –OH 

groups under the conditions of our flow through experiments (pKa 4.50, 3.73, and 4.48, 

for naproxen, bezafibrate and gemfibrozil, respectively). We propose the primary driver 

for their sorption is via hydrophobic interactions with the sorbent surface, driven by the 

non-polar moieties (e.g., aromatic rings) in their structures. When examining 

performance toward less hydrophobic compounds (based on reported logKow values), the 
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highest degree of removal was observed for the sulfa drugs (sulfadimethoxine (SDMX) 

and SMX), with >90% removal observed throughout for SDMX (logKow = 4.63) and 

complete breakthrough of SMX only after 3 L of effluent volume. The relatively good 

removal of these sulfa drugs likely is attributable in part to the lower pH (~5.5) of these 

trials, with pH edge data (see Figure 2.20c) revealing improved sorption for sulfa drugs 

at lower pH (pKa values of SDMX and SMX of 6.36 and 9.28, respectively).  

Modest removal (breakthrough after 2 L or ~460,000 bed volumes) was observed 

for caffeine (logKow –0.07), acetaminophen (logKow 0.46), and ATZ (logKow 2.61), 

despite their wide range of polarities. As with sulfa drugs, caffeine and atrazine contain 

heterocyclic nitrogen moieties, and we hypothesize that specific interactions between 

these electron-rich N-containing rings and sites on the CNF-CNT composite surface 

enhance the sorption affinity for these compounds. This behavior is consistent with 

previous observations of a lack of correlation between logKow and removal trends on 

activated carbon for compounds containing heterocyclic/aromatic nitrogen groups.30 

Removal of acetaminophen, which has a secondary amine group but is neutrally charged 

in our test solution (pKa 9.48), has also previously been proposed to be higher on 

activated carbon than would be predicted by logKow.30  

Essentially unretained by the CNF-CNT composite were metoprolol and cotinine. 

For metoprolol (pKa 9.09), its poor removal is in part due to its pH-dependent uptake, as 

we observed its extent of sorption to decrease at lower pH values where it is positively 

charged (Figure 2.24). Cotinine, which is relatively polar (logKow 0.07) and neutrally 

charged (pKa 4.36) in our test system, also was unretained by the CNF-CNT sorbent. 

Thus, despite containing heterocyclic N sites typically prone to specific binding 
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interactions, the polarity of cotinine appears sufficient to inhibit its binding to the CNF-

CNT surface. 

Collectively, therefore, mixture treatment results support CNF-CNT composites 

targeting organic micropollutants via multiple sorption mechanisms (e.g., hydrophobic 

interactions and/or specific binding interactions), presumably occurring at different sites 

on the sorbent surface. This is consistent with our earlier findings with ATZ and SMZ, 

which on occasion exhibited comparable uptake on CNF-CNT composites despite their 

differences in polarity (i.e., sorption was not easily predictable from logKow values). This 

is also consistent with prevailing wisdoms in the carbon-based sorbent literature, 

particularly at trace (sub-ppm) concentrations,39,298,299 where the presence of acid/base 

groups and/or hydrogen bond donors/acceptors have been shown to contribute to uptake.  

However, flow-through experiments clearly reveal that these materials are, indeed, most 

effective toward more hydrophobic species, else they require specific moieties (e.g., 

heterocyclic N groups) to target for uptake.  

We note that in terms of predicting composite activity, a reasonable indicator 

appears to be the sorption capacity of the non-functionalized CNTs. In parallel to these 

flow through systems, we examined the sorption of each micropollutant in suspensions 

(0.06 mg/L) of well-mixed (albeit still quite aggregated) CNTs. Removal in flow through 

generally followed trends of relative micropollutant uptake observed in CNT dispersions 

(Figure 2.25), once again implying that the embedded CNTs are the primary active 

sorbent within the porous composite materials. This raises the possibility of using 

different types of functionalized CNTs known to exhibit unique reactivity (e.g., N-doped 
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CNTs were recently noted to be better sorbents for π-donor aromatic compounds)88 to 

produce composites with performance specifically tailored for target pollutants. 

Finally, these trends in micropollutant sorption were also observed in systems 

with 1 mM carbonate (100 mg/L as CaCO3 or moderate hardness), although breakthrough 

occurred much more rapidly (Figure 2.23). This behavior likely indicates sorption 

inhibition by dissolved carbonate species (i.e., bicarbonate; HCO3
-). A competitive or 

inhibitory role for bicarbonate is supported by results from batch experiments, where 

increasing bicarbonate concentration decreased the extent of ATZ and SMX sorption 

(Figure 2.26). From the inhibition observed from bicarbonate as a co-solute, application 

may require integration of another filter layer designed to specifically remove interfering 

species via other mechanisms (e.g., ion exchange).   

Despite the shorter breakthrough times, micropollutant removal in the carbonate-

containing system could generally be divided into two categories. Compounds well-

removed in more idealized, deionized water systems (Figure 2.22b; i.e., SDMX, 

naproxen, bezafibrate, and gemfibrozil) broke through at ~2-fold greater volume than the 

remaining compounds. Notably, metoprolol was removed slightly better in carbonate 

buffered systems, behavior that can be ascribed to its pH-dependent uptake (see Figure 

2.24). Thus, while the same sorption processes appear to be at play in this more 

representative aquatic matrix, composite ability (presumably both uptake rate and 

capacity) is, not surprisingly, influenced by the presence of co-solutes. Accordingly, 

these filters are likely best applied as a final polishing step for water treatment (e.g., point 

of use application at the tap) after effective management to limit competitive co-solutes.  
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2.5 Conclusions 

As a robust, high-sorption capacity material, the optimized nanocarbon sorbent 

fabricated herein via electrospinning represents a significant practical advance in POU 

drinking water treatment. Relying on integrated CNTs for improved strength and sorption 

capacity, and macroporosity for flexibility and external surface area, the optimized CNF-

CNT composite (CNT2-PTA2.4) exhibited capacities comparable to and sorption kinetics 

much faster than those of commercial GAC. The promise of these materials is their 

ability to be deployed in high-flux systems while minimizing application footprint. 

Depending on solution complexity and the number of dissolved targets, relatively low 

masses can be used to treat large volumes under dynamic flow conditions (e.g., 14 mg for 

2 L of treatment for SMX, or 7 mg/L).  

Our study yields two notable findings broadly relevant to nanofiber fabrication 

and application. First, embedded CNTs serve as the primary active sorbent in these 

materials, and the porosity of the fibers is integral for promoting their accessibility to 

solution. Second, building upon the work of Liu et al.,212 we further illustrate the positive 

benefits of macroporosity on nanofiber mat flexibility and durability. Thus, these CNF-

CNT composites may represent a self-contained platform through which the unique 

reactivity of CNTs can be safely harnessed during water treatment while minimizing risk 

of their release into the finished supply.  

Admittedly, more optimization is needed to realize the full potential of these 

materials. For example, there remain some poorly retained compounds (e.g., highly polar, 

small molecular weight cotinine), indicating the need for additional tuning of composite 

surface chemistry to target such species. Further, future studies should consider 



 

75 

reversibility, as the kinetically limited sorption observed is indicative of relatively weak 

binding interactions, and our preliminary results have indeed suggested that binding is 

reversible in most instances on these composites. More work is also needed to verify the 

long-term fate of CNTs in the porous CNF matrix and their propensity for release under 

flow. Finally, we found that too much porosity can be disadvantageous, ultimately 

weakening material strength. Thus, in designing such CNF-CNT composites, a critical 

step will be identifying an optimum macroporosity, the degree that increases material 

flexibility, reactive surface area, and CNT accessibility without compromising composite 

strength. 
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Table 2.1. Structures, molecular weights, logKow values294 and relevant pKa values300 for 

the ten organic micropollutants treated in the multi-contaminant flow-through system. 

Compound Structure 
Molecular 

Weight 
logKow pKa 

Caffeine 

 

194.19 -0.07  

Cotinine 

 

176.22 0.07 4.36 

Acetaminophen 

 

151.16 0.46 9.48 

Sulfamethoxazole 

 

253.28 0.89 9.28 

Sulfadimethoxine 

 

310.33 4.63 6.36 

Metoprolol 

 

267.36 1.88 9.09 
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Table 2.1. Continued 

Atrazine 

 

215.68 2.61  

Naproxen 

 

230.26 3.18 4.50 

Bezafibrate 

 

361.82 4.25 
3.73, 

13.57 

Gemfibrozil 

 

250.33 4.77 4.48 
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Figure 2.1. SEM images of TPTA-containing CNFs (a, c) and TPTA-containing CNF-

CNT composites (b, d) for both low (3.5 wt%) and high (4.6 wt%) TPTA loadings. 

Materials shown contain low (0.8 wt%) CNT loading. Both CNT-derived morphology 

(e.g., knobs) and TPTA-derived morphology (e.g., macropores) are marked by red arrows. 

Consistent with prior results of Liu et al.,212 we found that increasing concentrations of 

TPTA yielded a higher degree of macroporosity. 

(b) CNT0.8-TPTA3.5

(c) TPTA4.6

(d) CNT0.8-TPTA4.6

(a) TPTA3.5
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Figure 2.2. Data shown for (a) ATZ and (b) SMX uptake by TPTA-containing CNF-CNT 

composites, relative to CNF-CNT composite materials. Consistent with the literature,212 

we found that TPTA could be incorporated to yield a mat more flexible than unmodified 

CNFs. However, like PTA modified materials, TPTA modified mats were very poor 

sorbents (data not shown). Further, at the high TPTA and CNT concentrations needed for 

appreciable ATZ and SMX uptake during sorption isotherm experiments, we encountered 

both fabrication challenges (e.g., clogging during electrospinning) and unacceptable 

material properties (e.g., weak mats that could not be folded without breaking). Because of 

their fabrication challenges and poor material strength, mats containing TPTA-derived 

macroporosity were not further investigated. Experimental conditions: 0.4 g/L nanofiber 

sorbent, 5 mM phosphate buffer, pH 7. 
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Figure 2.3. Nanofiber sorbents were fabricated at low and high relative humidity (~20% 

and ~40%, respectively). Shown here are the effect of relative humidity during 

electrospinning on (a) sorption isotherms for ATZ and SMX (0.4 g/L sorbent loading, 5 

mM phosphate buffer, pH 7), (b, c) nanofiber morphology, and (d) nanofiber diameter 

distribution (obtained via measurement of 50-100 nanofibers in ImageJ software). The 

production of smaller nanofiber diameters at lower humidity is in agreement with the 

literature.192 We hypothesize that the more rough (porous) appearance of the nanofibers 

fabricated at higher humidity (see inset SEM images) is due to the expulsion of water from 

the nanofiber matrix during thermal treatment steps. Thus, despite larger nanofiber 

diameters, the surface roughness generated at higher humidity yielded nanofibers with 

larger sorption capacities for both ATZ and SMX. Based on higher material capacity at 

higher relative humidity, the majority of materials in this study were fabricated at ~40% 

relative humidity. 
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Figure 2.4. Relevant details of tensile strength testing, including (a) histograms from 

AFM-based nanoindentation studies to determine Young’s Modulus in compression for 

CNF, CNT2, and CNT2-PTA2.4 materials as indicated. Histograms were developed from 

5 sampling locations on 10 individual nanofibers per material. Also shown are the (b) 

tensile testing device with specimen and (c) a representative stress-strain curve for CNT2-

PTA2.4. 
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Figure 2.5. (a) Batch reactor for kinetic and isotherm studies, which used a cohesive piece 

(~4 cm2) of nanofiber mat rather than dispersed nanofibers. (b) The set-up for flow-through 

filtration studies, using a gravity-fed, 47-mm OD filter housing and a 1.2 m glass fiber 

filter support. Relevant experimental parameters are provided. To determine approximate 

filter capacity, initial trial runs were conducted with relatively high concentration (20 µg/L 

or 100 µg/L) feed solutions of either ATZ or SMX. Feed solutions were un-buffered to 

avoid counter-ion effects and to facilitate analysis via LC-MS/MS without buffer ion 

interference. Filter mass was varied by changing the thickness of the nanofiber mat. Mat 

mass loading was calculated as the total mass of the carbon filter normalized to the active 

area of filtration (9.6 cm2). The typical mat produced in this study had a mass loading of 

14 mg (1.5 mg/cm2), and was compared to a low mat mass loading of 5 mg (0.5 mg/cm2) 

by utilizing a shorter electrospinning time. 

1.2 µm 
glass fiber

CNT2-

PTA2.4

(9.6 cm2)

Feed Solution

• ATZ, SMX, or multi-contaminant

• 5, 20, or 100 ppb

• Un-buffered (pH ~5.5) or carbonate-

buffered (1 mM Na2CO3; pH 7)

• Gravity fed

Effluent

• Flux ~600 or ~1000 L/m2-h

• Sample analysis via HPLC-MS/MS

• Volume treated 2-6 L

(a) (b)

Piece of CNF 

composite 
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Figure 2.6. Effect of flux (600 vs. 1000 LMH) on breakthrough curves for removal of 100 

ppb (100 g/L) ATZ in DI water by a 1.5 mg/cm2 CNT2-PTA2.4 filter. Flux was slowed 

from 1000 LMH to 600 LMH by maintaining a lower head of influent above the filter. The 

effect of flux was found to be negligible in the single-filter flow-through system evaluated 

in this study, presumably due to a minimal change in contact time. For example, based on 

filter thicknesses evaluated during load cell testing, the slower flux would be expected to 

increase contact time within the filter by approximately half of a millisecond. Larger filter 

thicknesses or significantly larger differences in flux are likely necessary to truly elucidate 

the impact of contact time on removal. Thus, in the remainder of this study, flux was 

typically ~1000 L/m2-h, to achieve the upper bound of typical microfiltration. 
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Figure 2.7. Histograms of nanofiber diameter, as well as corresponding representative 

SEM and TEM images, for (a) unmodified CNF, (b) CNT0.8, (c) CNT2, (d) CNT2-

PTA2.4, and (e) CNT2-PTA1.5. Nanofiber diameters (average and standard deviation of n 

≥ 50 nanofibers) are provided. Red arrows in TEM images note nanofiber morphological 

features arising from inclusion of CNTs, specifically knobs, bends and the appearance of 

CNT aggregates within the nanofibers (i.e., features not observed in more uniformly 

structured unmodified CNF nanofibers). 
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Figure 2.8. (a) Representative SEM image and (b) nanofiber diameter distribution for 

CNT0.8-PTA2.4 material. Average nanofiber diameter (from n of at least 50 nanofibers) 

was 220 ± 20 nm. Red arrows in SEM image highlight the porosity introduced via 

sublimation of PTA. The higher macroporosity of these nanofibers relative to the high 

CNT, high PTA mat (CNT2-PTA2.4) is notable. We attribute this to the ability of PTA to 

sublime more completely from these smaller diameter (and thus higher surface area) 

nanofibers, which results from their lower viscosity sol gel at lower CNT concentration. It 

is also possible that some PTA may be sorbed onto CNTs, and thus unavailable for 

sublimation, at higher CNT concentrations.  
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Figure 2.9. HRTEM images of (a) CNT2, (b) CNT2-PTA1.5, and (c) CNT2-PTA2.4. 

Images revealed similar morphology to those observed via SEM and TEM images. Due to 

the small size of CNTs used in the composite materials (<8 nm OD, 0.5-2.0µm length) 

relative to the nanofiber diameters (hundreds of nm), CNTs are generally only visible via 

HRTEM when present as aggregated bundles. The images shown for each composite 

illustrate nanofiber segments both with and without clearly visible CNTs. We note the 

extreme macroporosity of the CNT2-PTA1.5 material is also clearly visible in (b). 

(a) CNT2

(b) CNT2-PTA1.5

(c) CNT2-PTA2.4
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Figure 2.10. SEM images for PTA-containing CNFs (a,b) and PTA-containing CNF-CNT 

composites (c,d). Images are shown for (a) PTA1.5, (b) PTA2.4, (c) CNT2-PTA1.5 and (d) 

CNT2-PTA2.4. In all images, macropores are indicated by red arrows. In line with TPTA-

derived macroporosity (see Figure 2.1 above), we found that increasing PTA concentration 

yielded a higher degree of macroporosity in PTA-only materials, albeit to a less extent. 

However, this trend was reversed in PTA-containing CNF-CNT composites, suggesting an 

influence of CNT and PTA interactions on macropore evolution. As evidence in support of 

such interactions, we measured ~50 g/mg of PTA uptake on CNTs in electrospinning 

solutions (in experiments examining changes in PTA UV/vis absorbance over time when 

in contact with CNTs in DMF). 

(a) PTA1.5

(c) CNT2-PTA1.5

(b) PTA2.4

(d) CNT2-PTA2.4
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Figure 2.11. XPS core level (a) C1s, (b) O1s, and (c) N1s scans for carbonized CNF, CNT2, 

CNT2-PTA2.4, and CNT2-PTA1.5 mats that were stabilized at 280°C. XPS core level (d) 

C1s, (e) O1s, and (f) N1s scans for CNT2 mats stabilized at 250°C and 280°C, both post-

stabilization and post-carbonization. During thermal stabilization of CNT2 samples in air, 

the N1s peak at 399.2 eV was consistent with partial conversion of nitrile (C≡N) groups to 

imine (C=N) and nitroso (N=O) bonds, due to cyclization of PAN to produce a ladder 

structure.273,301 While trends in C and N content were comparable across stabilization 

temperatures (250 and 280˚C), XPS suggested the introduction of more surface oxygen 

groups (e.g., hydroxyl, carbonyl, nitroso from the O1s region) at higher stabilization 

temperatures (6.6% O at 250˚C vs. 9.9% O at 280˚C).273 After carbonization, the C1s peak 

was centered at 285 eV (C-C bonds), indicative of PAN conversion to carbon, while the 

N1s region indicated the presence of primarily nitrile (398.6 eV) and nitroso (401.5 eV) 

functionalities. However, both the N and O contents of the carbonized CNT2 mats were 

comparable, regardless of stabilization temperature (2% O and 3% N). Relatively modest 

differences were observed in surface N and O concentrations of CNF, CNT2, CNT2-

PTA2.4, and CNT2-PTA1.5 mats stabilized at the same temperature. The surface oxygen 

concentration of CNT2-PTA2.4 was slightly higher than other materials (2.7% O vs. 2% 

O), while surface nitrogen content of CNT2-PTA1.5 was approximately half that of the 

other materials (1.5% N vs. 3% N).    
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Figure 2.12. Qualitative assessments of nanofiber mat strength were made by examining 

their durability during and after basic handling procedures (e.g., gently folding the mats). 

Digital images from these assessments are shown for (a) CNF, (b) CNT2, (c) CNT2-

PTA2.4, and (d) CNT2-PTA1.5 nanofiber mats.  CNF readily broke into pieces owing to 

its extremely brittle nature. The tear in the CNT2-PTA1.5 resulted from folding of the 

material. 

(a) (c)

(d)(b)
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Figure 2.13. Change in (a) ATZ and (b) SMX concentration over time during sorption 

kinetic experiments with different nanofibers: CNF (black), PTA1.5 (grey), CNT2 (green), 

CNT2-PTA2.4 (red), and CNT2-PTA1.5 (blue). Conditions: 0.5 g/L sorbent loading, 50 

µM initial concentration (~11 mg/L ATZ; ~12.5 mg/L SMX), 5 mM phosphate buffer at 

pH 7. 
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Figure 2.14. Although a higher degree of oxygenation during thermal stabilization has 

been shown to improve nanofiber ability to withstand high temperature pyrolysis,301 

significant differences in material characteristics (e.g., flexibility, ease of handling) were 

not observed between mats fabricated at the two stabilization temperatures used herein. 

Sorption isotherms for ATZ and SMX with CNT2 materials stabilized at either 250°C 

(blue) or 280°C (green) are shown here. Results consistently showed that a higher 

stabilization temperature produced higher capacity sorbents, a trend we believe is 

generalizable across the different composites considered. Thus, stabilization at 280°C was 

used in all other syntheses. Experimental conditions: 0.4 g/L sorbent mass loading, 5 mM 

phosphate buffer, pH 7. 
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Figure 2.15. Sorption isotherms for uptake of ATZ and SMX showing (a) influence of 

CNT concentration (CNT0.8 vs. CNT2) and (b) PTA concentration (CNT2-PTA1.5 vs. 

CNT2-PTA2.4) on uptake. Isotherms are presented on a log-log scale, assuming sorption 

is best described by the Freundlich model. Dashed lines represent linear fits to log-log data 

and are presented only to guide the eye.  Conditions: 0.4 g/L sorbent loading, 5 mM 

phosphate buffer at pH 7. 
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Figure 2.16. Data from at least triplicate sorption isotherms for (a) ATZ and (b) SMX with 

CNT2-PTA2.4 materials. Collectively, data is shown from composites fabricated and 

sorption experiments conducted over the course of a year so as to demonstrate the 

reproducibility of our methods from material fabrication to application. Linear fits to 

Freundlich model [Csorbed = Kf(Caqueous)
1/n] shown for compiled data, with values for 

Freundlich parameters based on fits for individual isotherms. Experimental conditions: 0.4 

g/L sorbent mass loading, 5 mM phosphate buffer, pH 7. 
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Figure 2.17. Comparison of sorption isotherms for ATZ and SMX obtained with the 

optimal composite formulation CNT2-PTA2.4 (considering strength and reactivity) to 

CNT0.8-PTA2.4 and CNT2-PTA1.5, alternative formulations found to be weaker during 

material testing. Notably, CNT0.8-PTA2.4 and CNT2-PTA1.5 showed approximately 

equivalent capacity for ATZ and SMX (i.e., sorbent performance was independent of 

sorbate hydrophobicity). Trends in ATZ and SMX uptake for these materials illustrate that 

increasing CNTs and macroporosity promote sorption.  However, too much macroporosity 

ultimately yields weaker nanofibers that are more prone to fracture. Thus, in design of these 

composites, there exists an optimal macroposity (i.e., PTA loading), a value that increases 

surface area and access to embedded CNTs while not compromising composite strength. 

Experimental conditions: 0.4 g/L sorbent mass loading, 5 mM phosphate buffer, pH 7. 
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Figure 2.18. Sorption isotherms for ATZ and SMX with CNT0.8, CNT2, CNT2-PTA2.4, 

and CNT2-PTA1.5 when sorbed concentrations are normalized to measured N2-BET 

surface area.  Generally, the relative performance of all sorbent materials except CNT2-

PTA1.5 can be rationalized by the materials’ relative differences in reactive surface area. 

Accordingly, normalization to surface area shows similar sorption behavior for CNT0.8, 

CNT2 and CNT2-PTA2.4.  For CNT2-PTA1.5, the greater uptake of ATZ and SMX, even 

after accounting for available surface area, suggests there may be uniquely reactive surface 

sites on these materials that promote micropollutant uptake. Experimental conditions: 0.4 

g/L sorbent mass loading, 5 mM phosphate buffer, pH 7. 
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Figure 2.19. Performance comparison for CNT2-PTA1.5 (the highest capacity nanofiber 

material) relative to GAC and CNTs, including sorption (a) kinetics and (b) isotherm 

experiments. Although CNT2-PTA1.5 exhibited faster kinetics and comparable sorption 

capacities relative to GAC, material strength considerations (i.e., weak, falls apart upon 

handling) prevent practical application of the material. Experimental conditions: kinetics - 

0.5 g/L sorbent mass loading, 5 mM phosphate buffer, pH 7, 70 M initial concentration; 

isotherms – 0.4 g/L sorbent mass loading, 5 mM phosphate buffer, pH 7. 
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Figure 2.20. Performance comparison of optimized CNT2-PTA2.4 with GAC and 

dispersed CNTs. (a) Sorption isotherms for ATZ and SMX at pH 7 are presented on a log-

log scale and shown after normalization of sorbed concentrations to measured BET surface 

area (CNT2-PTA2.4: 290 m2/g; GAC: 675 m2/g; CNT: 420 m2/g). (b) Rate of ATZ and 

SMX uptake at pH 7 shown as dissolved concentration change over time; initial 

concentration 50 µM (~11 mg/L ATZ, ~12.5 mg/L SMX). (c) pH edge for SMX sorption 

after normalization of sorbed concentrations to BET surface area; initial concentration 50 

µM (~15 mg/L ATZ, ~18 mg/L SMX). Conditions: 0.4 – 0.5 g/L nanofiber or GAC mass 

loading, 0.06 – 0.08 g/L CNT mass loading, 5 mM phosphate buffer. 
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Figure 2.21. Mass-normalized performance comparison for CNT2-PTA2.4 relative to 

GAC and CNTs, including (a) sorption isotherms for ATZ and SMX (pH 7) and (b) SMX 

sorption as a function of pH (i.e., pH-edge behavior at an initial SMX concentration of 70 

µM). Experimental conditions: 0.4 g/L sorbent mass loading, 5 mM phosphate buffer. 
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Figure 2.22. Breakthrough curves from flow-through experimental systems using a CNT2-

PTA2.4 filter. Breakthrough curves are shown for (a) single-contaminant treatment 

systems, where influent contained either ATZ or SMX at 20 or 100 ppb and used filter 

masses of 5 or 14 mg (corresponding to 0.5 or 1.5 mg/cm2) as indicated; and (b) a multi-

contaminant treatment system, where influent contained each target compound at 5 µg/L 

and used a filter mass of 14 mg (1.5 mg/cm2).  In both cases, the filter had an active area 

of 9.6 cm2 and was supported by a 1.2 µm glass fiber filter. This set-up produced a flux 

~1000 LMH during gravity-flow, and data were collected in deionized water at ~pH 5.5 to 

facilitate LC/MS analysis without interference from buffer ions. Dashed gray lines indicate 

breakthrough condition (i.e., when effluent concentration equals influent concentration). 
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Figure 2.23. Breakthrough curves from multi-contaminant (5 µg/L each) flow-through 

experiments in a matrix more representative of natural waters (1 mM carbonate buffer, pH 

7). Performance trends echo those observed in the deionized water systems, albeit with 

breakthrough consistently occurring at smaller volumes of treated influent (consistent with 

competition for sorption sites from dissolved carbonate species). Experimental conditions: 

47-mm (9.6 cm2 active area), 14 mg CNT2-PTA2.4 filter supported by 47-mm 1.2 µm 

glass fiber filter; flux ~1000 LMH; gravity-fed. 
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Figure 2.24. SMX (pKa 9.28) and metoprolol (pKa 9.09) sorption on CNT2-PTA2.4 as a 

function of pH. Removal of each compound decreases with the increasing fraction of 

anionic species (e.g., SMX at higher pH) or cationic species (e.g., metoprolol at lower pH). 

Experimental conditions: 0.4 g/L sorbent mass loading, 5 mM phosphate buffer, 70 µM 

initial concentration. 

pH

0

5

10

15

20

25

30

35

6 7        8 9

C
s

o
rb

(m
g

/g
)



 

102 

 

Figure 2.25. Single-point sorption uptake results for removal of the 10-compound suite of 

micropollutants on dispersed CNTs. Results roughly match the trends for pollutant 

breakthrough observed in the multi-contaminant flow-through systems (see Figures 2.22 

and 2.23). Group designations (I-IV) indicate relative removal classes in multi-

contaminant flow-through system, as discussed in the main text and described as follows: 

Group I – Compounds essentially unretained; Group II – Compounds for which moderate 

removal was observed; Group III – Compounds for which good removal was observed 

(sulfa drugs); Group IV – Compounds for which >95% removal was observed 

(hydrophobic compounds). Experimental conditions: CNT mass loading 0.06 g/L, 50 M 

initial concentration, 5 mM phosphate buffer, pH 7. 
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Figure 2.26. Effect of dissolved carbonate species on sorption of SMX (squares) and ATZ 

(triangles) on CNT2-PTA2.4 (data in blue). Data (in green) from a phosphate buffered 

system are provided for comparison. Diminished sorption of both SMX and ATZ in the 

carbonate buffered system likely indicates an inhibitory role for dissolved carbonate via 

competition for available sorption sites. Experimental conditions: 0.4 g/L sorbent mass 

loading, 50 µM initial concentration, pH 7, either 5 mM phosphate buffer or 1 mM 

carbonate buffer. 
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CHAPTER 3: FUNCTIONALIZED POLYMER-IRON OXIDE HYBRID 

NANOFIBERS: ELECTROSPUN FILTRATION DEVICES FOR METAL 

OXYANION REMOVAL 

3.1 Abstract 

Via a single-pot electrospinning synthesis, we developed a functionalized 

polymer-metal oxide nanofiber filter for point of use (POU) water treatment of metal 

oxyanions (e.g., arsenate and chromate). Polyacrylonitrile (PAN) functionalization was 

accomplished by inclusion of surface-active, quaternary ammonium salts (QAS) 

[cetyltrimethylammonium bromide (CTAB) or tetrabutylammonium bromide (TBAB)] 

that provide strong base ion exchange sites. Embedded iron oxide [ferrihydrite (Fh)] 

nanoparticles were used for their established role as metal sorbents. We examined the 

influence of QAS and Fh loading on composite filter properties, including nanofiber 

morphology, BET surface area, surface chemical composition, and the accessibility of 

embedded Fh nanoparticles to solution. Composite performance was evaluated using 

kinetic, isotherm, and pH-edge sorption experiments with arsenate and chromate, with 

performance benchmarked to unmodified PAN nanofibers and freely dispersed Fh 

nanoparticles. We also assessed the long-term stability of QAS in the composite matrix. 

For composites containing either QAS or Fh nanoparticles, increases in inclusion loading 

yielded improvements in metal oxyanion uptake capacity. The optimized composite 

(PAN 7 wt%, Fh 3 wt%, TBAB 1 wt%) exhibited two distinct sites for simultaneous, 

non-competitive metal binding (i.e., well-retained QAS sites for chromate removal via 

ion exchange and iron oxide sites for arsenate removal via sorption). Further, surface-

segregating QAS enriched Fh abundance at the nanofiber surface, allowing immobilized 
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nanoparticles to exhibit reactivity comparable to that of unsupported nanoparticles. To 

simulate POU application, the optimized composite was tested in a dead-end, flow-

through filtration system for arsenate and chromate removal at environmentally relevant 

concentrations (e.g., µg/L) in both idealized and simulated tap water matrices. 

Performance trends indicate that dual mechanisms for uptake are maintained in 

kinetically limited regimes. Although chromate removal via ion exchange is more 

susceptible to interfering counter-ions, arsenate removal in simulated tap water indicates 

that ~130 g of the composite could produce an individual’s annual supply of drinking 

water (assuming an influent contaminated with 100 µg As/L). 

 

3.2 Introduction 

Despite regulation of finished supplies,15,302 a significant number of consumers 

still rely upon drinking water contaminated with the metal oxyanions arsenate and 

chromate,3,303,304 which pose significant health concerns.7,15,16,305,306 For example, private 

groundwater wells may contain significant levels of arsenic,3 while chromate may occur 

in tap water via leaching or corrosion of distribution system infrastructure, such as cast 

iron or stainless steel piping.7 Decentralized point-of-use (POU) treatment technologies 

hold great promise for minimizing exposure risks and protecting affected consumers, 

although reverse osmosis and anion exchange are currently the only EPA-approved POU 

technologies for small system arsenic and chromium compliance.307  

Granular iron oxide sorbents hold promise for oxyanion removal because of their 

long-term performance and cost-effectiveness,308 as well as commercial availability (e.g., 

Evoqua granular ferric hydroxide, GFH®). However, granular materials require relatively 
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large physical footprints for packed bed application, may disintegrate during repeated 

use,105 and possess high internal surface area (i.e., removal is diffusion limited).45,46 

Alternatively, nanoscale iron oxides, such as hydrous ferric oxides (HFOs), can remove a 

range of heavy metals (arsenate, chromate, copper, lead),130,131 and possess high external 

surface areas that help to address concerns over mass transfer limitations and large 

technology footprints. Nanoscale iron oxides pose other challenges, as their use in packed 

beds is limited by excessive pressure drops and concerns over material release into the 

treated supply.105,182 

To improve the practical viability of nanoscale iron oxides, recent efforts have 

focused on their immobilization on or within porous support 

media.130,134,175,176,178,182,256,309–311 For example, hybrid HFO-anion exchange (HAIX) 

materials (e.g., commercial Purolite ArsenXnp)177 are especially promising, due to the 

potential for dual mechanisms of uptake when treating pollutant mixtures190 (e.g., 

concurrent removal of arsenate via sorption to HFO and simultaneous removal of other 

targets such as perchlorate via ion exchange, as demonstrated by Lin and SenGupta).179 

In such hybrid materials, HFO sites within the pores of spherical ion exchange resin 

beads can still suffer from mass transfer limitations.134,175 Accordingly, this has motivated 

HFO immobilization on fibrous, high (external) surface area ion-exchange polymers 

(e.g., registered trademark FIBAN®),184–186 which may help to minimize such limitations 

during drinking water treatment for arsenic.179,184 

 Building upon existing hybrid technologies, we demonstrate the facile 

development and synergistic performance of electrospun polymer-iron oxide nanofiber 

composites for metal oxyanion removal. Fibers in existing composites typically exhibit 



 

107 

diameters on the order of ~30-50µm,184–186 and fabrication of the fibrous ion exchange 

polymers185 and their hybrid iron oxide composites178 requires significant material 

processing. In contrast, electrospinning is a highly scalable193 route for the “one-pot 

synthesis” of tunable nanofiber composites (diameter 50-500 nm) via changes to 

precursor solution composition (e.g., polymer concentration) and electrospinning 

parameters (e.g., applied voltage, needle size).278 The final nonwoven nanocomposite is a 

mechanically stable, stand-alone, high-flux platform ideal for POU deployment.58  

In fact, the ease of fabrication afforded by electrospinning is ideal for composite 

synthesis, as composite building blocks only need to be integrated into polymer precursor 

solutions. For example, some amphiphilic molecules (i.e., surfactants) can surface-

segregate within electrospun polymer matrices,264 a phenomenon primarily exploited for 

development of antimicrobial materials.264,312,313 Notably, the head groups of common 

cationic surfactants used in this regard, quaternary ammonium groups, are identical to 

those in strong base ion exchange resins for oxyanion (e.g., arsenate and chromate) 

removal.263 Beyond introducing exchange sites for oxyanions, the quaternary ammonium 

groups may have additional benefits to hybrid performance. For example, cationic QAS 

sites may enhance uptake of anionic targets on adjacent iron oxide surfaces within 

composites. Further, interactions between cationic surfactants and iron oxide 

nanoparticles in electrospinning precursor solutions may improve dispersion of nanoscale 

iron oxides in nanofibers,314,315 thereby increasing their available reactive surface area in 

electrospun composites.  

Thus, our goal herein was to develop, via single-pot electrospinning synthesis, a 

functionalized polymer-iron oxide hybrid nanofiber filter for targeting the pervasive 
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metal oxyanions arsenate and chromate. The active binding agents in this hybrid material 

are surface-active quaternary ammonium moieties and ferrihydrite (Fh) nanoparticles. 

Specifically, we evaluated the inclusion of two quaternary ammonium salts (QAS), the 

surfactants cetyltrimethylammonium bromide (CTAB) and tetrabutylammonium bromide 

(TBAB), in polyacrylonitrile (PAN) nanofibers, as well as possible synergies arising 

from the inclusion of both QAS and Fh nanoparticles. CTAB and TBAB were chosen for 

their different hydrophobic tail structures, which should influence their retention in the 

PAN matrix, while Fh nanoparticles were selected based on their small size (~4 nm) and 

corresponding high specific surface area. We examined the influence of QAS and Fh 

concentration on composite properties, including nanofiber morphology, surface 

chemical composition, and solution phase accessibility of the embedded Fh nanoparticles. 

Then, we evaluated batch uptake rates and sorption capacities of the composites for 

arsenate and chromate removal, with comparisons to dispersed Fh nanoparticles and 

unmodified PAN nanofibers. Practical demonstrations included evaluation of QAS 

retention, and performance testing for treatment of mixed influents at environmentally 

relevant oxyanion concentrations (e.g., µg/L) in a flow-through system representative of 

POU treatment. 

 

3.3 Materials and Methods 

3.3.1 Reagents 

All reagents were used as received. Electrospinning precursor solutions were 

prepared with polyacrylonitrile (PAN; MW 150,000, Aldrich), N,N-dimethylformamide 

(DMF; 99.85%, BDH Chemicals), cetyltrimethylammonium bromide (CTAB; ≥98%, 



 

109 

Aldrich), tetrabutylammonium bromide (TBAB; ≥98%, Aldrich). Ferrihydrite 

nanoparticles (Fh; 4 nm, 6-line; prepared according to Anschutz et al.59) were prepared 

with iron (III) nitrate nonahydrate (Fe(NO3)39H2O, ≥ 98%, Aldrich) and sodium 

bicarbonate (NaHCO3, ≥ 99.7%, Aldrich). Stock solutions of potassium chromate 

(K2CrO4; ≥99%, Aldrich) and sodium arsenate dibasic heptahydrate (Na2HAsO4-7H2O; 

≥99%, Aldrich) were prepared in deionized water (Thermo Scientific Barnstead 

NANOPure Diamond). Batch experiments were conducted in 10 mM HEPES buffer 

(≥99%, Aldrich), 10 mM MES buffer (MES hydrate, ≥99.5%, Aldrich), or 10 mM 

AMPSO buffer (≥99%, Aldrich), prepared with deionized water and pH-adjusted as 

needed with 5 M NaOH. Reagents for colorimetric determination of chromium and iron 

were prepared with sulfuric acid (H2SO4; 95.0-98.0%, Aldrich), 1,5-diphenylcarbazide 

(ACS reagent, Aldrich), hydroxylamine hydrochloride (NH2OHHCl; 98%, Aldrich), 

1,10-phenanthroline (≥99%, Aldrich), ammonium acetate (≥98%, Aldrich), and glacial 

acetic acid (>99.7%, Aldrich). Iron standards were prepared with ammonium iron sulfate 

hexahydrate ((NH4)2Fe(SO4)26H2O; 99%, Aldrich). 

3.3.2 Ferrihydrite nanoparticle synthesis 

Fh nanoparticles were prepared according to the method for synthesis of 4 nm, 6-

line Fh outlined by Anschutz and Penn59 (see Figure 3.1 for characterization). To prepare 

Fh nanoparticles, 1 L of a 0.48 M NaHCO3 solution was added dropwise at a rate of 4.58 

mL/min to 1 L of a constantly-stirred, 0.40 M Fe(NO3)39H2O solution using a peristaltic 

pump (Masterflex L/S Precision Modular Drive 6-600 rpm; Cole-Parmer). The solution 

was divided into 250-mL Nalgene bottles, and was microwaved until boiling occurred in 

intervals of 40 s (with shaking between intervals to ensure even heating; boiling occurred 
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after 120 s). The solutions were immediately cooled in an ice bath to room temperature, 

and then were dialyzed (Spectra/Por® Standard RC Tubing, MWCO 3500) in deionized 

water for at least 3 days, with at least 9 changes of water.  

3.3.3  Electrospinning 

For polyacrylonitrile (PAN) mats containing a surfactant, PAN and a quaternary 

ammonium surfactant (either CTAB or TBAB) were dissolved in DMF at a concentration 

of 7 wt% PAN and 1-3 wt% surfactant by mixing at 60˚C for 2 h at 1.65 g (HLC 

Cooling-Thermomixer MKR 13, Ditabis). For Fh-embedded mats, Fh nanoparticles were 

first dispersed in DMF (at concentrations of up to 3 wt% relative to the total mass of the 

precursor solution) via ultrasonication for 5 h, after which PAN and the surfactant were 

added to the Fh-DMF suspension. Hereafter, the composite mats will be referred to as 

‘Fhx-CTABy’ or ‘Fhx-TBABz’, where x, y, and z denote the Fh, CTAB, and TBAB 

concentrations in the sol gel, respectively. The sol gels were allowed to return to room 

temperature prior to electrospinning for 8 h. The electrospinning apparatus was described 

previously (see Chapter 2). Electrospinning conditions specific to syntheses herein 

included a temperature and relative humidity of 28°C and 16%, respectively, a pumping 

rate of 0.3 mL/h (New Era Pump Systems, Inc.), and a positive 15 kV voltage. 

3.3.4 Nanofiber characterization 

The morphology of electrospun nanofiber mats was investigated using a field-

emission scanning electron microscope (SEM) (S4800, Hitachi) at an acceleration 

voltage of 1.5 kV. All samples were sputter-coated with a thin layer of gold/palladium 

(60:40 Au:Pd) prior to SEM imaging. Average fiber diameters were developed from 
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measurement of >100 nanofibers in ImageJ software. Ferrihydrite nanoparticles were 

analyzed via X-ray diffraction (XRD; Rigaku MiniFlex II, cobalt X-ray source). Samples 

were prepared for XRD by placing a compact layer of nanoparticles on a slide with a well 

depth of 0.2 mm, and samples were analyzed from 10° to 80° with an interval of 0.02°. 

Ferrihydrite nanoparticle morphology was examined using high resolution transmission 

electron microscopy (HRTEM) (JEOL JEM 2100 F with Schottky FEG Emission-Zr/W). 

Samples were prepared via sonication in deionized water, and a droplet was allowed to 

dry on a grid prior to imaging (#01824 UC-A on holey 400 mesh Cu; Ted Pella, Inc.). 

Nanofiber composites were examined using transmission electron microscopy (TEM) 

(JEOL JEM-1230) at an operating voltage of 120 kV. Samples were prepared via 

embedding in EPONTM resin (Hexion) and sectioning at 80 nm on an ultramicrotome 

(Leica UC6). Sections were placed on a grid for imaging (#01814-F C-B 400 mesh Cu; 

Ted Pella, Inc). Surface area and pore volumes were determined by N2-BET analysis 

using a Quantachrome NOVA 4200e Analyzer. Nanoparticle samples and nanofiber 

materials were degassed at 90˚C and 35˚C, respectively, for 12 h prior to analysis. 

Surface composition was analyzed with a custom Kratos Axis Ultra X-ray photoelectron 

spectroscopy (XPS) system equipped with a monochromatic Al Kα X-ray source. XPS 

was used to collect full spectrum survey scans, as well as to examine C 1s and Fe 2p 

regions. An extensive description of this system can be found elsewhere.283,284 

To assess the relative availability of Fh in composites, the rate of soluble iron 

dissolution from Fh-containing nanofibers was measured in dilute sulfuric acid (0.1 M 

H2SO4; 0.125 g/L mat). Dissolution reactors were well-mixed on a rotator (Cole-Palmer 

Roto-Torque), and 1 mL samples were taken periodically over a 6 h period. This 
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procedure was used to operationally define “surface available iron” for Fh-containing 

composites. To determine “total available iron” in Fh-containing composites, mats were 

placed in well-mixed reactors containing concentrated sulfuric acid (5 M H2SO4; 0.125 

g/L mat) for 24 h. In both instances, dissolved iron concentration in acid digests was 

quantified via the phenanthroline colorimetric method.316 

3.3.5  Batch sorption experiments 

All batch experiments with nanofiber mats utilized a piece (~4 cm2 in dimension) 

of the nonwoven mat and were generally performed in 20-mL glass vials sealed with 

butyl rubber stoppers, at a fixed sorbent loading (0.5 g/L for nanofiber mats; 0.2 g/L for 

Fh nanoparticles). For reactors containing nanoparticles, 15 mL polypropylene centrifuge 

tubes with polypropylene screw caps were used in place of glass vials, for ease of sample 

processing. Reactors were well-mixed throughout the experiment. We note that 

composites containing surfactant were evaluated both as-fabricated and after extensive 

rinsing (3 solution exchanges with continuous mixing over 24 h), to evaluate whether the 

surfactant would be retained within the nanofiber matrix during use, and the influence of 

surfactant loss via leaching on performance. For controls, all metal concentrations were 

stable in reactors without any nanocomposite. 

Sorption isotherms were developed at pH 7 (buffered by 10 mM HEPES) for 

chromate and arsenate by varying initial concentration (2-150 mg/L As or Cr), with 

samples taken at 0 and 24 h. Data for isotherms were collected with at least two batches 

of nanofibers, from which metal uptake (via sorption or ion exchange) was quantified 

from the difference between the initial metal concentration in solution and the metal 

concentration in solution at equilibrium. The mass of sorbed metal was then normalized 
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to the mass of the dry, unrinsed sorbent, and these values were used to develop sorption 

isotherms that were modeled using IGOR Pro (WaveMetrics, Inc., Lake Oswego, OR, 

USA). Samples were analyzed via ICP-OES and/or colorimetric methods (see details 

below). We note that samples from these isotherm studies were also used to monitor for 

bromide release indicative of anion exchange (in the presence of up to 10 mg/L As or 

Cr), with analysis of bromide concentration via ion chromatography. 

Duplicate pH edge experiments and kinetic experiments were performed in 

reactors identical to those used for batch isotherm experiments. pH edge experiments 

used 10 mM buffer (MES for pH 5 and 6; HEPES for pH 7 and 8; AMPSO for pH 9) and 

20 mg/L Cr or As initial concentrations. Kinetic experiments (pH 7, 10 mM HEPES) 

monitored decreases in chromate and/or arsenate concentration over time for excess (20 

mg/L As and Cr) or environmentally relevant (500 µg/L Cr and 50 µg/L As) initial 

concentrations, and one reactor was prepared for each time point, to avoid concentration 

of the sorbent mass loading over time. 

3.3.6 Flow-through experiments 

Optimal composite nanofibers (i.e., those with highest capacity towards arsenate 

and chromate and maximum QAS retention in batch systems) were also evaluated in a 

dead-end, flow-through filtration system representative of point-of-use treatment 

applications. The filtration housing (TAMI Industries, France) had an outer diameter of 

47 mm and an active filtration area of 12.6 cm2 (40 mm diameter). Filters were typically 

~250 mg (~175 mg within the active area), and were supported on a 47 mm, 0.65 µm 

PVDF (DVPP4700; Durapore) disk filter. To achieve a flux of ~950 LMH, influent 

containing arsenate and/or chromate was continuously dosed to the nanofiber filter at a 
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rate of 20 mL/min by a peristaltic pump (Masterflex L/S Precision Modular Drive 6-600 

rpm; Cole-Parmer). Filters were pre-conditioned with 200 mL of deionized water. During 

the treatment run, the last 10 mL of each 100 mL aliquot that passed through the filter 

was collected for subsequent metals analysis. Influent levels of arsenate and chromate 

were representative of levels in water treatment (e.g., 100 µg/L As and/or 100 µg/L Cr), 

and the influent matrix was either idealized (e.g., deionized water, adjusted to pH 7) or 

made to represent simulated tap water (70 mg/L Cl-, 120 mg/L SO4
2-, and 100 mg/L 

HCO3
-; adjusted to pH 7.2).175 Filters were generally operated until complete 

breakthrough was observed (i.e., when effluent concentration equaled influent 

concentration), or until 8 L of effluent passed through the filter, whichever came first. 

3.3.7 Analytical methods 

Determination of Fe(III) used 1 mL sample, 30 µL 100 g/L hydroxylamine 

hydrochloride, 200 µL 1 g/L 1,10-phenanthroline, 200 µL ammonium acetate buffer; 40-

minute reaction time; and measurement at 510 nm on UV-vis spectrophotometer (Thermo 

Scientific Genesys 10S). Iron standards were made by dilutions of ferrous ammonium 

sulfate in 0.1 N H2SO4. 

Samples for ICP-OES were acidified to 2% HNO3 and passed through a 0.45 µm 

Nylon syringe filter prior to analysis on a Perkin Elmer Optima 7000 DC ICP-OES. 

Samples containing Fh nanoparticles were centrifuged at 8,000 g for 30 minutes prior to 

acidification, filtration, and analysis of the supernatant. The ICP-OES was calibrated with 

single-element arsenic and chromium standards (Inorganic Ventures, Inc.). A portion of 

chromate samples were quantified via the diphenylcarbazide colorimetric method,317 

which used 900 µL DI, 100 µL sample, 50 µL 5 N H2SO4, and 50 µL 5 g/L 1,5-
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diphenylcarbazide; 30 minute reaction time; and measurement at 540 nm on a UV-vis 

spectrophotometer. All colorimetric results were confirmed via ICP-OES analysis.  

Samples for bromide quantification were passed through a 0.45 µm Nylon syringe 

filter prior to analysis on a Thermo Scientific Dionex ICS-2100. The ICS-2100 was 

operated with a 23 mM KOH eluent at a flowrate of 1.00 mL/min and an AERS_4mm 

suppressor set to 124 mA, and calibrated with a DionexTM combined seven-anion 

standard (Thermo Scientific). 

 

3.4 Results and Discussion 

3.4.1 Material characterization 

3.4.1.1 Nanofiber morphology 

SEM images of PAN and PAN-QAS composites revealed smooth nanofiber 

surfaces (Figure 3.2), and the inclusion of either CTAB or TBAB had little to no 

influence on nanofiber diameter relative to unmodified PAN (Figure 3.3). The inclusion 

of surfactants and/or salts at low concentrations is often used to improve electrospinning 

precursor conductivity, prevent bead formation, and decrease average nanofiber 

diameter.262,318,319 However, an increase in sol gel viscosity due to the relatively high 

surfactant loading relative to PAN concentration (e.g., ~15-40% wt/wt) likely offset the 

influence of increased sol gel conductivity, an effect that has been previously observed.320  

Materials containing Fh nanoparticles (with or without surfactant) had a uniform 

reddish-brown hue characteristic of iron oxides, suggesting a reasonably even distribution 

of Fh nanoparticles throughout the material (Figure 3.2). Nanofiber surfaces of Fh-
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composites appeared rough in SEM images, indicating the Fh nanoparticles were present 

as aggregates at or near the nanofiber surface (Figure 3.2). Notably, the Fh3 material 

(without surfactant) was challenging to fabricate due to clogging and spraying during 

electrospinning (only ~50% of attempts to fabricate this material were successful). 

However, materials containing both 3 wt% Fh and a surfactant posed no such fabrication 

challenges. Based on prior reports of the surfactant-assisted dispersion of nanomaterials 

in polymer matrices,321,322 we hypothesize that interactions between the surfactant and Fh 

nanoparticles (e.g., formation of surfactant mono- or bi-layers on the nanoparticle 

surfaces) improved Fh nanoparticle dispersion in the sol gel, thus minimizing clogging 

during fabrication. 

3.4.1.2 Surface segregation of iron oxide nanoparticles in nanofiber composites 

Fe dissolution rates during mat digestion in dilute acid suggest improved solution 

phase accessibility of Fh upon inclusion of CTAB and TBAB (Figure 3.4). Data are 

shown for Fh3-CTAB3, Fh3-TBAB1 and Fh3 composites, and are normalized to the total 

mass of iron in the materials (based on sol gel composition and iron content of Fh 

(assuming a chemical formula of Fe5HO84H2O 59; see Table 3.1). Over the first hour of 

mixing, Fh3-CTAB3 and Fh3-TBAB1 composites exhibited initial iron dissolution rates 

2.5- and 4-fold greater than that of Fh3, respectively. Further, after 24 h in 5 M H2SO4, 

Fh3 materials retained their characteristic reddish tint, indicating that some embedded Fh 

nanoparticles had practically no solution-phase access (Figure 3.5). In contrast, after 24 h 

in strong acid, both the Fh3-CTAB3 and Fh3-TBAB1 composites were white (the color 

of PAN), implying near-complete Fh dissolution from PAN-QAS-Fh composites. 

Further, XPS was used to examine the surface chemical composition of nanofiber 
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composites, and the possibility of surfactant-assisted enrichment of Fh at the nanofiber 

surface. Although the relative concentration of surface Fe was often too small to provide 

a quantitative comparison (Figure 3.6a-c), XPS scans of the Fe 2p region suggest a 

greater concentration of surface Fe for composites containing surface-segregating 

surfactants (i.e., Fh3-CTAB3 or Fh3-TBAB1) relative to materials without surfactants 

(i.e., Fh3; Figure 3.6d).  

Collectively, observations of increased surface Fe concentrations from XPS and 

enhanced rates of Fe dissolution are consistent with surface enrichment, and thus 

improved solution phase accessibility, of Fh nanoparticles in composites that included 

cationic surfactants. Given that the inclusion of surfactant did not increase the N2 BET 

surface area of the composite (19 m2/g for PAN vs. 19 m2/g for Fh3 vs. 16 mg2/g for Fh3-

TBAB1), the improvement in Fh availability is not attributed to differences in composite 

reactive surface areas (e.g., smaller nanofibers and a higher surface area could enhance 

solution-phase accessibility of embedded nanoparticles). Further, there is no apparent 

difference in cross-sectional TEM images of individual nanofibers from the composites 

with and without surfactant, both of which primarily reveal that Fh remains heavily 

aggregated within the polymer matrix (Figure 3.7).  

We propose that the surface enrichment of Fe in composites arises from a 

surfactant-assisted surface segregation phenomenon. During polymer electrospinning, 

some QAS surfactants are known to be surface segregating; they preferentially locate at 

the nanofiber surface to minimize the free energy of interactions between their 

hydrophobic tail and the hydrophilic polymer matrix.323 Although the mechanism is not 

clearly understood, we hypothesize that interactions between Fh nanoparticles and 
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surface segregating QAS result in co-location of the iron oxides at the nanofiber surface. 

This effect should be beneficial to composite applications intending to use the Fh surface 

sites (e.g., metal sorption, herein). 

3.4.2 Batch removal capacities 

Isotherms for the majority of sorbent materials were best described via the 

Langmuir adsorption model [Csorbed = qmaxKLCaq/(1 + KLCaq)], where qmax is the 

maximum sorption capacity at equilibrium, and KL  is the Langmuir adsorption constant, 

although isotherms for select materials were better described by the Freundlich 

adsorption isotherm [Csorbed = Kf(Caq)
1/n], where Kf  and n are the Freundlich isotherm 

parameter and the degree of linearity, respectively. We note that although the Langmuir 

model assumes complete reversibility, we observed near-complete irreversibility of 

uptake on composite sorbents. Thus, Langmuir model fit parameters presented herein 

describe a “Langmuir-type” dependence on equilibrium dissolved metal concentrations. 

Results of all model fits are compiled in Tables 3.2-3.4. 

3.4.2.1 Fh nanoparticles and PAN-Fh composites 

The performance of unsupported Fh nanoparticles and of binary PAN composites 

containing Fh nanoparticles (2 or 3 wt%) were evaluated for removal of chromate and 

arsenate (Figure 3.8). Isotherms are shown normalized to the mass of the nanofiber mat 

in Figure 3.8a and b, whereas isotherms for Fh3 composites are normalized to the total 

Fh nanoparticle content in the mass (as g of Fh, based on the mass of Fh added to the 

electrospinning precursor) and compared to freely dispersed nanoparticles in Figure 3.8c 

and d. 
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Generally, oxyanion uptake increased with Fh concentration. For example, the 

Fh3 composite, although challenging to fabricate due to clogging during electrospinning, 

exhibited higher capacity for both arsenate and chromate relative to the Fh2 material 

(Figure 3.8a and b). When normalized to the total mass of Fh in the mat, the Fh3 

composite exhibited uptake capacities of 24.1 ± 0.9 mg As/g Fh and 16.9 ± 0.9 mg Cr/g 

Fh. Notably, this removal approaches that measured for freely dispersed nanoparticles, 

which exhibited capacities of 31.3 ± 1.2 mg As/g Fh and 19.1 ± 1.8 mg Cr/g Fh (Figure 

3.8c and d). Thus, despite embedding the nanoparticles within a polymer support 

network, composites with relatively high Fh mass loading are nearly as effective of a 

sorbent for metal oxyanions as a nanoparticle dispersion. Certainly, the process of Fh 

immobilization within the polymer nanofiber must consume available Fh surface area, 

but this loss must be comparable to the loss in reactive surface area on Fh as a result of 

nanoparticle aggregation in aqueous suspensions. 

3.4.2.2 PAN-QAS composites 

Both unmodified PAN and binary PAN-QAS composites containing CTAB or 

TBAB were evaluated for chromate and arsenate removal. Unmodified PAN exhibited no 

uptake of either arsenate or chromate, and arsenate capacity of PAN-QAS composites 

was limited (<1 mg/g). Thus, the effects of QAS inclusion on material performance were 

best evaluated in terms of chromate capacity (Figure 3.9). Data in Figure 3.9 are shown 

for both unrinsed (open symbols, dashed lines) and rinsed (filled symbols, solid lines) 

materials, to evaluate QAS retention within the polymer matrix. To confirm an ion 

exchange mechanism for chromate uptake, we examined bromide release from rinsed 

TBAB1 mats used as chromate sorbents or as chromate-free controls under identical 
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mixing conditions. Negligible bromide release was observed for the control, while 

bromide release was observed concurrent with chromate uptake (at a molar ratio of ~1:2 

relative to chromate removal) (Figure 3.10). 

Several trends in uptake by unrinsed materials were notable. First, CTAB1 and all 

TBAB composites follow the Langmuir adsorption isotherm model. In contrast, 

composites containing 2 or 3 wt% CTAB exhibited distinct uptake behavior best 

described by the Freundlich isotherm model, despite providing the same type of ion 

exchange site for uptake. We propose that when present at such high concentrations, the 

charged heads of the CTAB molecules may reside at a variety of distances from the 

nanofiber surface (e.g., the hydrocarbon tails are embedded within the nanofiber at a 

range of extents), yielding uptake behavior that appears multi-site.  

Second, we observed increasing chromate uptake upon increasing QAS loading 

from the low to intermediate concentrations used in this study (e.g., CTAB2 or TBAB1.8, 

which are equivalent on the basis of quaternary ammonium molar charge density, vs. 

CTAB1 or TBAB1). Assuming the QAS surface segregates within the polymer matrix 

during electrospinning, higher surfactant concentrations in the electrospinning precursor 

should yield higher concentrations of quaternary ammonium sites at the nanofiber 

surface. Thus, improvements in uptake are most likely promoted by an increase in surface 

sites available for ion exchange.  

However, increases in surfactant loading above the intermediate concentrations 

did not yield further improvements in chromate uptake. For example, CTAB3 

performance was comparable to that of CTAB2, and the capacity of TBAB3 was 

intermediate to that of TBAB1 and TBAB1.8. The CTAB concentration in all CTAB-
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containing sol gels exceeded the critical micelle concentration (CMC) for pure DMF (9 

mM at 25°C) 324. In the distinct (and more complex) DMF-PAN mixture, the limited 

further improvement in availability of quaternary ammonium head groups at the 

nanofiber surfaces at CTAB loadings >2 wt% is likely indicative of reaching the 

concentration at which micelle/hemimicelle formation occurs 264. While TBAB is not 

expected to form micelles due to its four tail structure 325, the change in behavior at 

higher TBAB loadings is likely also due to surfactant–polymer solution interactions. 

Disambiguation of these interactions requires a detailed, mechanistic study that is beyond 

the scope of the current work. 

An extensive rinsing procedure, employed to simulate exposure to continuous 

flow during application, reduced binding capacity of the composites. After rinsing, the 

CTAB1 composite lost ~30% of its initial capacity, and uptake by rinsed CTAB2 and 

CTAB3 composites now followed the Langmuir model, with capacities comparable to 

that of CTAB1. These losses are attributed to poor retention of CTAB molecules that are 

minimally embedded/entangled in the polymer matrix. This has practical implications for 

nanofiber application, as it indicated release of loosely bound QAS (and thus binding 

sites) over time. 

In the case of PAN-TBAB composites containing 1.8 and 3 wt% TBAB, each lost 

>40% of their initial capacity after rinsing. Performance of the TBAB1 material was 

distinct, exhibiting only ~10% loss in capacity after extensive rinsing (13.4 ± 0.2 mg Cr/g 

unrinsed vs. 11.8 ± 0.6 mg Cr/g rinsed). The observation of negligible bromide release in 

aforementioned chromate-free controls further supports retention of TBAB in the matrix 

after rinsing. The improved retention of TBAB may be due to entanglement of the four 
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butyl tails with the polymer (rather than with neighboring TBAB molecules, given the 

loss of TBAB at higher inclusion concentrations, where more interactions with 

neighboring TBAB molecules would be anticipated), suggesting an operational 

“capacity” of PAN for retention of TBAB molecules (~15 % wt/wt). 

3.4.2.3 PAN-QAS-Fh composites 

Initial performance evaluations of ternary PAN-QAS-Fh composites containing 

Fh and CTAB at equivalent loadings (e.g., Fh3-CTAB3) indicated that performance was 

predicted by their binary analogs (e.g., Fh3 and CTAB3), where chromate uptake 

followed the material’s CTAB loading and arsenate uptake scaled with their Fh loading 

(Figure 3.11). Specifically, uptake of chromate by Fh3-CTAB3 was comparable to that 

of CTAB3 (Table 3.3). Specifically, uptake of chromate by Fh3-CTAB3 was comparable 

to that of CTAB3, and decreased after rinsing to a final Langmuir-model capacity of 5.7 

± 0.3 mg Cr/g, indicating that chromate is again primarily removed via ion exchange at 

loosely bound quaternary ammonium sites in these ternary materials (Figure 3.11a). The 

Fh3-CTAB3 composite exhibited greater arsenate uptake (qmax = 11.8 ± 0.4 mg As/g) 

than the Fh3 composite, which is attributed to the influence of positively charged 

quaternary ammonium groups, which make the embedded Fh surfaces more 

electrostatically favorable for arsenate uptake. However, loss of CTAB with extensive 

rinsing reduced the arsenate capacity to 8.4 ± 0.2 mg As/g, approximately on par with 

Fh3 (Figure 3.11b). 

Subsequent evaluation of ternary PAN-QAS-Fh composites focused on materials 

containing 1 wt% TBAB, based on the sustained performance of TBAB1 after washing. 

As with CTAB, performance of TBAB ternary composites for chromate and arsenate 
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uptake was predicted by the performance of its binary analogs (Figure 3.12). Chromate 

uptake on Fh3-TBAB1 composites was comparable to that of TBAB1, with capacity 

largely unaffected by rinsing (Figure 3.12a). In bromide release experiments identical to 

those performed with the TBAB1 material (see Figure 3.10), an equivalent degree of 

bromide release occurred concurrent with chromate uptake on Fh3-TBAB1, confirming 

uptake via ion exchange at QAS sites. Further, negligible bromide release in chromate-

free controls indicated that co-inclusion of Fh did not adversely affect TBAB retention.  

For arsenate removal, Fh3-TBAB1 exhibited a capacity of 9.3 ± 0.2 mg As/g 

(equivalent to 34.6 ± 0.7 mg As/g Fh), and no loss in capacity was observed after rinsing 

(Figure 3.12b). Thus, per mass of Fh, Fh3-TBAB1 not only outperformed the Fh3 

composite, but the arsenate uptake performance of embedded Fh was at least equal to that 

of unsupported Fh nanoparticles (Figure 3.12c). Importantly, negligible bromide release 

concurrent with arsenate removal implied that Fh nanoparticles are the primary sites in 

the composite for arsenate uptake, presumably via inner-sphere bidentate complexation, 

as proposed in the literature for Fh.326,327 Given the comparable specific surface areas of 

Fh3 and Fh3-TBAB1 materials, the improved arsenate removal by the ternary composite 

is primarily attributable to the positive influence of adjacent quaternary ammonium 

groups on the surface charge of Fh nanoparticles, analogous to the phenomenon observed 

for CTAB composites (see Figure 3.11). However, that surface enrichment of Fh in Fh3-

TBAB1, relative to the binary Fh3 material, may also contribute to the improved 

performance of the ternary composite (see Figure 3.6). 
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3.4.3 Practical performance demonstrations 

3.4.3.1 pH edge experiments 

The results of pH edge experiments further support the selective binding of 

chromate to quaternary ammonium sites and arsenate to Fh sites in ternary composites. 

Figure 3.13 shows pH-dependent uptake of chromate and arsenate on ternary Fh3-

TBAB1, with comparisons to uptake on TBAB1 and/or a suspension of Fh nanoparticles. 

As expected for oxyanion uptake on an iron oxide, sorbed chromate concentrations 

decreased with increasing pH in suspensions of freely dispersed Fh nanoparticles. 

Relative to TBAB- and Fh-containing composites, unsupported Fh nanoparticles 

exhibited much higher sorbed chromate concentrations at low pH values, but chromate 

uptake was essentially equivalent to that observed with composites at higher pH (pH > 7).  

These pH edge results match expectations for chromate uptake being governed 

primarily by electrostatic interactions. At higher pH (i.e., above pH 7 or 8, the typical 

zero point of charge (zpc) of Fh),328 the Fh nanoparticle surface becomes increasingly 

anionic, thus limiting uptake of negatively charged chromate ions. In contrast, the 

charged quaternary ammonium head on TBAB remains positively charged across the 

entire range of pH values investigated. Thus, the similar pH dependence of Fh3-TBAB1 

and TBAB1 further implicates the quaternary ammonium sites as being primarily 

responsible for chromate binding via a mechanism analogous to anion exchange. As the 

quaternary ammonium group is not affected by pH, the slight decrease in chromate 

uptake on Fh3-TBAB1 and TBAB1 composites at higher pH (relative to limited pH 

dependence below pH 7) can likely be attributed to the speciation of chromate. At pH 

values above the pKa2 value (i.e., pH > 6.5), CrO4
2- is the dominant species relative to 
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HCrO4
-, and it has been suggested that CrO4

2- utilizes two quaternary ammonium sites for 

uptake, rather than one, thereby limiting the total number of exchange sites available at 

higher pH.329  

For arsenate uptake, Fh3-TBAB1 and the freely dispersed Fh nanoparticles 

exhibited nearly identical pH dependent performance, with sorbed arsenate 

concentrations decreasing linearly with increasing pH as the Fh nanoparticle surface 

becomes more anionic. This is yet another piece of evidence that the embedded Fh 

nanoparticles are the primary sites for arsenate removal by the composite. The polymer 

composite slightly, but reproducibly, outperforms the Fh nanoparticles at pH 8 and 9. The 

positive charge of the adjacent quaternary ammonium groups likely makes the Fh 

surfaces more electrostatically favorable for arsenate uptake, particularly at pH values 

above the zpc. 

3.4.3.2 Influence of co-solutes on oxyanion uptake 

The potential for competitive inhibition between arsenate and chromate in dual-

target systems (i.e., simultaneous uptake) was examined. Time-dependent uptake 

experiments were conducted with Fh3-TBAB1 composite at both excess (e.g., 20 mg/L 

Cr and As) and environmentally relevant oxyanion concentrations (e.g., 5 times the MCL 

for each target, or 500 µg/L Cr and 50 µg/L As; Figure 3.14). At high concentrations, 

removal of chromate in the presence of arsenate was slightly inhibited, indicating that 

saturation of available Fh sites with arsenate may block accessibility of quaternary 

ammonium sites for chromate uptake (Figure 3.14a). However, this effect was not 

observed at lower concentrations, where arsenate and chromate were reduced below their 

respective MCLs (100 µg/L Cr, 10 µg/L As) within 1 h in both single- and multi-target 
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systems (Figure 3.14b). Thus, under conditions most representative of point-of-use 

application (i.e., low oxyanion concentration and relatively short contact times), the 

specific binding sites for arsenate and chromate work independently of one another, 

highlighting the potential of the composite as a multi-target filter.  

As a final practical consideration, batch studies with chromate were also 

performed in the presence of competitive ionic co-solutes (e.g., chloride, sulfate, 

bicarbonate) at relatively high concentrations (250 mg/L) to assess their impact on the ion 

exchange capacity of TBAB-based composites (Figures 3.15 and 3.16). These studies 

were conducted at 100 µg/L Cr, a relevant level for drinking water. Sulfate had a 

negligible effect on performance, while bicarbonate inhibited maximum uptake by ~25% 

for both composites. In contrast, chloride had a significantly stronger inhibitory effect on 

the TBAB1 composite (~60% loss in capacity) relative to the Fh3-TBAB1 material, for 

which its influence is largely negligible. Further, we note that the degree of inhibition for 

the Fh3-TBAB1 composite was time dependent, as no influence of counter-ion 

competition was observed during the first 20 minutes. Thus, while both chloride and 

bicarbonate inhibit chromate removal via ion exchange on TBAB1, the inclusion of the 

Fh nanoparticles in Fh3-TBAB1 seems to dampen this effect, although the nature of this 

phenomenon is not well understood. 

3.4.3.3 Generalizability of approach 

However, we believe observations herein regarding the benefits of ternary 

polymer-nanoparticle-surfactant composites are generalizable, based on experimental 

work with a commercial iron oxide nanoparticle (Figure 3.17). The inclusion of TBAB 

with commercial iron oxide nanoparticles again served to enhance solution phase 



 

127 

accessibility and surface concentration of iron oxide nanoparticles; to improve arsenate 

uptake capacity, relative to a composite containing only the nanoparticles; as well as to 

dampen the inhibitory effect of interfering counter-ions on chromate removal. Given the 

well-recognized practical challenges associated with application of unsupported 

nanoparticles in flow-through systems, these materials represent a substantial advance 

towards achieving the critical overlap of effective nanoparticle immobilization and 

effective utilization of nanoparticle reactivity that is necessary for viable nanoparticle 

deployment in POU drinking water treatment. 

3.4.3.4 Performance during simulated POU filtration application 

The performance of Fh3-TBAB1 (and its binary analogs) during simulated POU 

treatment was assessed in a dead-end flow-through system (Figure 3.18). Performance 

was first evaluated for the removal of a single target (e.g., 100 µg/L Cr or As) from an 

idealized influent matrix (e.g., deionized water adjusted to pH 7) in the absence of 

possible interfering co-solutes. Results are shown in Figure 3.18a, with benchmarks to 

the EPA MCLs for arsenic and chromium (10 ppb and 100 ppb, respectively). 

For Fh3-TBAB1 filters in these idealized systems, less than 10% breakthrough 

(i.e., effluent concentration below 10 ppb) was observed for the first 2.5 and 5.5 L of 

arsenate- and chromate-containing influent, respectively. For both chromate- and 

arsenate-containing influents, <50% breakthrough (i.e., effluent concentration <50 ppb) 

was observed for the entire 8 L of influent treated, after which only ~50% of the 

maximum capacity of the material (based on isotherm data presented above) was 

saturated. In comparison, the TBAB1 composite outperformed the Fh3-TBAB1 material 

for chromate removal in the idealized system, achieving <10% breakthrough for the 
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entire 8 L. Thus, in kinetically constrained (i.e., short contact time) systems, Fh 

nanoparticles in ternary composites may block access to a portion of the quaternary 

ammonium sites, thereby hindering performance. In contrast, considerably poorer 

performance was observed with the Fh3 material for As removal; 10% arsenate 

breakthrough occurred within 0.2 L and 50% breakthrough occurred after treatment of 

1.5 L of arsenate-containing influent. The disparity in performance is greater than might 

be anticipated from isotherms developed in equilibrium batch systems (see Figure 3.12), 

indicating that the influence of both favorable electrostatic interactions imparted by 

adjacent quaternary ammonium groups and the TBAB-assisted surface-enrichment of Fh 

nanoparticles is more significant in promoting As uptake under kinetically limited 

conditions. 

To evaluate the influence of competition between chromate and arsenate in a 

dynamic flow-through system, an identical experiment was performed for treatment of an 

influent containing both chromate and arsenate (100 µg Cr/L and 100 µg As/L) with Fh3-

TBAB1 filters. Results are shown in Figure 3.18b, and are nearly comparable to 

performance for removal of individual contaminants. Chromate breakthrough 

performance appeared unaffected by the presence of arsenate, while effluent arsenate 

concentrations >10 ppb were observed after ~1.5 L (approximately 1 L sooner than in the 

single-target system). This observation is notable, as it is opposite to what we observed in 

batch competition experiments (i.e., arsenate inhibited chromate in dual-target systems at 

high concentration; see Figure 3.14). We suspect that saturation of quaternary 

ammonium sites with chromate limited their ability to favorably influence the surface 
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charge of adjacent Fh nanoparticles, thus inhibiting arsenate removal in the kinetically 

constrained flow-through system.  

More representative of POU application, we also evaluated oxyanion removal in a 

matrix of simulated tap water (100 mg/L HCO3
-, 120 mg/L H2SO4

2-, and 70 mg/L Cl-; pH 

7.2) containing chromate or arsenate (100 µg/L Cr or As). Results are shown in Figure 

3.18c. Arsenate breakthrough above the MCL nearly resembled that observed in the 

idealized matrix experiment with simultaneous chromate removal (Figure 3.18b), 

although chloride, sulfate, and bicarbonate ions were present at several orders of 

magnitude higher concentration. These counter ions must also be able to offset the 

positive influence of adjacent quaternary ammonium sites on Fh surface sites for 

arsenate. Nevertheless, this relatively modest inhibitory effect at such high counter ion 

concentrations illustrates the promise of this composite for arsenate removal from 

drinking water. For example, this level of arsenate removal was achieved with ~175 mg 

of material, indicating that over 5.5 L of tap water containing 100 µg As/L could be 

treated to a level below the MCL with only 1 g of composite under these flow conditions 

(or, assuming an average individual drinks 2 L/day, ~130 g (~¼ lb) of material would be 

required to meet their annual drinking water treatment need). 

Significantly earlier chromate breakthrough was observed in the presence of 

interfering ionic co-solutes, which must significantly outcompete chromate for quaternary 

ammonium anion exchange sites over the short contact-time in the flow through system. 

Notably, in the presence of ionic co-solutes, the Fh3-TBAB1 filter outperformed the 

TBAB1 filter during treatment of the first 0.5 L of chromate-containing influent (Figure 

3.18c). Thus, as observed in batch studies, the inclusion of Fh in the composite serves to 
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dampen the inhibitory effect of ionic co-solutes on chromate removal. However, only 

~5% of the theoretical maximum capacity for chromate uptake was utilized over the 3 L 

of simulated tap water passed through the system, indicating the much stronger 

preference of quaternary ammonium sites for the non-target counter ions in the matrix. 

This is again in contrast to outcomes of batch studies, which indicated little to no 

inhibition of chromate uptake by non-target co-solutes over the first 20 minutes of 

contact time. This difference is likely attributable to higher material selectivity for the 

non-target ions at the extremely limited contact times available in flow-through. Indeed, 

after complete breakthrough of chromate was observed at ~2.5 L, chromate underwent 

partial chromatographic elution (i.e., effluent concentration became higher than influent 

concentration). This effect has been previously observed for AX resins which exhibit a 

higher selectivity for anions other than the target of interest, as the counter ions displace 

the previously bound chromate.175  

To improve composite performance for chromate removal in complex matrices, 

we evaluated the inclusion of an additional ~175 mg TBAB1 protective layer in the flow-

through system (Figure 3.18c). Notably, with the inclusion of a TBAB1 “pre-filter” 

ahead of the Fh3-TBAB1 filter, the dual-layer filter was able to better sustain chromate 

removal, with effluent concentrations <50 ppb for 1 L, and <100 ppb for the entire 8 L 

treated. We note that the chromate concentration in initial effluent volumes (<0.5 L) were 

not affected by inclusion of the additional pre-filter layer, perhaps suggesting that the 

most reactive (i.e., least kinetically limited) sites for chromate uptake are saturated by 

counter ions in both systems.  

 



 

131 

3.5 Conclusions 

As a mechanically stable, high capacity material, the functionalized polymer-iron 

oxide nanocomposite fabricated herein via electrospinning represents a significant 

practical advance in the deployment of nanomaterials for POU drinking water treatment. 

The polymer was functionalized with surface-active quaternary ammonium sites via 

inclusion of the surfactant TBAB. Excellent retention of TBAB within the polymer 

matrix was observed upon extensive rinsing of the optimized composite (TBAB1), 

indicating the stability of the composite material during application in a dynamic 

treatment system. The simple, “single-pot” synthesis method and the highly scalable, 

nanoscale ion exchange resin produced are advantageous relative to the material 

processing and/or diffusion limitations encountered with traditional, microporous ion 

exchange resins and microscale ion exchange fibers. 

Building on both our development of a nanoscale ion exchange material, and the 

work of others in developing supported iron oxide nanoparticle composites,130,184,190 a 

dual-site composite was fabricated with both surface-active quaternary ammonium sites 

for ion exchange and embedded Fh nanoparticles as sorbents. Relative to composites 

containing only the embedded Fh nanoparticles, the dual-site composite exhibited 

enhanced arsenate uptake due to both the positive influence of adjacent quaternary 

ammonium groups on the surface charge of Fh nanoparticles and the surfactant-driven 

surface segregation of Fh nanoparticles. Further, with inclusion of the surfactant, Fh 

nanoparticles embedded in the composite matrix exhibited capacities comparable to that 

of the unsupported (e.g., freely dispersed) nanoparticles. Notably, the benefits of 

surfactant inclusion were more pronounced in kinetically limited flow-through systems, 
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relative to observations in equilibrium batch systems, underscoring the importance of 

both favorable electrostatics and Fh nanoparticle accessibility at short contact times. 

We believe observations herein regarding the benefits of ternary polymer-

nanoparticle-surfactant composites are generalizable, based on experimental work with a 

commercial iron oxide nanoparticle. Given the well-recognized practical challenges 

associated with application of unsupported nanoparticles in flow-through systems, this is 

a substantial advance towards achieving the critical overlap of effective nanoparticle 

immobilization and effective utilization of nanoparticle reactivity that is necessary for 

viable nanoparticle deployment in POU drinking water treatment. Thus, future work 

should both further investigate interactions within components of such ternary systems to 

optimize materials, and explore the extension of this composite platform to other 

nanoparticle inclusions (e.g., alumina nanoparticles for fluoride removal, silver 

nanoparticles for antimicrobial applications).  

From a practical perspective, iron oxide sites and ion exchange sites in the 

composite material were selective for arsenate and chromate removal, respectively, in an 

idealized matrix. Additionally, composite performance for arsenate removal in simulated 

tap water holds the potential to provide a year’s supply of drinking water for an 

individual with only ~130 g of material (assuming an influent contaminated with 100 µg 

As/L). We note that chromate removal was more susceptible to interfering counter-ions, 

and initial efforts to regenerate filters after chromate sorption (using dilute base or 

concentrated salt solutions) achieved <50% recovery of sorbed chromate, such that these 

are currently best applied as single-use filters. However, composite application for ion 

exchange in a semi-batch/semi-continuous flow reactor or the assembly of multi-layer 
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filters tailored to a specific water source could minimize matrix interferences, so as to 

tailor treatment specifically to the quality of the source water. The data herein provide a 

valuable proof-of-concept and highlight the benefits of electrospinning, which represents 

an industrially viable platform for the fabrication of modular filter units that can be 

layered in a sequence best suited for optimal performance. 
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Table 3.1. Theoretical Fh and Fe content of nanocomposite materials. 

To calculate theoretical Fh content, the weight percent of Fh in the sol 

gel was recalculated without the inclusion of DMF (which evaporates 

during electrospinning). Theoretical iron content was determined by 

assuming a ferrihydrite composition of Fe5HO84H2O.59 

Material 
Theoretical Fh content  

(mg Fh / g mat) 

Theoretical Fe content 

(mg Fe / g mat) 

Fh2 224 130 

Fh2-CTAB2 181 105 

Fh3-CTAB3 232 135 

Fh3 297 173 

Fh3-TBAB1 268 156 
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Table 3.2. Langmuir model fits for chromate uptake on nanofiber 

composites and Fh nanoparticles. 

 

 

 

 

 

 

 

 

 

 

 

 

 

 Chromate (as Cr): Langmuir 

Material KL (L/mg) 
qmax 

(mg/g mat) 

qmax  

(mg/g np) 

Fh nanoparticles 1.1 ± 0.5 -- 19.1 ± 1.8 

Fh2 0.9 ±0.3 2.5 ± 0.2 11.1 ± 0.8 

Fh3 1.9 ± 1.0 5.0 ± 0.3 16.9 ± 0.9 

CTAB1 0.96 ± 0.2 10.9 ± 0.5 -- 

CTAB1, rinsed 0.39 ± 0.08 7.7 ± 0.5 -- 

CTAB2, rinsed 1.3 ± 0.3 8.9 ± 0.5 -- 

CTAB3, rinsed 1.4 ± 0.2 7.5 ± 0.1 -- 

TBAB1 6.5 ± 0.7 16 ± 0.2 -- 

TBAB1, rinsed 11 ± 5.1 11.8 ± 0.6 -- 

TBAB1.8 5.9 ± 1 23.8 ± 0.8 -- 

TBAB1.8, rinsed 14 ± 3.3 16 ± 0.4 -- 

TBAB3 1.1 ± 0.2 18.8 ± 0.7 -- 

TBAB3, rinsed 2.3 ± 0.6 14 ± 0.4 -- 

Fh3-CTAB3, rinsed 1.3 ± 0.4 5.7 ± 0.3 -- 

Fh3-TBAB1 1.7 ± 0.2 13.8 ± 0.2 -- 

Fh3-TBAB1, rinsed 4.0 ± 1.1 11.4 ± 0.4 -- 
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Table 3.3. Freundlich model fits for chromate 

uptake on nanofiber composites. 

 
 

Chromate (as Cr): 

Freundlich 

Material KF n 

CTAB2 10.5 ± 0.4 3.0 ± 0.2 

CTAB3 7.7 ± 0.5 2.2 ± 0.1 

Fh3-CTAB3 7.3 ± 0.8 2.3 ± 0.2 
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Table 3.4. Langmuir model fits for arsenate uptake on nanofiber 

composites and Fh nanoparticles. 

 

 

 

 

 

 

 

 Arsenate (as As): Langmuir 

Material KL (L/mg) 
qmax 

(mg/g mat) 

qmax  

(mg/g np) 

Fh nanoparticles 19.3 ± 7.8 -- 31.3 ± 1.2 

Fh2 4.6 ± 1.4 3.8 ± 0.1 17.1 ± 0.6 

Fh3 4.8 ± 0.8 7.7 ± 0.1 26.0 ± 0.4 

Fh3-CTAB3 7.3 ± 2.4 11.7 ± 0.4 50.7 ± 1.5 

Fh3-CTAB3, rinsed 4.6 ± 1.0 8.4 ± 0.2 36.3  ± 0.8 

Fh3-TBAB1 21.6 ± 5.4 9.3 ± 0.2 34.6 ± 0.7 

Fh3-TBAB1, rinsed 6.5 ± 2.8 9.3 ± 2.3 34.5 ± 1.3 
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Figure 3.1. Characterization of Fh nanoparticles, showing (a) representative HRTEM 

image and (b) XRD. HRTEM shows good nanoparticle uniformity. We note that the batch 

of Fh used in this study was originally synthesized in 2012. XRD indicates that the 

nanoparticles are actually a mixed phase of ferrihydrite and goethite. This is in agreement 

with results observed by Anschutz and Penn, who found ~10% goethite in 4 nm-6 line 

ferrihydrite.59 

ᵒ2θ

80706050403020

(a)

(b)
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Figure 3.2. Representative SEM images of (a) PAN, (b) CTAB3, (c) TBAB1, (d) Fh3, (e) 

Fh3-CTAB3, and (f) Fh3-TBAB1 reveal smooth nanofiber surfaces for PAN and binary 

PAN-QAS composites, while nanofiber roughness is evident for binary (Fh3) and ternary 

(Fh3-CTAB3, Fh3-TBAB1) Fh-containing materials. Digital images of (g) TBAB1 and (h) 

Fh3-TBAB1 show the bulk scale appearance and flexibility of nanofiber materials. 
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Figure 3.3. Histograms of nanofiber diameter for PAN, binary PAN-QAS and PAN-Fh, 

and ternary PAN-Fh-QAS composites. Nanofiber diameters (average and standard 

deviation of n ≥ 100 nanofibers) are provided. Inclusion of CTAB or TBAB did not yield 

statistically different nanofiber diameters relative to unmodified PAN. With the inclusion 

of Fh nanoparticles, average nanofiber diameter increased slightly relative to the PAN-only 

material, shifting to 190 (± 30) nm for both Fh2 and Fh3. For ternary polymer, surfactant, 

and Fh systems, Fh3-TBAB1 composites exhibited no significant difference relative to the 

Fh3 material. Fh3-CTAB3 materials yielded larger nanofiber diameters relative to either 

Fh-only or CTAB-only materials, likely due to an increase in overall precursor solution 

viscosity. 
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Figure 3.4. Normalized iron dissolution as a function of time for Fh3 (red), Fh3-CTAB3 

(blue), and Fh3-TBAB1 (green) composites. Initial dissolution rate constants (calculated 

over the first hour of dissolution) are provided. Conditions: 0.1 M H2SO4, 0.125 g/L 

composite loading. 
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Figure 3.5. Representative images of Fh3 (at left) and Fh3-CTAB3 (at right) composites 

after digestion in 5 M H2SO4 for 24 h with constant mixing (0.125 g/L composite loading), 

indicating greater total solution phase availability of the iron oxide in ternary composites. 
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Figure 3.6. XPS survey scans for (a) Fh3, (b) Fh3-TBAB1, and (c) Fh3-CTAB3 

composites, with (d) representative XPS core scans in the Fe 2p region. Triplicate Fe 2p 

core scans taken at different points on the same nanofiber composite. Fh3-TBAB1 and 

Fh3-CTAB3 were consistent across replicates. Less uniform surface Fe signals were 

observed across Fh3 replicates; however, two of three scans showed lower Fe 

concentrations relative to ternary composites, indicating a lower overall degree of surface-

segregated Fh nanoparticles in the binary composite. 
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Figure 3.7. Representative TEM images of (a) Fh2, (b) Fh2-CTAB2, (c) Fh3, and (d) Fh3-

TBAB1 composites. No difference in nanoparticle dispersion is discernable between 

binary PAN-Fh composites and ternary PAN-Fh-QAS materials. 

(a) Fh2

(d) Fh3-TBAB1(c) Fh3

(b) Fh2-CTAB2
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Figure 3.8. Sorption isotherms for uptake of (a,c) chromate and (b,d) arsenate, showing 

effect of Fh loading in binary PAN-Fh composites and a comparison to performance of 

freely dispersed Fh nanoparticles. Isotherms in (a) and (b) are normalized to the composite 

mass, while isotherms in (c) and (d) are normalized to the Fh nanoparticle mass (based on 

total Fh mass added to the precursor solution, for the Fh3 composite). Solid lines represent 

fits to the Langmuir adsorption model. Conditions: 0.5 g/L nanofiber loading, 0.2 g/L Fh 

nanoparticle loading, 10 mM HEPES buffer at pH 7. 
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Figure 3.9. Sorption isotherms for uptake of chromate, showing effect of (a) CTAB 

loading and (b) TBAB loading in unrinsed (open symbols, dashed lines) and rinsed (filled 

symbols, solid lines) binary PAN-QAS composites. The molecular structures of CTAB and 

TBAB are shown as insets. Model fits are to the Langmuir adsorption model for all 

composites except CTAB2 and CTAB3, which are to the Freundlich adsorption model. 

Conditions: 0.5 g/L nanofiber loading, 10 mM HEPES buffer at pH 7. 
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Figure 3.10. Ion chromatographs for bromide release experiments (a) Chromatographs for 

chromate removal experiments are shown for (i) the initial sample (containing only 

chromate), (ii) chromate-free controls with rinsed TBAB1 and rinsed Fe3-TBAB1 (the 

latter also serves as an arsenate-free control), which show negligible (<0.1 mg/L Br), and 

(iii) concurrent bromide release (at a molar ratio of ~1:2 Br:Cr) during chromate uptake on 

rinsed TBAB1 and rinsed Fe3-TBAB1 composites. (b) Chromatographs for arsenate 

removal experiments are shown for (i) the initial sample (containing only chromate) and 

(ii) negligible bromide release during arsenate uptake on a rinsed Fe3-TBAB1 composite. 

Results confirm retention of TBAB in the rinsed TBAB1 composite matrix, and the ion 

exchange mechanism for chromate uptake. 
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Figure 3.11. Sorption isotherms for (a) chromate and (b) arsenate removal on unrinsed and 

rinsed ternary Fh3-CTAB3 composites, normalized to composite mass and shown relative 

to capacities of binary CTAB3 and Fh3 materials. Conditions: 0.5 g/L composite loading, 

10 mM HEPES at pH 7. 
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Figure 3.12. Sorption isotherms for uptake of (a) chromate and (b,c) arsenate by ternary 

Fh3-TBAB1 composites, relative to binary composites and dispersed Fh nanoparticles. For 

QAS-containing composites, unrinsed materials are shown with open symbols and dashed 

lines, and rinsed materials are shown with filled symbols and solid lines. Model fits are to 

the Langmuir adsorption model. Conditions: 0.5 g/L nanofiber loading, 0.2 g/L Fh 

nanoparticle loading, 10 mM HEPES buffer at pH 7. 
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Figure 3.13. pH-dependent uptake of (a) chromate and (b) arsenate on ternary Fh3-

TBAB1, with comparisons to binary TBAB1 and dispersed Fh nanoparticles. (a) Chromate 

uptake is normalized to the total mass of sorbent. (b) Arsenate uptake is normalized to Fh 

nanoparticle mass on the left y-axis, with a scale for the mat-normalized capacity of Fh3-

TBAB1 provided on the right y-axis for reference. Conditions: 0.5 g/L composite loading, 

0.2 g/L Fh nanoparticle loading, 10 mM buffer (MES for pH 5 and 6; HEPES for pH 7 and 

8; AMPSO for pH 9), initial concentrations 20 mg/L Cr or As. 
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Figure 3.14. Rate of arsenate and chromate uptake by Fh3-TBAB1, shown as normalized 

concentration change over time, for (a) excess initial concentrations (20 mg As or Cr/L) 

and (b) environmentally relevant concentrations (500 µg/L Cr and 50 µg/L As). Data 

shown in blue are for removal of an individual contaminant; data in red are for 

simultaneous removal of arsenate and chromate. 
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Figure 3.15. Rate of chromate uptake by (a) Fh3-TBAB1 and (b) TBAB1 composites, 

showing the effect of various ionic co-solutes (SO4
2-, Cl-, or HCO3

-), present at high 

concentrations (250 mg/L). Overall, less inhibition was observed for Fh3-TBAB1 relative 

to TBAB1, indicating that the iron oxide dampens the inhibitory effect of ionic strength. 

Further, material application in a semi-batch/semi-continuous flow reactor (i.e., utilizing 

recirculation of flow) could help to avoid matrix interferences in application of the hybrid 

composite for chromate removal. Conditions: initial concentration 100 µg/L Cr, 0.5 g/L 

composite loading, 10 mM HEPES buffer at pH 7. 
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Figure 3.16. Data from Figure 3.15 for the rate of chromate uptake by Fh3-TBAB1 

(triangle symbols) and TBAB1 (circle symbols), separated by (a) no added ions, (b) 250 

mg/L SO4
2-, (c) 250 mg/L Cl-, and (d) HCO3

-. Conditions: initial concentration 100 µg/L 

Cr, 0.5 g/L composite loading, 10 mM HEPES buffer at pH 7. 
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Figure 3.17. Extension of material fabrication to a ternary composite containing a 

commercial amorphous, ~3 nm, Fe2O3 nanoparticle (abbreviated “Fe” nanoparticles; Alfa 

Aesar). Representative SEM images of (a) binary Fe3 and (b) ternary Fe3-TBAB1 

composites, showing improved nanofiber uniformity with inclusion of TBAB. 

Nanoparticles are clearly visible at the nanofiber surfaces as surface roughness. (c) 

Digestion of composites in dilute acid (0.1 M H2SO4, 0.125 g/L mat mass loading) again 

revealed a faster rate of Fe dissolution (normalized to total Fe content) for the ternary Fe3-

TBAB1 relative to the binary Fe3. Values for initial rate of Fe release (over the first 2 h of 

dissolution) are provided. (d) Core Fe 2p XPS spectra, showing enhancement of surface 

iron due to surfactant inclusion in ternary composite. (e) Sorption isotherms for arsenate 
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uptake by Fe3-TBAB1 and Fe3, normalized to nanoparticle content, and shown relative to 

capacity of dispersed Fe2O3 nanoparticles. Lines represent model fits to the Langmuir 

isotherm model. Inclusion of TBAB improves capacity significantly relative to Fe3, with 

the nanoparticle-normalized capacity of Fe3-TBAB1 nearly comparable to that of 

dispersed nanoparticles. (f) Effect of ionic co-solutes (SO4
2-, Cl-, or HCO3

-), present at high 

concentrations (250 mg/L), on chromate uptake (initial concentration 100 µg/L Cr; 10 mM 

HEPES, pH 7). As for the Fh3-TBAB1 composite, the iron oxide served to dampen the 

inhibitory effects of ionic strength, and application in a semi-batch/semi-continuous flow 

reactor could help to minimize matrix effects during application. 
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Figure 3.18. Breakthrough curves from flow-through studies using a ~175 mg filter layers, 

unless otherwise noted, in a 47-mm dead-end filter unit (active area 40-mm, corresponding 

to 12.6 cm2), with 100 µg/L As or Cr influent concentrations. Matrices are either (a,b) 

idealized (DI water adjusted to pH ~7) or (c) intended to simulate tap water (70 mg/L Cl-, 

100 mg/L HCO3
-, and 120 mg/L SO4

2-; pH 7.2) Breakthrough performance is shown for 

(a) single-contaminant treatment systems in an idealized matrix on Fh3-TBAB1 and 

corresponding binary composites, (b) simultaneous removal of arsenate and chromate in 

an idealized matrix on Fh3-TBAB1, and (c) chromate removal in simulated tap water on 

TBAB1 and Fh3-TBAB1 filters (individually and in combination), and arsenate removal 

in simulated tap water on Fh3-TBAB1. White dots within symbols indicate samples with 

concentrations below detection limits (<5 ppb Cr or As). EPA maximum contaminant 

levels (MCLs) are provided as dashed lines (100 µg/L Cr and 10 µg/L As). 
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CHAPTER 4: POROUS ELECTROSPUN POLYMER NANOFIBERS WITH 

SURFACE-ACTIVE IRON OXIDE NANOPARTICLES: COMPOSITE 

FILTRATION MATERIALS FOR REMOVAL OF METAL CATIONS 

4.1 Abstract 

We developed an mechanically robust, electrospun polymer nanofiber-iron oxide 

composite filter for removal of cationic heavy metal contamination (lead, copper, 

cadmium) in drinking water. A single-pot synthesis integrated commercially available, ~3 

nm amorphous iron oxide nanoparticles and/or a sulfonate surfactant [sodium dodecyl 

sulfate (SDS)] into a polyacrylonitrile (PAN) precursor solution. Composites containing 

SDS were evaluated before and after SDS removal via rinsing. Characterization results 

suggested that SDS acts both as a removable porogen (enhancing composite surface pore 

volume) and as a surface-segregating agent for iron oxide nanoparticles (promoting 

enrichment of iron oxide nanoparticles at nanofiber surfaces). Copper, lead, and cadmium 

removal performance was evaluated for composites via kinetic, isotherm, and pH-edge 

sorption experiments, with benchmarks to nanofiber supports (unmodified and SDS-

modified PAN) and freely dispersed iron oxide nanoparticles. Synergies of SDS and iron 

oxide nanoparticles enhanced both mechanical strength and composite capacity, relative 

to materials containing only embedded nanoparticles. The optimized composite (PAN 7 

wt%, iron oxide nanoparticles 2 wt%, SDS 1 wt%) exhibited maximal uptake capacity, 

and nanoparticle reactivity comparable to that of unsupported nanoparticles. Treatment of 

lead at drinking water-relevant concentrations (e.g., µg/L) in a dead-end, flow-through 

filtration system revealed that a minimal amount of material is needed to provide a single 

users’ annual drinking water requirement (~5 g composite/L/day, for tap water containing 

~300 µg/L Pb), and that effective regeneration can be achieved with small volumes of 
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dilute acid (~0.6 L 0.1N HNO3/g composite). This work demonstrates the potential of 

porogen-assisted fabrication of electrospun composites to allow practical deployment of 

nanoparticles within stand-alone, reactive filtration devices. 

 

4.2 Introduction 

For drinking water providers, lead, copper, and cadmium present an ongoing 

challenge in the United States due to their negative public health effects12–14,330–332 and 

their routine release into the finished supply by corrosion of galvanized, brass, and lead 

distribution system components,10,333,334 despite corrosion control regulations.335 This is 

evidenced both by recent drinking water crises in municipal systems, such as Washington 

DC and Flint, MI,12,330 as well as by studies revealing elevated lead levels in private 

drinking water systems across the United States.336–339 While point-of-use (POU) 

technologies are promising for protecting both municipal and decentralized users, reverse 

osmosis and cation exchange are currently the only EPA-approved small system 

compliance technologies for POU removal of Pb, Cu, and Cd.38 Sorption-based 

technologies, based on their simplicity (e.g., limited maintenance requirement, potential 

for operation at near-ambient pressures) and effectiveness,97 could fill a crucial gap in 

POU treatment of heavy metal contamination and provide critical protection to public 

health. 

In particular, nanoscale metal oxide sorbents exhibit high sorption capacities for 

heavy metals and provide high external surface area to volume ratios that overcome 

diffusion limitations of granular materials and allow application within small physical 

footprints.97,99,102,133,160,340 However, deployment of nanoscale metal oxides in flow-
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through systems is limited by high pressure drops and the potential for material release 

into the treated supply,97,99 which could pose threats to human and ecosystem health. 

Electrospinning is a promising, scalable193 method that could overcome this barrier to 

application by harnessing the potential of engineered nano-sorbents within a 

mechanically stable, high-flux nanofiber matrix that can be applied as a reactive 

membrane. These composites can avoid the diffusion-limited rates of removal and 

necessary deployment in large packed beds associated with microporous composite 

supports (e.g., sand,160,167,341 zeolite,169 polymer beads,181,342 and ion exchange resins183). 

Existing electrospun metal oxide-polymer composites are typically fabricated by 

“hierarchical” or “single-pot” approaches. Hierarchical composites are surface-

functionalized with metal oxide nanostructures after electrospinning, often via reductive 

deposition256,343 or hydrothermal methods, 254,258 and tend to exhibit a high degree of 

surface-available reactive sites for contaminant uptake. However, the multi-step 

procedure may be difficult to reproduce at industrial scales193 and require additional 

energy and material inputs that limit sustainability.344 Single-pot composites eliminating 

post-processing steps253,254 by incorporating nanoparticles into the precursor solution, but 

effective utilization of the metal oxide may be limited by its encapsulation. Previously, 

we overcame this limitation by inclusion of a cationic surfactant that prevented clogging 

and spraying during electrospinning of composites containing nanoparticles, imparted 

surface-active quaternary ammonium functionalities, and promoted nanoparticle 

enrichment at nanofiber surfaces, such that embedded and freely dispersed iron oxide 

nanoparticles exhibited comparable reactivity (Chapter 3).  
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Herein, building upon our prior work, we present a “single-pot” electrospun 

polyacrylonitrile (PAN) composite with surface-active iron oxide nanoparticles intended 

for removal of Pb, Cu, and Cd. The active binding agent in this composite, a nanoscale 

amorphous iron oxide (3 nm Fe2O3; Alfa Aesar), was chosen for its small size, high 

surface area, and commercial availability. Composites contained an anionic surfactant, 

sodium dodecyl sulfate (SDS), based on its demonstrated utility as a removable porogen 

to promote surface area in electrospun composites,345 its charged head group, which is 

identical to that in common strong acid ion exchange resins,185 and the potential for 

amphiphilic surfactants to surface segregate within electrospun nanofibers (i.e., 

preferentially move to the polymer-air/water interface).264 Thus, interactions between 

SDS and iron oxide nanoparticles346,347 may not only improve composite sol gel 

spinnability,261 but also promote surface segregation (and thus solution accessibility) of 

nanoparticles.  

After assembly, we assessed nanofiber morphology, composite surface area and 

pore volume, and surface chemical composition to determine the role(s) of SDS as a 

removable porogen and possible promoter of nanoparticle surface-segregation across a 

range of nanoparticle and surfactant loadings. We then quantified material capacities for 

Cu, Pb, and Cd uptake, with capacities of SDS-containing composites determined before 

and after rinsing (e.g., SDS removal). Performance was benchmarked to the nanofiber 

support (unmodified PAN or SDS-modified PAN) and to freely dispersed iron oxide 

nanoparticles, to establish the nanoparticle contribution to overall capacity and to 

optimize the “activity” of embedded nanoparticles relative to unsupported nanoparticles. 

Practical demonstrations included batch kinetic and pH-edge experiments, composite 
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application for arsenate removal, and flow-through treatment of influents with varied 

water qualities at heavy metal concentrations (e.g., µg/L) relevant to drinking water. 

Collectively, we provide evidence that inclusion of SDS enhances composite porosity and 

promotes surface segregation of iron oxide nanoparticles. Importantly, the immobilized 

iron oxide nanoparticles exhibit no loss in reactivity for Pb, Cu, and Cd removal, relative 

to their freely dispersed counterparts. This represents a key advance towards viable 

application of reactive nanoparticles in practical drinking water treatment units. 

 

4.3 Materials and Methods 

4.3.1 Reagents 

All reagents were used as received. Electrospinning precursor solutions were 

prepared with polyacrylonitrile (PAN; MW 150,000, Aldrich), N,N-dimethylformamide 

(DMF; 99.85%, BDH Chemicals), sodium dodecyl sulfate (SDS; ≥99%, Aldrich), and 

amorphous iron oxide nanoparticles (~3nm Fe2O3; Alfa Aesar). Stock solutions of copper 

chloride (CuCl2-2H2O; 97%, Aldrich), lead nitrate (Pb(NO3)2; ≥99%, Aldrich), or 

cadmium nitrate tetrahydrate (Cd(NO3)2•4H2O; 98%, Aldrich) were prepared in 

deionized water (Thermo Scientific Barnstead NANOPure Diamond). Batch experiments 

were conducted in 10 mM HEPES buffer (≥99%, Aldrich), MES buffer (MES hydrate, 

≥99.5%, Aldrich), or AMPSO buffer (≥99%, Aldrich) prepared with deionized water and 

pH-adjusted as needed with 5 N NaOH. Concentrated nitric acid (HNO3; 70%, Sigma) 

was used for acidification of samples prior to metals analysis. Reagents for colorimetric 

determination of iron were prepared with hydroxylamine hydrochloride (NH2OHHCl; 

98%, Aldrich), 1,10-phenanthroline (≥99%, Aldrich), ammonium acetate (≥98%, 
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Aldrich), and glacial acetic acid (>99.7%, Aldrich). Iron standards were prepared with 

ammonium iron sulfate hexahydrate ((NH4)2Fe(SO4)26H2O; 99%, Aldrich). 

4.3.2 Electrospinning 

For mats containing PAN and a surfactant, PAN and SDS were dissolved in DMF 

at a concentration of 7 wt% PAN and 1-3 wt% surfactant by mixing at 60˚C for 2 h at 

1.65 g (HLC Cooling-Thermomixer MKR 13, Ditabis). Amorphous Fe2O3 nanoparticles 

(~3 nm; abbreviated Fe np, hereafter) were purchased from Alfa Aesar, and were used as 

received (see Figure 4.1 for characterization). For Fe np-embedded mats, Fe nps were 

first dispersed in DMF (at concentrations 0.1-3 wt% relative to the total mass of the 

precursor solution) via ultrasonication for 5 h, after which PAN and surfactant were 

added to the Fe np-DMF suspension. Hereafter, the composite mats will be referred to as 

‘Fex-SDSy’ where x and y denote the Fe np and SDS concentrations in the precursor 

solution, respectively. Precursor solutions were allowed to return to room temperature 

prior to electrospinning for ~8 h at a temperature and relative humidity of 28°C and 16%, 

respectively, pumping rate of 0.3 mL/h (New Era Pump Systems, Inc.), a positive 15 kV 

voltage applied at the needle tip (Acopian), and a collector rotation speed of 500-rpm 

(Dingtuo Technology). The electrospinning apparatus has been described previously 

(Chapter 2). 

4.3.3 Nanofiber characterization 

The morphology of electrospun nanofiber mats was investigated using a field-

emission scanning electron microscope (SEM) (S4800, Hitachi) at an acceleration 

voltage of 1.5 kV. All samples were sputter-coated with a thin layer of gold/palladium 
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(60:40 Au:Pd) prior to SEM imaging. Average fiber diameters were developed from 

measurement of >100 nanofibers in ImageJ software. Cross sections of nanofiber 

composites were examined using transmission electron microscopy (TEM) (JEOL JEM-

1230) at an operating voltage of 120 kV, while iron oxide nanoparticle morphology was 

examined using high resolution transmission electron microscopy (HRTEM) (JEOL JEM 

2100 F with Schottky FEG Emission-Zr/W). Nanofiber samples were prepared via 

embedding in EPONTM resin (Hexion), sectioning at 80 nm on an ultramicrotome (Leica 

UC6), and placement on a grid for imaging (#01814-F C-B 400 mesh Cu; Ted Pella, Inc). 

Nanoparticle samples were prepared via sonication in deionized water, and a droplet was 

allowed to dry on a grid prior to imaging (#01824 UC-A on holey 400 mesh Cu; Ted 

Pella, Inc.). Surface area and pore volumes were determined by N2-BET analysis using a 

Quantachrome NOVA 4200e Analyzer. Nanoparticle samples and nanofiber materials 

were degassed at 90˚C for 12 h and 35˚C for 12 h, respectively, prior to analysis. Surface 

chemical composition was analyzed with a custom Kratos Axis Ultra X-ray photoelectron 

spectroscopy (XPS) system equipped with a monochromatic Al Kα X-ray source. XPS 

was used to collect full spectrum survey scans, as well as to examine Fe 2p regions. An 

extensive description of this system can be found elsewhere.283,284 Surface Fe 

concentrations measured via XPS are likely an average across several nanofibers, as the 

area of the XPS analysis is on the order of ~10 µm, while nanofiber diameters are on the 

order of ~100 nm. After sorption of lead, copper, and cadmium (10 mg/L initial 

concentrations; pH 6 for Cu and Pb; pH 7 for Cd) on rinsed Fe2-SDS1 composites, 

composites were air-dried at room temperature and analyzed via both XPS (survey scans 

and Pb 4f, Cu 2p, or Cd 3d regions) and X-ray diffraction (XRD; Rigaku MiniFlex II, 
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cobalt X-ray source). Samples were prepared for XRD by placing a ~2 cm by ~2 cm 

piece of nanofiber mat (or a compact layer of nanoparticles) on a slide with a well depth 

of 0.2 mm. Samples were analyzed from 10° to 80° with an interval of 0.02°. 

Solution phase Fe dissolution studies were also conducted to assess the 

distribution of iron oxide within nanofiber composites, based on protocols in Chapter 3. 

To assess “surface available iron” in composites (i.e., operationally defined as the iron 

readily accessible at the composite-water interface), the rate of soluble iron dissolution 

from iron oxide-containing nanofibers was measured in dilute sulfuric acid (0.1 N H2SO4; 

0.25 g/L mat). Dissolution reactors were well mixed on a rotator (Cole-Palmer Roto-

Torque), and 1 mL samples were taken periodically over a 2 h period for colorimetric 

iron analysis (as described below). To determine “total available iron,” composites were 

placed in well-mixed reactors containing concentrated acid (5 N H2SO4; 0.25 g/L mat) for 

24 h. A similar approach was used to quantify the total iron content of the Fe 

nanoparticles (5 N H2SO4; 0.125 g/L nanoparticles). The experimental total iron content 

in composite materials was generally within ~5% of the theoretical (expected) total Fe 

content, which was calculated using the known Fe nanoparticle loading in the precursor 

solution and the nanoparticle iron content (see Figure 4.2). Thus, for simplicity, 

theoretical Fe nanoparticle loading [as mg Fe np/g mat or as wt% Fe nanoparticles 

(relative to total sol gel mass)] is used herein as a metric of the total composite iron 

content.  

4.3.4 Batch sorption experiments 

All batch experiments utilized a piece (~4 cm2) of nonwoven nanofiber mat, and 

were performed in 20 mL glass vials sealed with butyl rubber stoppers (for copper) or in 
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15 mL polypropylene centrifuge tubes with polypropylene screw caps (lead, cadmium). 

Sorption isotherms were evaluated in well-mixed reactors with a constant sorbent mass 

loading (0.5 g/L for nanofiber mats, 0.2 g/L for iron oxide nanoparticles) and varying 

concentrations (2-120 mg/L) of lead, copper, or cadmium at pH 6 (buffered by MES) or 

pH 7 (buffered by HEPES), with samples taken at 0 and 24 h for all materials. 

Composites containing surfactant were evaluated as-fabricated and after extensive rinsing 

(rinsing utilized 3 solution exchanges with continuous mixing over 24 h) to assess the 

stability and influence of SDS on metal uptake. For controls, all metal concentrations 

were stable in reactors without any nanocomposite. Data for isotherms were collected 

with at least two batches of nanofibers and isotherm model fits were performed in IGOR 

Pro (WaveMetrics, Inc., Lake Oswego, OR, USA). 

Both kinetic experiments and pH edge experiments were performed in reactors 

identical to those used for batch isotherm experiments, with pre-rinsed nanofiber 

materials. Kinetic experiments monitored decreases in copper, lead, or cadmium 

concentrations over time for excess (10 mg/L Pb, Cu, or Cd) or drinking water-relevant 

(300 µg/L Pb, 3 mg/L Cu, and 50 µg/L Cd) concentrations, and pH-edge experiments 

(pH 5.5-9, buffered by 10 mM MES, HEPES, or AMPSO, as appropriate) used 10 mg/L 

initial concentrations. Samples from all batch experiments were analyzed via ICP-OES 

(additional details below). 

4.3.5 Performance testing in a flow-through filtration system 

Optimal composite nanofibers (based on batch performance metrics and qualitative 

material strength evaluations) were also evaluated in a dead-end, flow-through filtration 

system representative of point-of-use treatment applications. The filtration set-up has 
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been described previously (see Chapter 3). Filters were typically ~240 mg (~170 mg 

within the active area), and were pre-conditioned (e.g., rinsed) with 500 mL of deionized 

water. During the treatment run, the last 10 mL of each 100 mL aliquot that passed 

through the filter was collected for subsequent metals analysis via ICP-OES. Influent 

levels of lead were representative of levels in water treatment (e.g., 150 or 300 µg/L Pb). 

The influent matrix was idealized (e.g., 10 mM MES, pH 6) or representative of real 

drinking water treatment (e.g., University of Iowa tap water, pH 9.9). Filters were 

operated for 5-10 L, with passage of regeneration solutions (0.1 N HNO3) through the 

system for 0.2 L between treatment of lead-containing influents. 

4.3.6 Analytical methods 

Samples containing iron oxide nanoparticles were centrifuged at 8,000 g for 30 

minutes prior to further processing of the supernatant. All samples for metals analysis 

were acidified to 2% HNO3 and passed through a 0.45 µm Nylon syringe filter prior to 

analysis via inductively coupled plasma optical emission spectroscopy (ICP-OES; Perkin 

Elmer Optima 7000 DC), after calibration with single-element copper, cadmium, and lead 

standards (Inorganic Ventures, Inc.). For all iron dissolution samples, soluble iron 

concentration was quantified via the phenanthroline colorimetric method,316 which used 1 

mL sample, 30 µL 100 g/L hydroxylamine hydrochloride, 200 µL 1 g/L 1,10-

phenanthroline, 200 µL ammonium acetate buffer; 20 minute reaction time; and 

measurement at 510 nm on UV-vis spectrophotometer. Iron standards were made by 

dilutions of ferrous ammonium sulfate in 0.1 N H2SO4. 
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4.4 Results and Discussion 

4.4.1 Nanofiber characterization 

4.4.1.1 Nanofiber appearance and morphology 

Digital images of the composites (Figure 4.3a) show an increasingly darker 

orange tint as nanoparticle loading increased, indicating successful incorporation of 

greater amounts of the iron oxide. At the macro-scale, composites were all flexible, 

“fabric-like,” and easily manipulated (Figure 4.3b). Evaluation of nanofiber diameter via 

SEM (see Figure 4.4 for diameter histograms and representative SEM images) revealed 

moderate differences in nanofiber diameter upon inclusion of Fe nanoparticles and SDS. 

In composites containing only Fe nanoparticles (i.e., PAN-Fe composites), inclusion of 3 

wt% Fe nanoparticles yielded a slight (but not statistically significant) decrease in 

average diameter (100 ± 50 nm for Fe3 vs. 120 ± 40 nm for PAN), likely due to an 

increase in sol gel conductivity.224 Inclusion of 1 wt% SDS increased average diameter 

slightly, to 170 ± 30 nm, an effect that has previously been attributed to an increase in sol 

gel viscosity.320 Composites containing Fe nanoparticles and 1 wt% SDS (i.e., PAN-Fe-

SDS composites) had nanofiber diameters comparable to that of SDS1. 

Relative to the smooth surfaces of unmodified PAN nanofibers (Figure 4.3c), 

composites containing Fe nanoparticles exhibited rough nanofiber surfaces, suggesting 

that nanoparticle aggregates were located either at or near the nanofiber surface (Figure 

4.3d-g; Figure 4.5). While higher Fe nanoparticle loadings in PAN-Fe composites 

yielded significant beading (Figure 4.3d), co-inclusion of SDS improved nanofiber 

uniformity (Figure 4.3f). This is attributed to an increase in the net charge density in the 

sol gel that improves stretching of the polymer during electrospinning.262 Additionally, 
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Fe2 and Fe3 materials were noticeably weaker (i.e., thinner and could be torn more 

readily) than their SDS-containing counterparts. 

4.4.1.2 BET surface area and pore volume 

Specific surface areas and pore volumes from N2-BET analysis for various 

composite nanofibers are shown relative to those of unmodified PAN (18.8 ± 0.3 m2/g, 

0.045 ± 0.005 cm3/g; dashed red lines) in Figure 4.6a and b, respectively. SDS-

containing composites were rinsed extensively to remove the surfactant (materials will be 

denoted herein by addition of ‘-R’ after their name, such as SDS1-R). Although not 

shown in Figure 4.6, the surface areas (and pore volumes) of SDS1 and SDS1-R were 

16.9 ± 4.2 m2/g (0.045 ± 0.007 cm3/g) and 18.2 ± 1.7 m2/g (0.07 ± 0.01 cm3/g), 

respectively. The larger pore volume of SDS1-R relative to SDS1 and unmodified PAN 

indicated that the surfactant was effectively removed, and that its removal introduced 

porosity. However, the increase in porosity was not sufficient to introduce a 

corresponding increase in specific surface area. 

There are several notable trends in surface area and pore volume across materials 

containing Fe nanoparticles. In PAN-Fe composites, BET surface area decreased with 

increasing Fe nanoparticle loading, while pore volumes were comparable to that of 

unmodified PAN. This is opposite of the trend expected from the observed slight 

decrease in nanofiber diameter, indicating that the loss in surface area for PAN-Fe 

composites is likely due to the beading observed in SEM images (Figure 4.4). With the 

inclusion of SDS, all PAN-Fe-SDS composites had surface areas and pore volumes 

comparable to that of unmodified PAN; thus, Fe1-SDS1 exhibited a comparable surface 

area to Fe1, Fe2-SDS1 exhibited a slight (although not statistically significant) increase 
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in surface area relative to Fe2, and the surface area of Fe3-SDS1 increased relative to that 

of Fe3. We attribute the improvements in surface area for Fe2-SDS1 and Fe3-SDS1 

relative to their PAN-Fe analogs to a combination of (i) improved nanofiber uniformity, 

and (ii) SDS-driven nanoparticle surface segregation that allows nanoparticles to directly 

contribute to composite surface area by their localization at the nanofiber surface. 

Rinsing of PAN-Fe-SDS composites produced increases in composite pore 

volume relative to their unrinsed analogs that were comparable to the pore volume 

increase observed upon rinsing SDS1, consistent with SDS acting as a porogen. 

However, significant increases in nanofiber surface area were observed only for 

composites containing ≥ 2 wt% Fe nanoparticles (i.e., the surface area of Fe1-SDS1 was 

minimally affected by rinsing, as predicted by the comparable surface areas of SDS1-R 

and SDS1). It appears, therefore, that interactions between Fe nanoparticles (at higher 

loadings) and SDS influence the mechanism of pore formation in the composite, although 

the nature of these interactions is not fully understood. We speculate that the presence of 

the iron oxide surface may promote (or hinder) SDS micelle formation, thereby altering 

the structure of the SDS lost from the composite during rinsing. 

4.4.1.3 Nanofiber surface and bulk iron availability 

XPS was used to determine if the rough appearance of Fe-containing nanofiber 

surfaces correlated with an enrichment of Fe nanoparticles on the nanofiber surface, as 

previously observed in composites prepared with surface-segregating cationic surfactants 

and ferrihydrite nanoparticles (see Chapter 3). Representative spectra of the Fe 2p region 

are shown in Figure 4.7a for Fe3 and Fe3-SDS1 composites (spectra were collected at 

two distinct points on the composite mats and produced comparable results; see Figure 
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4.7b and c for survey scans). We note that survey scans revealed low Fe signals, and low 

signal intensity in the Fe 2p region on materials containing 1 and 2 wt% Fe prohibited 

conclusive interpretation of Fe surface enhancement. However, XPS spectra in the Fe 2p 

region indicate a significant enhancement in Fe surface concentration for Fe3-SDS1 

relative to Fe3. This result supports the surface enrichment of Fe nanoparticles upon 

inclusion of SDS in the precursor solution. We attribute this effect to nanoparticle-SDS 

interactions; surface segregation of SDS within the nanofibers during electrospinning 

thereby “pulls” the Fe nanoparticles to the nanofiber surface. Indeed, previous reports 

have observed interactions of SDS with iron oxide nanoparticle surfaces,346,347 while 

others have observed surface segregation of surfactants within hydrophilic polymer 

matrices, driven by the tendency of the hydrophobic chain to minimize energy by 

migration to the polymer surface.264,323 We propose that these two processes work in 

complement to achieve surfactant-assisted surface segregation of iron oxide nanoparticles 

during the single-pot synthesis of electrospun composite nanofibers. 

To further support the synergistic effect of including both Fe nanoparticles and 

SDS on nanofiber surface composition, the rate of iron dissolution in dilute acid was 

evaluated as a relative measurement of surface available iron within the bulk composite 

matrix. The rate of iron release in dilute acid was evaluated for PAN-Fe-SDS composites 

containing 0.5-3 wt% Fe nanoparticles and 1 wt% SDS, and their PAN-Fe analogs 

containing 1-3 wt% Fe nanoparticles (Figure 4.8a), and resulting measured rate constants 

for iron dissolution [as mg Fe/(g mat-h), assuming initially linear changes in soluble iron 

concentration over time] are plotted in Figure 4.8b against theoretical Fe nanoparticle 

content. Generally, the rate of iron release was faster for PAN-Fe-SDS composites than 
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for their PAN-Fe analogs. Further, we observed diminishing improvements in the rate of 

iron release from PAN-Fe composites with increasing nanoparticle loading. In contrast, 

the rate of iron release from PAN-Fe-SDS materials scaled linearly with Fe nanoparticle 

content. Thus, the inclusion of 1 wt% SDS promotes the accessibility of embedded 

nanoparticles to solution, even at nanoparticle loadings up to 3 wt%. Across Fe 

nanoparticle loadings, the rate of iron dissolution [as fractional Fe dissolution/hour] for 

PAN-Fe-SDS was ~2.5 times faster than their PAN-Fe analogs (Figure 4.8c). Notably, 

however, TEM cross-sectional imaging did not reveal obvious differences in nanoparticle 

aggregation within the polymer matrix for Fe3 and Fe3-SDS1 composites (Figure 4.9). 

Thus, we attribute improved solution phase accessibility of the iron oxide in PAN-Fe-

SDS composites to a combination of higher specific surface area and the surfactant-

assisted surface segregation of Fe nanoparticles.  

 

4.4.2 Performance evaluation: Batch removal of copper, lead, and cadmium 

Unmodified PAN, PAN-Fe, PAN-SDS, and unsupported (freely dispersed) Fe 

nanoparticles were evaluated for removal of copper, lead, and cadmium (Figure 4.10). 

To ensure metal solubility and minimize precipitation, while still observing sufficient 

uptake to evaluate trends within the pH range relevant for drinking water, sorption 

experiments were conducted at pH 6 for copper and lead, and at pH 7 for cadmium 

(where the dominant species of each metal are Cu2+, Pb2+, and Cd2+, respectively). 

Isotherms for all sorbent materials were best described by the Langmuir adsorption model 

[Csorbed = qmaxKLCaq/(1 + KLCaq)], where qmax is the maximum sorption capacity at 

equilibrium, and KL  is the Langmuir adsorption constant. Although the Langmuir model 
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assumes reversible sorption, we observed partial irreversibility of Cu and near-complete 

irreversibility of Pb and Cd on composite sorbents (Figure 4.11). Thus, isotherms 

represent monolayer sorption that is “Langmuir-type”, with model parameters provided 

in Tables 4.1, 4.2, and 4.3.  

To determine if surface precipitation played a role in the observed irreversibility, 

we analyzed a representative material (Fe2-SDS1-R) after sorption of Cu, Pb, or Cd with 

XPS and XRD (Figure 4.12). XPS analysis did not yield sufficient signal to interpret the 

chemical state of Cu, and was inconclusive for Cd precipitate formation, as negligible 

binding energy shifts are expected for different chemical species of Cd. In contrast, co-

precipitation of lead oxide is likely, based on a shift in the Pb 4f region of the XPS 

spectra to higher binding energy (137.7 eV, relative to 137.0 eV for Pb).348 However, 

reacted materials were dried at room temperature and subjected to ultra-high vacuum 

(UHV) prior to XPS analysis, which may affect their surface chemistry. XRD analysis, 

used to eliminate the need for UHV, suggested precipitation of all targets due to the 

appearance of peak(s) not observed for a control (e.g., Fe2-SDS1-R exposed to a solution 

without metals), although peaks were not identifiable as known oxides or hydroxides.  

4.4.2.1 PAN-Fe and PAN-Fe-SDS composites 

Figures 4.10a-c show isotherms for Cu, Pb, and Cd removal with PAN-Fe (Fe1, 

Fe2, and Fe3) and SDS1 (unrinsed and rinsed), relative to the capacity of PAN (red line). 

For both Cu and Pb, the capacities of PAN and SDS1-R were comparable, while SDS1 

exhibited a lower capacity. This indicated that SDS molecules likely block access to 

polymer sites at which Cu and Pb bind and/or precipitate, and the sulfonate groups do not 

provide binding sites. For Cd uptake, in contrast, the capacities of PAN and SDS1 were 
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comparable, while SDS1-R exhibited a higher capacity. The sulfonate groups likely 

provide sites for Cd uptake prior to their removal, and SDS removal must increase 

accessibility to polymer sites for binding and/or precipitation of Cd. Thus, the electron-

rich nitrile groups (CN) of PAN likely provide the dominant sites for Cd removal. This 

is consistent with reported values of formation constants for Cd complexation with CN- 

in aqueous solution, which are ~2 orders of magnitude larger than for complexation with 

other common ions (e.g., OH-, NH3).
349 While Cu complexation with CN- is also 

important, the first complex [Cu(CN)2] would require two adjacent CN groups, which 

may limit the degree to which Cu removal is dependent on nitrile groups.349 Likewise, Pb 

complexation with CN- is not expected to be significant.349 

For PAN-Fe composites, Fe1 (3.3 ± 0.2 mg Cu/g) exhibited a slight improvement 

in Cu removal relative to PAN and SDS1-R. Similarly, the Cd capacities of Fe1 (3.6 ± 

0.6 mg Cd/g) and SDS1-R (3.5 ± 0.3 mg Cd/g) were comparable. Increases to 2 and 3 

wt% Fe nanoparticle loadings yielded rather modest improvements in capacity (to ~4 mg 

Cu/g and ~5 mg Cd/g). In contrast, Fe1 exhibited a significantly higher Pb capacity (12.6 

± 1 mg Pb/g) relative to SDS1-R (1.6 ± 0.5 mg Pb/g), indicating that, consistent with 

observations above, Fe nanoparticle sites dominate removal of Pb. However, Pb removal 

did not scale linearly with Fe nanoparticle loading, as Fe2 and Fe3 exhibited comparable 

Pb capacities (~19 mg Pb/g). Thus, the majority of additional Fe nanoparticles must be 

encapsulated in the polymer matrix and inaccessible as sites for metal uptake. Notably, 

Fe2 and Fe3 tended to partially disintegrate (e.g., fray) during sorption experiments, 

suggesting that material strength would likely hinder practical application. 
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4.4.2.2 Effect of SDS loading and removal in PAN-Fe-SDS composites 

From a practical perspective, inclusion of SDS with Fe nanoparticles appeared to 

produce stronger, more durable sorbent materials. Only Fe3-SDS1 showed any signs of 

disintegration during use (visible loss of nanoparticles and/or nanofibers during batch 

experiments), as was observed with Fe2 and Fe3. Otherwise, PAN-Fe-SDS composites 

were visibly more robust than PAN-Fe materials and maintained their material integrity 

during application. 

First, the influence of SDS loading was evaluated for PAN-Fe-SDS materials with 

3 wt% Fe nanoparticles (e.g., Fe3-SDS1 vs. Fe3-SDS3) in terms of Cu capacity, and no 

effect was observed for either unrinsed or rinsed materials (Figure 4.13). Thus, 1 wt% 

SDS promotes sufficient solution-phase nanoparticle accessibility, and materials 

containing 1 wt% SDS were used in the remainder of this study.  

Cu, Pb, and Cd isotherms for both unrinsed and rinsed PAN-Fe-SDS materials 

containing varying Fe nanoparticle concentrations (0.5-3 wt%) and 1 wt% SDS are 

shown in Figures 4.10d-i. Relative to PAN-Fe and PAN-SDS materials, both unrinsed 

and rinsed PAN-Fe-SDS composites exhibited significantly higher Cu and Pb removal 

capacities, while the effect was less marked for Cd removal. After rinsing of PAN-Fe-

SDS composites, we generally observed lower KL values (although not statistically 

different across all composites) for all targets after rinsing. This is attributed to the loss of 

anionic sulfonate groups, which likely make the iron oxide surfaces more electrostatically 

favorable for uptake of the cationic targets, an effect we previously observed for cationic 

composites targeting oxyanion species (Chapter 3).  
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Rinsing yielded distinct effects on maximum capacity for each target. For Cu 

uptake, rinsing yielded an improvement of ~3 mg Cu/g only for PAN-Fe-SDS composites 

with nanoparticle loadings ≤ 2 wt%. Thus, the porosity generated via SDS removal from 

composites containing > 2 wt% nanoparticles likely only minimally improved access to 

additional internal Fe binding sites, as the majority of the surface was concentrated with 

nanoparticles. Conversely, in composites with lower nanoparticle loadings, SDS removal 

facilitated access to a relatively larger percentage of previously less-accessible 

nanoparticles. For Cd removal, rinsing improved PAN-Fe-SDS maximum capacities by 

~2 mg/g, comparable to the capacity increase observed after rinsing the SDS1 material, 

indicating the key role of accessible CN binding sites. Distinct from our findings with 

Cu and Cd, Pb capacities of rinsed and unrinsed PAN-Fe-SDS composites were 

comparable. This is attributed to the larger ionic radius of the Pb2+ cation, which may 

limit its transport through SDS-derived pores, and the likely co-precipitation of Pb, which 

occurs on the nanofiber surfaces (and may block access to internal binding sites).  

4.4.2.3 Impact of Fe nanoparticle accessibility on composite capacity 

To better demonstrate the influence of Fe nanoparticle accessibility on capacity, 

the maximum bulk Cu, Pb, and Cd capacities of PAN-Fe and rinsed PAN-Fe-SDS 

composites [i.e., qmax (mg/g mat) from Langmuir model fits in Figure 4.10a-c and g-i] 

are summarized and shown relative to the capacity of SDS1-R (red line) in Figure 4.14. 

The data for Cu includes PAN-Fe-SDS composites containing 0.1 and 0.25 wt% Fe 

nanoparticles (not shown in Figure 4.10g), and a simplified comparison of the different 

trends in Cu, Pb, and Cd capacity of rinsed PAN-Fe-SDS composites across 0.5-3 wt% 

nanoparticle loadings is provided in Figure 4.15. As described previously, PAN-Fe 
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composites did not exhibit increasing capacities with increasing nanoparticle loading. 

Notably, the maximum capacity of Fe3 for all targets is lower than that of PAN-Fe-SDS 

materials containing ≥1 wt% Fe nanoparticles, highlighting the impact of nanoparticle 

encapsulation.  

For rinsed PAN-Fe-SDS materials, a ~5.5-fold increase in maximum Cu and Pb 

uptake capacity was observed across the range of nanoparticle loadings examined. The 

Cu removal capacity increased with Fe nanoparticle loading, reaching a plateau at 

nanoparticle loadings ≥2 wt%, while Pb uptake capacity exhibited a monotonic increase 

with increasing nanoparticle loading. Although XPS did not reveal information about the 

form of Cu on the composite surface, several reports have demonstrated the sorption of 

Cu on nano-scale iron (hydr)oxides via inner-sphere bidentate surface 

complexation.350,351 Presumably, composites that exhibited the maximum Cu removal 

capacity possess comparable total amounts of accessible internal and/or surface sites for 

Cu complexation, due to nanoparticle aggregation within or at the surface of the polymer 

nanofibers. For Pb uptake, while inner sphere complexation352 of Pb on nanoparticle 

surfaces may occur, the increasing Fe nanoparticle concentration at the nanofiber surfaces 

likely drives concurrent surface precipitation of lead (hydr)oxides,167 enabling additional 

removal with increasing nanoparticle content. 

In contrast, Cd capacities of PAN-Fe-SDS materials indicated no clear trend in 

capacity with Fe nanoparticle loading and the overall increase in capacity across 

nanoparticle loadings was minimal relative to that for Cu and Pb (e.g., ~2-fold increase in 

qmax for Cd). Given that the SDS1-R support contributes more than half of the total Cd 

capacity for all PAN-Fe-SDS composites, the limited dependence on Fe nanoparticle 
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loading is attributed to the relative importance of CN binding sites for Cd uptake. Thus, 

comparable to the role of accessible Fe binding sites for Cu removal, Cd removal is 

limited by the number of available CN binding sites throughout the composite (both 

within and at the surface of nanofibers). 

4.4.2.4 Assessing utilization of Fe nanoparticles in composites 

To better understand the activity of embedded Fe nanoparticles, relative to their 

unsupported counterparts, the maximum capacities of PAN-Fe and rinsed PAN-Fe-SDS 

composites (e.g., values shown in Figure 4.14) were normalized to their Fe nanoparticle 

loading. These normalized capacities (with units of mg Cu, Pb, or Cd per g Fe np) are 

shown in Figure 4.16 as dotted bars, relative to the capacity of freely dispersed Fe 

nanoparticles (red lines; 39 ± 1.4 mg Cu/g, 106 ± 5.8 mg Pb/g, 13.3 ± 0.7 mg Cd/g). 

However, due to the significant contribution of the polymer support to the total capacity, 

the capacity of embedded nanoparticles appeared more than double that of freely 

dispersed nanoparticles (particularly for Cu and Cd uptake by composites with lower Fe 

nanoparticle loadings). Thus, relevant polymer support contribution (e.g., PAN or SDS1-

R) was accounted for prior to normalization to the nanoparticle loading, yielding the 

adjusted capacities shown as solid bars in Figure 4.16. 

For both Cu and Pb removal, PAN-Fe composites (i.e., Fe1, Fe2 and Fe3) 

exhibited nanoparticle loading-normalized capacities much lower than that of the 

dispersed nanoparticles, as expected due to encapsulation of Fe nanoparticles. For PAN-

Fe-SDS composites, our data suggest a minimum loading threshold of 0.25 wt% Fe 

nanoparticles, above which the sorbent activity of the embedded nanoparticles (on a per 

gram nanoparticle basis) is fully utilized and comparable across all composites. In 
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contrast, we observed a 1 wt% threshold for full utilization of the Pb removal activity of 

embedded nanoparticles. This higher threshold, relative to that for Cu removal, supports 

the hypothesis that Pb uptake is more dependent on surface-available Fe nanoparticles, 

whereas Cu removal occurs primarily via complexation both on nanoparticles located at 

the surface and after transport to nanoparticles located within nanofibers. Although the 

Cd removal activity of Fe nanoparticles is also well-utilized at loadings ≥1 wt%, we 

hypothesize that the Fe nanoparticles may also block polymer binding sites, thus limiting 

improvements in composite capacity as the loading of Fe nanoparticles is increased. 

However, utilization of Fe nanoparticle activity suggests that inclusion of a nanoparticle 

with a higher affinity for binding of Cd could enhance composite performance. 

Collectively, these results suggest that any loss in available Fe nanoparticle surface area 

due to immobilization within the composite is comparable to the loss in aqueous 

suspension as a result of nanoparticle aggregation. Importantly, the PAN-Fe-SDS 

composites provide a matrix in which the iron oxide nanoparticles can both be effectively 

contained and deployed without sacrificing nanoparticle activity. 

 

4.4.3 Practical performance demonstrations 

Based on both the performance metrics discussed above (e.g., high mat-

normalized capacity and excellent utilization of embedded nanoparticle activity) and 

qualitative material strength metrics (e.g., physically robust during application), the Fe2-

SDS1-R composite was selected as the optimal material for use in practical performance 

demonstrations.  
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4.4.3.1 Kinetics 

Result of kinetics experiments are shown in Figure 4.17. At excess initial 

concentrations (10 mg/L), the majority of Cu and Cd uptake occurred (and equilibrium 

was reached) within 2 h. Two regimes of uptake were observed for Pb removal – the 

majority of uptake occurred rapidly within 2 h, with slower rates of removal over the next 

several hours, reaching equilibrium after ~6 h. We attribute these two regimes to rapid 

precipitation at external surfaces, followed by complexation at less accessible (i.e., 

diffusion-limited) internal sites. 

At concentrations more relevant to drinking water (3 mg/L Cu; 300 µg/L Pb; 50 

µg/L Cd), the rate of Cu uptake mirrored that observed at an excess concentration, while 

Cd and Pb uptake occurred more rapidly (with all uptake complete within 1 h). These 

results indicate that composites could be successfully applied for removal of heavy metal 

targets under conditions relevant to POU application (e.g., low initial concentrations and 

short contact times), although application in a semi-batch/semi-continuous reactor could 

enhance removal of Cu. 

4.4.3.2 pH edges 

The results of pH edge experiments with Fe2-SDS1-R are shown in Figure 4.18, 

with comparisons to the SDS1-R support and a dispersion of Fe nanoparticles. Due to 

solubility limitations, Cu uptake was only examined across pH 5.5 to 6.5. For the SDS1-

R support material, limited change in uptake of either Cu or Cd was observed across the 

pH range examined. While Pb removal on SDS1-R was constant and limited at pH ≤ 6.5, 

uptake increased from pH 6.5 to 8.5, with a plateau above pH 8.5. Generally, removal of 
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all targets by Fe2-SDS1-R reflected the behavior of the Fe nanoparticle dispersion. A ~3-

fold increase in Cu uptake was observed across the pH range examined. Pb uptake on 

both Fe2-SDS1-R and Fe nanoparticles increased >1.5 fold as pH increased from 5.5 to 

6.5, then reached a plateau in capacity above pH 6.5. Cd removal on Fe2-SDS1-R and Fe 

nanoparticles was approximately constant below pH 6.0, then increased with pH. These 

trends are attributable to both (i) the more favorable electrostatic interactions of the 

positively charged Cu2+, Pb2+, and Cd2+ ions with the increasingly anionic surface of the 

iron oxide and (ii) the likely precipitation of metal targets (as copper hydroxide; lead 

oxide/hydroxycarbonate; or cadmium oxide/hydroxide) at Fe nanoparticle surfaces. 

Based on the driving role of the Fe nanoparticles in determining composite 

behavior and capacity, we also evaluated sorption isotherms and pH-dependent uptake for 

the anionic metalloid arsenate. As shown in Figure 4.19, the Fe2-SDS1-R composite out-

performed the Fe2 material, exhibiting a nanoparticle loading-normalized capacity 

approaching that of the freely dispersed Fe nanoparticles. Further, pH-dependent uptake 

of arsenate by Fe2-SDS1-R also reflected the behavior of the embedded nanoparticles. 

The ability to target both cationic and anionic targets highlights the unique potential of 

utilizing a removable surfactant.  

4.4.3.3 Simulated POU treatment of lead contamination 

The Fe2-SDS1 filter was first evaluated in simulated POU treatment for removal 

of Pb from an idealized influent matrix comparable to that used in batch experiments (10 

mM MES, pH 6), with influent concentrations of 120 or 300 µg/L (e.g., levels 8 or 20 

times the EPA action level of 15 µg/L). Breakthrough curves for these trials are shown in 

Figure 4.20a, and the concentration of Pb in the acid regeneration solution for the 300 
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µg/L system is shown in Figure 4.20b, with the percent recovery of Pb (as a percentage 

of total removal in the first treatment pass) shown as an inset. For both influent 

concentrations, comparable breakthrough performance was observed in the first and 

second passes (e.g., before and after regeneration). Effluent concentrations above the 

EPA action level were observed after 2.2 L and 1.8 L for the first and second passes, 

respectively, with the 120 µg/L influent. As expected, this breakthrough volume 

decreased to 0.5 L for both passes with the 300 µg/L influent. Notably, comparable mass 

loadings of Pb on the filter were achieved in each run, regardless of influent 

concentration (~3.4 mg Pb/g composite). This loading is well below the maximum 

theoretical loading of Pb on the composite (~25 mg/g, based on isotherm data), indicative 

of kinetically limited uptake at the extremely short contact time within the filter holder 

(i.e., longer contact times at slower fluxes may allow more complete utilization of the 

filter). XPS analysis of the filter after treatment of the second 300 µg/L pass revealed that 

Pb was not precipitated on the surface of the filter, as the characteristic Pb 4f peak of the 

XPS spectra was at 137.0 eV (e.g., not shifted to higher binding energies; Figure 4.21). 

This result contrasted with precipitation observed in batch systems at pH 6, indicating 

that the dominant mechanism for Pb removal (e.g., sorption vs. precipitation) is 

dependent on contact time and solution concentration. 

 During regeneration, more than 30% of the sorbed Pb was released in the first 10 

mL of dilute acid, representing more than 90% of the total recovery achieved (Figure 

4.20b). This is encouraging, as rapid contaminant recovery within minimal volumes is 

critical for disposal and/or treatment of waste regeneration solutions. Although 

regeneration of POU devices for Pb removal is currently not approved by the EPA, this 
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result indicates that these composites could both improve the sustainability of POU 

treatment devices for Pb removal and be applied at larger scales, where regeneration may 

be requisite for economic viability.  

 To further evaluate the practical applicability of the Fe2-SDS1 composite, flow-

through demonstrations were performed with real tap water (pH ~9.9; laboratory tap 

water collected after treatment at the University of Iowa Water Treatment Plant), spiked 

with 120 or 300 µg/L Pb. For both influents, removal of Pb to <15 µg/L was observed 

across the entire 12 L trial. As expected, based on the high pH and complex nature of the 

tap water, XPS analysis of the filter revealed precipitation of Pb on the composite 

surface, based on a shift in the Pb 4f region of the XPS spectra to 138.4 eV (relative to 

137.0 eV for Pb), indicative of lead oxide and/or hydroxycarbonate formation353 (Figure 

4.21). Although primarily attributed to precipitation, the observed removal efficiency 

indicates that a single user’s annual drinking water supply (assuming consumption of 2 

L/day, contaminated with ~300 µg/L Pb) could be supplied with only ~10 g of the 

composite. This calculation underscores the potential of these composites for practical 

deployment of nanomaterials for effective, scalable POU drinking water treatment. 

 

4.5 Conclusions 

Building on our previous work in development of functionalized polymer-iron 

oxide nanocomposites (Chapter 3), we demonstrated the utility of a sulfonate surfactant 

(SDS) in the single-pot synthesis of a porous electrospun polymer nanofiber-iron oxide 

nanoparticle composite for Cu, Pb, and Cd removal. For composites containing high iron 

oxide nanoparticle loadings, SDS inclusion in the precursor solution minimized nanofiber 
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beading and improved mechanical stability, while subsequent removal of SDS via rinsing 

enhanced composite pore volume. Further, SDS promoted nanoparticle surface 

segregation, enhancing the iron concentration at nanofiber surfaces and improving 

solution-phase accessibility of embedded nanoparticles, relative to composites containing 

only nanoparticles. These SDS-iron oxide nanoparticle synergies also influenced 

composite performance as a heavy metal sorbent. Relative to composites containing only 

nanoparticles, rinsed hybrid composites exhibited significantly higher removal capacities 

for Pb and Cu removal. Above a minimum nanoparticle loading threshold (0.25-1 wt%, 

depending on the target), embedded nanoparticles exhibited metal uptake activity 

comparable to that of freely dispersed nanoparticles. Above a maximum nanoparticle 

loading threshold (>2 wt%), nanoparticle aggregation in the polymer matrix likely limits 

further performance improvements and is detrimental to bulk mechanical stability. An 

optimized composite (7 wt% PAN, 2 wt% Fe nanoparticles, 1 wt% SDS) was selected for 

its mechanical durability, high capacity, and excellent utilization of embedded 

nanoparticle activity. This composite was applied for removal of an anionic target, 

arsenate, confirming the generalizability of this surfactant-assisted approach to composite 

fabrication, with the use of a removable surfactant facilitating extension to other 

nanomaterial types (e.g., carbon nanotubes, noble metal catalysts) and related 

applications. 

Importantly, using the optimized composite, Pb removal in batch systems was 

extended to demonstrations in flow-through systems representative of POU drinking 

water treatment of both idealized and real tap water matrices. Composite filters were 

effectively regenerated with minimal volumes of dilute acid. We established that an 
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individual user’s annual drinking water supply could be treated with ~10 g of material 

(assuming tap water contaminated with ~300 µg/L Pb). The small physical footprint 

required for treatment of contaminated water and the rapid recovery of retained Pb 

underscore the promise of these composites for the deployment of nanomaterials in 

sustainable, effective drinking water treatment. 
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Table 4.1. Langmuir model parameters for Cu isotherms (pH 6). 

 Unrinsed Materials: Copper Rinsed Materials: Copper 

Material KL (L/mg) Csorb (mg/g mat) Csorb (mg/g np) KL (L/mg) Csorb (mg/g) Csorb (mg/g np) 

Fe nanoparticles 0.32 ± 0.04  38.7 ± 1.4 -- -- -- 

PAN  1.9 ±1   -- -- -- 

Fe1 0.27 ±0.07 3.3 ± 0.2 26.0 ± 1.74 -- -- -- 

Fe2 0.32 ± 0.05 3.8 ± 0.2 17.0 ± 0.7 -- -- -- 

Fe3 0.41 ± 0.1 3.9 ± 0.3 13.0 ± 1.1 -- -- -- 

SDS1 -- -- -- 0.39 ±0.14  1.72 ±0.18 -- 

Fe0.1-SDS1 -- -- -- 0.37 ± 0.2 2.1 ±0.2 164 ± 16 

Fe0.25-SDS1 -- -- -- 0.06 ± 0.05 4.0 ±1.7 131 ± 54 

Fe0.5-SDS1 0.47 ± 0.16 2.7 ± 0.2 47 ± 3.6 0.13 ± 0.05 5.4 ± 0.8 94.0 ± 14 

Fe1-SDS1 0.28 ± 0.09 5.3 ± 0.5 48 ± 4.3 0.14 ±0.04 7.9 ±0.9 72.0 ± 8.3 

Fe1.5-SDS1 0.22 ± 0.05 8.0 ± 0.6 51.0 ± 3.6 0.17 ±0.04 8.9 ±0.8 56.8 ± 5.3 

Fe2-SDS1 0.29 ± 0.05 8.4 ± 0.4 42.0 ± 2.0 0.16 ±0.04 11.7 ±1.2 58.6 ± 6.0 

Fe2.5-SDS1 0.32 ± 0.07 10.7 ± 0.6 44.3 ± 2.7 0.22 ± 0.05 11.9 ±0.9 49.6 ± 3.8 

Fe3-SDS1 0.39 ± 0.1 11.2 ± 0.9 41.9 ± 3.3 0.28 ±0.05 11.5 ±0.07 43.0 ± 2.4 

Fe3-SDS3 0.39 ± 0.06 10.9 ± 0.5 46.9 ± 2.2 0.17 ± 0.06 10.9 ± 0.5 47.1 ± 2.1 
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Table 4.2. Langmuir model parameters for Pb isotherms (pH 6). 

 Unrinsed Materials: Lead Rinsed Materials: Lead 

Material KL (L/mg) Csorb (mg/g mat) Csorb (mg/g np) KL (L/mg) Csorb (mg/g) Csorb (mg/g np) 

Fe nanoparticles 0.27 ± 0.06 -- 106 ± 5.8 -- -- -- 

PAN -- 1.7 ± 0.9 -- -- -- -- 

Fe1 0.14 ± 0.04 12.6 ± 1.0 100 ± 8.0 -- -- -- 

Fe2 0.10 ± 0.02 19.2 ± 1.0 86.4 ± 4.5 -- -- -- 

Fe3 0.18 ± 0.05 18.2 ± 1.2 61.2 ± 4.2 -- -- -- 

SDS1 -- -- -- 0.10 ± 0.09 1.6 ± 0.5 -- 

Fe0.5-SDS1 0.75 ± 0.1 6.0 ± 0.1 104 ± 2.0 0.27 ± 0.08 5.8 ± 0.4 102 ± 6.3 

Fe1-SDS1 0.66 ± 0.2 11.0 ± 0.5 100 ± 4.9 0.18 ± 0.05 12.9 ± 0.8 117 ± 7.2 

Fe1.5-SDS1 0.60 ± 0.1 17.8 ± 0.6 114 ± 4.1 0.19 ± 0.05 18.8 ± 1.2 119 ± 7.6 

Fe2-SDS1 0.50 ± 0.1 26.3 ± 0.9 132 ± 4.5 0.22 ± 0.05 25.6 ± 1.4 128 ± 7 

Fe2.5-SDS1 0.60 ± 0.07 29.1 ± 0.6 121 ± 2.6 0.23 ± 0.07 28.7 ± 1.9 119 ± 7.8 

Fe3-SDS1 0.53 ± 0.09 35.1 ± 1.1 131 ± 4.1 0.31 ± 0.06 31.4 ± 1.3 117 ± 4.8 
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Table 4.3. Langmuir model parameters for Cd (pH 7). 

 Unrinsed Materials: Cadmium Rinsed Materials: Cadmium 

Material KL (L/mg) Csorb (mg/g mat) Csorb (mg/g np) KL (L/mg) Csorb (mg/g) Csorb (mg/g np) 

Fe nanoparticles 0.37 ± 0.09 -- 13.3 ± 0.7 -- -- -- 

PAN -- 0.7 ± 0.4 -- -- -- -- 

Fe1 0.30 ± 0.21 3.6 ± 0.6 28.5 ± 4.5 -- -- -- 

Fe2 0.37 ± 0.13 5.0 ± 0.4 22.4 ± 1.7 -- -- -- 

Fe3 0.17 ± 0.06 5.1 ± 0.51 17.1 ± 1.7 -- -- -- 

SDS1 0.27 ± 0.08 1.25 ± 0.1 -- 0.11 ± 0.02 3.5 ± 0.27 -- 

Fe0.5-SDS1 0.36 ± 0.1 2.4 ± 0.2 42.0 ± 3.2  0.16 ± 0.06  3.3 ± 0.4  56.0 ± 6.7  

Fe1-SDS1 0.64 ± 0.3 2.0 ± 0.1  18.0 ± 1.3  0.1 ± 0.04 5.8 ± 1.0 52.7 ± 8.7 

Fe1.5-SDS1 0.14 ± 0.04  4.9 ± 0.5  31.5 ± 3.3  0.11 ± 0.04  6.1 ± 0.9 39.1 ± 5.6 

Fe2-SDS1 0.45 ± 0.2 3.7 ± 0.3 18.3 ± 1.7 0.19 ± 0.05  5.2 ± 0.4  26.2 ± 1.9  

Fe2.5-SDS1 0.3 ± 0.1  4.6 ± 0.4  18.9 ± 1.6  0.13 ± 0.04  7.6 ± 0.8  31.6 ± 3.2  

Fe3-SDS1 0.4 ± 0.1 4.5 ± 0.2 16.6 ± 0.9 0.24 ± 0.07 6.5 ± 0.5 24.2 ± 1.9 
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Figure 4.1. (a) HRTEM image and (b) XRD spectra of ~3 nm Fe2O3 nanoparticles (Alfa 

Aesar), which were used as received, showing that nanoparticles are uniformly sized and 

amorphous. 
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Figure 4.2. Results of composite digestion in strong acid (5N H2SO4; 0.25 g/L composite 

mass loading) for 24 h, for PAN-Fe and PAN-Fe-SDS composites containing 1, 2 and 3 

wt% Fe and 1 wt% SDS. (a) Total experimental Fe content (as mg Fe/g mat) and (b) 

fraction of theoretical Fe content, based on the theoretical Fe nanoparticle loading in the 

composite and the Fe content of Fe nanoparticles (625 ± 14 mg Fe /g nanoparticle, 

determined via 24 h digestion in 5N H2SO4; 0.125 g/L nanoparticle loading).  
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Figure 4.3. Digital images showing (a) the effect of increasing Fe nanoparticle loading on 

PAN-Fe-SDS composites, relative to unmodified PAN, and (b) flexibility of a 

representative composite, and representative SEM images of (c) unmodified PAN, (d-e) 

Fe3, and (f-g) Fe3-SDS1. Nanofibers containing Fe nanoparticles exhibit surface 

roughness, relative to the smooth surfaces of PAN nanofibers, and nanoparticle aggregates 

are visible on the nanofiber surfaces. 
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Figure 4.4. Nanofiber diameter histograms and representative SEM images of nanofiber 

composites, including unmodified PAN, SDS1, Fe1, Fe2, Fe3, Fe0.5-SDS1, Fe1-SDS1, 

Fe1.5-SDS1, Fe2-SDS1, Fe2.5-SDS1, Fe3-SDS1, and Fe3-SDS3. Average nanofiber 

diameters (from measurement of >100 nanofibers in ImageJ® software) are noted on each 

histogram. Inclusion of 3 wt% Fe nanoparticles yielded a slight (but not statistically 

significant) decrease in nanofiber diameter, relative to unmodified PAN, while inclusion 

of 1 wt% SDS yielded a slight increase in nanofiber diameter. Limited differences relative 

to SDS1 were observed with inclusion of both Fe nanoparticles and 1 wt% SDS in 

nanofiber composites, although the inclusion of both 3 wt% Fe and 3 wt% SDS yielded 

significantly larger nanofiber diameters (presumably due to increased viscosity at the 

higher SDS concentration). 
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Figure 4.5. Representative SEM images of Fe2-SDS1, showing nanofiber uniformity and 

surface roughness of nanofibers, due to nanoparticle aggregates at or near the nanofiber 

surfaces. 

Fe2-SDS1
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Figure 4.6. BET (a) surface areas and (b) pore volumes of PAN-Fe, PAN-Fe-SDS, and 

rinsed PAN-Fe-SDS composites, relative to that of unmodified PAN. 
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Figure 4.7. (a) XPS spectra of the Fe 2p region for Fe3 and Fe3-SDS1 composites, and 

XPS survey scans of (b) Fe3 and (c) Fe3-SDS1 composites, with C 1s, N 1s, O 1s, and Fe 

2p peaks labeled. 
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Figure 4.8. (a) Iron dissolution in dilute acid from PAN-Fe and PAN-Fe-SDS composites, 

as mg Fe/g mat (0.1 N H2SO4, 0.25 g/L mass loading). (b) Rates of iron dissolution [as mg 

Fe/(g mat-h), calculated from data in panel (a)] for PAN-Fe-SDS composites (red) and 

PAN-Fe composites (gray), plotted against theoretical Fe content (as mg Fe np/g mat, based 

on Fe nanoparticle loading in the composite material). (c) Iron dissolution rate data, 

normalized to theoretical Fe loading in the composite, showing that rate of dissolution from 

PAN-Fe-SDS composites is ~2.5 times that from PAN-Fe materials, due to improved 

solution phase accessibility of Fe nanoparticles upon inclusion of SDS. 
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Figure 4.9. Representative cross-sectional TEM images of (a) Fe3 and (b) Fe3-SDS1 

composites, showing comparable dispersion of Fe nanoparticles, regardless of SDS 

inclusion. 
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Figure 4.10. Sorption isotherms for (a,d,g) copper, (b,e,h) lead, and (c,g,i) cadmium uptake 

by nanofiber composites, with Langmuir model fits. (a-c) SDS1 (unrinsed and rinsed) and 

PAN-Fe composites (Fe1, Fe2, Fe3), relative to the capacity of unmodified PAN; (d-f) 

unrinsed PAN-Fe-SDS composites; and (g-i) rinsed PAN-Fe-SDS composites. 
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Figure 4.11. Reversibility of rinsed Fe2-SDS1 composites for uptake of (a) Cu (pH 6), (b) 

Pb (pH 6), and Cd (pH 7), by replacement of solution containing the heavy metal target 

with fresh buffer after 24 h equilibration, followed by a second 24 h equilibration period. 

Partial irreversibility was observed for Cu, while composites exhibited near-total 

irreversibility of uptake for Pb and Cd, likely due to precipitation. Experimental conditions: 

0.5 g/L composite mass loading; 10 mM MES for pH 6, 10 mM HEPES for pH 7. 
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Figure 4.12. (a) XRD spectra of dried Fe2-SDS1-R after sorption of Cu (blue), Pb (green) 

or Cd (pink), or after mixing at equivalent conditions in the absence of an added metal 

(black). XPS spectra of Pb 4f and Cd 3d regions are shown for Fe2-SDS1-R composites 

after sorption of (b) Pb or (c) Cd, respectively. Sorption of Cu and Pb was performed in 10 

mM MES at pH 6; sorption of Cd was performed in 10 mM HEPES at pH 7; 0.5 g/L mat 

mass loading; 10 mg/L Cu, Pb, or Cd initial concentration. 
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Figure 4.13. Effect of SDS concentration (1 vs. 3 wt%) on Cu isotherms, for unrinsed and 

rinsed composites with a 3 wt% Fe nanoparticle loading (Fe3-SDS1 vs. Fe3-SDS). 
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Figure 4.14. Maximum mat-normalized (a) Cu, (b) Pb, and (c) Cd uptake capacities of 

PAN-Fe (gray) and rinsed PAN-Fe-SDS (blue) composites (as mg Cu, Pb, or Cu/g mat), 

relative to the capacity of SDS1-R, from Langmuir model fits in Figure 4.10. 
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Figure 4.15. Comparison between trends in mat-normalized maximum capacities for Pb, 

Cu, and Cd with rinsed PAN-Fe-SDS composites, across theoretical Fe content (as mg Fe 

np/g mat). Notably, Pb uptake continues to increase with increasing Fe nanoparticle 

loading (due to co-precipitation of lead oxide), while Cu uptake plateaus above 2 wt% Fe 

nanoparticle loading and minimal differences in Cd uptake are observed across Fe 

nanoparticle loadings. 
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Figure 4.16. Dotted gray (PAN-Fe) and dotted green (PAN-Fe-SDS) bars show capacities 

normalized to Fe nanoparticle loading for (a) Cu, as mg Cu/g Fe np; (b) Pb, as mg Pb/g Fe 

np; and (c) Cd, as mg Cd/g Fe np. Solid inset bars show nanoparticle loading-normalized 

capacities after adjustment for the contribution of the polymer support. 
*Nanoparticle loading-normalized capacities do not represent true capacities, as they do not 

account for the contribution of the polymer support. 
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Figure 4.17. Kinetics of removal on rinsed Fe2-SDS1 composites for (a) excess initial 

concentrations (10 mg/L Pb, Cu, or Cd) or (b) concentrations relevant to drinking water 

treatment (3 mg/L Cu, 300 µg/L Pb, or 50 µg/L Cd). Experimental conditions: 0.5 g/L 

composite mass loading (one reactor per time point); 10 mM MES buffer, pH 6 (Pb, Cu) 

or 10 mM HEPES buffer, pH 7 (Cd). 
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Figure 4.18. pH-dependent uptake of (a) Pb, (b) Cu, and (c) Cd on rinsed Fe2-SDS1 (initial 

concentration 10 mg/L) on Fe2-SDS1-R (green), SDS1-R (purple), and dispersed Fe 

nanoparticles (red), with dominant species shown, as relevant. 
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Figure 4.19. (a) Sorption isotherms for arsenic (arsenate) at pH 7 with Fe nanoparticles, 

Fe2-SDS1-R, and Fe2 and (b) pH-dependent uptake of arsenic by Fe nanoparticles and 

Fe2-SDS1-R, with capacity normalized to nanoparticle loading for composite materials. 
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Figure 4.20. (a) Treatment of influents containing Pb in simulated POU drinking water 

treatment, for idealized influent matrices containing 120 (green) or 300 (blue) µg/L Pb. 

Solid symbols show the first pass through the filter, and open symbols show the second 

pass after regeneration with 100 mL dilute acid (0.1 N HNO3). (b) Lead concentration 

during regeneration after first-pass treatment of 300 µg/L Pb influent, with inset showing 

the percent recovery of Pb removed by the filter. Experimental conditions: Dead-end filter 

holder has a 47 mm outer diameter and 40 mm inner diameter (active area 12.6 cm2). Filters 

are Fe2-SDS1 composites (~170 mg within the active area), supported on a 0.65 µm PVDF 

disc filter, and preconditioned with 0.5 L DI water. Flux is ~950 LMH (20 mL/min), and 

influent is buffered in 10 mM MES to pH 6. 
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Figure 4.21. XPS spectra of the Pb 4f region for Fe2-SDS1 composites after batch removal 

of 10 mg/L Pb (10 mM MES, pH 6; green), flow-through removal of 300 ug/L Pb (10 mM 

MES, pH 6; red), and flow-through removal of 300 ug/L Pb (tap water, pH 9.9; blue). The 

shifts seen for batch removal and flow-through removal from tap water to binding energies 

>137.0 eV are indicative of Pb (hydr)oxide/hydroxycarbonate precipitation. 
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CHAPTER 5: CONCLUSIONS 

Faced with a dwindling supply of pristine drinking water, next-generation 

drinking water treatment technologies must be developed to facilitate the safe and 

efficient use of available, albeit compromised, drinking water sources. Further, point of 

use (POU) treatment systems are increasingly necessary to protect decentralized 

consumers (e.g., rural Americans reliant on private drinking water wells), as well as 

centralized users (e.g., urban Americans reliant on an aging, corroding drinking water 

distribution system). Nanomaterials are ideal candidates for application in such next-

generation systems, due to their small sizes and associated high reactivity. We hold that 

practical application of nanomaterials in drinking water treatment must occur within 

cohesive, nanostructured networks that can be applied in simple, easy-to-use systems, 

provide efficacious treatment at high fluxes, and maximize available reactive surface area 

while preventing nanomaterial release into the treated supply and natural environment. 

However, to the best of our knowledge, demonstrations of such materials are limited. 

This work was motivated by the need for improved drinking water treatment 

technologies, and the gap between the potential of nanomaterials and their deployment in 

practical water treatment systems. We believe that electrospinning, a highly scalable 

fabrication technique that produces cohesive, stand-alone, non-woven nanofiber mats, 

can be utilized to immobilize nanomaterials while avoiding reactivity limitations due to 

encapsulation within the support matrix. Accordingly, this work explored the 

immobilization of carbon nanotubes and iron oxide nanoparticles within porous carbon 

and polymeric nanofiber networks, and the potential of these nanocomposites as sorbents 
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for removal of organic micropollutants and heavy metal contamination from drinking 

water.  

The research chapters herein present the development of novel carbon- and 

polymer-based nanocomposite sorbents. Briefly, Chapter 2 demonstrates the fabrication 

of an optimized macroporous carbon nanofiber-carbon nanotube composite sorbent for 

removal of organic micropollutants. Chapter 3 establishes the ability to synthesize, via 

single-pot synthesis, hybrid iron oxide-ion exchange polymeric composites for removal 

of metal oxyanions. Chapter 4 builds upon work in Chapter 3, extending the surfactant-

assisted fabrication methodology to development of a porous iron oxide-polymer 

composite sorbent for removal of cationic heavy metals. A more detailed outline of these 

findings is provided below. 

Collectively, this work establishes new fabrication methodologies that represent a 

significant contribution to the development and deployment of carbon and iron oxide 

nanocomposite filters in drinking water treatment. Insights are developed regarding the 

balance between material strength and reactivity, and methods for improving solution-

phase accessibility of embedded nanotubes and nanoparticles. Outcomes of this work 

should assist practical deployment of carbon nanotubes and iron oxide nanoparticles in 

next-generation POU drinking water treatment. 

Further, and perhaps most importantly, results herein may guide development of a 

broader range of nanocomposites, and enable greater utilization of nanomaterials within 

safe, self-contained filtration devices. Future nanocomposites could incorporate metal-

oxide and noble metal catalysts for energy generation/storage, nano-alumina for fluoride 

removal, nano-silver for antimicrobial applications, or nano-titanium dioxide for 
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photocatalysis of organic micropollutants. Accordingly, the materials developed herein 

serve as a basis for next-generation POU treatment technologies that will enable 

consumption of compromised drinking water sources, while protecting the health of 

drinking water consumers. There are many potential avenues for further investigation and 

future developments that stem from this work, some of which are discussed in greater 

detail below. 

 

5.1 CNF-CNT Composite for Removal of Organic Micropollutants 

In Chapter 2, we developed an electrospun carbon nanofiber-carbon nanotube 

composite sorbent for removal of organic micropollutants in drinking water, achieving an 

optimal balance between sorption capacity and material strength. Embedded multi-walled 

CNTs both improved material strength and imparted sorption capacity, while inclusion of 

a moderate degree of macroporosity (produced via sublimation of the volatile organic, 

phthalic acid) both improved material flexibility and promoted solution-phase access to 

embedded CNTs. We found that although unmodified CNFs exhibited negligible sorption 

capacity for two representative organic micropollutants, atrazine and sulfamethoxazole, 

composite sorption capacity improved with higher CNT loadings and a greater degree of 

macroporosity. However, the material with the highest degree of macroporosity (and thus 

the highest sorption capacity) also exhibited the lowest material strength, limiting its 

practical applicability in a treatment system. These findings guided selection of an 

optimized material containing 2 wt% CNTs and 2.4 wt% phthalic acid, which represented 

a compromise between material strength and reactivity.  
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Further, we observed distinct behavior of phthalic acid in composites with and 

without incorporated CNTs, indicating that specific interactions between CNTs and 

phthalic acid influenced generation of macroporosity. This phenomenon merits further 

examination, and could be utilized to guide fabrication of macroporous carbon 

composites that contain active nanomaterials other than CNTs.  

Other key outcomes of Chapter 2 relate to practical demonstrations of CNF-CNT 

filters, and may drive future development and application of such nanocomposite 

technologies. First, the optimized composite exhibited surface area-normalized capacities 

for atrazine and sulfamethoxazole that were comparable to a commercially available 

granular activated carbon. However, kinetics of uptake on the CNF-CNT composite were 

significantly faster than that observed for GAC, and instead more closely mirrored uptake 

rates observed for freely dispersed CNTs. This indicated that the CNTs, as the active 

sorbent within the composite structure, enable composite application for rapid (e.g., high 

flux) drinking water treatment. Further, application of the optimized composite in a flow-

through system representative of POU drinking water treatment for removal of a suite of 

10 diverse organic micropollutants revealed that CNF-CNT composites are generally 

most effective towards hydrophobic species, or rely on specific interactions with target 

moieties (such as heterocyclic N groups or acid/base groups) to promote uptake. Removal 

trends reflected those observed for micropollutant removal in CNT dispersions, even in 

the presence of interfering co-solutes (e.g., bicarbonate), implying that tailoring CNT 

surface functionality could yield improvements in the ability of the composite to target 

specific compounds. 
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5.2 Functionalized Polymer-Iron Oxide Composite for Metal Oxyanion Removal 

In Chapter 3, we expanded upon the single-pot electrospinning techniques 

developed in Chapter 2 to fabricate a polymeric iron oxide-ion exchange nanofiber 

composite for removal of heavy metal oxyanion contamination. The hybrid composites 

contained both amorphous iron oxide nanoparticles (ferrihydrite; Fh) and a quaternary 

ammonium surfactant (QAS), which were added to the electrospinning precursor 

solution. The iron oxide and ion exchange sites on the hybrid composite were selective 

for arsenate and chromate removal, respectively, in both equilibrium (e.g., batch) and 

dynamic (e.g., flow-through) systems. 

We discovered that the molecular structure of the quaternary ammonium surfactant 

affected its retention within the polyacrylonitrile nanofiber matrix, with improved 

retention of tetrabutylammonium bromide (TBAB), which has multiple, short 

hydrocarbon tails relative to cetyltrimethylammonium bromide (CTAB), which has a 

single, long hydrocarbon tail. The optimized composite (polyacrylonitrile 7 wt%, TBAB 

1 wt%) exhibited excellent retention of the surfactant within the polymer matrix. This 

represents a novel method for fabrication of ion exchange fibers, requiring significantly 

less material inputs and processing relative to conventional methods of polymer surface 

functionalization. 

Further, we observed interesting synergies between the surfactant and the 

embedded iron oxide nanoparticles. First, relative to materials containing only the 

embedded iron oxide, inclusion of both the quaternary ammonium surfactant and the iron 

oxide nanoparticles in the electrospinning precursor solution both improved solution 

phase accessibility of the iron oxide and yielded enrichment of iron oxide nanoparticles at 
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nanofiber surfaces, relative to composites containing only the nanoparticles. Additionally, 

the optimized composite containing both quaternary ammonium functional groups and 

embedded iron oxide nanoparticles (polyacrylonitrile 7 wt%, TBAB 1 wt%, iron oxide 

nanoparticles 3 wt%) exhibited improved arsenate capacity relative to composites 

containing only the iron oxide. We posit that the cationic quaternary ammonium groups 

promoted transport of arsenate ions to the iron oxide surfaces at which removal occurred.  

Notably, the arsenate capacity of hybrid composites, when normalized to the 

nanoparticle content of the material, was comparable to the capacity of unsupported 

(freely dispersed) iron oxide nanoparticles. This result highlights the unique potential of 

these materials, suggesting that the inclusion of surfactants in electrospun composites can 

facilitate deployment of immobilized nanoparticles with minimal losses in nanoparticle 

reactivity. Additionally, we discovered that inclusion of iron oxide nanoparticles in the 

hybrid polymer-Fh-QAS matrix dampened the inhibitory effect of ionic co-solutes, 

relative to the polymer-QAS material, both in batch and flow-through systems. Based on 

batch uptake studies in the presence of interfering co-solutes, we propose that application 

of the composite in a semi-batch/semi-continuous flow reactor could help to further limit 

matrix interferences that were observed in kinetically limited regimes for influents with 

high ionic strength. 

The material developed in Chapter 3 represents a starting point for development 

of a suite of comparable nanoparticle-QAS hybrid composites for a range of applications. 

These included removal/recovery of nutrients (i.e., nitrate and phosphate), inactivation 

and removal of bacteria and viruses with a nano-silver/QAS composite (in addition to 

silver,354,355 QAS are inherently biocidal264,356), or removal of fluoride with a nano-
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alumina/QAS composite (activated alumina is commonly used for fluoride 

removal357,358).  

 

5.3 Polymer-Iron Oxide Composite for Treatment of Cationic Heavy Metal 

Contamination 

Chapter 4 extended the fabrication methodology developed in Chapter 3 to 

explore the utility of the anionic surfactant, sodium dodecyl sulfate (SDS), in fabrication 

of polyacrylonitrile (PAN)-iron oxide nanoparticle composites for lead, copper, and 

cadmium removal. We discovered that SDS (and synergies between SDS and iron oxide 

nanoparticles) played several key roles in composite fabrication. SDS acted as a 

removable porogen, enhancing composite surface area after removal from the composite 

via rinsing with water. Inclusion of SDS in the electrospinning precursor solution also 

facilitated electrospinning of solutions containing high concentrations of iron oxide 

nanoparticles, presumably due to improved dispersion of nanoparticles throughout the 

precursor solution. Finally, SDS acted as an “agent” for surface-segregation of iron oxide 

nanoparticles, enhancing the concentration of iron at the nanofiber surfaces relative to 

composites containing only the iron oxide nanoparticles. This result supported evidence 

in Chapter 3 for the novel surfactant-assisted surface enrichment of nanoparticles during 

single-pot syntheses of electrospun nanofiber composites. 

Beyond the effect of SDS on material characteristics, we systematically evaluated 

the influence of SDS and commercially available iron oxide nanoparticle loadings on 

material performance for heavy metal removal, in terms of composite capacity and the 

degree of accessibility of nanoparticle reactive surface area. Composite materials that 
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contained SDS in the precursor solution were rinsed to remove the surfactant prior to 

performance demonstrations.  

Performance evaluations for copper and lead removal yielded several notable 

results. First, inclusion of SDS in the precursor solution improved nanoparticle 

accessibility within the nanofiber matrix, as evidenced by significantly higher copper and 

lead uptake capacities for PAN-Fe-SDS composites relative to PAN-Fe materials. This 

effect was attributed to (i) improved nanoparticle dispersion in the polymer matrix, which 

enhanced the amount of available iron oxide surfaces for metal uptake; (ii) SDS-

promoted surface-segregation of the iron oxide nanoparticles; and (iii) porosity generated 

via SDS removal, all of which improved solution-phase accessibility of the nanoparticles. 

Second, we observed diminishing improvements in copper and lead uptake capacities for 

PAN-Fe-SDS composites with nanoparticle loadings >2 wt%, indicating that at higher 

nanoparticle loadings, aggregation within the polymer matrix may limit further 

improvements in composite performance. Additionally, we discovered that upon 

inclusion of SDS, embedded nanoparticles in composites containing > 0.5 wt% 

nanoparticle loadings exhibited comparable reactivity to unsupported (freely dispersed) 

nanoparticles across multiple targets (e.g., copper and lead). This was a notable result, as 

it echoed results from Chapter 3, and demonstrated that a removable surfactant could 

assist in the fabrication of composites that both immobilize nanoparticles and allow better 

utilization of their reactive surfaces and associated uptake capacities. The optimized 

composite (PAN 7 wt%, iron oxide nanoparticles 2 wt%, SDS 1 wt%) was selected as a 

balance between utilization of embedded nanoparticle capacity, and bulk composite 

capacity for copper and lead removal. 
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Further, we demonstrated application of the optimized composite in a flow-through 

system for lead removal from both idealized (e.g., MES-buffered, no interfering co-

solutes) and complex (e.g., real tap water) matrices. Notably, acid regeneration of the 

composite (with 0.1 N HNO3) yielded ~40% recovery of retained Pb, with >99% of 

recovery occurring within the first 100 mL of regeneration solution. Comparable 

treatment performance was observed during application after regeneration. The rapid 

recovery of retained Pb is notable, as it facilitates both composite recovery and 

disposal/treatment of regeneration solutions. Further, based on performance 

demonstrations that utilized a minimal amount of material (~170 mg) at a high flux (~950 

LMH) in real tap water from the University of Iowa, ~10 g of the nanofiber composite 

would be required for treatment of a single users’ annual supply of drinking water 

(assuming consumption of 2 L/day, contaminated with ~300 ug/L Pb). In combination, 

these results highlight the unique potential of these composites in enabling deployment of 

nanomaterials for sustainable, effective drinking water treatment at a range of scales. 

 

5.4 Future Research 

This study contributes to the fabrication of nanocomposites and the practical 

deployment of nanomaterials in drinking water treatment, through the development of 

several novel, electrospun composites. However, further research is needed to improve 

the materials developed herein, to expand upon our understanding of their properties and 

treatment performance, and to extend material fabrication concepts to other material 

types and applications. Specific avenues of potential future research are discussed in 

detail below. 



 

218 

5.4.1 Development of functionalized CNF-CNT composites 

The CNF-CNT composite developed in this study contained non-functionalized 

CNTs, and exhibited performance trends that echoed removal performance of those 

CNTs (e.g., the composite was most effective for removal of more hydrophobic species). 

The CNF-CNT composite could be improved by modifying the composite surface to 

target removal of more polar micropollutants. Methods for CNT surface functionalization 

are well-established, and the potential for various CNT surface functionalities (e.g., 

nitrogen- or oxygen-containing groups) in improving removal of specific pollutants has 

been extensively evaluated.57,74,82,88 However, the aggressive chemical conditions (i.e., 

elevated temperatures, highly acidic solutions) necessary for CNT functionalization could 

not be applied for functionalization of CNF-CNT composites, as material structural 

integrity would be sacrificed.  

Given that performance of the CNF-CNT composite reflected performance of the 

embedded CNTs, the inclusion of CNTs with specific surface functionalities (e.g., amine, 

carboxyl) in the electrospinning precursor solution could yield composites that retain the 

behavior of those functionalized CNTs. Through preliminary work not included herein, 

we evaluated the inclusion of CNTs with surface oxygen functional groups (introduced 

via aqueous phase ozonation of the non-functionalized CNTs utilized in Chapter 2). We 

observed that inclusion of the ozonated CNTs yielded CNFs that were significantly 

weaker, due to a significantly higher degree of macroporosity. While we hypothesize that 

loss of surface oxygen groups from the CNT surfaces during carbonization contributed to 

macroporosity generation, this point is worthy of systematic investigation. 
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The inclusion of CNTs with different types of oxygen- and nitrogen-containing 

functional groups and the retention of those functional groups during CNF fabrication 

would ideally be investigated via energy dispersive x-ray spectroscopy (EDX) and X-ray 

photoelectron spectroscopy (XPS) analyses of CNTs before and after thermal processing 

steps identical to those used for CNF fabrication. CNTs that are able to retain their 

surface functionalities during thermal processing should be incorporated in CNF-CNT 

composites, with the use of EDX to probe material functionalization (XPS would be less 

useful for CNF-CNT composites, as CNTs are primarily embedded within nanofibers, 

thus limiting the contribution of their functional groups to the surface composition of the 

CNF-CNT composite).  

Further, based on the enhanced macroporosity observed for CNF-CNT 

composites developed using the aforementioned ozonated CNTs, lower carbonization 

(pyrolysis) temperatures may be useful to achieve a balance between sufficient 

macroporosity to allow solution-phase accessibility of embedded CNTs and maintaining 

nanofiber integrity to produce a mechanically stable CNF-CNT composite. This effect 

may also extend to CNTs with nitrogen-containing surface functionalities. 

Of course, beyond effects on material characteristics, both the inclusion of 

functionalized CNTs in CNF-CNT composites and potential changes to pyrolysis 

temperatures must be correlated with removal performance toward specific 

micropollutant targets, with benchmarks to the performance of non-functionalized CNT 

and CNF-CNT composites. For example, the use of CNTs with amine (-NH2), carboxyl (-

COOH), or hydroxyl (-OH) surface functional groups may improve removal of 
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contaminants that were poorly or moderately retained in Chapter 2 (e.g., cotinine, 

metoprolol, acetaminophen) through specific interactions, such as hydrogen bonding. 

5.4.2 Deployment of CNF-CNT composites in energy applications 

Beyond modification of the CNF-CNT composite to improve targeted 

micropollutant removal, the composite is an advanced nanocarbon platform broadly 

relevant to energy and electrochemical applications. For example, several groups have 

demonstrated the utility of electrospun carbon nanofiber networks as supercapacitors, 

which are a promising energy storage alternative to batteries.198,202 Further, the inclusion 

of CNTs in the flexible nano-carbon network can improve the conductivity and specific 

capacitance of the material.201 The mechanical stability of the material developed in this 

study may enable practical application of such CNF-CNT composites for energy storage, 

which is a vital component of the transition to renewable (but intermittent) energy 

sources, such as wind and solar. 

Further, the flexible CNF-CNT composite could be modified for application in 

microbial fuel cells (MFCs), which are a promising technology for recovery (and 

subsequent conversion to electricity) of the potential energy in wastewater. Although 

power generation efficiencies currently limit widespread applicability of MFCs, the 

development of improved anode materials could help to overcome the barrier to 

application.359 Conventional anodes, such as carbon paper, cloth, and foam, typically lack 

either one or more necessary characteristic, such as sufficiently high surface area, 

porosity, or conductivity.197 Manickam et al. demonstrated the improved performance of 

a steam-activated carbon nanofiber nonwoven, relative to carbon cloth and granular 

activated carbon anodes.196,197 However, they noted that material conductivity was 
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significantly lower than that of the commercial materials,197 indicating that performance 

could be further improved by enhancing material conductivity. Although the inclusion of 

CNTs in the composite material could inhibit bacterial growth, given the known 

antimicrobial properties of CNTs,62 substitution of carbon nanoparticles for CNTs could 

produce a flexible, highly conductive anode material that would both allow biofilm 

formation and yield performance improvements relative to both CNF-based and 

conventional carbon anodes. 

5.4.3 Systematic evaluation of polymer- and nanoparticle- surfactant interactions in 

hybrid polymeric composites 

Based on the electrospinning knowledge established through development of the 

CNF-CNT composite, work in Chapter 3 focused on a polyacrylonitrile support. 

However, extension of hybrid polyacrylonitrile-surfactant fabrication recipes to other 

polymers could yield improved understanding of the role of the polymer component in 

the hybrid system. For example, electrospinning of quaternary ammonium surfactants in 

both hydrophilic polymers (e.g., poly(vinyl alcohol) or nylon 6,6) and hydrophobic 

polymers (e.g., poly(methyl methacrylate), polyvinylidine fluoride, or polystyrene) could 

help to elucidate the role of the polymer support characteristics in retention of the 

quaternary ammonium surfactant in the polymer matrix. For example, surfactants may 

exhibit improved surface segregation within hydrophobic polymers due to exclusion of 

the charged surfactant heads from within the polymer matrix. Such an effect could lower 

the quaternary ammonium surfactant loading necessary to achieve a certain concentration 

of surface-active ion exchange sites. Alternatively, such an exclusionary effect in 

hydrophobic polymers could hinder retention of the surfactant within the polymer matrix. 
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Additionally, particularly for hydrophobic polymers, the inclusion of quaternary 

ammonium surfactants may influence the water permeability (e.g., flux) through the 

membrane, which may in turn effect both surfactant retention and composite 

performance. Evaluation of the fundamental properties of the electrospinning precursor 

solutions, particularly the solution viscosity and the critical micelle concentration (CMC) 

of the surfactant in the polymer-solvent mixture, is essential for understanding behavior 

of the surfactant during electrospinning. While CMC values are typically reported for 

surfactants in aqueous solutions, the technique of using conductivity measurements to 

determine the concentration at which micelle formation occurs has been applied to 

surfactants in polar, non-aqueous solvents, and could be readily extended to mixtures of 

polymers in such non-aqueous solvents.324,360   

Similarly, within the polyacrylonitrile system, inclusion of quaternary ammonium 

surfactants with systematically varied carbon chain lengths and structures would provide 

further insights into the mechanism by which surfactant retention and surface segregation 

occurs. For example, use of a quaternary ammonium compound such as 

tetraoctylammonium bromide (which has carbon chains that are twice the length of the 

TBAB used in this study) could facilitate retention of higher surfactant loadings within 

the polymer matrix, due to enhanced entanglement with the polymer. 

Likewise, evaluation of nanoparticle-surfactant interactions could yield insights 

into the mechanism by which surface segregation of nanoparticles occurs. Although this 

work focused on the use of iron oxide nanoparticles in polymeric composites, due to their 

relevance for heavy metal removal, examination of surfactant interactions with other 

types of nanomaterials (e.g., silver nanoparticles, carbon nanotubes) could facilitate 



 

223 

extension of the composites developed herein to other applications. The influence of 

varying surfactant concentrations on the degree of nanoparticle dispersion in the 

electrospinning precursor solution solvent could be evaluated by qualitatively by 

transmission electron microscopy (TEM) and quantitatively by dynamic light scattering 

(DLS). Although these experiments could not be conducted with inclusion of the 

polymer, knowledge of the minimum surfactant concentration necessary for nanoparticle 

dispersion would provide a baseline for understanding nanoparticle dispersion in the 

system. Simple “settling” tests after nanoparticle sonication in solvent, solvent-surfactant, 

and solvent-surfactant-polymer solutions could be employed to correlate DLS 

measurements with behavior in the electrospinning precursor. Further, zeta potential 

analyses could be used to examine the effect of varied surfactant concentrations on the 

surface change of nanoparticles. Insights from zeta potential measurements could be 

correlated with XPS analysis of composite materials to better understand the influence of 

surfactant-nanoparticle interactions on surface segregation within the polymer matrix.  

5.4.4 Extension of nanoparticle-ion exchange composites to other application 

platforms 

Systematic evaluations of polymer-surfactant and nanoparticle-surfactant 

interactions will strengthen understanding of the polymeric composites developed in 

Chapters 3 and 4, and may lead to variations of the material “recipes” established herein. 

Several suggestions for material variations, based on substitution of the QAS and/or the 

iron oxide nanoparticle for suitable alternatives that are relevant to specific end-

applications, are presented in the sections that follow.  
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5.4.4.1 Nutrient removal 

First, the iron oxide-ion exchange composite could be directly applied for nutrient 

removal, targeting nitrate and phosphate via ion exchange and sorption, respectively. 

Nutrient pollution is one of the costliest and most extensive water quality challenges in 

the United States.361 Excess nitrate and phosphate loadings in surface waters can lead to 

eutrophication, damaging both water quality and ecosystem health. Algae in surface 

waters may produce toxins that can pass through treatment plants, and contaminate 

drinking water. Further, excess nitrate in groundwater that is used as a drinking water 

source is particularly dangerous for infants, as nitrate can decrease the oxygen carrying 

capacity of hemoglobin, which can lead to death. Advanced nutrient removal 

technologies are relevant both at the tap, for protection of drinking water consumers that 

utilize groundwater wells, and in the field, for treatment of agricultural runoff (e.g., tile 

drain runoff).  

Ideal nutrient removal technologies must be selective, to prevent interferences 

from ionic co-solutes, and be easily regenerated, to promote economic viability of 

nutrient capture. While quaternary ammonium ion exchange resins are typically selective 

for perchlorate, sulfate, and arsenate over nitrate,362 there are several commercially 

available nitrate-selective ion exchange resins on the market that contain triethylamine or 

tributylamine functionalities.363,364 Thus, substitution of a triethylammonium or 

tributylammonium salt for tetrabutylammonium bromide (particularly due to the 

similarity in structure) could effectively transform the composite to a nitrate-selective ion 

exchange polymer. Likewise, phosphate removal performance could be improved by 

replacement of the iron oxide nanoparticles with nano-hydrotalcite, a layered double 
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hydroxide. Hydrotalcite, when intercalated with chloride, can remove phosphate via an 

ion exchange mechanism.365 Additionally, Kuzawa et al. demonstrated (i) that phosphate 

desorption and resin regeneration can be achieved with sodium hydroxide/sodium 

chloride and magnesium chloride solutions, respectively, and (ii) that phosphate can be 

recovered from the phosphate-enriched desorption solution as calcium phosphate, via 

addition of calcium chloride.365 These same principles could be applied to a nano-

hydrotalcite embedded in a polymeric nanocomposite, with use of the regeneration 

solution to refresh both nitrate-removing and phosphate-removing sites. 

5.4.4.2 Fluoride removal 

Although low concentrations of fluoride are added to drinking water in the United 

States to prevent tooth decay, exposure to high concentrations of fluoride can lead to 

dental and skeletal fluorosis. Such exposure is most common in China and India, and is 

typically due to consumption of groundwater containing geogenic fluoride.366 The 

removal of fluoride via ion exchange is quite challenging, due to the extremely low 

affinity of traditional ion exchange resins for fluoride. In contrast, fluoride removal via 

adsorption to activated alumina is well established,357,358 although application of activated 

alumina in granular form suffers from similar limitations as granular ferric hydroxide and 

granular activated carbon (e.g., need for large packed beds, possible media disintegration 

over repeated use, backwashing requirements to prevent head loss buildup). Integration 

of nano-alumina into the established PAN-TBAB composite (in place of the iron oxide) 

could enable application of nano-scale alumina in drinking water treatment, and facilitate 

integration of fluoride removal into a POU treatment technology (e.g., via inclusion of a 

nano-alumina/QAS composite layer in an in-line cartridge filter). Further, we predict that 
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a beneficial charge effect of the positively charged quaternary ammonium groups 

proximate to the alumina nanoparticle surfaces will enhance fluoride removal, 

comparable to the observed effect for arsenate removal on embedded iron oxide 

nanoparticles. 

5.4.4.3 Virus and bacteria removal 

In contrast to chemical contaminants, removal of bacteria and viruses can be 

achieved by physical removal (e.g., size exclusion) or inactivation. Due to their small 

sizes, physical removal of viruses is more challenging than for bacteria, requiring smaller 

membrane pores and thus higher transmembrane pressures. Silver nanoparticles are 

commonly used in ceramic water filters, and are known to inactivate both bacteria and 

viruses.354,355,367,368 The antimicrobial and antiviral properties of quaternary ammonium 

groups are also established in the literature;356,369–372 indeed, the use of quaternary 

ammonium surfactants in this study was based on their use as surface segregating 

molecules in antimicrobial materials.264 Accordingly, fabrication of electrospun 

composites containing quaternary ammonium moieties and (surface segregated) silver 

nanoparticles is of particular interest for virus inactivation. Such composites are relevant 

both to drinking water treatment and to air treatment; for example, the composite could 

be integrated into standard facemasks for worker protection in medical or agricultural 

settings from aerosolized viruses (i.e., bioaerosols). Given the potential of these 

materials, this work has been initiated, and preliminary findings are presented in the 

Appendix. 
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5.4.5 Extension of SDS-assisted nanoparticle-polymer composite to other application 

platforms 

Comparable to substitution of different surfactants and nanoparticle types in 

hybrid nanoparticle-ion exchange composites, the SDS-assisted nanoparticle-polymer 

composite recipe could be extended to different nanoparticle and polymer combinations. 

For example, while the composite developed herein was applied for heavy metal removal, 

either titanium dioxide nanoparticles or carbon nanotubes could be included in 

composites intended for removal of organic micropollutants via advanced oxidation 

processes or sorption, respectively. The utility of titanium dioxide as a photocatalyst in 

advanced oxidation of organic micropollutants is established in the literature.373,374 

Immobilization of titanium dioxide nanoparticles, which are commercially available as 

Aeroxide® TiO2 P 25 (Evonik Industries),375 at the surface of polymer nanofibers would 

permit their utilization in a photocatalytic membrane reactor. Likewise, surface-

functionalized carbon nanotubes could be included in a polymeric support either for 

catalytic ozonation147 or sorption of micropollutants. In the case of catalytic ozonation, 

PVDF must be used in place of polyacrylonitrile to prevent degradation of the polymer 

during application. While we suggested such a substitution of functionalized CNTs in 

carbon nanofiber composites, the use of polymer-based CNT composites could overcome 

material strength challenges associated with use of functionalized CNTs in CNF 

composites. 

Finally, polymer composites with surface-active nanoparticles are relevant to 

environmental sensing and biomonitoring applications. For example, gold nanoparticles 

are established substrates for surface-enhanced Raman spectroscopy (SERS).376 Their 
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incorporation at the surfaces of functionalized polymer nanofibers, in close proximity to 

functional groups used for sorption of target compounds (e.g., uptake of uranyl species on 

amidoximated PAN),236 could permit facile sensing of the target compounds in complex 

matrices, such as groundwater or urine.  

5.4.6 Reactor design considerations 

Reactor design is a critical consideration in real-world application of drinking 

water treatment materials. Bench-scale performance testing in this study focused on the 

use of dead-end filtration to simulate point-of-use application. However, due to the nature 

of electrospun materials (e.g., high flux, thicknesses on the order of microns), application 

in dead-end units necessitated extremely limited contact times (e.g., typically seconds or 

less). The flexibility and “fabric-like” nature of electrospun materials are conducive to 

their application in spiral-wound or cartridge filter units. Cartridge filters are commonly 

installed as tap in-line filters in household drinking water treatment. While application in 

such a unit would naturally produce longer contact times than those in dead-end filtration, 

the inclusion of spacers between active layers of the filter cartridge, such as 0.45 µm 

polyvinylidene fluoride (PVDF) membranes, could further slow flux and increase contact 

times, yielding enhanced contaminant removal.   

5.4.7 Life cycle assessment of composite materials 

Material development in this study focused on use of the electrospinning 

technique to allow simple, single-pot syntheses of nanocomposites. However, although 

simple one-step fabrication methods can avoid intensive inputs of time and chemicals, it 

is important to evaluate the sustainability of the materials developed herein through a 
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thorough life cycle assessment (LCA). We recommend a “cradle to grave” LCA, which 

considers the full scope of the material lifetime, from the origin and acquisition of inputs 

necessary for material fabrication, through material application, to material disposal 

and/or recycling. We note that application of the LCA framework to engineering 

nanomaterials and nanocomposites may be challenging, due to incomplete knowledge in 

areas such as nanomaterial fate and transport in the environment and nanomaterial 

toxicity.377 However, several researchers have provided frameworks for approaching 

these challenges, that could be used to facilitate evaluation of nanocomposite 

sustainability.344,377 

5.4.8 Reversibility, regeneration, and nanomaterial leaching from composite 

materials 

For the materials developed herein, development of an LCA would necessitate the 

study of composite reversibility and/or regeneration, as well as potential nanomaterial 

leaching. While preliminary work suggested that sorption of organic micropollutants by 

the CNF-CNT composite was reversible in batch systems, future work should study 

reversibility in a kinetically limited (e.g., flow-through) setting. This could be achieved 

by loading the composite with target pollutants under flow conditions until breakthrough 

of the influent concentration is achieved, followed by passage of clean water, to 

determine if the pollutant is desorbed from the carbon composite. Such a study should be 

performed both in idealized (e.g., DI water) and complex (e.g., simulated and real tap 

water) matrices, to develop a thorough understanding of the mechanism(s) by which 

desorption occurs. In the case of polymer-iron oxide composites, reversibility could be 

evaluated by a similar methodology as employed for carbon materials. Regeneration 
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should be evaluated with salt solutions and dilute acids and/or bases to achieve 

regeneration of both ion exchange sites and iron oxide nanoparticle sites.  

Additionally, our hypothesis of nanomaterial immobilization within nanofiber 

networks should be verified by conducting studies to evaluate potential nanomaterial 

leaching from composite filters. Mass losses due to leaching from filters are too small to 

quantify via simplistic methods, such as comparing the pre- and post-application masses 

of filter materials. Thus, inductively coupled plasma mass spectrometry (ICP-MS) should 

be employed to either track iron (from iron oxide nanoparticles) or metal impurities (from 

CNTs) in the treated effluent. 
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APPENDIX: FUNCTIONALIZED POLYMER – NANO-SILVER COMPOSITE 

NANOFIBERS: ANTI-VIRAL FILTRATION DEVICES 

A.1 Introduction2 

Waterborne viruses pose a marked risk to human health,378 as they are frequently 

linked to waterborne disease outbreaks, both in the United States and globally.379 The 

most common viruses implicated in such outbreaks include adenovirus, enterovirus, 

hepatitis A and E, norovirus, rotavirus, and astrovirus.379,380 Viruses exhibit low dose 

infectivity, as the risk of illness upon exposure is between 10 and 10,000 times greater 

than for an equivalent exposure to bacterial contamination.381 Indeed, between 1971-

2002, while only 8% of documented waterborne outbreaks were associated with viral 

pathogens, 50% were attributed to unknown acute gastrointestinal illnesses, which are 

often consistent with viral etiology.378 For example, norovirus is the leading cause of 

acute gastroenteritis across the world.382 Although protection of drinking water sources 

from viral contamination is critical to protecting human health, the aging drinking water 

distribution system in the United States is susceptible both to pipe breakages and other 

pressure losses that may lead to pathogen intrusion (for example, in fecal matter from 

nearby, leaking sewer lines).379,380,383–385 Further, treated wastewater represents the main 

source of human viruses in the environment,386 which is of particular concern in the 

context of an increasing focus on the role of wastewater reuse in augmenting the water 

supply.387 Additionally, viruses, which are typically 0.01-0.1 µm in size, are rapidly 

transported in the subsurface and are able to survive for long periods of time in aqueous 

                                                           
2This Appendix includes performance data contributed by Drs. Ruiqing Lu and Helen Nyugen of the 

University of Illinois at Urbana-Champaign.  
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environments (weeks to months), presenting a challenge to those reliant on groundwater 

as a drinking water source.378  

The use of chemical and UV disinfection for virus removal in drinking water 

treatment has several limitations. Most importantly, viruses are more resistant to both 

chemical and UV disinfection than bacteria.388 Increased disinfectant doses may yield 

undesirable disinfection byproducts,389 and UV system validation for a wide range of 

pathogens can be expensive.390 Advanced membrane filtration (e.g., ultrafiltration) has 

been proven as an effective alternative to disinfection,379 although capital and operation 

costs may limit applicability in smaller systems. Further, we note that large scale drinking 

water treatment may not adequately protect municipal users from sources within the 

distribution system, and excludes groundwater users. While simple, filtration-based 

technologies (e.g., ceramic and biosand filtration) have been identified as highly relevant 

to sustainable POU drinking water treatment, achievable levels of virus reduction (0.5-4 

log removal) may not be sufficient to adequately protect human health.391 

Although membrane filtration is a promising alternative approach for treatment of 

viral contamination, pristine membranes typically exhibit low rejection of viruses, due to 

their reliance on size exclusion.368,392 While membrane fouling has been shown to 

improve virus removal efficiency,393 this is an unreliable and energy-intensive approach. 

The use of polymeric membranes with modified surface functionalities is a promising 

approach to both improve the virucidal activity and prevent fouling in membrane 

filtration systems. Such membrane modifications can be achieved by inclusion of 

antimicrobial nanoparticles into the polymer matrix or by chemical functionalization with 

antimicrobial moieties. For example, several groups have demonstrated the utility of 
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incorporating silver nanoparticles (nano-Ag), which exhibit both wide-spectrum 

antimicrobial activity354,394 and low toxicity in humans,394 in both microporous 

ultrafiltration membranes368,395,396 and electrospun nanofiber membranes.397–399 Further, 

chemical functionalization of membranes is a promising alternative to nano-Ag for 

achieving long-term material effectiveness, such the modification of polymer membranes 

with N-halamines,400 quaternized chitosan,372,401 and quaternary ammonium salts.264,356 

However, there is a need to simplify fabrication of nano-Ag composites by eliminating 

post-processing steps to load nanoparticles on the composite surface (e.g., grafting, 

reduction of AgNO3), and by achieving a balance between nanoparticle availability and 

dissolution (i.e., between immediate and long-term effectiveness). Likewise, fabrication 

of chemically-functionalized composites often requires chemical- and energy-intensive 

processing of the polymer (e.g., plasma treatment, quaternization, and cross-linking), and 

investigations have primarily focused on antibacterial activity, rather than the removal 

and inactivation of viruses.264,356,372,400–402   

Electrospinning is a scalable fabrication method that yields a mechanically stable, 

high-flux nanofiber membrane, and facile production of functionalized materials is 

possible via incorporation of composite building blocks (e.g., nanoparticles, quaternary 

ammonium salts) into the precursor solution. For example, we previously demonstrated 

that a quaternary ammonium surfactant (tetrabutylammonium bromide, TBAB) can be 

immobilized within a polymer nanofiber matrix and providing ion exchange sites on the 

nanofiber surface. These surface-active quaternary ammonium moieties could also impart 

antiviral activity to the nanofiber composite.403 Further, based on the role of TBAB in 

promoting surface segregation of iron oxide nanoparticles within polymer nanofibers 
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during single-pot syntheses, TBAB could be used to promote surface availability of Ag 

nanoparticles incorporated in the polymer composite. 

Herein, building our previous work, we demonstrate the single-pot synthesis of 

electrospun polyacrylonitrile (PAN) composites containing TBAB and/or Ag 

nanoparticles (20 nm Ag; Nanostructured and Amorphous Materials, Inc.) intended for 

treatment of viral contamination in drinking water. We evaluated the influence of a range 

of PAN, TBAB, and nano-Ag concentrations, in precursor solutions of varied volumes, 

on material characteristics, including nanofiber diameter and morphology, composite 

surface area, membrane surface composition, and membrane thickness. Then, we 

examined membrane performance for removal of MS2 bacteriophage across composite 

formulations in a dead-end filtration system, while monitoring changes in membrane 

permeability. We provide evidence that inclusion of TBAB in the polymer nanofiber 

membrane introduces antiviral activity, and that synergies of TBAB and Ag nanoparticles 

yields significant improvements in composite performance with no detriment to 

membrane permeability. 

 

A.2 Materials and Methods 

A.2.1 Reagents 

All reagents were used as received. Electrospinning precursor solutions were 

prepared with polyacrylonitrile (PAN; MW 150,000, Aldrich), N,N-dimethylformamide 

(DMF; 99.85%, BDH Chemicals), and tetrabutylammonium bromide (TBAB; ≥98%, 

Aldrich). Silver nanoparticles (Ag np; 20 nm, 99.9%) were purchased from 

Nanostructured and Amorphous Materials, Inc., and were used as received. 
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A.2.2 Preparation of electrospinning precursor solutions 

For mats containing PAN and a surfactant, PAN and TBAB were dissolved in 

DMF at a concentration of 7 or 10 wt% PAN and 0.5-2 wt% surfactant by mixing at 60˚C 

for 2 h at 1.65 g (HLC Cooling-Thermomixer MKR 13, Ditabis). For silver nanoparticle-

embedded mats, Ag nanoparticles were first dispersed in DMF (at a concentration of 0.5-

2 wt% relative to the total mass of the precursor solution) via ultrasonication for 5 h, after 

which PAN and TBAB were added to the Ag np-DMF suspension. Precursor solutions 

were prepared in volumes of 2, 4, or 6 mL of DMF to vary composite thickness. 

Hereafter, the composite mats will be referred to as ‘PANx-Agy-TBABz-n mL ’ where x, 

y, and z denote the PAN, Ag np, and TBAB concentrations in the sol gel, respectively, 

and n denotes the composite thickness, based on the volume of the precursor solution. 

A.2.3 Electrospinning 

The aforementioned sol gels were allowed to return to room temperature prior to 

electrospinning at a temperature and relative humidity of 28°C and 16%, respectively, a 

pumping rate of 0.3 mL/h (New Era Pump Systems, Inc.), a positive 15 kV voltage 

applied at the needle tip (Acopian), a 9-5/16”-circumference metal drum collector (SPG 

Co., Ltd; Korea) coated in Al foil and rotating at 500-rpm (Dingtuo Technology) and 

using a 25G ½” needle located a distance of 10 cm from the collector surface. Precursor 

solutions were loaded into a 12 mL plastic syringe (HSW Norm-Ject). The syringe was 

connected to 2.0 mm ID polyethylene (PE) tubing via a PE 1/16” female luer lock fitting 

(NanoNC Co., Ltd). The tubing was connected to a metal nozzle adapter (NanoNC Co., 

Ltd) via a PE 1/16” male luer lock fitting, and a 25G 1/2” needle was attached to the 

other end of the nozzle adapter. 
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A.2.4 Nanofiber characterization 

Silver nanoparticles and select nanofiber composites were examined using 

transmission electron microscopy (TEM; JEOL JEM-1230) at an operating voltage of 

120 kV. Nanoparticle samples were prepared via sonication in DMF or DMF containing 

dissolved TBAB (10 g/L) for 5 h, and a droplet was allowed to dry on a grid prior to 

imaging (#01814-F C-B 400 mesh Cu; Ted Pella, Inc). Nanofiber samples were prepared 

via embedding in EPONTM resin (Hexion) and sectioning at 80 nm on an ultramicrotome 

(Leica UC6). Sections were placed on a grid identical to that used for nanoparticle 

imaging. The morphology, average nanofiber diameter, and cross-sectional thickness of 

electrospun nanofiber mats were investigated using a field-emission scanning electron 

microscope (SEM; S4800, Hitachi) at an acceleration voltage of 1.5 kV. All samples 

were sputter-coated with a thin layer of gold/palladium (60:40 Au:Pd) prior to SEM 

imaging. Average fiber diameters were developed from measurement of >100 nanofibers 

in ImageJ software. Surface area and pore volumes were determined by N2-BET analysis 

using a Quantachrome NOVA 4200e Analyzer. Nanofiber materials were degassed at 

35˚C for 12 h prior to analysis. Surface composition was analyzed with a custom Kratos 

Axis Ultra X-ray photoelectron spectroscopy (XPS) system equipped with a 

monochromatic Al Kα X-ray source. XPS was used to collect full spectrum survey scans, 

and to examine the Ag 3d region. An extensive description of this system can be found 

elsewhere.283,284 

A.2.5 MS2 bacteriophage propagation and purification 

The MS2 bacteriophage stock (ATCC-15597 B1) and the host Escherichia coli 

(ATCC 15597) were purchased from American Type Culture Collection (ATCC). The E. 
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coli was grown in the tryptic soy broth (TSB) liquid media and then inoculated with the 

MS2 bacteriophage, as described previously1. After incubating for 24 hours, the MS2 

suspension was centrifuged at 5,000 rpm for 15 min to precipitate the E. coli debris. The 

supernatant was filtered with a 0.22 μm membrane (Millipore). The filtrate was 

transferred to an Amicon stirred cell (Millipore) with a 10 kDa MWCO membrane (Koch 

HFK-131). Pressure was applied with a nitrogen gas tank to allow the medium residuals 

to permeate the membrane while the MS2 was retained. 1 mM NaHCO3 solution was 

added intermittently to keep the water level in the Amicon stirred cell. After the liquid 

turned colorless, 10% PEG and 0.5 M NaCl was added to the MS2 suspension followed 

by centrifuge at 10,000 rpm for 60 min. The precipitated MS2 was re-suspended with 1 

mM NaHCO3 solution. The concentration of the MS2 samples was determined with the 

plaque forming unit (PFU) method.392,404 

A.2.6 Flat-sheet membrane filtration unit 

The MS2 removal by the microfiltration membranes was investigated in a lab-

scale dead-end filtration unit with the configuration shown in Figure A.1. Before the 

virus filtration experiment, the loosely bound molecules/nano-particles on the membrane 

was washed away by filtering double deionized (DDI) water for over 30 min. The MS2 

filtration experiment was conducted in the continuous flow rate mode. The influent was 

prepared by diluting the purified MS2 stock with 3 mM CaCl2 at pH=8.0 buffered with 

NaHCO3. During the filtration, the real-time pressure in the filtration unit and the 

permeate flow rate were monitored. The MS2 concentration in the permeate (𝐶𝑝) and the 

influent (𝐶𝐼) were measured with the PFU method to determine the log removal value 

(LRV) of MS2 following Equation A.1. 
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LRV = −log10
𝐶𝑝

𝐶𝐼
 Equation A.1 

 

A.3 Results and Discussion 

A.3.1 Nanofiber diameter and morphology 

Digital images of the composites in Figure A.2 show changes in color with 

changes to the precursor solution composition, and flexibility of the bulk-scale 

composites. Both unmodified PAN and PAN-TBAB composites (containing varying 

TBAB concentrations) are white, while the composite containing Ag nanoparticles is 

gray (i.e., the color of the Ag nanoparticles). Upon inclusion of both Ag nanoparticles 

and TBAB, the composite exhibits a green tint. This color is attributed to improved 

dispersion of the (negatively charged) Ag nanoparticles in the polymer precursor solution 

due to inclusion of the (positively charged) TBAB, based both on prior reports of color 

changes in Ag nanoparticle suspensions with different degrees of dispersion,405,406 and 

our observations of improved dispersion of Ag nanoparticles via TEM imaging of 

nanoparticles suspended in DMF containing dissolved TBAB, relative to pure DMF 

(Figure A.3). 

Representative SEM images of nanofiber composites are shown alongside 

nanofiber histograms in Figure A.4. Generally, all nanofiber composites exhibited 

relatively smooth nanofiber surfaces and comparable nanofiber uniformity (i.e., no 

beading was observed). The inclusion of either TBAB or Ag nanoparticles at varied 

concentrations (either individually or as co-inclusions) in composites containing 7 wt% 

PAN did not yield significant changes in average nanofiber diameter relative to 



 

239 

unmodified 7 wt% PAN. This was consistent with previous observations of nanofiber 

diameter for PAN-TBAB composites fabricated in Chapter 3, and with observations of 

comparable BET surface areas (~20-25 m2/g) and pore volumes (~0.05 cm3/g) (Figure 

A.5). We attribute comparable nanofiber diameters across composite types, despite 

inclusion of TBAB and Ag nanoparticles, to a balance between increased viscosity and 

increased conductivity, which have been shown to increase318 and decrease224 nanofiber 

diameter, respectively. As expected from previous reports on the effect of polymer 

concentration on nanofiber diameter of electrospun composites,278 the composite 

fabricated with 10 wt% PAN and 1 wt% TBAB (e.g., PAN10-TBAB1) exhibited a 

significant increase in nanofiber diameter, and a corresponding decrease in composite 

surface area and pore volume, relative to its PAN7-TBAB1 analog. The observed 

consistency in average diameter across composites containing 7 wt% PAN is useful for 

evaluating composite performance, as comparable nanofiber diameters and composite 

surface areas provide confidence that differences observed in material performance may 

be attributed to composite formulation. 

A.3.2 Composite thickness 

To modulate membrane thickness, an important variable for material application 

in a flow-through system, different volumes of precursor solution (i.e., low- 2 mL; 

moderate – 4 mL; high – 6 mL) were used during fabrication. Composite thickness, 

material porosity, and the packing density of the nanofibers influence both head loss 

through and contact time within the filter. As these characteristics are interrelated (e.g., 

more densely packed nanofibers will result in smaller pores and a thinner material), we 
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use membrane thickness as a representative feature by which to gauge their combined 

contribution to material performance. 

Representative cross-sectional SEM images of nanofiber composites of varying 

thicknesses are shown in Figure A.6 (red lines denote the outer edges of the composite, 

for clarity), and values (from measurement of >10 positions on the material) are compiled 

in Figure A.7. For composites fabricated with 7 wt% PAN, composite thicknesses ranged 

from ~40 µm (for a 2 mL precursor volume) to ~250 µm (for a 6 mL precursor volume). 

Composites fabricated with 10 wt% PAN exhibited thicknesses between ~200-325 µm 

(e.g., ~150 µm larger than those of their PAN7-TBAB1 analogs). Ag-containing 

materials (fabricated only at a moderate thickness, Figure A.7b) generally exhibited 

thicknesses comparable to PAN7-TBAB1-4mL, with the exception of the PAN7-Ag2-

TBAB0.5 composite, which was consistently nearly twice as thick as other Ag-containing 

membranes.  

We observed several notable trends in thickness across composite types. First, 

across composites containing 7 wt% PAN and 0.5-2 wt% TBAB, we generally observed 

increasing composite thickness with increasing volume of precursor solution. 

Comparable thicknesses were observed for all 7 wt% PAN materials fabricated from 2 

mL precursor solutions. For 4 and 6 mL precursor solutions, composites containing 

TBAB were thicker than unmodified PAN7. Notably, a larger increase in composite 

thickness was observed upon increasing the precursor solution volume from 2 mL to 4 

mL for composites containing 1 and 2 wt% TBAB, relative to both the PAN7 and PAN7-

TBAB0.5 materials. Notably, despite larger overall thicknesses due to larger nanofiber 

diameters, PAN10-TBAB1 composites exhibited trends in thicknesses that reflected the 
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behavior of the PAN7-TBAB1 material. We attribute these different trends in thickness 

to the relatively higher concentration of charged quaternary ammonium groups in the 

precursor solution at higher TBAB loadings. The quaternary ammonium groups are 

known to surface segregate (e.g., preferentially move to the surface of the nanofibers)264 

and influence the surface charge of the nanofibers, thus causing a greater degree of 

electrostatic repulsion between nanofibers during deposition. This nanofiber-nanofiber 

repulsion likely yields more “spacing” between nanofiber layers. However, TBAB-

containing composites fabricated with 6 mL of precursor solution exhibited comparable 

thicknesses regardless of TBAB concentration, presumably due to “spreading” of the 

deposited material across the width of the rotating drum collector over longer durations 

of electrospinning. We note, though, that the 6 mL PAN7 material is still thinner than all 

TBAB-containing composites, indicating that although spreading of the deposited 

material minimizes differences across TBAB loading, it does not counteract the increase 

in thickness due to electrostatic repulsion between quaternary ammonium-modified 

nanofibers. 

Similar to the effect of including TBAB in the precursor solution, the inclusion of 

Ag nanoparticles (with or without TBAB) increased composite thickness relative to 

unmodified PAN. Just as the electrostatic repulsion between positively charged 

quaternary ammonium groups likely increases spacing between nanofiber layers, the 

negatively charged, uncapped Ag nanoparticles also may influence behavior of the 

polymer precursor solution when exposed to the applied voltage during electrospinning. 

We also note that interactions between Ag nanoparticles and TBAB in the precursor 

solutions during electrospinning likely influence the final material characteristics. The 
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complexity of these interactions is underscored by the distinct behavior of the PAN7-

Ag2-TBAB0.5 composite, as it did not “spread” as much as the other Ag-containing 

composites during electrospinning, resulting in a significantly larger membrane 

thickness. These nanoparticle-surfactant interactions warrant further mechanistic 

exploration in future studies. 

A.3.3 Silver nanoparticle surface segregation 

XPS was used to examine the surface chemical composition of composites 

containing Ag nanoparticles. Survey scans (and associated values for surface 

composition) and spectra in the Ag 3d region are shown in Figure A.8. Ag was not 

detected in either the survey scan or Ag 3d region of the PAN7-Ag2 composite. In 

contrast, a surface concentration of 0.16 at% Ag was detected in the survey scan of 

PAN7-Ag2-TBAB1, and the spectra in the Ag 3d region indicated that inclusion of 

TBAB indeed produced a significant enhancement in Ag surface concentration relative to 

PAN7-Ag2. This is noteworthy, as it indicates that TBAB can both improve dispersion of 

the Ag nanoparticles in the polymer matrix, and promote nanoparticle surface 

segregation, an effect previously demonstrated for composites containing iron oxide 

nanoparticles (Chapter 3). As TBAB moves preferentially to the surface of the 

hydrophilic polymer nanofibers to minimize the free energy associated with its 

hydrophobic tails, we hypothesize that the cationic TBAB molecules also associate with 

the negatively charged Ag nanoparticles, thereby “pulling” the nanoparticles to the 

nanofiber surface. Importantly, this hybrid composite therefore immobilizes and partially 

encapsulates the Ag nanoparticles, preventing rapid loss of activity, while improving 
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nanoparticle dispersion and driving nanoparticle surface segregation, factors that could 

enhance the effectiveness of the composite. 

A.3.4 MS2 removal by TBAB-functionalized membranes 

A.3.4.1 TBAB as antiviral agent in nanofiber composites 

To determine the role of TBAB inclusion, MS2 removal experiments were 

performed with PAN7-2mL and PAN7-TBAB0.5-2mL membranes. Results are shown in 

Figure A.9. For the unmodified PAN membrane, no removal of MS2 and no increase in 

pressure were observed, indicating that MS2 freely penetrated the membrane. In contrast, 

4.5-log removal of MS2 was observed over the first 2 minutes of filtration with the 

PAN7-TBAB0.5-2mL membrane. The degree of removal then decreased over the 

duration of the experiment, to less than 1-log removal at 15 minutes. Notably, the 

transmembrane pressure increased during MS2 removal with the TBAB-modified 

membrane, presumably due to pore blockage resulting from adsorption of MS2 at 

surface-active quaternary ammonium sites. These results indicate that inclusion of TBAB 

effectively introduces anti-viral functionalities to the membrane surface. 

A.3.4.2 Effect of TBAB loading and membrane thickness 

To evaluate the effects of both TBAB loading and composite thickness, similar 

MS2 removal experiments were performed with PAN7-TBAB1-2mL, PAN7-TBAB1-

4mL, and PAN7-TBAB0.5-6mL membranes, while monitoring the membrane 

permeability (Figure A.10). Data are plotted in Figure A.10a and b against MS2 loading 

per unit membrane area, while data in Figure A.10c and d are also normalized to 

membrane thickness and TBAB loading. Generally, improvements in removal were 
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observed both with increases in TBAB concentration and in composite thickness. 

Although the data is not included in Figure A.10, a PAN7-TBAB1-6mL filter achieved 

>6-log removal of MS2 for the duration of the experiment. Hence, data is shown for the 

PAN7-TBAB0.5-6mL filter, with which quantifiable MS2 concentrations were observed 

at effluent volumes >40 mL (>6-log removal was observed at volumes <40 mL, as 

indicated by the dashed line). 

Normalization of the removal and permeability data to the membrane thickness 

and the bulk concentration of TBAB in the composite, as shown in Figure A.10c and d, 

improved overlap of the trends in performance during the filtration experiments. 

However, the thicker (4 mL and 6 mL) composites exhibit higher normalized removals of 

MS2 and more rapid losses in membrane permeability relative to the 2 mL material. 

Thus, blocking of pores by adsorbed viruses on the 4 mL and 6 mL filter surfaces (as 

indicated by the greater increases in transmembrane pressure observed for 4 mL and 6 

mL composites) is likely a factor in the overall performance of the material. This is 

consistent with previous observations that membrane fouling yielded improvements in 

virus removal efficiency.393 

To further evaluate the effect of composite thickness on material performance (by 

way of increased nanofiber diameter), the MS2 removal performance of a PAN7-

TBAB1-2mL membrane was compared to that of a PAN10-TBAB1-2mL composite 

(Figure A.11). Over the first 30 mL of permeate volume, higher removal of MS2 was 

observed for the PAN10-TBAB1-2mL material than for the PAN7-TBAB1-2mL 

composite, although differences became negligible after 30 mL of effluent. We note that 

the removal efficiency of the PAN10-TBAB1-2mL material is indicated by a dashed line 
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for permeate volumes <20 mL because MS2 concentrations in the effluent were again too 

low to quantify (indicating >6-log removal of MS2). Notably, slightly higher 

permeability (i.e., less transmembrane resistance) was observed for the PAN10-TBAB1-

2mL composite during the entirety of the experiment (Figure A.11b). The higher 

permeability is attributed to larger pore sizes in the composite fabricated with 10 wt% 

PAN, based on its larger nanofiber diameters. We note that the composite containing 10 

wt% PAN was significantly thicker than its 7 wt% counterpart (recall Figure A.7a). 

Thus, given the higher permeability of the 10 wt% PAN composite, its improved removal 

performance is attributed to a longer contact time within the thicker membrane, allowing 

improved contact between MS2 and the functionalized nanofiber surfaces. 

A.3.4.3 Performance of Ag nanoparticle membranes 

MS2 removal performance of the PAN7, PAN7-Ag2, PAN7-Ag2-TBAB1, and 

PAN7-TBAB1 membranes (4 mL thickness) were compared to evaluate possible 

synergies from inclusion of both TBAB and Ag nanoparticles (Figure A.12). We 

observed no removal of MS2 by either the PAN7 or PAN7-Ag2 materials, despite a 

decrease in permeability during filtration. Thus, the encapsulated nano-Ag both is 

ineffective for virus removal and does not prevent membrane fouling. In contrast, MS2 

removal on the PAN7-Ag2-TBAB1 membrane was significantly higher than that 

observed for both the PAN7-Ag2 composite and the PAN7-TBAB1 membrane. Thus, the 

TBAB-driven surface segregation of Ag nanoparticles indeed improves solution-phase 

accessibility of Ag, allowing the embedded nanoparticles to contribute significantly to the 

antiviral activity of the membrane. A batch comparison of MS2 inactivation by dissolved 

TBAB and freely dispersed Ag nanoparticles (Figure A.13) indicated that Ag 
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nanoparticles are significantly more effective than TBAB for MS2 inactivation. Thus, we 

hypothesize that in the dual TBAB-Ag composite, the positively charged quaternary 

ammonium moieties on the nanofiber surfaces attract the negatively charged MS2 to the 

composite surface, bringing the MS2 in close proximity to the Ag nanoparticles, which 

then provide disinfection. Importantly, PAN7-Ag2-TBAB1 and PAN7-TBAB1 

membranes exhibited comparable membrane permeability, indicating that the 

improvement in antiviral activity was achieved by membrane surface functionalization, 

without the need to increase transmembrane pressure (i.e., without additional energy 

expenditure). 

 

A.4 Preliminary Conclusions 

We demonstrated that polymer nanofiber composites with surface-active 

quaternary ammonium functionalities (via inclusion of TBAB) can be effectively applied 

for virus removal from aqueous solutions. Increases to the TBAB loading in the 

composite material improved MS2 removal performance, due to the provision of higher 

concentrations of surface-active quaternary ammonium sites at which viruses are 

adsorbed and/or inactivated. Further, increases in the composite thickness, produced by 

increases in the precursor solution volume and/or polymer concentration, improved 

membrane performance for MS2 removal by promoting longer contact times between 

viruses and active nanofiber surfaces. Importantly, we demonstrated that the co-inclusion 

of TBAB and Ag nanoparticles in the precursor solution drives surface segregation of Ag 

nanoparticles, yielding enhancements in membrane antiviral activity at no detriment to 

the membrane permeability. To date, this work represents a significant advance in the 
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development of surface-functionalized polymeric membranes for virus removal. Future 

work should focus on (i) performance testing of Ag-TBAB composites containing varied 

Ag and TBAB loadings, (ii) examination of MS2 viability in the effluent and on the 

membrane surface, (iii) evaluation of the sustained performance for removal of viral 

loads relevant to drinking water, and (iv) regeneration of electrospun composites.  
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Figure A.1. Configuration of the bench-scale flat-sheet membrane filtration unit, 

operated in dead-end mode to investigate virus removal by composite nanofiber 

membranes. 
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Figure A.2. (a) Representative digital images of nanofiber composites, showing the white 

color of unmodified PAN and PAN-TBAB composites, the silver color of a PAN-Ag 

nanoparticle composite, and the green tint of a PAN7-Ag2-TBAB1 composite. (b) The 

flexible nature of the composite materials is shown by the rolled PAN7-Ag2-TBAB1 

material. 
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Figure A.3. Suspensions of Ag nanoparticles in (a) DMF or (d) DMF with dissolved 

TBAB, showing differences in color (gray vs. light green, respectively). TEM images of 

Ag nanoparticles dispersed in (b,c) DMF or (e,f) DMF with dissolved TBAB show the 

influence of TBAB on nanoparticle dispersion that produces the color difference observed 

both in suspension and in the macro-scale nanofiber composites. 
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Figure A.4. Nanofiber diameter histograms (developed from measurement of n > 100 

nanofibers) for (a) PAN7, (b)  PAN7-TBAB0.5, (c) PAN7-TBAB1, (d) PAN7-TBAB2, (e) 

PAN10-TBAB1, (f) PAN7-Ag2, (g) PAN7-Ag0.5-TBAB1, (h) PAN7-Ag1-TBAB1, (i) 

PAN7-Ag2-TBAB0.25, (j) PAN7-Ag2-TBAB0.5, and (k) PAN7-Ag2-TBAB1 

composites, with representative SEM images shown at right. Average nanofiber diameters 

are provided on each histogram. 
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Figure A.5. BET (a) surface areas and (b) pore volumes for nanofiber composites. 
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Figure A.6. Representative cross-sectional SEM images of composite materials across 

precursor solution types for varied precursor solution volumes (2, 4, or 6 mL). Red lines 

indicate the outer edges of the material thickness (the consistent defect in the middle of 

each cross-section is due to cutting of the material with scissors). 
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Figure A.7. Cross sectional thicknesses of (a) PAN and PAN-TBAB composite materials 

and (b) Ag-containing composite materials, as measured from cross-sectional SEM images. 

Thicknesses for 2 mL precursor volumes are shown in green, 4 mL precursor volumes are 

shown in red, and 6 mL precursor volumes are shown in blue. 
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Figure A.8. XPS survey scans for (a) PAN7-Ag2 and (b) PAN7-Ag2-TBAB1 composites, 

and (c) XPS spectra for both composites in the Ag 3d region, showing enhancement in Ag 

surface concentration due to TBAB-induced surface segregation of Ag nanoparticles. 
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Figure A.9. MS2 removal experiments with PAN7 and PAN7-TBAB0.5 membranes (both 

2 mL thickness), showing log-removal of MS2 and transmembrane pressure. 
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Figure A.10. Results of MS2 removal experiments for membranes with varied TBAB 

concentration and thickness (PAN7-TBAB1-2mL, PAN7-TBAB1-4mL, and PAN7-

TBAB0.5-6mL). (a,c) MS2 log-removal and (b,d) membrane permeability, as a function 

of (a,b) MS2 loading per unit area or (c,d) MS2 loading per unit area, membrane thickness, 

and TBAB loading. 
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Figure A.11. Results of MS2 removal experiments, showing the effect of PAN 

concentration for membranes containing 1 wt% TBAB at a 2 mL thickness on (a) MS2 

removal and (b) membrane permeability. 
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Figure A.12. (a) MS2 removal and (b) permeability of PAN7, PAN7-TBAB1, PAN7-Ag2, 

and PAN7-Ag2-TBAB1 membranes (4 mL thickness) as a function of aerial MS2 loading. 
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Figure A.13. Batch inactivation of MS2 by freely dispersed Ag nanoparticles (1.5 h 

exposure) and dissolved TBAB (3 h exposure). 
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