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ABSTRACT

Small drinking water systems, often financially and resource-limited, face
unprecedented challenges due to the current diversity and ubiquity of water pollutants.
Well-characterized inorganic legacy pollutants, including arsenic, copper, hexavalent
chromium, and lead, remain persistent in drinking water systems. In addition, emerging
organic contaminants, like endocrine disrupting compounds and pharmaceuticals, are
largely uncharacterized but prevalent in the environment and water supplies, calling into
question what levels of these relatively new contaminants are truly safe in drinking water.
Point-of-use (POU) and point-of-entry (POE) water treatment devices, installed at a
specific tap or at the water entry point to a single facility, respectively, are necessary to
ensure safe drinking water in contexts where centralized water treatment is not available
or cannot adapt to meet new regulatory standards. While existing POU and POE
technologies, including reverse osmosis and packed bed media filters, are effective for
removing contaminants, installation costs, energy demands, and spatial footprints of these
systems can inhibit their implementation. There is a need for new POU and POE
technologies that remove a diversity of water contaminants while maintaining a small
application footprint.

Nanotechnology, referring to technology using material with at least one dimension
or feature less than 100 nm in length, is ideal for meeting this need in drinking water
treatment. With high surface area-to-volume ratios, nano-enabled treatment technologies
exhibit enhanced reactivity with less material, keeping overall footprint relatively small.

Specifically, electrospinning, a process in which a polymer precursor solution is electrified



to produce a cohesive sheet of nanofibers, can be used to easily synthesize chemically
active nanofiber filters for water treatment applications.

In this study, we develop electrospun nanofiber filters that harness nano-scaled
hematite (Fe203) for sorption of inorganic contaminants (e.g., As, Pb) and nano-scaled
titanium dioxide (TiO2) for use with ultraviolet (UV) and visible light as an advanced
oxidation process (AOP) for removal of emerging organic contaminants (e.g.,
benzotriazole, carbamazepine, DEET). Most importantly, we strive to optimize both
reactivity and material strength to develop cohesive, durable filtration platforms that
overcome barriers to use of nanomaterials in water treatment (e.g., concerns over leaching
of nanoparticles deployed as suspensions).

Herein, we first demonstrate reactivity optimization of pure (though brittle) TiO2
nanofiber photocatalysts by noble metal catalyst (Au) surface loading. Additionally, we
optimize polymer-Fe2O3 composite nanofibers for reactivity while maintaining material
flexibility by coating the doped polymer with additional Fe203 surfaces available for
metal/metalloid uptake. Finally, we apply reactivity optimization and strategies to maintain
material strength in the development of carbon/TiO2 nanofiber composites used for
(photo)chemical filtration of water containing emerging organic contaminants. Ultimately,
we find that nanofiber composites exhibit substantial reactivity and structural integrity in
water treatment platforms. Outcomes of this work contribute to making nanomaterials,
which have been studied for decades but have yet to be commercially employed for water

treatment, practical for chemically active water filtration.
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PUBLIC ABSTRACT

A variety of pollutants, from a metals like lead and arsenic to the herbicide atrazine,
challenge water quality across the United States. Point-of-use (POU) and point-of-entry
(POE) water treatment devices, installed at a specific tap or at the water entry point to a
single facility, respectively, can ensure safe drinking water when water treatment facilities
are not available or cannot meet new regulatory standards. Nanomaterials, referring to
materials with at least one dimension or feature less than 100 nm in length, are ideal for
removing many water pollutants due to their high reactivity and small footprint.
Specifically, electrospinning, a process in which a solution is electrified to produce a
flexible sheet of nanofibers, can be used to easily make nanofiber filters for water treatment
applications. In this study, we develop electrospun nanofiber filters that use the iron oxide
hematite (Fe203) to remove metals (e.g., Pb) and titanium dioxide (TiO2) for use with
ultraviolet (UV) to remove organic pollutants (e.g., herbicides, pharmaceuticals). Most
importantly, we strive to balance both reactivity (efficiency at removing pollutants) and
material strength (flexibility, durability) to develop resilient water filters that overcome
barriers to use of nanomaterials in water treatment (e.g., concerns over release of
nanomaterials into treated water). This work brings reactive nanomaterials, which have
been studied for decades but have yet to be used for commercial water treatment, closer to

actual application as water filters.
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Figure 4-1. A schematic of the cross-flow filtration system used to test C/TiO2
nanofibers in this study. The inset by the cross-flow membrane
shows the Millipore filter holder modified with a quartz window
and side inlet/outlet to allow for cross-flow filtration with exposure
to UV light. Both retentate (cross-flow) and permeate (flow through
the filter) were returned to the feed reservoir. Periodic samples were
taken of permeate, retentate, and the reservoir during filtration
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Figure 4-16.  Removal by filter pass (as measured by differences in atrazine
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CHAPTER 1: INTRODUCTION

1.1. Diversity of pollutants challenging drinking water quality

Despite the promotion of safe drinking water standards on a national scale put forth
by the Safe Drinking Water Act (SDWA), the quality of drinking water in the United States
remains persistently challenged by water contaminants in three primary ways: (i) naturally-
occurring or anthropogenic contamination of water supplies, (ii) failure of wastewater
treatment plants (WWTPs) and water treatment plants (WTPs) to remove contaminants,
and (iii) generation or release of contaminants resulting from WTPs and drinking water
distribution systems. “Legacy” pollutants, so called due to their historical origin,
established toxicity, and current persistence as pollutants in the environment [1], include
both  organic compounds (e.g., polychlorinated biphenyls, PCBs and
dichlorodiphenyltrichloroethane, DDT) and inorganic compounds (e.g., lead, Pb,
hexavalent chromium, Cr(V1), and arsenic, As). These pollutants are regulated by the U.S.
Environmental Protection Agency (EPA) under the SDWA. This means that for each
pollutant, there is an enforceable maximum contaminant level (MCL) that establishes the
maximum concentration allowed in drinking water provided to the public. “Contaminants
of emerging concern” (CECs), also termed “emerging organic contaminants” (EOCs),
include organic contaminants with often uncharacterized health risks [1-5]. While EOCs
have been detected in drinking water, these contaminants are currently unregulated due to
their relatively recent emergence and/or detection and the limited information available

about their toxicity.



1.1.1. Inorganic legacy pollutants in drinking water

Heavy metals and metalloids, legacy pollutants that have presented long-term
challenges to water quality, include arsenic (As), hexavalent chromium [Cr(V1)], copper
(Cu), and lead (Pb). While Cu is predominantly toxic to aquatic organisms [6,7], As,
Cr(VI), and Pb are especially toxic to humans, with both acute and chronic health effects.
Although legacy pollutants like As, Cu, Pb, and Cr(V1) have been studied and characterized
throughout the years [7-16], heavy metals and metalloids remain prevalent in water sources
and drinking water. Acid-base and redox (oxidation/reduction) chemistry impact mobility,
bioavailability, and toxicity of these inorganic pollutants.

A potent carcinogen, As has a MCL of 10 parts per billion (ppb) (i.e., 10 pg/L) as
established in 2001; prior to 2001, the MCL had been 50 ppb [17], which attests to the
evolving understanding of risks associated with legacy pollutants. This metalloid, which
can naturally occur in groundwater, is typically known for causing blackfoot disease and
skin lesions [8]. Even at levels below the current MCL, As can impede early stage growth
in humans [18]. As a carcinogen, As consumption through drinking water can result in
tumor growth in skin and internal organs [8]. Soluble As is present in water as oxyanions,
As(I11) (arsenite, AsOs*) and the more oxidized As(V) (arsenate, AsO4+>) species.
Depending on pH, these species can be present in water as protonated or deprotonated
forms. As(I11) is both more mobile in the environment and toxic than As(V) [19]. The
greater toxicity of As(l11) is related to its interactions with sulfur and generation of reactive
oxygen species (ROS) [9]. Notably, conditions that are acidic and oxidizing can result in
large releases of As into water from sediment [20]. A recent survey of groundwater wells
in the state of lowa found As in 48% of samples (Figure 1-1) [21]. Additionally, a recent

study estimated levels of As in exceedance of the MCL in many groundwater wells in the



Central Valley of California [22]. Other regions of the United States are afflicted with the
same issue [10].

Cr(VI), another carcinogen, can cause kidney and liver damage as well as
gastrointestinal tract irritation and stomach ulcers [14]. Although its MCL of 100 ppb refers
to total Cr [both Cr(111) and Cr(V1)], Cr(111) is relatively harmless while Cr(VI) is much
more bioavailable, acutely toxic, and chronically toxic [15]. As a result, the California
Department of Public Health (CDPH) has set a Cr(V1) MCL of 10 ppb [23]. Cr(l11) present
in water can be oxidized during drinking water treatment processes like chlorination [16],
which results in direct input of Cr(\V1) into distribution systems. Cr(V1) can also enter water
supplies from industrial discharge, as Cr is commonly used to inhibit corrosion [24].
Depending on pH, Cr(V1) is typically present in water as oxyanions HCrO4 or CrO4>.
Cr(VI) has recently been detected in the tap water of 31 cities in the United States [25].

Pb is a neurotoxin with serious implications for health of children; with no truly
“safe” level for drinking water, it can impair neurological functions [12]. The main source
of Pb is water distribution system pipes, joints, and solder. Corrosion can cause the release
of this Pb, and thus many drinking water distributors add corrosion inhibitors, like ortho-
phosphate, to water before it enters distribution systems. The EPA has set a maximum
contaminant level goal (MCLG) for Pb of zero, though the EPA’s enforceable Lead and
Copper Rule sets an action level of 15 ppb for Pb; above this level, action must be taken to
control corrosion of pipes in distribution systems [26]. However, poor understanding of Pb
chemistry has resulted in water treatment decisions that cause the metal to continue to
plague water quality; this has been seen in Washington, D.C. during 2001-2004, when the

change from free chlorine to chloramines for disinfection caused corrosion leading to Pb



release [27], and now in Flint, Michigan, when the change to a corrosive water supply
caused corrosive Pb release [28]. Pb can be present in water in soluble and particulate
forms. Depending on pH and constituents in water, it can take the form of Pb?*, Pb-
hydroxide complexes [e.g., PbOH*, Pb(OH):2 (aq)], and lead carbonate [e.g., PbCOs (aq)]
complexes [13,29]. Alkalinity can increase the solubility of Pb [11].

Cu, like Pb, is released through corrosion in distribution systems [26], but is far less
toxic than its counterpart. The Lead and Copper Rule action level for Cu is 1.3 ppm,
likewise used as an indicator of corrosion occurring in water distribution systems. While
high doses of Cu (greater than 2 ppm) can be associated with nausea, lower levels do not
appear to have acute or chronic toxic effects in humans [30]. Cu®* is the predominant
species present below pH 7, with limited solubility above pH 7.2 as Cu(OH)2 dominates.
However, alkalinity can increase the solubility of Cu in water [11]. Cu is of concern
because it is associated with corrosion and it is toxic to algae and fish [6,7].

1.1.2. Organic pollutants: “emerging” today, “legacy” tomorrow?

At one time, even notorious legacy pollutants like DDT and PCBs were “emerging”
contaminants. The characterization of their risks and subsequent regulation in drinking
water transitioned them from EOCs to legacy pollutants. Many unregulated contaminants
expected or detected in drinking water are reviewed by the EPA through the Contaminant
Candidate List (CCL). The EPA publishes the CCL every 5 years, as mandated by the
SDWA. The EPA then must determine whether five or more contaminants on the CCL
should be regulated according to the SDWA based on whether the contaminant in question
(i) is likely to adversely affect human health, (ii) is present or is expected to be present in
public water systems at levels and with frequency causing concern for public health, and

(i11) if regulated, would serve as a “meaningful opportunity for health risk reductions for



persons served by public water systems” [31]. As intermediate steps, the EPA can set health
advisories, which are non-enforceable, for chemicals of health concern as well as require
monitoring of unregulated contaminants under the Unregulated Contaminant Monitoring
Rule (UCMR) to collect data needed to support establishing regulation under the SDWA.
Examples of chemicals currently undergoing this review process are perfluorooctanoic acid
(PFOA) and perfluorooctane sulfonate (PFOS), perfluoroalkyl substances historically used
as flame retardants and in the manufacture of products resistant to grease, stains, or water.
Though these chemicals were mostly phased out of use in the 2000s, contamination of soils
and groundwater (e.g., near firefighting training facilities) [32,33] has led to persistence in
water. A health advisory level of 70 parts per trillion (ppt, or ng/L) has been recommended
for total PFOA and PFOS based on their health effects, including their carcinogenicity and
adverse impacts on fetuses during pregnancy and breastfed babies. These chemicals
continue to be under study and review by the EPA to determine if they should have an
enforceable MCL in drinking water. An additional chemical under federal review (on the
CCL and monitored under the UCMR) is N-nitrosodimethylamine (NDMA\), a disinfection
byproduct that can be released by WWTPs. However, California does have a notification
level (NL) of 10 ppb and a Public Health Goal (PHG) of 3 ppb for NDMA in drinking
water, likely spurred by high concentrations of NDMA found in Sacramento groundwater
from rocket fuel production (~150 ppb) [34]. While EPA regulations predominantly result
from perceived human health risks, organic contaminants can also present ecosystem risks
likely to become problems prior to occurrence of human health effects, as historically seen
with eggshell thinning and subsequent bird population endangerment as result of DDT

introduced into the environment in the 1940s and 1950s [35].



1.1.3. Emerging organic contaminants in drinking water

EOCs are more and more frequently being detected in water and wastewater
samples, and their health and ecological effects are typically negative or unknown,
especially as relates to human health [3,4]. This evolving class of organic micropollutants
includes pharmaceuticals and personal care products (PPCPs), endocrine disrupting
compounds (EDCs), and pesticides, all of which are ubiquitous in water and may have
serious implications for drinking water treatment [2,3,5,36]. These EOCs are designed to
be bioactive and illicit biological responses (therapeutic effects from PPCPs and EDCs,
and death from pesticides), and thus even at trace levels could be able to alter biological
function in exposed organisms — even in humans, despite typically being well below the
therapeutic dose [37]. Primary sources of EOCs are excretion and discharge in wastewater,
agricultural runoff, and hospital effluent [3]. Especially high concentrations of
pharmaceuticals (mg/L levels) have been detected globally in wastewater from production
of the compounds [38]. If determined hazardous to human health, these contaminants
present a heightened risk to water quality because many are recalcitrant to conventional
water and wastewater treatment processes, as shown in Figure 1-2 [3,36]. Evolving
regulations for organic micropollutants in drinking water require development and
implementation of new technologies to ensure their successful removal prior to water
consumption.

EOCs are generally unregulated, though many are on the EPA CCL and under
review, as previously discussed for PFOA/PFOS and NDMA. The overall process of
making EOCs regulated is a struggle. Even in cases where health data clearly point to a
problem and occurrence in drinking water (e.g., as with PFOA/PFQS), the nature and

volume of data required to support regulation development places responsibility on the



EPA and researchers to unequivocally prove that chemicals harm human health [39] (rather
than presuming a new chemical may be hazardous, and placing responsibility on chemical
producers to indisputably prove a chemical does not harm human health, or on WWTPs or
WTPs to remove new, relatively uncharacterized chemicals). A commonly encountered
class of PPCPs is antibiotics; a consequence of their prevalence in the environment
involves increased threat of the development of antibiotic resistance in bacteria [40]. EDCs,
some of which represent a subset of PPCPs, include both endogenous hormones (e.g., 17p-
estradiol) and synthetic steroids like 17p-trenbolone, which is used widely in animal
agriculture. While hormones like 173-estradiol can lead to the feminization of fish, even at
ng/L concentrations [41], steroids like 17B-trenbolone can lead to the masculinization of
fish [42], with both EDCs causing reproductive problems and declines in fish populations.
While some pesticides and herbicides are very well-researched species (e.g., atrazine), but
no less important from a water quality standpoint due to their persistence, there remain
several classes of pesticides and herbicides for which environmental occurrence, fate and
risk data is limited (e.g., neonicotinoid insecticides and herbicide safeners).
Neonicotinoids, implicated in declining populations of pollinating insects [43], have only
recently been explored as pollutants present in aquatic ecosystems across the United States
[44,45]. Likewise, herbicide safeners, used to protect desirable crops from herbicides, are
bioactive and can impact ecosystems despite being largely termed “inert” for decades [46].
In both cases, the chemicals were used by industry and released into the environment before
long-term implications were considered, resulting in the widespread presence of these

contaminants in the environment with (i) relatively little understanding of their impacts on



ecosystems and human health and (ii) no associated regulatory standards requiring their
removal from water during wastewater or water treatment at present.
1.2. Small water treatment systems

Already limited in their financial resources and operational capacity, small
communities struggle to maintain water treatment systems compliant with regulations and
adaptable to future needs [47,48]. Compliance with the SDWA is complicated, in part, by
the diversity of chemical constituents typically encountered in source waters for small
public water systems (PWS). PWS, systems that serve 25 people or more or have at least
15 service line connections, must comply with all drinking water standards set by the EPA
[49]. However, even smaller water systems remain unregulated. From EOCs to legacy
pollutants, the responsibility for having water tested and implementing water treatment
falls upon individuals using and drinking the unregulated water.

As a case study, in rural Iowa, which encompasses 40% of the state’s population
[50], most utilize privately owned (and thus unregulated) groundwater wells. A recent
survey [21] found these wells to be compromised by organic and inorganic contaminants.
The herbicide atrazine, which is often present at levels in violation of maximum
contaminant levels (MCLs) in small PWS [47], was found in 8% of samples (40 out of
429) with mean and maximum concentrations of 0.104 pg/L and 0.5 pg/L, respectively.
Arsenic (As) was detected in 48% of samples, with 40 instances (out of 473) exceeding its
MCL of 0.01 mg/L (Figure 1-1). Source water quality problems are not isolated to
groundwater; PWS in lowa using surface water are subject not only to agrochemicals (like
neonicotinoids) [45] but also other constituents of emerging concern including

pharmaceuticals and hormones [51].



1.3. Treatment technologies for diverse water qualities encountered by
small water systems

Due to the decentralized nature of small water systems (in contrast with centralized
water systems that have a conventional water treatment plant and distribution system),
point-of-use (POU) and point-of-entry (POE) are often the best alternatives for treating
water. POU devices treat water for consumption (and are typically only installed at one
tap), while POE devices treat water entering a single facility (e.g., a single home or school)
[52]. POE and POU devices often employ adsorptive media or reverse osmosis (RO).
However, the spatial footprint required for adsorptive media (i.e., deployed in relatively
large packed bed filters) and the energy requirement of RO (which operates at high
pressure) can be prohibitive for some small water systems. Additionally, both RO and
sorptive media filtration result in waste streams that necessitate special disposal. RO
produces a concentrated brine, and sorption processes result in media coated with large
quantities of contaminants (e.g., granular iron oxide sorbents covered by sorbed As).

With conventional water treatment processes failing to remove many EOCs [36]
and introducing contaminants (like Pb) through distribution systems [27], decentralized
water treatment like POU and POE treatment, in addition to improved wastewater
treatment, is the best line of defense for removal of contaminants of concern for human
health.

1.3.1. Sorption and advanced oxidation processes in water treatment

In water treatment, advanced oxidation processes (AOPs) are processes in which
hydroxyl radicals (‘OH), a type of reactive oxygen species (ROS) that proves to be the
strongest oxidant in water, are generated that can chemically oxidize nearly all aqueous

contaminants [53]. AOPs are ideal for removing EOCs from water, due to the resultant
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non-specific oxidation of all organics present and elimination of bioactivity associated with
PPCP occurrence [40,54]. AOPs that can be used for oxidation of EOCs in water include
ultraviolet light (UV) with ozone (Os3) (UV/O3), UV with hydrogen peroxide (H203)
(UV/H202), and UV with titanium dioxide (TiO2) (UV/TiO2) [53]. Processes with UV are
beneficial because UV can simultaneously be applied for disinfection in water treatment;
disinfection can also be achieved directly by AOPs [55].

Sorption is a process commonly utilized for water treatment. Referring to uptake of
contaminants by media, sorption can remove organic and inorganic pollutants from water.
Notable sorbents currently used for water treatment include granular activated carbon
(GAC) and granular ferric hydroxide (GFH®, Evoqua). GAC has been demonstrated to
remove both organic contaminants [ranging from EOCs to established disinfection
byproducts (DBPs)] [56] and inorganic contaminants (including As and Pb) [57]. GFH®
is approved as a best-available technology (BAT) for As removal by the EPA, but has also
been demonstrated to remove other contaminants like copper and phosphate. Both GAC
and GFH® employ large internal surface areas for sorption, in turn requiring relatively
long contact times with water and thus large packed bed reactor systems. Such design
parameters can inhibit deployment of GAC and GFH® in POU and POE treatment devices.
1.4. Novel metal oxide nano-scaled treatment technologies

Nanotechnology is technology development on the scale of 1-100 nm, creating
structures with novel properties and functions arising from their molecular-level nature
[58]. The promise of nanotechnology-integrated water treatment is the ability to optimize
process efficiency via unique material properties exhibited within the nano-domain while

simultaneously reducing the footprint of engineered systems. Nevertheless, environmental
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engineers have been hesitant to embrace nano-engineered materials, primarily due to
concerns over possible adverse effects upon their incidental release into the environment
[59]. As such, there remain a wealth of unrealized opportunities for safe, responsible
applications of engineered nanomaterials in water treatment.

Such nanotechnology-enabled treatment solutions are ideal for small PWS, as they
exhibit high reactivity with a small footprint. The high surface area-to-volume ratio of
nanomaterials makes them particularly attractive for adsorption and redox processes
targeting dissolved chemical constituents [60,61]. For example, highly reactive nano-
engineered materials represent ideal building blocks for multi-functional materials capable
of performing several treatment operations simultaneously over short spatial dimensions.
If synthesized in sufficient quantities and designed sustainably, multi-functional
nanostructures represent an innovative approach for the simultaneous treatment of
undesirable constituents in water via operations and principles (e.g., filtration, chemical
oxidation, adsorption, and disinfection) long exploited by water quality engineers.

1.4.1. TiOz as a nano-scaled photocatalyst for advanced oxidation

Titanium dioxide (TiO2) is a metal oxide semiconductor that serves as a
photocatalyst. TiO2 can oxidize or reduce organic pollutants for water treatment when
exposed to ultraviolet (UV) light [62]. On the nanoscale, the reactivity of TiO: is affected
by surface area-to-volume ratio, doping with other elements, and structural phase
composition of the TiO2 [63-67]. TiO2 has not been implemented for actual water
treatment; however, practical demonstrations of TiO2 span several years and include
membrane filters, solar reactors, and magnetic TiO2 nanoparticles [68-70]. Several
challenges of TiO:z as a heterogeneous photocatalyst must be overcome for applied use in

water treatment, including potential for leaching, aqueous stability, toxicity of the released
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photocatalyst, and fouling of the material [71-74]. However, UV/TiOz2 has vast potential
for water treatment because if immobilized, TiO2 can eliminate the need to generate or
store and dose chemicals (like Oz and H203) as part of water treatment. This benefit extends
to the deployment of UV/TiO2 as an AOP in POU/POE water treatment; a filter with TiO2
used in conjunction with UV light (with UV already utilized in POU devices [52]) would
require minimal training and operational knowledge, making it ideal for POU/POE
applications.

1.4.2. Hematite as a nano-scaled iron oxide sorbent for metal/metalloid uptake

Hematite (a-Fe203) is a metal oxide semiconductor that serves as a sorbent. This
iron oxide can sorb heavy metals and metalloids (e.g., As) [75,76] as well as ions (e.g.,
phosphate) [77]. While iron-based materials are employed in water treatment (e.g., Evoqua
granular ferric hydroxide, GFH®, for As sorption), hematite nanomaterials face the same
barriers for applied use in water treatment that TiO2 nanomaterials do [78].

1.4.3. Electrospinning

Electrospinning (Figure 1-3) has emerged as an innovative approach for the
synthesis of ultra-long nanofibers with controlled diameter (from nm to pm) and
composition while using a simple apparatus operated at room-temperature [79-81].
Electrospinning allows the high-yield production of nanoengineered materials in a format,
nanofiber mats, that has the potential to be robust and stable under a variety of conditions
[81]. Most notably, nanofiber mats are promising tools for filtration; they possess a larger
surface area-to-volume ratio than conventional filters, and tend to exhibit lower degrees of
pressure drop [81].

Initially developed for polymers, metal oxide nanofibers can now be synthesized

by electrospinning sol-gel precursors with or without polymer hosts, followed by
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calcination in air [79]. While electrospun nanofibers have found numerous applications in
catalysis, sensing, medicine, and energy [82], their use in water treatment has grown
slowly. Limited work to date has focused primarily on the application of polymeric
nanofibers via direct filtration and incorporation into membrane bioreactors [83-86].
Current demonstrated uses of metal oxide nanofiber mats for water treatment applications
either rely on dispersion via sonication of the nanofibers followed by filtration onto another
substrate [87,88] or on formulations of the metal oxide nanofibers (e.g., TiO2) that have
relatively lower reactivity [89,90]. In studies to date, maintaining material strength remains
a challenge while optimizing reactivity of metal oxide materials, as apparent with the
reactive but brittle electrospun TiO2 and Fe203 nanofibers shown in Figure 1-4.
1.5. Study objectives and hypotheses

Nanomaterials, particularly titanium dioxide (TiO2) and hematite (a-Fe203), have
exhibited great potential in water treatment due to their unique and tunable structural,
physical, and chemical properties. Although decades of research have demonstrated the
use of these nano-scaled metal oxides for water treatment applications as photocatalysts
and adsorbents, true application in the field of water treatment remains limited due to
practical challenges associated with nanomaterial use. Pure metal oxide nanofibers are
brittle and ill-suited for water treatment (Figure 1-4), despite their significant reactivity
toward contaminants. This work demonstrates the application of electrospun metal oxide
nanofibers for use as chemically active filtration materials in water treatment, incorporating
the concurrent requisites of robustness and optimal reactivity.

Specific objectives include the following:
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e Via electrospinning, tailor nanofiber properties to optimize the reactivity of TiO2
as a photocatalyst for chemical oxidation.

e Synthesize and characterize free-standing hematite filters using electrospun
polymer-based nanofiber mats, and optimize reactivity in a flow-through filtration
system by assessing performance (e.g., pollutant removal efficiencies).

e Synthesize and characterize free-standing TiOz2 filters using electrospun carbon-
based nanofiber mats, and optimize reactivity in a cross-flow filtration system by
assessing performance (e.g., permeate flux and pollutant removal efficiencies).

The hypothesis driving the first objective is that characteristics including diameter, grain
size, dopant levels, and crystal structure could be tailored during synthesis to optimize
nanofiber reactivity toward organic micropollutants. Hypotheses driving the second and
third objectives are that optimized nanofibers could outperform conventional approaches
utilizing similar operational principles across a range of performance metrics including
active filtration lifetime, constituent removal capacity, and regeneration ability.

The research herein contributes to the transition of nanomaterials from benchtop
demonstration to application in the field of water treatment. This work established
formulations of TiO2 and hematite nanofiber filters that have enhanced reactivity and are
easily synthesized.

1.6. Overview and thesis organization

This thesis contains three chapters of research completing objectives and testing
aforementioned hypotheses. Chapter 2, the first research chapter (a version of which was
published in ES&T [91]), describes the optimization of TiO2 nanofibers as photocatalysts

for oxidation of EOCs. Crystalline phase (anatase versus rutile), nanofiber diameter, and
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grain size are tuned to enhance photoreactivity of TiO2. Additionally, Au nanoparticles are
examined as catalysts for further increasing reactivity of TiOz. Finally, the efficacy of TiO2
nanofibers, Au/TiO2 nanofiber composites, and commercially-available Aeroxide® P25
(TiO2 nanoparticles) are compared across a suite of organic micropollutants and water
qualities in batch.

The second research chapter, Chapter 3, demonstrates polymer/hematite (Fe203)
composite nanofiber filters and Fe2Os-polymer/Fe2Os core-shell nanofiber filters for
removal of heavy metal and metalloid contaminants from water via sorption. Nanofiber
filters are studied in batch and flow-through systems for removal of As(V), Cu(ll), Cr(V1),
and Pb(l1) across different pH values, pollutant concentrations, and water qualities.

Chapter 4, the final research chapter, explores carbon/TiO2 composite nanofiber
filters for removal of EOCs in cross-flow filtration with UV light. Nanofiber filters are
optimized by tuning thickness of the filter, mass of TiO2 loaded in nanofibers, and phase
and size of TiO2 nanoparticles incorporated into nanofibers. Different flow rates are also
assessed for cross-flow and dead-end applications. Filters are ultimately tested for removal

of a suite of organic micropollutants in cross-flow filtration.
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Figure 1-1. Instances of As occurrence in well water in rural lowa communities [21].

Large red dots indicate > 0.01 mg/L (the EPA MCL). Small blue dots indicate 0.001-
0.009 mg/L [21].
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Figure 1-3. An electrospinning setup consists of a high-voltage power supply, spinneret
(metallic needle), collector (e.g. Al foil, Si wafer, or metallic drum), and syringe pump.

Polymer-based sol-gels are used as electrospinning solutions (e.g. Ti-doped polymer sol-
gel for synthesis of TiO2 nanofibers). Inset shows SEM image of electrospun nanofibers.



Figure 1-4. Pure electrospun TiO2 and Fe2O3 nanofibers after calcination in air. These
nanofibers are extremely brittle and poorly-suited for practical water treatment
applications.

19



20

CHAPTER 2: TAILORED SYNTHESIS OF PHOTOACTIVE
TITANIUM DIOXIDE NANOFIBERS AND GOLD/TITANIUM
DIOXIDE NANOFIBER COMPOSITES: STRUCTURE AND
REACTIVITY OPTIMIZATION FOR WATER TREATMENT
APPLICATIONS!

2.1. Abstract

Here, titanium dioxide (Ti02) nanofibers with tailored structure and composition
were synthesized by electrospinning to optimize photocatalytic treatment efficiency.
Nanofibers of controlled diameter (30-210 nm), crystal structure (anatase, rutile, mixed
phases) and grain size (20-50 nm) were developed along with composite nanofibers with
either surface-deposited or bulk-integrated gold (Au) nanoparticle co-catalysts. Their
reactivity was then examined in batch suspensions toward model (phenol) and emerging
(pharmaceuticals, personal care products) pollutants across various water qualities.
Optimized TiO2 nanofibers meet or exceed the performance of traditional nanoparticulate
photocatalysts (e.g., Aeroxide® P25) with the greatest reactivity enhancements arising
from (i) decreasing diameter (i.e., increasing surface area); (i1) mixed phase composition
[74/26 (£0.5) % anatase/rutile]; and (iii) small amounts (1.5 wt.%) of surface-deposited,
more so than bulk-integrated, Au nanoparticles. Surface Au deposition consistently
enhanced photoactivity by 5- to 10-fold across our micropollutant suite independent of
their solution concentration, behavior that we attribute to higher photocatalytic efficiency

from improved charge separation. However, the practical value of Au/T102 nanofibers was

L A version of this chapter has been published: Nalbandian, M. J., Greenstein, K. E., Shuai, D., Zhang, M.,
Choa, Y., Parkin, G.F., Myung, N.V., and Cwiertny, D. M., Tailored Synthesis of Photoactive TiO;
Nanofibers and Au/TiO, Nanofiber Composites: Structure and Reactivity Optimization for Water Treatment
Applications. Environ. Sci. Technol., 2015, 49(3), p. 1654-1663.
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limited by their greater degree of inhibition by solution phase radical scavengers and higher
rate of reactivity loss from surface fouling in non-idealized matrices (e.g., partially treated
surface water). Ultimately, unmodified TiO2 nanofibers appear most promising for use as
reactive filtration materials because their performance was less influenced by water quality,
although future efforts must increase the strength of TiO2 nanofiber mats to realize such
applications.
2.2. Introduction

Engineered nanomaterials have immense, but as yet largely unrealized, potential
for water treatment applications. Reactive nanomaterials have been demonstrated as high
surface area adsorbents, (photo)catalysts, and antimicrobial or antifouling agents [92],
often times with enhanced reactivity relative to larger or bulk materials. Nanotechnologies
also hold the promise of being deployed across a range of treatment platforms, either as
stand-alone technologies, integrated into conventional operations, or as point-of-use
devices to polish tap water [93]. Harnessing these novel technologies may one day lessen
society’s reliance on centralized treatment systems while decreasing material and energy

consumption associated with traditional water resource management [93].

Titanium dioxide (Ti02) photocatalysts are among the most mature nanomaterial-
enabled technologies from the perspective of fundamental research, having been
extensively investigated as an alternative advanced oxidation process (AOP) [94-97].
Nevertheless, many well-recognized challenges hinder TiO2 application in water treatment.
Their inherent reactivity is relatively low compared to other AOPs (e.g., UV/ozone) [98]
and they rely on high energy light (UVA; A <390 nm ) that comprises only 5% of the

solar spectrum. There are also a multitude of practical hurdles including the design,
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modeling and scale-up needed for full-scale treatment plants [99-101]. Further, amid
concerns over the environmental release of engineered nanomaterials [102—105], a major
design consideration is mitigating TiO2 loss or leaching into the treated water supply [106]
even though nanoparticle immobilization on a support can adversely impact reactivity by
sacrificing available surface sites [107]. Suspension instability may also be limiting if TiO2
nanoparticle aggregation decreases reactive surface area [108,109]. Finally, in complex
water matrices, scavengers of photogenerated reactive oxygen species (e.g., hydroxyl
radical scavenging carbonate and natural organic matter) and surface fouling can limit

treatment efficiency [110,111].

In light of these challenges, researchers have recently turned to electrospinning
[112—-117] as an innovative and scalable route for the synthesis of ultra-long TiO2
nanofibers in a platform, a permeable two-dimensional nanofiber network, that is
analogous to reactive filtration materials constructed from TiO2 nanoparticles. However,
while many studies have demonstrated the synthesis and photocatalytic activity of such
nanofibers, relatively little work has been geared toward optimizing their structure,
morphology and composition to improve performance in simulated water treatment. A
major benefit of electrospinning is that the synthesis process is highly tunable, allowing
nanofiber properties including diameter, grain size, phase composition and the integration
of co-catalysts to be readily optimized for a targeted application [118,119]. Nevertheless,
details on how the interplay of these variables influences the reactivity of TiO2 nanofibers
toward recalcitrant organic micropollutants (i.e., the typical target of AOPs), especially in
aquatic matrices relevant to technology implementation, require further consideration.

Instead, a number of studies [115,120—124] to date have utilized model pollutants (e.g.,
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dyes) in highly idealized experimental systems that leave the practical utility of electrospun

TiO2 nanofibers very much in question.

Preliminary work for this study centered on the optimization of electrospun TiO2
nanofibers for degradation of phenol by tuning diameter, grain size, and phase composition.
Decreasing polymer concentration in sol-gel, from 15 to 12 wt.%, and increasing applied
voltage, from 8 to 12 kV, during synthesis decreased average diameter of TiO2 nanofibers,
as shown in histograms in Figure 2-1a. Different phases of TiOz2, including pure anatase,
mixtures of anatase/rutile, and pure rutile, were achieved by annealing electrospun
nanofibers at different temperatures, ranging from 500 to 800°C (Figure 2-1b). Annealing
temperature likewise impacted grain size (Figure 2-2). These materials were tested for
degradation of phenol as a measure of reactivity. Ultimately, the most reactive TiO2
nanofibers were those with narrow (30 nm) diameter (and thus having largest surface area
to volume ratio) and mixed phase composition [74/26 (+0.5)% anatase/rutile] (Figures 2-

3, 2-4), a phase ratio comparable to that of commercial P25 [125].

In this study, we use electrospinning to synthesize TiO2 nanofibers with tailored
structure and composition, and compare the performance of optimal nanofiber
formulations to commercial nanoparticle photocatalysts across a range of treatment targets
and water qualities. Using electrospinning, we obtained desired TiO2 nanofiber properties
(e.g., diameter, crystal structure, grain size) through previously explored synthesis
parameters (e.g., applied voltage, annealing temperature). Nanofiber composition was also
varied through fabrication of Au/TiO2 composites because Au nanoparticle co-catalysts
can potentially enhance reactivity not only by promoting charge separation akin to other

noble metals (e.g., Pt) but also by surface plasmon resonance effects [115,126—-128].
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Properties of synthesized nanofibers and composites were obtained from microscopy and
spectroscopy and then correlated with metrics of their photocatalytic activity toward a suite
of model (phenol) and emerging (DEET, atrazine, sulfamethoxazole, and carbamazepine)
organic micropollutants. Their longevity in matrices representative of drinking water

treatment was also evaluated.

This work aims to establish the material properties of TiO: nanofibers and
nanofiber composites most influential on photocatalytic activity and how the performance
(i.e., reactivity and longevity) of optimal nanofiber formulations compares to traditional
nanoparticle photocatalysts (e.g., Aeroxide® P25) in a treatment setting. Ultimately,
outcomes of this work are the first step toward the development of nanofiber-enabled
technologies with the potential for multi-functional chemical (e.g., oxidation) and physical

(e.g., filtration) treatment of impaired water supplies.

2.3. Experimental methods
2.3.1. Reagents

All chemicals were reagent grade or better and used as received. The synthesis of
the TiO2 nanofibers involved titanium tetraisopropoxide (TTIP) (Sigma Aldrich, 97%),
ethanol (Fisher Scientific, anhydrous), acetic acid (Fisher Scientific, glacial 99.7%) and
polyvinylpyrrolidone (PVP) (Sigma Aldrich, MW: 1,300,000 g/mol). Gold(IIT) chloride
trihydrate (Sigma-Aldrich, 49+% Au basis) and urea (Fisher Scientific, 99+%) were used
to prepare Au/TiO2 nanofiber composites.

A buffer solution prepared from 5 mM potassium phosphate monobasic (Fisher
Scientific, 99.3%) with pH adjusted to 7 was used in all photoreactivity experiments.

Aeroxide® P25 (Acros Organics) was used as a commercially available TiO2 photocatalyst



25

for treatment efficiency comparison. Phenol (Sigma-Aldrich, 99+%), atrazine (Sigma-
Aldrich, 98.8%), carbamazepine (Sigma-Aldrich, 98+%), N,N-Diethyl-meta-toluamide
(DEET) (Sigma-Aldrich, 97.6%), and sulfamethoxazole (Sigma-Aldrich, 99+%) were used
as organic micropollutants in photoactivity studies. Potassium nitrate (Fisher Scientific,
99.9%), humic acid sodium salt (Aldrich), magnesium chloride (Fisher Scientific, 99.4%),
calcium chloride dihydrate (Fisher Scientific, 74.3%), sodium hydrosulfide hydrate (Acros
Organics, 67+%), and isopropanol (Fisher Scientific, 70%v/v) were used as foulants and
inhibitors in photoactivity studies. The eluents for HPLC analyses of micropollutants
contained sodium acetate (Sigma Aldrich, anhydrous), potassium phosphate monobasic
(Fisher Scientific, 99.3%), acetonitrile (ACN) (Fisher Scientific, 99.9%), and methanol
(Fisher Scientific, 99.9%). All solutions were prepared in deionized (DI) water (Millipore,
Milli-Q).
2.3.2. Synthesis of electrospun TiOz nanofibers

The synthesis of TiO2 nanofibers began with the preparation of two separate
solutions, the titanium precursor solution containing titanium tetraisopropoxide (TTIP) and
the polymer solution containing polyvinylpyrrolidone (PVP). A designated amount of PVP
(12 wt.% 1n the overall sol-gel) and 4.5 mL of ethanol were combined in a 50 mL glass
beaker and stirred with a magnetic stirrer at a rate of 300 rpm for at least 2 hours, ensuring
that all of the PVP had dissolved. Additionally, 1.68 mL of TTIP, 3 mL of ethanol and 3
mL of acetic acid were combined in a 50 mL glass beaker and stirred at a rate of 300 rpm
for 10 minutes. After both solutions dissolved completely, they were mixed together for an
hour, creating the desired electrospinning solution. We note that during creation of Au-
embedded composite nanofibers, precursor metal salts were integrated into this

electrospinning solution at the desired levels based upon wt.%.
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For the electrospinning process, a 12 mL syringe was filled with the solution and
loaded onto a Braun Perfusor syringe driver. Using polyethylene tubing, the syringe was
attached to a stand retrofitted with a metallic syringe adapter and 25 gauge plastic needle
tip from NanoNC (Korea). The stand was set 10 cm away from an aluminum foil-covered
rotating drum, purchased from SPG Co., Ltd. (Korea), which acted as the grounded
collector. The metal adapter was connected to an Acopian (Easton, PA) high-voltage power
supply controlled by a computer via National Instrument Labview program. An applied
voltage of 10 kV was utilized. As the solution slowly progressed through the system at a
flow rate of 0.3 mL/hr, it became electrified as it reached the metal adaptor, forming a
distorted conical shape, known as a Taylor cone due to the solution overcoming its
naturally high surface tension. The tip of the cone expelled an electrified jet of fibers,
forming a fibrous mesh on the grounded collector.

After 3 hours (a typical synthesis duration), the electrospinning was ceased and the
Al foil coated with the nanofibers was removed and inserted into a drying oven (Yamato
DVS 402) at 60 °C overnight. After this low heating, the nanofiber mat (typically 0.13 x
0.28 m?) was peeled off and placed into a ceramic bowl for annealing in a box furnace
(Thermolyne; Thermo Scientific). The furnace was heated to the desired temperature from
room temperature at a rate of 3 °C/min, maintained at the desired temperature for 3 h, and
cooled down to room temperature. An annealing temperature of 650 °C was used to control
the relative abundance of possible crystal phases and to remove polymer. Such phase
tuning was motivated by Aeroxide® P25 (hereafter simply P25), a mixed phase TiO2
photocatalyst with anatase (70-80%) and rutile (20-30%) [107,129] that is frequently

reported to outperform pure phases in reactivity studies [107,129-131]. Further, grain size,
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which also was tuned by annealing temperature, provides a means to control crystallinity,
which strongly influences the recombination rate of photogenerated holes and electrons.
After annealing, typically 20-25 mg of nanofibers were produced.

2.3.3. Synthesis of composite TiO, nanofibers

Au/Ti02 composites were synthesized either by (i) embedding Au nanoparticles in
TiO2 nanofibers using a one-pot synthesis or (i1) loading Au nanoparticles onto the surface
of TiO2 nanofibers using a post-synthesis chemical precipitation method. Au embedded
TiO2 nanofibers were prepared by incorporation of Au(Ill) chloride trihydrate into the
precursor solution at loadings between 1-10 wt.% [132]. Alternatively, Au nanoparticles
were loaded onto the nanofiber surface after electrospinning and annealing. For
comparison, P25 nanoparticles with surface-deposited Au nanoparticles were also
prepared.

2.3.4. Surface deposition of Au

Au nanoparticles were deposited onto the TiO2 nanofiber surface via reductive
precipitation with urea, resulting in Au contents between 0.25 and 10 wt.% (assuming
complete deposition). Based on previous work [133], a suspension (1 g/L) of TiO:2
nanofibers was dispersed via sonication (Bransonic Ultrasonic Cleaner Model 1510), and
then the desired amount of Au precursor solution (i.e., gold(IIl) chloride trihydrate) and
urea solution were added and thoroughly mixed at 80 °C for 4 hours in a thermomixer
(HLC by DITABIS Model MKR 13). The molar concentration ratio between urea and Au
was at least 100, and it facilitated Au deposition by increasing solution pH to 8 after thermal
decomposition of urea. Au/TiO2 nanofibers were separated from solution by centrifugation
at 14,000 rpm (16,900 g) for 10 minutes, washed with DI water and centrifuged (a process

repeated three times), dried at 100 °C overnight in an oven (Fisher Scientific Isotemp Oven
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Model 750G), and subsequently annealed at 300 °C for 4 hours in air in a tube furnace
(MTI OTF-1200X-80).

2.3.5. Details of photocatalyst material and optical characterization

Nanofiber diameter, as well as Au nanoparticle size and distribution in composites,
was examined by scanning electron microscopy (SEM) and transmission electron
microscopy (TEM) with energy dispersive X-ray spectroscopy (EDX). Nanofiber crystal
phase and average grain size were determined by X-ray diffraction (XRD). Surface
composition was examined with X-ray photoelectron spectroscopy (XPS).

Nanofiber diameter and Au nanoparticle size were examined with a Phillips XL.30
FEG scanning electron microscope (SEM). For SEM, samples were prepared by placing
approximately a 0.5 cm x 0.5 cm area of nanofibers onto a SEM sample holder. SEM
imaging of n = 100 nanofibers yielded average diameters (with standard deviation) that
were used to create sizing histograms. Transmission electron microscopy (TEM) with
energy dispersive X-ray spectroscopy (EDX) (JEOL JEM 2100F field emission
transmission electron microscope) was also used to explore the spatial distribution and
estimate the size of Au nanoparticles on TiO2 nanofibers.

Crystal phase and average grain size were determined by a Bruker D8 Advance X-
ray diffractometer (XRD). XRD samples were prepared by depositing a 1 x 1 cm? area of
nanofibers onto a glass slide. Samples were analyzed from 20° to 80° for the Bragg angle
with an interval of 0.03°. Using XRD analysis, the crystal structure, crystal orientation, and
average grain size were determined. The motivation for crystal phase tuning is that
Aeroxide®, a mixed phase TiO2 with an anatase to rutile ratio of 70-80:20-30 [107,129],
outperforms both pure phases in reactivity studies [130]. Moreover, grain size tuning

represents a means to control crystallinity, which strongly influences the recombination
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rate of photogenerated holes and electrons. Using the XRD spectra data, the rutile percent

composition was calculated by means of equation 2-1 [134]:

R(%) = L(I_A) 2-1)

IR
1+(o.79(ﬁ))
where /R is the intensity of the rutile peak (1 1 0) at 20 = 27.5° and /4 is the intensity of

the anatase peak (1 0 1) at 26 = 25.4°. The average grain size was calculated by the

Scherrer-Debye equation, as seen in equation 2-2 [134]:

kA
b= Bcos6 (2_2)

where D is the average grain size in nm, k is the shape factor constant (0.9), A is the
wavelength used by XRD (0.154 nm), B is the broadening of the diffraction line measured
by the full width at half maximum of the peak and 0 is the Bragg angle of the peak from
the XRD spectrum.

Extinction and absorption coefficients were determined with the Thermo Scientific
Evolution 300 UV-Vis spectrophotometer and the Praying Mantis diffuse reflectance
infrared Fourier transform spectroscopy (DRIFTS) accessory. The specific extinction
coefficients (L/cm-g) were calculated using the absorbance measured for 0.1 g/L

suspensions of material by UV-vis spectrophotometer with equation 2-3:

__2.303A
d*Ceqt

& (2-3)

where ¢ is the specific extinction coefficient (L/cm-g), A is the measured absorbance, d is
the cell path length (cm), and Ceat is the mass concentration of the catalyst (g/L) [135].
General extinction coefficients (cm™') were determined by multiplying specific extinction
coefficients by mass concentration of catalyst. Optical thicknesses (t, unitless) of the 0.1

g/L suspensions were determined using equation 2-4:
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T=¢ *d*Coqt (2-4)
The extinction coefficient is equal to the absorption coefficient, K, plus the scattering
coefficient, S [136,137]. From DRIFTS on the dry materials and Kubelka-Munk
calculations, ratios of the coefficients (K/S values) were determined. Using extinction
coefficients and K/S values, absorption coefficients and scattering coefficients were
algebraically determined. Specific extinction coefficients, absorption coefficients,
scattering coefficients, and optical thicknesses for materials are given in Figure 2-5.

The surface-chemical composition of Au/TiO:2 nanofibers reacted in UIWTP
sedimentation basin effluent was investigated using a custom-designed Kratos Axis Ultra
X-ray photoelectron spectroscopy (XPS) system equipped with a monochromatic Al Ka
X-ray source. An extensive description of this system can be found elsewhere [138,139].
For XPS, Au/TiO2 nanofiber samples were collected from 0.1 g/L. suspensions after
reaction (immediate and 24 h aging in sedimentation basin effluent). Samples were
immobilized on a 13 mm polyvinylidene difluoride (PVDF) filter, and samples were
washed extensively with DI water (~40 mL) prior to analysis. PVDF filters were mounted
on Cu stubs for analysis. XPS was used to collect full spectrum survey scans, as well as to
examine O 1s, C 1s, Ti 2p, and Au 4f regions.

2.3.6. Photocatalysis experiments

Reactivity experiments were conducted in batch systems using a commercially
available 1000 W Xenon arc lamp (Newport Corporation) equipped with a 305 nm long-
pass filter to better simulate the wavelengths of light available at earth’s surface. For the
1000 W Xenon arc lamp, the light was first passed through a water filter to remove infrared

(IR) radiation, reflected off a 90° full reflectance beam turning mirror, and then passed
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through a long-pass filter with cut-on wavelength of 305 nm to better simulate the
wavelengths of light available at earth’s surface. More details of this system can be found
elsewhere [140].

Lamp irradiance at wavelengths of 250 nm and greater was measured with a
spectroradiometer (ILT950) at reactor height. Photon fluence (photons/cm?s) was then

calculated at each wavelength using equation 2-5:

del

= P34+ 5.03 x 1015 (2-5)
where Py is the irradiance at a given wavelength (W/cm?), A is wavelength (nm), and
5.03x10' is a factor incorporating Planck’s constant and the speed of light [141]. Photon
fluence for each wavelength was plotted versus wavelength, and the curve was integrated
from 305 nm to 400 nm to determine photon fluence over the range of absorbable photons
for the TiO2 materials in reactions. This fluence was 6.13x10'> photons/cm?s. For all
reactions, time can be multiplied by photon fluence to analyze kinetics in terms of photon
fluence.

Reactivity studies were conducted within a jacketed photoreactor with catalyst
suspensions (0.005-0.1 g/L) that were well mixed (with magnetic stir bar and stir plate),
prepared at pH 7 (5 mM phosphate buffer) and maintained at 25 °C with a recirculating
water bath. The majority of experiments were conducted at 0.1 g/L, at which optical
properties (e.g., optical thickness, specific extinction coefficient, scattering coefficient and
absorption coefficient) for photocatalyst suspensions were quantified as previously
described. This loading was sufficient to produce optical thicknesses (t) recommended for

optimal photon absorption efficiency [136].
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Reactivity of TiO:2 nanofibers, nanofiber composites (Au/TiO2) and P25
nanoparticles was explored toward a suite of organic targets over a range of initial
concentrations (5-100 uM). Experiments to optimize diameter, grain size and Au loading
of TiO2 nanofibers employed phenol. Once an optimal nanofiber formulation was
identified, additional reactivity studies were conducted with a set of organic
micropollutants, N,N-Diethyl-meta-toluamide (DEET), atrazine, carbamazepine and
sulfamethoxazole, known to be recalcitrant to traditional treatment processes [142]. First,
suspensions of 1 g/ TiO2 nanofibers were prepared in DI water and dispersed via
sonication (Bransonic Ultrasonic Cleaner Model 1510) for 5 hours. Suspended TiO2
nanomaterials and a given target pollutant (phenol, atrazine, carbamazepine, DEET, or
sulfamethoxazole) were added to 5 mM phosphate buffer adjusted to pH 7 in a jacketed
reactor, having a total reaction volume of 15 mL. The reactor had a diameter of 3.7 cm and
starting depth of solution of 1.5 cm. The surface of the solution was centered 18 cm below
the lamp, which had a beam width of 4.8 cm. The solution was stirred for 20 minutes in
the dark in order to ensure solution homogeneity, after which a 700 pL sample was taken
to quantify the initial pollutant concentration. There was no indication of sorption of any
pollutants onto the nanofibers based on comparison of this initial concentration with
measurements made in control reactors without nanofibers. The reactor was then irradiated
(typically for 60 minutes), during which aliquots were withdrawn periodically to measure
change in aqueous phase concentration of the pollutant target. Samples were centrifuged
at 10,000 rpm (8,600 g) for 8 min in the dark to allow extraction of the supernatant. The

supernatant was transferred to a 1.5 mL amber autosampler vial for subsequent analysis
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via high performance liquid chromatography with photodiode array detector (1200 Series
Agilent HPLC-DAD).

To explore the influence of water quality on performance, particularly matrices
representative of water treatment systems, the reactivity of optimal nanofibers toward
DEET was explored in water samples collected from the University of lowa Water
Treatment Plant (UITWTP). The UIWTP treats a surface water source (the lowa River) with
a process train of coagulation/ flocculation, sedimentation, softening, chlorination and
filtration. Samples were collected after filtration (simulating photocatalytic treatment as a
final polishing step for drinking water) and after sedimentation (simulating photocatalytic
treatment applications in dirtier matrices). Following the general set-up described above,
TiO2 or Au/TiO2 nanomaterials and DEET (the target in all real water systems) were added
to either sedimentation basin effluent or clearwell effluent from the University of lowa
Water Treatment Plant. For longevity studies, TiO: nanomaterials were added to
sedimentation basin effluent or clearwell effluent and these mixtures were magnetically
stirred in the dark for 24 hours. DEET was added to the reactor 20 minutes before
irradiation to ensure solution homogeneity, and again, there was no evidence of sorption in
any system. According to analyses conducted by the UIWTP, the sedimentation basin
effluent had alkalinity of 224 mg/L, pH of 7.4, and turbidity of 0.9 NTU. The clearwell
effluent had alkalinity of 40 mg/L, pH of 9.5, and turbidity of 0.07 NTU.

Complementary experiments with the model radical scavenger isopropanol [140]
and individual components of UIWTP water samples provided insights into constituents
most influential on photocatalyst performance. Constituents investigated included

carbonate (< 5 mM NaHCO:3), organic matter (< 5 mg/L Aldrich humic acid sodium salt),
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hardness (< 50 mM CaClz or MgClz), nitrate (< 5 mg-N/L as KNO3) and reduced sulfur (<

100 uM NaHS), with concentration ranges chosen to span those of natural waters.

2.3.7. HPLC analytical details

The 1200 Series Agilent HPLC-DAD was equipped with an Eclipse XDB-C18
column (4.6 x 50 mm, 1.8 um particle size). The HPLC method of analysis for phenol was
based on previous work and employed a mobile phase of 65:35 1 mM sodium acetate: ACN
at pH 3, a flow rate of 0.75 mL/min, an injection volume of 20 puL and a 254 nm detection
wavelength [143]. The HPLC method of analysis for atrazine was based on previous work
and employed a mobile phase of 50:50 DI water: ACN, a flow rate of 1 mL/min, an
injection volume of 100 pL and a 223 nm detection wavelength [144]. The HPLC method
of analysis for carbamazepine was based on previous work and had a mobile phase of 55:45
DI water: ACN, a flow rate of 1 mL/min, an injection volume of 25 pL, and a 213 nm
detection wavelength [145]. For DEET, the HPLC method of analysis employed a 60:40 5
mM potassium phosphate monobasic: ACN (all adjusted to pH 3), a flow rate of 1 mL/min,
an injection volume of 100 pL, and a 220 nm detection wavelength. The HPLC method of
analysis for sulfamethoxazole had a mobile phase of 70:30 5 mM potassium phosphate
monobasic adjusted to pH 5: methanol, a flow rate of 1 mL/min, an injection volume of 20
pL, and a 268 nm detection wavelength.

2.4. Results and discussion

2.4.1. Influence of Au co-catalysts on photocatalytic activity

For Au embedded TiO2 nanofiber composites, representative SEM images and
pictures are shown in Figure 2-6a and 2-6b. These materials were synthesized by addition

of up to 10 wt.% Au(Ill) chloride trihydrate (relative to TiO2) to the electrospinning
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solution and using the d = 60 nm protocol (PVP 12 wt.%, voltage 10 kV) with subsequent
annealing at either 500 or 650 °C for 3 h. Embedded composites were blue in color, and
elemental mapping (Figure 2-6¢) indicated the Au nanoparticles (~5-10 nm) were
uniformly distributed and primarily embedded within the TiO2 nanofibers. Alternatively,
reductive deposition with urea (Figure 2-7) produced composites with relatively
uniformly, albeit sparsely, distributed Au nanoparticles (~2-5 nm) on the TiO2 nanofiber
surface. Surface-loaded Au/TiO2 composites, prepared across a range of Au concentrations
(up to 10 wt.% relative to TiO2), were pink in color, matching the typical appearance of

Au nanoparticles in aqueous solution.

In subsequent reactivity studies with phenol (Figure 2-8), Au embedded nanofibers
exhibited a slight reactivity enhancement (~2-fold) at a loading of 2 wt.%, but no positive
effect on photoactivity was observed at any other level explored. In fact, although not
entirely understood, the highest Au loading considered (10 wt.%) actually inhibited
photoactivity relative to unmodified TiO2 nanofibers, while their reactivity was further
diminished when annealed at higher temperatures (e.g., 500 °C vs. 650 °C). In contrast,
surface-loaded Au composites exhibited significantly enhanced photoactivity, particularly
at low Au contents (i.e., 0.25-5 wt.%; nominal values assuming complete surface
deposition during synthesis). The optimal Au surface loading of 1.5 wt.% was nearly 7-
fold more reactive than unmodified TiO2 nanofibers. Thus, while not as convenient as the
one-pot synthesis used for Au embedded nanofibers, surface deposited composites are the
superior alternative from the standpoint of reactivity. We note that at higher surface Au
contents (5 and 10 wt.%), reactivity decreased and eventually became inhibited relative to

bare TiO2 nanofibers, though not to the extent seen with embedded Au. The clear maximum



36

in reactivity at 1.5 wt.% likely implies that an optimal size of deposited Au nanoparticles
is achieved at this loading, a property known to influence the performance of

nanoparticulate Au as a co-catalyst [146].

2.4.2. Comparison of nanofiber reactivity relative to commercial nanoparticle
photocatalysts

Using TiO2 nanofibers (d = 60 nm) and Au/TiO2 composites (1.5 wt.% of surface
Au on d = 60 nm nanofibers), additional experiments compared their reactivity relative to
P25, a traditional nanoparticle catalyst, and an Au modified P25 (Au/P25) prepared using
the same surface deposition process with urea (Figure 2-7d). We note that we used d = 60
nm nanofibers in these studies (rather than most reactive d = 30 nm materials) because they
were more reliably synthesized in large quantities (i.e., using longer electrospinning times)
needed for these comparative studies. Concentration versus time plots for phenol and
DEET are shown in Figure 2-9, which shows pollutant conversion both as a function of
time and fluence in irradiated photocatalyst suspensions. These profiles and corresponding
kobs values (Table 2-1) reveal the general reactivity trend of Au/Ti02 nanofibers ~ Au/P25
>> P25 > TiO2 nanofibers. Because this trend was developed with 60 nm diameter
nanofibers, we expect that the relative reactivity of nanofibers and P25 may change with

smaller diameter, higher surface area nanofibers (see Figure 2-4a).

This trend holds across a range of system variables including photocatalyst
suspension loading (from 0.005 — 0.1 g/L; Figure 2-10 and Table 2-2), and the initial
concentration (Figure 2-11a) and type of pollutant target (Figure 2-11b). For example,
Figure 2-11a shows kobs values for phenol transformation across a range of initial phenol

concentrations. Consistent with prior reports with phenol [147—-150], kobs values from all
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systems decreased monotonically over the range of concentration explored (5-100 uM).
This behavior was also observed for DEET (Figure 2-12) and is often interpreted as
evidence of reactive surface sites becoming saturated at high pollutant concentrations.
Nevertheless, changes in kobs for unmodified TiO2 nanofibers mirrored those of P25 across
all phenol levels, while the reactivity of both Au-modified composites was statistically
equivalent and roughly 6-fold greater than their unmodified counterparts. Similarly, Figure
2-11b compares kobs values for each photocatalyst type for atrazine, carbamazepine, DEET,
and sulfamethoxazole degradation at a fixed initial micropollutant concentration of 20 uM.
As with phenol, reactivity was comparable between TiO2 nanofibers and P25, while the
addition of surface Au at 1.5 wt.% increased kobs values by roughly one order of magnitude

(ranging from 6- to 13-fold for Au/Ti102 nanofiber composites) across the suite.

Converging lines of evidence, therefore, suggest that TiO2 nanofibers and Au-
modified nanofiber composites exhibit reactivity near equivalent to that expected from
more traditional nanoparticle catalysts. Not surprisingly, measured bandgaps were
essentially identical for P25 and TiO2 nanofibers (3.19 and 3.21 eV, respectively), while
identical bandgap shifts were observed upon Au modification of P25 and TiO2 nanofiber
surfaces (2.79 eV for both). Accordingly, measured absorption coefficient profiles (as a
function of wavelength) were comparable for TiO2 nanofibers and P25, as well as for both
types of Au-modified photocatalysts (Figure 2-5), consistent with observed similarities in

the macroscopic measures (e.g., kobs values) of their photocatalytic reactivity.

We propose the superior performance of Au-modified materials primarily results
from improved charge separation. While Au nanoparticles may also enhance the response

of TiO2 to visible light through local surface plasmon resonance (LSPR) [126,127],
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photooxidation experiments under visible light (using a long-pass optical filter for A >400
nm) resulted in negligible pollutant (phenol and DEET) degradation over the timescales
typical under UV plus visible light (>305 nm). Because proximity of Au nanoparticles is
critical for promoting LSPR effects of supported Au nanoparticles [151-153], this lack of
visible light activity is likely due to the low spatial density of Au nanoparticles on the TiO2
nanofiber surface (see Figure 2-7). The most likely mechanism of enhancement, therefore,
is the ability of Au nanoparticles to act as sinks for photogenerated conduction band
electrons, thereby improving charge separation and promoting charge migration to the

catalyst surface [154-156].

Comparable molecular-level processes also appear responsible for pollutant
transformation in all photocatalyst systems. Experiments with DEET in the presence of the
model radical scavenger isopropanol (IPA) inhibited reactivity of all materials, suggesting
radical involvement in transformation reactions (Figure 2-13a). However, while kobs
values decreased with increasing IPA concentration for all photocatalysts, Au-modified
materials were consistently more sensitive to inhibition (e.g., | mM isopropanol reduced
kobs values by 90% in Au-modified photocatalyst systems, while only a 70% reduction was
observed for unmodified materials). The greater degree of inhibition for Au-modified
relative to unmodified TiO2 photocatalysts may reflect differences in the nature and/or
distribution (e.g., near-surface versus bulk solution) of reactive radicals present in each

system.

Additional mechanistic insights into pollutant transformation were obtained
through transformation product yields, which were identical across all photocatalyst

systems (Figure 2-14) and development of reactivity cross correlations [157,158] that
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compared kobs values from each TiO2 system to published [159-161] second-order rate
coefficients for micropollutant reaction with hydroxyl radical (kon values), the presumptive
oxidizing agent based upon results with IPA. For TiO2 nanofibers a linear relationship
between log(kobs) and log(kon) was observed (Figure 2-13b), implying that the rate of
reaction with hydroxyl radical ("OH), either in bulk solution or at the surface, governs the
overall rate of pollutant transformation in nanofiber systems. Interestingly, P25 produced
kobs values that were essentially independent of corresponding micropollutant kon values
(Figure 2-13c). Thus, while ‘OH may still be the reactive entity, there are likely other steps
in the sequence of pollutant transformation (e.g., surface adsorption or product desorption)
that are rate-limiting in our P25 systems. Positive, albeit weaker, correlations between
log(kobs) and log(kon) were also observed for both Au/TiO2 and Au/P25 (Figure 2-15), a

notable observation for Au/P25 given the absence of such a correlation for unamended P25.

2.4.3. Performance comparison in matrices representative of water treatment

In effluent from the UIWTP sedimentation basin (collected prior to softening,
chlorination and filtration) (Figure 2-16a), Au/TiO: nanofibers exhibited a near-
immediate, more than 20-fold loss in reactivity toward DEET relative to model water
(phosphate buffer) systems. This ultimately resulted in Au/TiO2 nanofibers exhibiting less
reactivity than was observed for unmodified TiO2 nanofibers, whose reactivity only
decreased by a factor of 3 when dispersed in sedimentation basin effluent. The greater, near
immediate inhibition of Au/TiO2 reactivity is consistent with expectations from our IPA
results, suggesting that radical inhibitors present in the water sample (e.g., carbonate or
organic matter) are likely responsible for most of this activity loss. Notably, the extent of

reactivity loss increased over time for Au-modified materials; after 24 h of catalyst mixing
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(i.e., “aging”) in sedimentation basin effluent, Au/Ti0O2 nanofibers were nearly unreactive
toward DEET over the timescales considered. In contrast, TiO> nanofibers exhibited
essentially equivalent reactivity over this aging period. Thus, in addition to their greater
susceptibility to inhibition by radical scavengers, reactivity loss over time suggests the Au
surface is also more prone to fouling. This behavior was also observed for Au-modified

P25 in natural water samples (Figure 2-17).

Analogous behavior was observed in clearwell effluent (i.e., finished water; Figure
2-16b). Even in this cleaner matrix, Au/TiO2 nanofibers exhibited more than a 10-fold
immediate loss in reactivity relative to model water systems. Reactivity loss continued after
24 h of aging, although the extent (2-fold) was not as pronounced as in sedimentation basin
effluent. In contrast, the reactivity of unmodified TiO2 nanofibers in clearwell effluent was
comparable to that in model water systems, regardless of the extent of their aging. In fact,
performance of unmodified TiO2 nanofibers was nearly independent of water quality in
UIWTP samples, with only modest differences in kobs values for DEET transformation

measured in either clearwell effluent or sedimentation basin effluent (Table 2-3).

Experiments with individual, model constituents likely encountered in natural
water samples provided limited insight as to the agent likely responsible for the reactivity
loss of Au/Ti02 over time in UIWTP samples (Figure 2-18). While a few components
produced some near-immediate reactivity loss (i.e., CaCl2, MgClz and NaHS), additional
reactivity loss over 24 h of Au/TiO:2 aging was only observed at the highest concentration
of MgCl2 explored (50 mM, which is well beyond environmental relevance) and the
decrease in reactivity was not nearly enough to account for that observed in sedimentation

basin effluent.
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Given the inability of model systems to mimic the extent of reactivity loss over
time for Au/TiO2, we hypothesize that dissolved organic matter in the UIWTP samples is
most likely responsible for fouling. Given the complexity of natural organic matter, it is
unlikely that the surrogate used in these experiments (Aldrich humic acid) accurately
reflects the diverse nature of organic matter present in [owa River water, which is impacted
by both agricultural runoff and domestic wastewater effluent. Further, XPS
characterization of Au/TiO2 samples over 24 h of aging in sedimentation basin effluent
only revealed changes in the O and C regions, while all other relevant regions (e.g., Ti, Au)
remain unchanged. Finally, we note that in a limited number of attempts to react aged
Au/TiO2 materials over longer periods of irradiation, a small amount of reactivity could be
restored to passivated Au/TiOz after extended light exposure, which we believe suggests a
passivating agent susceptible to oxidative breakdown over time. While the exact nature of
organic matter foulant remains unclear, evidence suggests that the performance of Au-

modified photocatalysts will be more sensitive to water quality characteristics.

2.5. Conclusion

Growing interest in nanotechnology has led to significant advances in material
synthesis, which in turn has produced a plethora of uniquely structured nanomaterials often
touted as next-generation water treatment options. However, although there is little doubt
as to the significant promise nanomaterials possess for water treatment applications, it is
often unclear whether innovative, highly tailored nanostructures can ever be viable
alternatives in practice.

We have attempted to bridge the existing gap between fundamentals and practice

for electrospun TiO2 nanofibers, a promising synthesis route given the high degree of
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tailoring it affords to nanomaterial structure and composition. We demonstrate that the
photocatalytic performance of TiO2 nanofibers is governed by the same material, physical,
chemical and optical properties established for traditional nanoparticle TiO2 photocatalysts
(e.g., P25). Accordingly, electrospun nanofibers are perhaps an ideal focal point for future
technology development based on the advantages this approach provides, specifically the
ability to fabricate nanomaterials with tunable properties that can be integrated into
treatment as a reactive nanofiber networks, mats or coatings.

Our work provides the best strategies for optimizing nanofiber reactivity in such
applications. Most notably, the practical value of Au nanoparticles as a co-catalyst must be
carefully considered due to their greater propensity for inhibition by radical scavengers and
fouling, even in relatively clean matrices such as the finished product water from the
UIWTP. Au-modified materials appear best applied to high purity matrices after extensive
pretreatment (e.g., high pressure membranes). Perhaps, therefore, materials like the
AU/TiO2 nanofibers can find value in select cases as an alternative AOP as a final polishing
step for drinking water, particularly when targeting recalcitrant dissolved constituents only
prone to degradation by "OH.

A far more versatile technology may be unmodified TiO2 nanofibers, which showed
reactivity that was relatively invariant to water quality in UIWTP samples. Despite their
lower inherent reactivity relative to Au/TiO2 in model systems, the unmodified materials
exhibited better longevity and a lower propensity for inhibition and fouling herein. Thus,
more sustained gains in reactivity might be attained simply by fabricating nanofibers with
the largest available specific surface area (i.e., smallest diameter) or through reactors

designed to maximize contact time between illuminated nanofibers and target pollutants.



43

We acknowledge, however, that their performance needs to be explored over longer
timescales and in flow through systems more representative of their intended application
platform.

A critical design consideration that merits immediate attention is material
robustness; although smaller diameter nanofibers will be best from a reactivity standpoint,
they may compromise material strength, promoting mechanical failure of electrospun mats
that may promote nanofiber release. Future work, including work in subsequent chapters,
must aim to identify optimal materials at the interface of reactivity and strength. For
example, while the TiO2 nanofiber mats we have synthesized (Figure 2-19) can be picked
up and gently manipulated, they exhibit limited mechanical strength and are prone to
fracture. In fact, we were not able to quantify mechanical properties of optimal TiO2 mats
because they routinely fractured during preparation of samples for stress-strain analysis
using a standard load cell. Nanofiber composites, particularly those utilizing carbon
nanotubes, may be promising in this regard for increasing material strength. Another
promising approach is the hydrothermal treatment of TiO2 nanofiber mats; although this
treatment considerably alters nanofiber structure, it produces a stronger mat that may be
more robust for treatment applications (Figure 2-20). We anticipate, however, that
synthetic approaches intended to increase material strength will undoubtedly influence,
perhaps negatively, reactivity. Thus, going forward, an appropriate balance between
material reactivity and strength must be found to fulfill the promise of TiO2 nanofiber mats

as a reliable water treatment technology.



Table 2-1. Representative kobs values for DEET and phenol
transformation in photocatalytic systems considered herein. Values are
provided both in terms of time and fluence, and correspond to data
contained in Figure 2-9. Experimental conditions: pH 7, 0.1 g/L
photocatalyst, 20 uM of initial DEET or phenol.

DEET k .. (min-1) k.. (cm2/1018 photons)
P25 1.1 (+0.1) x 102 2.9 (£ 0.4) x 10
TiO, NFs 6.4 (£ 0.5) x 102 1.7 (0.1) x 101
Au/P25 5.1(x0.1) x 101 1.37 (£ 0.03)
Au/TiO, NFs 6.7 (£0.2) x 101 1.83 (+ 0.05)
Phenol k.. (min'1) k.. (cm2/1018 photons)
P25 1.5 (+0.1) x 102 4.0 (+ 0.4) x 101
TiO, NFs 7.2 (£ 0.4) x 102 2.0 (+0.1) x 101
Au/P25 9.4 (+0.5) x 101 2.6 (+0.1)
Au/TiO, NFs | 6.52 (£ 0.04) x 101 1.77 (£ 0.01)

44
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Table 2-2. Values of kobs for DEET transformation as a function of photocatalyst

suspension loading (in g/L). Values are provided both in terms of time and fluence, and
correspond to data contained in Figure 2-10. Experimental conditions: pH 7, 0.005-0.1
g/L photocatalyst, 20 uM of initial DEET.

k. (min)

ol

(cm?/10?8 photons)

Solids Loading

0.005 g/L

0.01g/L

0.1g/L

0.005 g/L

0.01g/L

0.1g/L

P25

1.5 (+0.2) x 102

7.4 (+0.6) x 102

2.0 (+0.1) x 101

4.2 (£0.5)x 102

2.0 (+0.2) x 101

5.3 (+0.4) x 101

TiO, NFs

3.9 (£0.6) x 103

1.2 (+0.2) x 102

7.6 (£0.5) x 102

1.1 (+0.2) x 102

3.3 (£0.5) x 102

2.1(£0.1) x 10

Au/P25

7.0 (£0.3) x 102

1.47 (£ 0.08) x 101

9 (£2)x 101

1.90 (+ 0.08) x 101

4.0 (£0.2) x 101

2.4(+£0.5)

Au/TiO, NFs

4.27 (+0.05) x 102

1.29 (£ 0.03) x 101

6.5 (£0.2) x 101

1.16 (+ 0.01) x 101

3.51(0.07) x 101

1.76 (+ 0.04)
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Table 2-3. Values of kobs for DEET (20 uM) in phosphate buffer (PB), clearwell effluent
(CW), clearwell effluent, clearwell effluent after mixing for 24 hours with nanomaterials
(CW-24), sedimentation basin effluent (SB), and sedimentation basin effluent after
mixing for 24 hours with nanomaterials (SB-24). Values are provided for 1.5 wt.%
Au/P25, 1.5 wt.% Au/Ti0O2 nanofibers, P25, and TiO2 nanofibers. Values correspond to
data show in Figure 2-16 and in Figure 2-17.

in-1
Kops (Min-1)
PB CcwW CW-24 SB SB-24
Au/P25 | 6.8 (+0.6)x 101 | 1.6 (+0.1) x 101 |6.9 (+ 0.4) x 102| 2.7 (+0.4)x 102 | 7 (+1)x 103
AU/TIO, NF| 8 (+4)x 101 | 6.2 (+0.4)x 102 [3.3 (£ 0.4)x 102| 3.4 (+0.2)x 102 | 9 (+5)x 10*
P25  [1.22 (+ 0.04) x 10-2|1.04 (+ 0.08) x 101|1.5 (+ 0.1) x 101{4.86 (+ 0.09) x 10-2| 4.3 (+ 0.5) x 10-2

TiO, NF

1.26 (+ 0.08) x 101

4.8 (+0.1) x 102

2.9 (+0.2) x 102

3.93 ( 0.09) x 102

4.0 (+ 0.9) x 102
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Figure 2-1. (a) Histogram of TiO2 nanofiber diameter (average and standard deviation
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from n = 100 fibers) with associated SEM images. (b) XRD pattern of synthesized TiO2

nanofibers (4 = 30 nm) as a function of annealing temperature [91].
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Figure 2-2. 3D surface plots of TiO2 nanofiber (a) rutile content and (b) average grain

size as a function of annealing temperature (500-800 °C) and annealing time (1-6 hours)
for nanofibers with average diameter of 30 nm [91].
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Figure 2-3. Representative concentration versus time profiles for phenol decay in
irradiated suspensions of TiO2 nanofibers. Phenol removal follows exponential decay and

was described by a pseudo-first-order kinetic model (results of regression analysis are
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shown). Experimental conditions: pH 7, 0.1 g/L TiO2 nanofibers (annealed at 500 °C for
3 h), initial phenol concentration of 100 uM [91].
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Figure 2-4. (a) Average kobs values for phenol decay as a function of annealing
temperature for TiO2 nanofibers with different diameters. (b) Values of kobs for phenol
decay as a function of the average grain size and anatase composition for d = 30 nm TiO2
nanofibers. Experimental conditions: pH 7, 0.1 g/L TiO2 nanofiber loading, initial phenol
concentration of 100 uM. Uncertainties represent one standard deviation from at least
triplicate experiments [91].
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Figure 2-5. Optical characterization of photocatalyst suspensions (0.1 g/L). Values of (a)
optical thickness, (b) specific extinction coefficient, (c) scattering coefficient and (d)
absorption coefficient are shown as a function of wavelength and were calculated as
described.
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Figure 2-6. (a) SEM images and (b) photographs of Au/TiO2 composites prepared via a
one-pot electrospinning synthesis. In (a), the Au loading of the composite is 10 wt.%
(relative to the mass of TiOz2). Photographs in (b) show increasing Au loading (left to
right) from 1% to 10% by weight, which coincided with the development of a blue hue to
the particles at high Au loadings. (c) Elemental mapping of the 5% Au/TiO2 composite
shows the relatively uniform distribution of Au integrated into the nanofibers.
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Figure 2-7. (a and b) TEM images of Au/TiO2 nanofiber composites prepared via
reductive deposition of Au(IIl) with urea. Images correspond to a nominal Au loading 1.5
wt.% (assuming complete Au deposition), which was the composite formulation with
optimal performance in reactivity studies (c) Photograph of surface Au/TiO2 composites,
showing increasing Au loading from 0.5 to 10% by weight, which corresponded with a
shift in the color of the composites from white (low Au) to pink or purple (high Au). (d)
Also shown for comparison are TEM images of Au/P25 modified by an analogous
surface deposition method. Arrows in all TEM images indicate locations of Au
nanoparticles, roughly 3 nm in diameter.
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Figure 2-8. Reactivity of embedded Au/TiO2 nanofibers (annealed at either 500 or 650
°C) and surface-integrated Au/TiO2 nanofibers as a function of Au loading (wt.%).
Values of kobs for phenol decay in each composite nanofiber system have been
normalized to the kobs value measured with unmodified TiO2 nanofibers. The dashed line
indicates a value of 1, where Au modified and unmodified TiO2 nanofibers exhibit
identical reactivity.



55

a) DEET b) Phenol
1.0 @ 1.0
I= A AulP25
o < AulTiO, Nanofibers
T 0.8 A P25 0.8
— @ TiO; Nanofibers
=
3
= 0.6 0.6 -
3
S -
D 0.4 0.4
N
©
g 0.2 - 0.2
]
zZ p
T T T T T T T
0 5 10 15 20 25 0 5 10 15 20
Time (min) Time (min)
I T T T T r T T T T T T T
0 2 4 " 6 , 8 0 1 2 3 " 4 5 , 6 7
Fluence (x10" photons/cm®) Fluence (x10™" photons/cm”)

Figure 2-9. Representative concentration profiles for the reaction of irradiated
photocatalyst suspensions with (a) DEET and (b) phenol shown as a function of time and
fluence. Values of kobs obtained from exponential decay model fits to this data are
provided in Table 1. Experimental conditions: pH 7, 0.1 g/L photocatalyst, 20 uM initial
concentration of DEET and phenol.
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Figure 2-10. Relative reactivity of TiO2 photocatalysts as a function of solid loading.
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While the majority of experiments were conducted at 0.1 g/L, these results show that the

reported photocatalytic reactivity trend is consistent across all loadings considered.
These values of kobs are tabulated in Table 2. Experimental conditions: pH 7, 0.005-0.1

g/L photocatalyst, 20 uM of initial DEET.
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Figure 2-11. (a) Values of kobs as a function of initial concentration for phenol and (b)
kobs values for photocatalytic degradation of atrazine, DEET, sulfamethoxazole, and
carbamazepine (initially 20 uM) in irradiated suspensions of Au/P25, Au/TiO2
nanofibers, P25, and TiO2 nanofibers. Experimental conditions: pH 7, 0.1 g/L
photocatalyst. Uncertainties represent one standard deviation from at least triplicate
experiments.
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Figure 2-12. Values of kobs as a function of initial DEET concentration. These
concentration-dependent trends are analogous to those reported for phenol. Experimental
conditions: pH 7, 0.1 g/L photocatalyst, 5-100 uM of initial DEET.
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Figure 2-13. (a) Fractional inhibition of DEET transformation as a function of the IPA
concentration added to photocatalyst suspensions. Reactivity cross correlations for
irradiated suspensions (0.1 g/L) of (b) TiO2 nanofibers and (c) P25, in which values of
kobs values for atrazine (ATZ), DEET, sulfamethoxazole (SMX), carbamazepine (CBZ),
and phenol degradation are plotted as a function of reported rate coefficients for the
reaction of each species with hydroxyl radical (kon values). Best fit linear regressions
(solid line) and 95% confidence intervals (dashed lines) are provided.
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Figure 2-14. Comparison of product yields for (a) DEET and (b) phenol in unmodified
and Au-modified TiO2 systems. Major products (identified by reverse phase HPLC
retention time and prioritized by the magnitude of their response using a diode array
detector at 223 and 254 nm) are shown as a function of half-lives (ti2 values) for the
parent species. For the major products shown, as well as minor products also detected
(data not shown), no obvious differences in product relative yields were observed across
different photocatalyst formulations, consistent with similar product formation pathways
occurring in all systems.
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Figure 2-15. Reactivity cross correlations comparing kobs values measured in 1.5 wt.%
Au/Ti02 nanofibers and 1.5 wt.% Au/P25 systems to published second-order rate
coefficients for the reaction of our micropollutant suite with hydroxyl radical (kon), the
presumptive oxidizing agent in irradiated TiO2 systems. Data points, which are shown on
a log-log scale, correspond to results obtained with atrazine (ATZ), DEET,
sulfamethoxazole (SMX), carbamazepine (CBZ), and phenol as labeled. Solid lines
represent best fits from linear regression analysis, for which the slope and correlation
coefficient (R? value) are provided. Dashed lines represent 95% confidence bands
associated with this regression analysis, where statistical analysis was performed in the
software package Igor Pro (Wavemetrics). Please note that y-axes are presented on
different scales. Experimental conditions: 0.1 g/L photocatalyst, pH 7, initial organic
target concentration of 20 puM.
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Figure 2-16. Normalized concentration versus time profiles for DEET (20 uM)
transformation by electrospun TiO2 nanofibers (circles) and 1.5 wt.% Au/TiO2 nanofibers
(triangles) in (a) effluent from the UTWTP sedimentation basin (SB) and (b) UIWTP
clearwell effluent (CW). Data collected in model phosphate buffer systems (PB; shown in
black) are also provided for comparison, as are data collected in each water sample either
immediately (blue) or after 24 h of aging (red).
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Figure 2-17: Normalized concentration profiles for DEET (20 uM) during reactivity
studies with suspensions (0.1 g/L) of P25 (circles) and 1.5 wt.% Au/P25 (triangles) in (a)
effluent from the UIWTP sedimentation basin (SB) and (b) clearwell effluent (CW) from
the UIWTP. For comparison, data collected in model water systems (i.e., phosphate
buffer; PB) are shown (in black). In each matrix, data is provided for reactivity studies
conducted immediately upon suspension preparation (in blue) and after 24 h of aging of
photocatalysts in each solution (in red). Relative reactivity and time-dependent reactivity
trends observed for P25 and Au/P25 mirror those reported for electrospun TiO2
nanofibers.
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Figure 2-18. DEET decay in Au/P25 systems as a function of different model water
constituents. As indicated in the key, data are shown both for suspensions (0.1 g/L)
reacted immediately upon assembly as well as after suspension aging (while mixing) for
24 h. Experiments were conducted at pH 7 unless otherwise indicated in the key. Results
are shown for the maximum concentration of each constituent that was explored herein.
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Figure 2-19. Representative images of a network or mat of TiO2 nanofibers synthesized
by electrospinning according to the standard protocol for 60 nm fibers. To increase the
strength of the mat, it was synthesized by electrospinning for 22 h. The result is a
nanofiber mat (a) roughly 2 in. by 2 in. and (b) approximately 120 um in thickness based
upon cross-sectional SEM analysis. Additional (c) SEM images of the mat and (d) TEM
images taken of dispersed nanofibers (via sonication) are also shown.
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Figure 2-20. (a and b) Representative images of a TiO2 nanofiber mat, in which mat
shown in Figure 2-19 was hydrothermally treated. This hydrothermal treatment involved
placing the mat in a well-mixed solution of 30 mL of hydrochloric acid (Fisher
Scientific), 30 mL of DI water, and 4 mL of titanium (IV) butoxide (Sigma Aldrich, 97%)
and heating in a steel autoclave at 150 °C for 4 h [162]. This hydrothermal treatment
produces a mat that is easier to handle and manipulate. As shown in SEM images (c and
d), this treatment results in growth of rutile TiO2 nanocrystals oriented perpendicular to
the nanofiber to produce unique flower- or starburst-like surface structures. Notably,
these hydrothermally treated mats are considerably stronger than non-hydrothermally
processed mats, which we believe is due to the interlocking nature of the surface crystals
that produces a more cohesive nanofiber network.
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CHAPTER 3: PERFORMANCE COMPARISON OF HEMATITE -
POLYMER COMPOSITE AND CORE-SHELL NANOFIBERS AS
POINT-OF-USE FILTRATION PLATFORMS FOR METAL
SEQUESTRATION

3.1. Abstract

Point-of-use water treatment technologies can help mitigate risks associated with
drinking water quality, particularly for metals (and metalloids) that can originate in
distribution systems (e.g., hexavalent chromium, lead, copper) and are naturally occurring
in groundwater accessed by private wells (e.g., arsenic). Here, polyacrylonitrile (PAN)
nanofiber composites with embedded hematite (a-Fe203) nanoparticles are synthesized via
a single-pot electrospinning synthesis, while core-shell nanofibers were prepared via
subsequent hydrothermal growth of Fe203 nanostructures on these electrospun composites.
Properties of composite nanofibers were controlled using electrospinning synthesis
variables (e.g., size and loading of embedded a-Fe20s nanoparticles), whereas core-shell
structures were also tailored via hydrothermal treatment conditions (e.g., soluble iron
concentration and duration). Although uptake of Cu(ll), Pb(ll), Cr(VI), and As(V) was
largely invariant across the core-shell variables explored, metal uptake on composites
increased with embedded a-Fe20s loading. Both materials exhibited maximum surface-
area normalized capacities for our metal and metalloid suite that were comparable to -
Fe203 nanoparticle dispersions and exceeded that of commercial iron oxide based sorbents.
Further, both nanofibers sorbents exhibited superior performance across a range of
environmentally relevant pH values (6.0 to 8.0). Notably, while metal uptake was roughly
comparable between the composite and core-shell nanofibers in batch (i.e., no flow)

sorption experiments, core-shell structures, with a majority of a-Fe203 available as external
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surface area, exhibited longer operation run times (i.e., larger volumes of water treated)
prior to breakthrough in flow-through (i.e., dead end) microfiltration systems, where
metal/metalloid uptake is likely kinetically (rather than thermodynamically) limited. Core-
shell nanofiber filters also retained much of the durability and flexibility exhibited by
composites, ideal for handling and application as filtration membranes. Additional tests
with authentic groundwater samples demonstrated the ability of the core-shell nanofiber
filters to remove simultaneously both As and suspended solids, illustrating their promise

as a next-generation, nano-enabled technology for point-of-use water treatment.

3.2. Introduction

Water security amid increasing stressors on quantity and quality represents a
challenge in many communities, especially those that are small, rural, and/or resource-
limited in the United States and abroad. For drinking water quality, recent events illustrate
that many communities continue to struggle with contamination from heavy metals and
metalloids including (i) high levels of lead (Pb) found in drinking water in Flint, Michigan
[28]; (ii) detection of arsenic (As) in ~50% of groundwater wells in the state of lowa, with
8% exceeding the EPA maximum contaminant level (MCL) [21], and recent estimates of
As levels above the MCL in many of the groundwater wells in the Central Valley of
California [22]; and (iii) the detection of hexavalent chromium [Cr(VI)] in the tap water of
31 (of 35) cities across the United States [163]. Improving safety and reliability of water
supplies in these communities will require technologies that are deployable across a range
of scales ranging from point-of-use (POU) and point-of-entry (POE) applications to
integration in conventional treatment [47]. Simultaneously, these technologies must be

affordable, robust, and sustainable so they can also be of value to small water systems (i.e.,
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systems that serve 10,000 people or less [164]) that often struggle to comply with federal
regulations for drinking water quality due to limited financial and technological resources

[47,48].

Engineered nanomaterials have vast potential for water treatment as a result of their
high surface area-to-volume ratios, which allows all of their reactive surface area to be
external and thus accessible to solution with limited mass transfer resistance during
application [58]. In particular, this makes them ideal as adsorbents for pollutant removal
[60,61,76], where they may represent improvements over more traditional, commercial
adsorbents accepted for water treatment [e.g., granular activated carbon (GAC), Evoqua
Granular Ferric Hydroxide (GFH®)] that have relatively large application footprints (e.g.,
bed filtration) and consist primarily of internal surface area. With nanotechnology, a
treatment device with a small footprint and a minimal amount of material has the potential

to exhibit enhanced reactivity relative to larger, bulk materials [60].

Iron oxides, and specifically hematite (a-Fe20z3), are earth abundant, making them
inexpensive and readily available for treatment applications while also minimizing risks
associated with their use [165]. Iron oxides also have favorable physicochemical properties
for water treatment, namely surfaces with a point of zero charge near pH 7 that makes them
useful as sorbents toward both cationic and anionic targets [166]. As a result, GFH® has
become a widely used commercial adsorbent, predominantly for As removal as a U.S. EPA
Best Available Technology (BAT) [167-170], while also being extensively evaluated as
an adsorbent for a number of other metals, including antimony, copper, and chromium
[167,171]. Iron oxide performance in this and other applications could likely be improved

by exploiting the large reactive surface area of nanomaterials, but their use is not without
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problems — aggregation, release, and difficulty with scale-up inhibit the application of
nanomaterials in water treatment [71,72]. Thus, a platform that stabilizes nanoscale iron
oxides without completely compromising available surface area is requisite for generating

higher capacity, nano-enabled adsorbents in water treatment.

In this study, we use electrospinning, a novel and scalable route for synthesis of
nanofibers [80,81,172], to produce various polyacrylonitrile (PAN)/hematite (a-Fe203)
composite nanofibers for use as reactive filtration media (i.e., for simultaneous particle
removal and metal sequestration). Via a single-pot electrospinning synthesis, we prepare
traditional PAN nanofiber composites with embedded a-Fe2Os nanoparticles. We also
develop a subsequent hydrothermal treatment step to further process these more traditional
composites into novel PAN/a-Fe203 core-shell nanofibers. Properties of these composite
nanofibers obtained from microscopy and surface area analysis were then correlated with
standard metrics of their sorption of common metal and metalloid pollutants encountered
in drinking water including copper, lead, chromate, and arsenate. In batch systems, rates
and extent of nanofiber uptake were examined across a range of metal and metalloid
concentrations and mixtures, as well as pH values. Ultimately, the performance of
traditional (i.e., nanoparticle embedded) and core-shell polymer nanofibers are compared
and benchmarked versus commercially available GFH® to establish potential benefits of

reactive filtration technologies using high surface area nanofiber sorbent networks.

Novelty in our work is derived not only from the synthesis and performance
comparison of iron oxide-polymer composites and core-shell structures, but also
complementary material strength testing to illustrate the robust nature and durability of

these nanofiber networks during point-of-use water treatment. Indeed, while many studies
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have established the reactivity of stand-alone metal oxide nanofibers, inorganic (e.g., iron
oxide) nanofibers are often brittle and lack the material strength to make them practical in
treatment applications [91,173]. More recently, while cohesive iron oxide-polymer
composites have been fabricated, demonstrations of their reactivity have been limited to
highly idealized systems (e.g., targeting dye removal) [174] that provide little insight into
their performance toward more traditional pollutant targets (e.g., metals and metalloids)
for conventional iron oxide sorbent materials. Accordingly, composite and core-shell
materials optimized for both reactivity and material strength are also tested in a flow-
through filtration system, including tests with authentic groundwater samples, for
simultaneous removal of metals/metalloids and suspended particles or turbidity. Beyond
demonstrating their potential in point-of-use water treatment, performance results in flow-
through systems deviated from the behavior expected based upon results from
thermodynamically controlled batch sorption systems. Thus, outcomes of reactive filtration
studies, where metal/metalloid uptake is kinetically limited, highlight the advantages of
core-shell nanofiber composites, for which iron oxide reactive surface area is more easily

accessible to solution than nanofiber composites with embedded o—Fe203 nanoparticles.

3.3. Experimental methods
3.3.1. Reagents

All chemicals were reagent grade or better and used as received. The synthesis of
a-Fe203-doped PAN nanofibers required polyacrylonitrile (PAN, Aldrich, MW 150,000),
N,N-dimethylformamide (DMF, BDH, 99.8%), and 10 nm a-Fe203 (hereafter Fe20z3)
nanoparticles synthesized using ferric nitrate nonahydrate (Fe(NOs)3-9H20, Sigma-

Aldrich, >98%). Ferric chloride heptahydrate (FeCls-6H20, Sigma-Aldrich, 97%) and L-
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arginine (Sigma, >98.5%) were used to prepare nanofibers hydrothermally coated with
Fe203. Hydrochloric acid (HCI, Fisher Sci., Certified ACS Plus), sulfuric acid (H2SOa,
Fisher Sci., Certified ACS Plus), hydroxylamine hydrochloride (Aldrich, 99%), 1,10-
phenanthroline (Aldrich, >99%), ammonium acetate (Sigma-Alrich, >97%), glacial acetic
acid (RPI, >99.7%) and ferrous ammonium sulfate (Fisher Sci., >99.9%) were used for
acid digestion and colorimetric analysis of nanofiber iron content. HCI and sodium
hydroxide (NaOH, Fisher Sci., Certified ACS) were used to clean hydrothermally treated
nanofiber filters, while NaOH and nitric acid (HNOs, Fisher Sci., Certified ACS Plus) were
used in regeneration of spent nanofiber filters.

Buffer solutions prepared from either 10 mM MES hydrate (Sigma, >99.5%)
adjusted to pH 6 and 6.5 or 10 mM HEPES (RPI, >99.9%) adjusted to pH 7 and 8 were
used in adsorption experiments. Evoqua Granular Ferric Hydroxide (GFH®) was used as
a commercially available iron-based sorbent for treatment efficiency comparisons.
Potassium chromate (Sigma-Aldrich, >99.0%), sodium arsenate dibasic heptahydrate
(Sigma, >98.0%), copper chloride dihydrate (Sigma-Alrich, >99.0%), and lead nitrate
(Fisher Sci.) were used as pollutants in adsorption studies. Samples were treated with
HNOs prior to analysis. Standards of 10 ppm and 100 ppm for hexavalent chromium
(Cr(VI)), arsenic (As), copper (Cu), and lead (Pb) (Inorganic Ventures) were used in
calibration of the inductively coupled plasma optical emission spectrometer (ICP-OES,
Perkin Elmer Optima 7000 DV). Colorimetric analysis of chromate samples involved
sulfuric acid (H2SOa, Fisher Sci., Certified ACS Plus), 1,5-diphenylcarbazide (Sigma-
Aldrich, ACS reagent), and acetone (Fisher Sci., HPLC grade). All solutions were prepared

in deionized (DI) water (Millipore, Milli-Q).
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3.3.2. Synthesis of PAN/Fe;Os composites and PAN/Fe,Os:@Fe>O3 core-shell
nanofiber filters

Electrospun PAN nanofibers with embedded Fe20s nanoparticles (hereafter
PAN/Fe203) were prepared by electrospinning a PAN precursor solution containing 10
nm or 40 nm Fe203 nanoparticles that were synthesized as described elsewhere [175].
Briefly, various amounts of 10 or 40 nm Fe20s3 particles (from 8-50 wt.% relative to PAN)
were suspended in 3.5 mL DMF, and sonicated for 5 h. Next, 0.3 g PAN was added and
the solution was thermally mixed for 2 h at 60°C. The sol gel was allowed to cool to room
temperature and then electrospun with a flow rate of 0.5 mL/h, 18 kV/10 cm, and 23G
needle. After 6 h, the electrospinning process was stopped and the mat was peeled off the
grounded collector. The system used for electrospinning was previously described (see
Chapter 2).

To generate core-shell structures (hereafter PAN/Fe203@Fe203), these PAN/Fe203
nanofibers were then hydrothermally treated. A piece of PAN/Fe203 mat (~6 cm x 10 cm)
was placed in a 150 mL equimolar solution (up to 0.14 M) of FeCls-6H20 and L-arginine
held in a plastic container that was then loosely covered and heated at 95°C for up to 12 h
[176]. After treatment, mats were rinsed with deionized (DI) water, 0.1 M HCI, 0.1 M
NaOH, and sonicated in DI water for 1.5 h to ensure the removal of extraneous material

not firmly affixed to the surface.

3.3.3. Nanofiber filter characterization

Nanofiber filters were characterized to determine their physical and chemical
properties. Materials were examined using scanning electron microscopy (SEM), X-ray
diffraction (XRD), N2-BET analysis, acid digestion, X-ray photoelectron spectroscopy

(XPS), and a load-displacement cell.



74

Nanofiber diameter and extent of hydrothermal coating were examined with a
Hitachi S-4800 scanning electron microscope (SEM), described in previous work [177].
Samples were prepared for SEM by mounting pieces of nanofiber mats approximately 0.5
cm by 0.5 cm on Al stubs with carbon tape. Samples were sputter-coated with Au prior to
imaging. SEM imaging of n = 300 nanofibers (using images from 3 batches of a specified
material) provided measurements used to create histograms of nanofiber diameter size, as
well as determine average nanofiber diameters with standard deviation. X-ray diffraction
(XRD, Rigaku MiniFlexIl, cobalt X-ray source) was used to confirm the phase of
nanoparticles and nanofiber coatings as hematite. Samples were prepared for XRD by
placing a 1 cm by 1 cm piece of nanofiber mat on a slide with 0.2 mm well depth. Samples
were analyzed from 20° to 80° for the Bragg angle with an interval of 0.02°. Specific
surface area of the materials was determined via N2-BET analysis (Quantachrome Nova
4200¢) after outgassing samples at 40°C for 6 h prior to analysis.

Speciation of Pb(II) sorbed to the surface of PAN/Fe203@Fe203 was analyzed with
a Kratos Axis Ultra X-ray photoelectron spectroscopy (XPS) system equipped with a
monochromatic Al Ka X-ray source. For XPS analysis, approximately 0.5 cm by 0.5 cm
of PAN/Fe203@Fe203 from a Pb(II) isotherm experiment (air dried for 24 h) was placed
on a sample holder using carbon tape. XPS was used to collect full spectrum survey scans,
as well as to examine O 1s, C 1s, N 1s, Fe 2p, and Pb 4f regions. The mechanical strength
of nanofibers and nanofiber mats was evaluated via stress-strain curves developed using a
load-displacement cell following the protocols in our group’s previous work [177].

To determine iron content of materials, known masses of nanofiber mats were

digested in 20 mL of 5 M HCI overnight. 40 pL of the acid was then diluted with 960 pL
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of water and mixed with 30 pL of 10 g/L hydroxylamine solution to reduce Fe(III) to Fe(II).
After the addition of 200 pL of 1 g/L 1,10-phenanthroline and 200 pL of 100 g/L
ammonium acetate buffer, samples were allowed to sit for 20 minutes and subsequently
analyzed colorimetrically at 510 nm with a UV-visible light spectrophotometer (Genesys

10uv) with calibration standards prepared using ferrous ammonium sulfate [178].

3.3.4. Batch sorption experiments

Pieces of nanofiber mats were reacted in batch with As(V), Cu(ll), Cr(VI), and
Pb(Il) to assess their reactivity. Experiments with As(V), Cr(VI1), and Cu(ll) were
conducted in 20 mL glass vials sealed with butyl rubber septa. Experiments with Pb(ll)
were conducted in 15 mL plastic centrifuge tubes, as Pb(ll) sorbed significantly to glass.
Approximately 5 mg of material (typically a 0.5 cm x 0.5 cm mat of nanofibers) was placed
in 10 mL of appropriate buffer solution (10 mM MES or HEPES). Isotherm, kinetics, and
pH edge batch experiments were initiated by spiking these solutions with As(V), Cr(V1),
Cu(ll), and Pb(l1).

For isotherm experiments, reactors were spiked with concentrations ranging from
0.3 to 200 mg/L of metal or metalloid using potassium chromate, sodium arsenate dibasic
heptahydrate, copper chloride dihydrate, and lead nitrate. Isotherm experiments were
conducted at pH 6 to ensure solubility of metals/metalloids up to relatively high
concentrations (especially with Cu, for which Cu(OH)2(s) dominates as a species above pH
7) necessary to achieve monolayer sorption. At this pH, As(V) was predominantly H2AsO4
(hereafter simply referred to as AsOs%*), Cr(VI) was predominantly HCrO4 (hereafter
simply referred to as CrOs*), Cu(ll) was predominantly Cu?*, and Pb(ll) was

predominantly Pb?*. For pH edge experiments, 10 mM MES adjusted to pH 6, 10 mM MES
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adjusted to pH 6.5, 10 mM HEPES adjusted to pH 7, and 10 mM HEPES adjusted to pH 8
were used and spiked with 7.4 mg/L arsenate (AsO4%), 6.7 mg/L chromate (CrO4?), 3 mg/L
Pb?*, or 0.6 mg/L Cu?*, with the exception that Cu?* experiments were not conducted at
pH 8 due to its limited solubility. Regarding metal speciation across these pH values,
H2AsO4 was the dominant form below pH 6.8, above which HAsO4> became dominant.
For Cr, HCrO4 was the main form of Cr below pH 6.5, above which CrO4? represented
the major species. Cu?* was the dominant form of Cu(l1) from pH 6 to pH 7. Pb?* was the
main form of Pb(ll) present below pH 7.2, above which PbOH™ prevailed. Competitive
sorption of metals/metalloids was also examined across these pH values by spiking reactors
with mixtures of two pollutants, 7.4 mg/L AsO4* and 6.7 mg/L CrO4%, 7.4 mg/L AsOs*
and 0.6 mg/L Cu?*, and 0.6 mg/L Cu?* and 3 mg/L Pb?".

After assembly of batch experimental systems, vials were placed on a rotator (Cole-
Parmer Roto-Torque) for 24 hours, after which 5 mL samples were taken, acidified to 2%
HNOs, and filtered with 0.45um nylon filters for analysis by ICP-OES. Kinetics
experiments were carried out using 10 mM MES buffer adjusted to pH 6 spiked with 7.4
mg/L AsOs*>, 6.7 mg/L CrO4%, 3 mg/L Pb?*, or 0.6 mg/L Cu?*. Multiple reactors with each
metal/metalloid were placed on a rotator and sampled at different times to quantify sorbed
masses up to 24 hours. These 5 mL samples were acidified and filtered for analysis.

Sorbed masses of metals and metalloids were quantified by subtracting dissolved
concentrations measured in reactor samples from known initial concentration and
multiplying by the volume of solution in the reactor. Initial rates for sorption kinetics were
determined by linear fits of normalized concentration of metals/metalloids over time before

uptake of sorbates began to plateau as equilibrium was reached (typically around 1 hour).
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For all experiments, controls were completed with buffer and metal/metalloid in the
absence of any nanomaterial; sorption of As(V), Cr(VI), and Cu(ll) on the glass vials and

rubber septa and Pb(ll) on the plastic tubes was negligible.

3.3.5. Simulated point-of-use treatment in flow-through filtration systems

For flow-through filtration experiments, nanofiber filters were placed in a 47 mm
filter holder (Millipore) connected to a peristaltic pump (Masterflex). Buffer solutions at
pH 6 containing either 100 ppb As(V) and Cr(V1) or 300 ppb Pb(ll) were pumped through
the system with a flux of 1,060 L/m?/h, as determined by measuring water volume collected
into a graduated cylinder after 1 minute of filtration and dividing by the 0.0011 m? filtration
area. A schematic of the flow-through setup is provided in Figure 3-1. During operation,
5 mL samples were taken every 5 minutes, acidified, and filtered for analysis. Reversibility
and regeneration of the filters in flow-through was examined by subsequently passing
either 2 L of 10 mM MES buffer at pH 6, 1 L of 0.05 M NaOH followed by 1 L of pH 6
10 mM MES (for As, Cr experiments), or 1 L of 0.1 M HNOs followed by 1 L of pH 6 10
mM MES [for Pb(ll) experiments] across the filter. Once again, samples of the regenerant
solution were collected, acidified, filtered, and analyzed to establish recovery of the bound
metal/metalloid contaminants.

To further assess the use of nanofiber filter materials in point-of-use treatment
applications, composite nanofiber filters were also tested in flow-through filtration
experiments with authentic groundwater samples containing As collected from private
wells in Mason City and Clear Lake, lowa. The raw groundwater from both locations had
turbidity of 22 NTU, pH of 8.5, and As concentrations ranging from 100 to 120 ppb.

Additional Mason City groundwater quality characteristics are provided in Table 3-1.
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3.3.6. Dissolved metals analysis

Samples from adsorption experiments were analyzed with inductively coupled
plasma optical emission spectrometry (ICP-OES, PerkinElmer Optima 7000 DV). The
ICP-OES was calibrated with standards for As(V), Cu(ll), Cr(VI), and Pb(ll) preceding
analysis of samples. In addition, a limited number of Cr(\V1) samples were also analyzed
colorimetrically using the diphenylcarbazide method [179]; for 100 ppb Cr, 1 mL of sample
containing Cr(VI) was placed in a plastic cuvette and acidified with 40 uL 5 N H2SOa.
Then, 40 uL of diphenylcarbazide solution (5 mg/L in acetone) was added and the solution
was mixed with a micropipette. Color was allowed to develop for 30 minutes before
measuring absorbance with a UV-vis spectrophotometer at a detection wavelength of 540
nm. Above 100 ppb Cr(VI), 0.5 mL of sample was diluted with 0.5 mL DI prior to

acidification and addition of diphenylcarbazide.

3.4. Results and Discussion
3.4.1. Nanofiber characterization and material strength testing

Figure 3-2 shows SEM images, nanofiber diameter distributions, and specific
surface areas for unamended PAN, the embedded PAN/Fe2Os composite, and the
hydrothermally treated core-shell PAN/Fe20s@Fe203. The PAN/Fe203 composite shown
contained 33 wt.% 10 nm Fe203 nanoparticles (relative to PAN) in the electrospinning sol-
gel, while the core-shell PAN/Fe203@Fe203 was synthesized by hydrothermally treating
this same PAN/Fe203 composite for 12 h in a solution of 0.14 M FeCls3-6H20 and L-
arginine.

XRD confirmed that the phase of nanoparticles embedded in PAN remained as

hematite throughout synthesis, while the hydrothermal coating on PAN/Fe203 was also
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hematite (Figure 3-3). Further, histograms of nanofiber diameters revealed that the
inclusion of Fe203 at 33 wt.% caused the average nanofiber diameter to increase from 180
(£30) nm to 240 (x40) nm. Although hydrothermal treatment resulted in clear growth of
particulate nanostructures on the surface of PAN/Fe203 nanofibers, PAN/Fe203@Fe203
materials did not exhibit any significant increase in average diameter [250 (x 50) nm].
Also, despite differences in nanofiber diameter, thickness of the mats was relatively
consistent at ~0.5 mm for PAN, PAN/Fe203, and PAN/Fe203@Fe20s, as determined with
SEM. We also characterized the iron content of all sorbent materials due to its presumed
role as the active sorbent phase in all materials. Both the composite and the core-shell
structures contained less total iron than commercial GFH®, with ~20% and 50% total Fe
by mass, respectively. For comparison, GFH® consists of ~70% Fe by mass.

Measurements of nanofiber mat specific surface area suggest that despite exhibiting
larger average diameters, Fe2Os-containing materials exhibit greater specific surface area
than the unmodified PAN. We attribute this to the high surface area of the hematite
nanoparticles (~80 m?/g) integrated into the PAN, which SEM images show impart some
degree of surface roughness to the nanofiber mat. However, variations in the mass loading
of Fe203 nanoparticles in PAN (up to 50 wt.% relative to PAN) did not impact specific
surface area measured with BET. In contrast, the extensive growth of nanostructures on the
surface of the core-shell material increased nanofiber specific surface area by two-fold,
from ~15 m?g for all hematite loadings within PAN/Fe:0s to 30 m?qg for
PAN/Fe203@Fe20s.

As an important practical consideration, hydrothermal treatment of PAN/Fe20s3 did

not eliminate the flexibility or wettability of the mat despite extensive surface coating with
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Fe203. Mats could be bent and rolled (Figure 3-2), which should help facilitate their
application in reactor platforms (e.g., spiral-wound membrane filters) that optimize their
treatment capacity. Failure loads for PAN/Fe203, and PAN/Fe203@Fe203 were statistically
equivalent at 0.27 (£0.06) and 0.22 (£0.03) N, respectively (where values represent mean
and standard deviations of at least 3 measurements), suggesting additional hydrothermal
processing exerted no adverse effect on nanofiber mat strength, although these values were
less than that measured for unamended PAN [0.40 (£ 0.10) N]. With the considerable
addition of 33 wt.% Fe20s, the embedded nanoparticles and nanoparticle aggregates likely
serve as areas that concentrate stress and cause failure at lower loads relative to unamended
PAN, as has been reported elsewhere [180,181]. Further, inclusion of Fe2Os nanoparticles
produced wider nanofibers, and the Young’s modulus of electrospun nanofibers has often
been found to increase with decreasing diameter because the level of molecular orientation

in the nanofibers increases [182,183].

3.4.2. Optimization of PAN/Fe,O3 composites and PAN/Fe;Oz;@Fe.O3 core-shell
structures for metal uptake

For all nanofiber sorbents, equilibrium was typically achieved after 12 hours, with
adsorption isotherms exhibiting clear plateaus consistent with a maximum uptake
equivalent to one monolayer (Figures 3-5 to 3-8). Accordingly, the Langmuir adsorption
isotherm was used to model all metal/metalloid uptake (equation 3-1):

_ KidmaxCe _
9= 1+K1.Ce (3-1)

where q is the mass of contaminant adsorbed per unit mass or specific surface area of
adsorbent (mg/g or mg/m?); K is the Langmuir coefficient; gmax is the amount of

adsorption at one monolayer; and Ce is the concentration of the contaminant in solution at



81

equilibrium [184]. Although adsorption described by the Langmuir model is assumed to be
reversible, we note that sorption here proved only partially reversible (to be described in
further detail below).

Langmuir model fit parameters (i.e., KL and gmax values) were determined and the
corresponding best-fit isotherms are shown on all data presented in corresponding Figures
3-5 to 3-8 (as solid lines). Because a goal of this study was to assess the performance of
different nanofiber composite formulations (e.g., metal/metalloid uptake as a function of
embedded Fe20s3 loading), these Langmuir model fit parameters were used as a basis for
material comparison. A priority was initially placed on maximizing material capacity, thus
gmax Values (both per unit mass and surface area of sorbent) were originally the focus of
nanofiber optimization efforts.

For development of composite PAN/Fe203 nanofibers, we first evaluated how the
size of the embedded hematite nanoparticles influenced uptake of CrO4> (Figure 3-4).
PAN containing 20 wt.% of either 10 nm or 40 nm Fe20s3 exhibited identical sorption
capacities, with gmax values in each case of ~0.6 mg CrO4>/g. Because of its smaller
primary particle size, 10 nm Fe203 exhibits greater specific surface area than 40 nm Fe20s,
but is prone to aggregate more extensively than 40 nm Fe203 [185]. This, in turn, could
limit the amount of surface Fe203 exposed in electrospun PAN/Fe203 composites and cause
comparable reactivity between composites made with 10 nm and 40 nm Fez0:s.

Next, the influence of Fe203 nanoparticle loading (up to 50 wt.% 10 nm Fe203) on
CrO4% and Pb?" adsorption isotherms was evaluated at pH 6 (Figure 3-5). Without Fe203,
PAN nanofibers demonstrated some, albeit limited, sorption of Pb?*, although they did not

sorb any CrO4?. The small amount of Pb?* sorption is presumably due to the electron rich
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nitrile (-C=N) groups present within the PAN structure, which may represent a viable
complexation site for cationic metal targets. Increasing 10 nm Fe20O3 loading within PAN
generally increased uptake of both CrOs* and Pb%, with gmax values increasing
monotonically from 0.1 to 3 mg CrO4%/g and 3 to 11 mg Pb?*/g, respectively, across the
Fe20s3 loadings considered (8-50 wt.% relative to PAN) (Figure 3-5). From model fit gmax
values, uptake of Pb?* was far more sensitive to inclusion of Fe20s3, increasing ~0.3 mg
Pb?*/g sorbent for every unit wt.% increase in Fe203 (R? = 0.99) (compared to ~0.1 mg
CrO4%/g sorbent, R? = 0.99). Increasing Fe203 loading also improved the affinity of
PAN/Fe203 for CrO4%, with Ki values increasing for CrO4* (0.7 to 3 L/mg). K. values
were relatively constant for Pb?* (from 0.1-0.2 L/mg), representative of consistent affinity
for Pb2* though the number of sorption sites increases. Nevertheless, observed increases in
gmax and K. values imply that Fe2O3 nanoparticles exposed at the composite-water interface
represent the dominant sorbent species in embedded composite systems, with the amount
of near-surface Fe20s3 increasing proportionally with the bulk Fe2O3 content.

For development of core-shell PAN/Fe:0s@Fe203 nanofibers, various Fe20s3
nanoparticle sizes (10 and 40 nm) and loadings (20 wt.% to 33 wt.%), hydrothermal
solution concentrations (0.07 M to 0.14 M FeCls-6H20 and L-arginine), and hydrothermal
treatment times (1-12 h) were studied. However, across this matrix of synthetic conditions,
all core-shell materials were effectively comparable in performance, as assessed by CrOs>
sorption isotherms (Figure 3-6). We attribute these materials’ consistent performance to
the relatively high loading of embedded Fe2Os nanoparticles, which produced an
abundance of uniformly distributed nucleation sites on the PAN surface for additional

deposition and growth of Fe20s nanostructures during hydrothermal coating. In
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combination with a high dissolved iron content in the hydrothermal solution and adequate
hydrothermal processing times, this allowed for a uniform coating (or shell) of Fe203 on
the PAN (core) nanofibers, and in turn reactive, external surface area for CrO4?" uptake that
was essentially invariant across the synthesis conditions explored.

Accordingly, further improvement in the performance of core-shell nanofibers will
most likely have to come via other means to enhance the external reactive surface area of
these nanofibers. For example, one approach would be to develop core-shell composites
from nanofibers with smaller diameters. Preliminarily, core-shell nanofibers produced
from narrower diameter PAN/Fe203 were explored by first electrospinning PAN/33 wt.%
Fe20s3 at low relative humidity (~10% RH) and subsequently coating these composites
hydrothermally with Fe20s. The result were core-shell nanofibers with an average diameter
of 160 + 40 nm, roughly 100 nm less than those shown in Figure 3-6. However, the
resulting gmax value was the same for these narrower diameter materials, suggesting that
gains in reactive surface area via decreasing diameter may be negligible relative to the

surface area increase afforded by the Fe203 coating growth hydrothermally.

3.4.3. Performance comparison of PAN/Fe;O; and PAN/FeO:@Fe;Oz to
traditional iron oxide sorbents

3.4.3.1. Sorption isotherms

At pH 6, adsorption isotherms for AsO4>, CrO4%, Cu?*, and Pb?" are shown in
Figures 3-7 and 3-8 for PAN/Fe203 (33 wt.% of Fe2Os relative to PAN),
PAN/Fe203@Fe203, and GFH®. Also provided for comparison is the sorption capacity for
each metal/metalloid measured in well-mixed dispersions of 10 nm Fe20O3 nanoparticles.

In Figures 3-7 and 3-8, sorbed metal/metalloid concentrations are reported after
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normalization to: (&) sorbent surface area (mg/m?), (b) sorbent mass (mg/g), and (c)
available Fe in each sorbent material (mg/g Fe).

Across all metals considered, notable outcomes from adsorption isotherms are that
PAN/Fe20s3@Fe20s (i) outperforms PAN/Fe203 and commercial GFH® on the basis of
available surface area (in most cases by nearly two-fold); and (ii) achieves surface-area-
normalized sorption capacities equivalent to dispersions of 10 nm Fe203 nanoparticles
(Figure 3-7a,d and Figure 3-8a,d). Furthermore, at pH 6 PAN/Fe203@Fe203 and 10 nm
Fe203 nanoparticles generally exhibit greater sorption capacities for cationic species (Cu?*
and Pb?*), while GFH® is a more effective sorbent for oxyanions (AsO4> and CrO4%) than
cations (Table 3-1). These trends are most obvious when comparing sorbed
metal/metalloid concentrations per unit mass of sorbent and per unit mass of available Fe
in each material (Figure 3-7b-c,e-f and Figure 3-8b-c,e-f). This suggests our synthetic
Fe20s surfaces, both nanoparticle suspensions and composite nanofibers, possess lower
points of zero charge (pzc) than GFH®, producing a larger number of neutral or negatively
charged sites (e.g., >Fe-OH and >Fe-O") at pH 6 for binding cations [186]. Indeed, we
anticipated that GFH®, which consists of poorly crystalline akaganeite (3-FeOOH) [187],
would adsorb anions better than cations at near-neutral pH because it is widely marketed
for As removal [167]. Beyond its surface charge, the extensive internal surface area of
GFH® (290 m?/g from N2-BET) also promotes its substantial uptake of oxyanions,
particularly in these closed batch systems where sufficient equilibrium times minimize
diffusion limitations in metal uptake.

It is worth noting that on a per mass basis (either of total sorbent mass or available

Fe mass), GFH® represents a superior sorbent for anions, its intended target. For cations,
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on the other hand, mass-normalized metal uptake on GFH® is essentially equivalent to
composite nanofibers. Interestingly, on the basis of available Fe mass, values of gmax with
PAN/Fe203@Fe20s3 are ~1.3 times that of PAN/Fe20s3, suggesting that embedding Fe20s
nanoparticles into PAN results in the loss of a small amount of surface sites for sorption,
as would be expected.

Finally, for our composite materials, it is worth considering whether they behave
in a manner analogous to the components from which they were assembled. As a first line
of comparison, the relative gmax values for CrOs>, AsO4>, Cu?*, and Pb?* at pH 6 are
1:1.5:3.3:4.4 for the suspension of 10 nm Fe20s, a trend in maximum uptake that
reasonably matches that observed for PAN/Fe20s (1:1.4:2.6:4.2). This indicates that the
process of embedding the Fe2Os nanoparticles in the PAN nanofiber matrix has little
influence on their surface chemistry and propensity to bind metals/metalloids. For
PAN/Fe203@Fe20s, although the same qualitative trend in metal uptake was observed,
some quantitative difference was observed (1:1.1:2.2:3.5) suggesting that the nature of the
hematite coating on the core-shell structures is distinct (i.e., different types and abundance
of crystal faces and surface sites) from that of the 10 nm nanoparticles. Nevertheless, both
hematite-based composites follow trends in adsorption capacity previously reported for
hematite with this metal/metalloid suite (AsOs*, CrOs*, Cu?*, and Pb?" [188-191]),
suggesting that established mechanisms for their uptake on hematite (e.g., surface
complexation) are also occurring in nanofiber composite systems [190-193]. This is
especially promising for predicting performance and application targets for such composite
Fe203 nanofibers from the plethora of existing studies on the application of nanoparticulate

Fe20s as sorbents [194-200].
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3.4.3.2.  Sorption rates

Equilibrium of oxyanions (AsO4+* and CrO4%) with PAN/Fe203 was achieved after ~1 h,
while equilibrium with PAN/Fe203@Fe203 was reached after ~2 h (Figure 3-9a,b). For
uptake of cations (Cu?* and Pb?*), PAN/Fe203 was first to achieve equilibrium after ~2 h,
whereas PAN/Fe203@Fe203 reached equilibrium after 5 h for Cu?* and between 5 and 12
h for Pb?* (Figure 3-9c,d). In comparison, GFH® had reached ~50% uptake of all metals
within 2 to 4 hours, and equilibrium was typically attained over 12 to 24 hours.

For filtration applications, the initial rate of sorption may be a better performance
metric for material comparisons because such platforms will have very short contact times
between the sorbent and influent water. With their greater amount of external reactive
surface area, initial rates (i.e., within the first 2 h) of metal sorption on PAN/Fe203@Fe203
and PAN/Fe20s were either comparable to or greater than those observed for GFH®
(Figure 3-9). Among the nanofiber composites, PAN/Fe20s3 and core-shell
PAN/Fe203@Fe20s exhibited equivalent initial sorption rates of uptake for all
metals/metalloids. Such relatively fast initial rates of metal/metalloid sorption on
PAN/Fe203 and PAN/Fe203@Fe203 reveal promise for their potential application in a high

flux, reactive filtration platform.

3.4.3.3. Sorption pH edge experiments

pH-dependent sorption was assessed from pH 6 to 8 at relatively low concentrations
of metals/metalloids compared to those used in isotherms (7.4 mg/L AsO4*, 6.7 mg/L
CrO4%, 0.6 mg/L Cu?*, and 3 mg/L Pb?"). Results are shown in Figure 3-10 for oxyanions
and Figure 3-11 for cations, where once again sorbed metal/metalloid concentrations are

reported after normalization to: (a) sorbent surface area (mg/m?), (b) sorbent mass (mg/g),
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and (c) available Fe in each sorbent material (mg/g Fe). Data for GFH® and a suspension
of 10 nm hematite nanoparticles are shown for comparison, as are data for unamended
PAN, which showed limited uptake in some instances (i.e., mostly Pb?").

For AsOs*, sorption by PAN/Fe203, PAN/Fe203@Fe203, and GFH® decreased
with increasing pH, while sorption by 10 nm Fe20s remained largely unchanged across the
pH range. The decrease in uptake is most notable for PAN/Fe203, for which sorbed AsOs>
concentrations halved from pH 6 to pH 8. As with isotherms, PAN/Fe203@Fe203 bound
the most AsO4> per unit surface area at these experimental conditions, and it was also
generally a superior adsorbent relative to PAN/Fe203 when sorbed AsOs% concentrations
were normalized by total sorbent mass and the mass of available Fe. Per unit mass of
sorbent and available Fe, GFH® and 10 nm hematite suspensions remained better sorbent
materials across the pH range. These relative trends in pH-dependent performance for our
different iron-based sorbent materials for AsOs> appear generalizable toward other
(oxy)anions, with comparable results obtained for sorption of CrO4%.

For cations, sorption of Cu?* on PAN, PAN/Fe203, PAN/Fe20:@Fe203 and GFH®
increased modestly (typically by no more than two-fold) from pH 6 to pH 7, while sorbed
Cu?* concentrations were constant over this pH range in suspensions of 10 nm Fe20s. In
contrast, Pb?* uptake as a function of pH varied somewhat for the different materials. For
example, Pb?* uptake was relatively low on PAN from pH 6-7, but increased nearly four-
fold at pH 8 to yield surface-area normalized concentrations of sorbed Pb?* that rivaled
nanofiber composites. For PAN/Fe203, a maximum in Pb?* uptake occurred at pH 6.5,
almost two-fold higher than that measured at pH 6. Notably, PAN/Fe203, the embedded

composite, exhibited the greatest degree of Pb?* uptake per unit surface area under the
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conditions used in pH edge experiments. This behavior was mirrored by GFH®, which
also exhibited maximum Pb?* uptake at pH 6.5. In contrast, uptake of Pb?" on
PAN/Fe20s@Fe20s3 decreased monotonically, albeit only slightly, across pH 6 to 8, while
sorption on 10 nm Fe203 was once again relatively insensitive to pH.

Because GFH® generally exhibited weaker performance toward cations, composite
nanofibers not only exhibited greater adsorption per unit surface area, but were equivalent
to or better than GFH® (as well as suspended 10 nm Fe203) on the basis of total sorbent
mass and available Fe across all pH values. In fact, at the metal concentrations used in pH-
edge experiments (lower than those in isotherms) PAN/Fe2O3 adsorbed comparable or
more metal cations on a surface area basis than PAN/Fe2Os@Fe203, despite its greater
external reactive surface area. We propose the better performance of embedded rather than
core-shell Fe20s composites may be the result of synergies between electron rich nitrile
groups adjacent to Fe20s surfaces sites at the composite-water interface. In support of such
a hypothesis, we note that unlike isotherms, pH dependent trends in sorption for
PAN/Fe203 were distinct from those of 10 nm hematite, suggesting that the embedded
nanoparticles behave uniquely relative to their dispersed counterparts, at least at the low
metal concentrations explored for pH edge development.

Generally, however, the pH-dependent behavior of AsOs*, CrOs%, and Cu?* in
systems with PAN/Fe20s and PAN/Fe20s@Fe203 is consistent with that previously
observed with these metals in more traditional iron oxide sorbent systems [188-
190,201,202]. For Pb?*, however, a clear increase in adsorption is often reported with
increasing pH on iron oxides [203,204], behavior that was not pronounced on our

composites. Again, this may relate to the ability of PAN to bind Pb?*, particularly at higher
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pH, providing further evidence that Fe2Os immobilized in or on PAN nanofibers may
exhibit distinct reactivity from unsupported hematite under some circumstances.

Finally, for composites, results from these pH-edge experiments imply that
electrostatics is the primary driver for uptake. For example, the extent of adsorption of
AsO4> is expected to decrease with increasing pH due to deprotonation of H2AsO4™ to
HAsO4> when system pH is equal to pKaz (= 6.8) while the hematite surface becomes more
negatively charged with increasing pH values (and thus repelling oxyanions) [205,206].
Similarly, the decrease in CrO4? adsorption with increasing pH can be attributed to HCrO4
deprotonation to CrO4> at pH = pKa2 of 6.5 [189,207]. This is also the case for cations.
For pH values below 7, Cu?* dominates Cu(ll) speciation [208], but the hematite surface
becomes progressively more negative in charge and thus more favorable for cation
adsorption [186]. Likewise, as pH shifts from 6 to 8 the dominant Pb(11) species shifts from
Pb?* to less positive complexes with diminished attraction to a negative surface, including
PbOH" at pH 7.2 and PbCOzs(aq) (from carbonate available from the atmosphere)

[13,29,209,210].

3.4.3.4. Competitive sorption studies

Competition effects in metal/metalloid mixtures was also evaluated across a range
of pH from 6.0 to 8.0. Simultaneous uptake of Cu?* with Pb?* (cation-cation) and AsOs*
with Cu?* (oxyanion-cation) did not significantly differ from uptake of the individual
species across the pH range, although Cu?* uptake generally increased on PAN/Fe20s,
PAN/Fe203@Fe203, and GFH® in the presence of AsO4* at pH 6 (Figure 3-12). As might
be expected, AsO4> and Cu?* sorb at different surface sites, and the co-occurrence of bound

AsO4> has previously been shown to increase Cu?* sorption by making the iron oxide
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surface charge more negative [211]. However, because this enhancement of Cu?* uptake
was not observed in suspensions of 10 nm Fe20s, this behavior may be attributable to
favorable interactions between PAN nitrile groups adjacent to Fe20s surfaces.
Additionally, sorbed Cu?* and Pb?* have been suggested to precipitate on the surface of
Fe20s as oxides or hydroxides at pH values above 6.0, a mechanism of removal that would
limit competitive inhibition observed when surface adsorption dominates at lower pH
values [212]. Surface precipitation of Pb?* at high concentrations (200 mg/L initial Pb) was
supported by XPS analysis, in which peaks were associated with lead oxides; however, we
do not expect this mechanism to be relevant in pH edge systems with the lower
concentration (3 mg/L) of Pb(ll) studied.

For mixtures of AsO4* and CrO4%, sorption of AsO4> was largely the unaffected
(Figure 3-13a) but uptake of CrO4?> decreased considerably for all materials across the pH
range (Figure 3-13b). GFH®, which exhibited two- to three- fold inhibition of CrOs*
uptake in the presence of AsO4>, was least affected by oxyanion interspecies competition.
For PAN/Fe20s, uptake was generally decreased three- to four-fold, which was comparable
to the extent of inhibition observed in suspensions of 10 nm Fe203. PAN/Fe203@Fe203
exhibited five-fold less uptake of CrO4% in the presence of AsOs%. Previous studies have
shown AsO4* and CrO4% to compete directly for surface sites on iron oxide, with AsO4>
prevailing in equilibrium systems [211]. Thus, while subject to interspecies competition
when applied to metal/metalloid mixtures, the susceptibility of Fe203 nanofiber composites

is very much in line with expectations for more traditional iron oxide-based sorbents.
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3.4.4. Reactive filtration studies with simulated and authentic groundwater

In equilibrium batch (closed) systems, core-shell PAN/Fe20s@Fe20s typically
performed slightly better than embedded composite PAN/Fe203 in regard to sorption
capacities. There were even instances (e.g., Pb?* uptake) where PAN/Fe203 out performed
core-shell PAN/Fe203@Fe203 despite the greater degree of external, reactive surface area
in the core-shell configuration. From the perspective of material processing and technology
scale-up, PAN/Fe20s is also more advantageous because it is prepared in a single synthesis
step (i.e., a single-pot synthesis). In contrast, PAN/Fe2Os@Fe20s3 requires electrospinning
with an additional, subsequent synthesis step via hydrothermal treatment.

Both types of Fe20s nanofiber composites were next assessed in flow-through,
reactive filtration experiments to determine their viability in point-of-use water treatment
applications. A filter consisting of 100 mg of PAN/Fe203 (1.4 m? available surface area)
was evaluated at pH 6 (with 10 mM MES buffer) against an influent of 100 ppb As(V)
(i.e., 10 times the EPA MCL) and 100 ppb Cr(VI) (i.e., equal to the EPA MCL). Both
AsO:* and CrO4% were immediately detectable in effluent, with effluent concentrations
~80% and 60% of influent, respectively, after the first 100 mL of water treated (Figure 3-
14). Similarly, upon exposure to 300 ppb Pb(ll) (i.e., 20 times the EPA action level), Pb?*
was detectable at ~60% of influent within the first 100 mL (Figure 3-14).

Similar evaluation of a 100 mg filter (2.8 m? available surface area) of core-shell
PAN/Fe20s3@Fe203 was also conducted at pH 6 (10 mM MES) with both an influent
mixture of 100 ppb As(V) and 100 ppb Cr(VI), as well as a separate trial with an influent
of 300 ppb Pb(ll). Metal removal was much improved in this system, with AsO4> below
detection limits (~10 pug As/L) for the first 1,500 mL, while CrO4> was below detection

limits (~6 pg Cr/L) for the first 700 mL (Figure 3-14) of testing. For Pb, effluent Pb*
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exceeded detection limits (~10 pg Pb/L) after 400 mL (Figure 3-14). Thus, although the
performance of PAN/Fe20s composites compared reasonably to core-shell materials in
closed batch systems, metal uptake in flow-through appears considerably more dependent
on Fe20s3 surface area being easily accessible. Thus, for the short contact times anticipated
during reactive filtration applications (less than 1 s), core-shell PAN/Fe203@Fe203 appears
the most viable composite for application because of its external hematite shell.

Unexpectedly, AsO4> did not adversely impact uptake of CrO4? in flow-through,
as breakthrough curves for solutions with only CrO4> were comparable to that seen in
Figure 3-14 for the oxyanion mixed influent. Thus, factors influencing competitive
sorption between oxyanions must be different in flow-through systems, where contact time
is much shorter (kinetically limited sorption to the most reactive and available binding
sites) than in batch equilibrium systems. Notably, the levels of sorption achieved after
exposure to 4 L of 100 ppb As/100 ppb Cr mixed influent (i.e., 5.3 mg AsO4>/g and 1.5
mg CrO4%/g) were lower, for chromate considerably, than the sorption capacities measured
in batch isotherms (9.3 and 8.7 mg/g, respectively). Further, while effluent AsO4+* did not
ever reach influent concentration during the 4 L experiment, effluent CrOs* matched
influent concentrations after treatment of 1,500 mL. Thus, it appears the majority of the
sites available for CrO4? sorption at equilibrium (i.e., in batch) were inaccessible in the
kinetically limited regime imposed by flow-through filtration.

The influence of filter mass on uptake was also assessed using Pb?*. The volume
treated before detection of Pb?" was doubled by doubling the amount of
PAN/Fe203@Fe203 used, with detection of Pb?* occurring after 900 mL with 200 mg

PAN/Fe203@Fe203 (5.7 m? available surface area) in flow-through (Figure 3-15c). The
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level of uptake reached during this flow-through was 3.9 mg Pb?*/g, much less than the
sorption capacity determined in batch isotherms (31 mg/g), though the filter was
unsaturated because effluent Pb?* never reached the concentration of the influent.

Given the more promising viability of PAN/Fe20Os@Fe203, regeneration (i.e.,
sorption reversibility) was explored in this flow-through platform. Both AsOs* and CrO4*
sorption proved partially reversible, as 20% of the sorbed AsO4* and 15% of the sorbed
CrO4% were released into the effluent when clean buffer (pH 6, 10 mM MES) was passed
through the filter after completion of the flow-through experiment (after 4L of influent was
applied) (Figure 3-15a,b). Pb?* sorption was also partially reversible, as 15% of sorbed
Pb?" was released into effluent when clean buffer passed through the filter (Figure 3-15c).
Consistent with this lack of bound metal release, additional trials after spent filter
regeneration with clean buffer showed near immediate detection of the metals/metalloid in
the process effluent, suggesting the majority of binding sites remained filled despite the
buffer wash. That the majority of oxyanion and cation mass remains bound during
treatment with clean (i.e., metal-free) influent is encouraging, as a spent filter will not likely
become a significant pollutant source in the event the quality of influent improves.

More aggressive regenerative treatments were also explored as a means to achieve
complete regeneration of spent filters, thereby enabling reuse and extending technology
longevity. Specifically, we found that treatment with 1 L of 0.05 M NaOH was able to
significantly regenerate filter activity toward both AsOs* and CrOs%. Alkaline
regeneration, which has previously proven effective for iron oxides with bound As(V) and
Cr(VI) [205,213,214], resulted in the removal of 85% of sorbed AsO4* and 60% of sorbed

CrO4+* (Figure 3-15a,b). Further, subsequent tests with our metal-containing test influent
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revealed performance of the alkaline regenerated filter was close to that of the new, pristine
filter material. Meanwhile, treatment with 1 L of 0.1 M HNOs was able to slightly
regenerate the filter toward Pb?*. Acid regeneration, previously reported to regenerate iron
oxides with bound Ph(I1) [215,216], removed 50% of sorbed Pb2*. This acid regeneration
partially restored performance of the filter (Figure 3-15c).

Finally, PAN/Fe203@Fe203 was evaluated in flow-through for removal of As from
contaminated groundwater samples collected from small drinking water systems in lowa.
Although As was not immediately detectable in the treated effluent for groundwater
samples, performance was poorer than observed in idealized buffer system (10 mM MES
at pH 6). In Mason City groundwater, As was detectable in effluent after ~1.2 L of
treatment, while As in Clear Lake groundwater was detectable much more rapidly, after
only ~400 mL were treated (Figure 3-16a). For Clear Lake groundwater samples, the
breakthrough curve noticeably plateaued at a concentration roughly 80% of the influent.
This can be attributed to a pseudo-steady state condition dependent on pH and influent As
concentration [217], where a steady rate of uptake for a portion of As is fast relative to flow
through the filter after initial breakthrough [218]. Ultimately, this would be a multi-step
breakthrough curve with an eventual plateau occurring at effluent concentrations
equivalent to influent over greater volumes of water treatment.

Due to the higher pH of both groundwater samples relative to our model systems
(groundwater pH of 8.5 versus pH 6 buffer), we expected As to break through earlier in
groundwater samples when using the same amount of filter material; at pH 8.5, the surface
of the PAN/Fe203@Fe203 becomes more negative and less attractive to oxyanions like

AsO4*, as observed from pH edge experiments. We suspect that the extensive differences



95

in As breakthrough for the two groundwater samples indicate that co-solutes [e.g.,
carbonate (COs?) and phosphate (PO4+*)] likely interfere with As uptake on
PAN/Fe203@Fe20s3, as has been reported elsewhere [219,220]. In such instances, we
anticipate that the mass of PAN/Fe203@Fe20s filter could be increased to increase sorption
of metals/metalloids in complex water matrices and overcome inhibition from co-solutes
present in such samples.

Finally, a major component of the groundwater samples was particulate matter,
presumably arising from colloidal iron, which caused initial turbidity in the water samples
of 22 NTU. This provided an ideal scenario to test for concurrent removal of As and
particulate matter using composite nanofibers as a reactive filtration technology. Indeed,
the filters simultaneously achieved turbidity removal concurrent with As sorption,
lowering effluent turbidity to 0.2 NTU and removing ~20 mg of suspended solids from
both samples (Figure 3-16b). This left a visible layer of solids on top of the filters after
flow-through experiments.

3.5. Conclusion

While existing technologies utilize iron oxides for sorption of metals/metalloids
(e.g., GFH® for As removal), such technologies have larger footprints (i.e., packed bed
with depth for filtration) and, as larger systems, require some operational knowledge.
Implementation of nanotechnology using well-studied chemical mechanisms (i.e., binding
of metals/metalloids onto iron oxide surfaces) can decrease the scale of systems required
to treat water by increasing the amount of reactive surface area without increasing the
volume and mass of filtration materials needed. Nanotechnology can deliver upon its

promise of enhanced reactivity in water treatment applications if suitably harnessed in
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cohesive platforms appropriate for filtration. Current studies on nanomaterials have
focused on either reactivity of iron oxide suspensions, which are impractical for water
treatment, or material synthesis of cohesive platforms, uncoupled with performance
demonstration that shows applicability in water treatment.

This study demonstrates the promise, as well as areas for future optimization, of
two cohesive platforms for metal sequestration in water treatment applications —
PAN/Fe20s and core-shell PAN/Fe20Os@Fe203 nanofiber filters. The electrospinning
process allowed the facile synthesis of a flexible, stable nanofiber network, while
hydrothermal treatment achieved a coating of Fe203 nanostructures increasing the reactive
iron oxide surface area available to adsorb metals from solution. PAN/Fe20s and
PAN/Fe20s@Fe203 adsorbed significant amounts of AsO4*, CrO4%, Cu?*, and Pb?* across
a range of initial concentrations and pH values. Adsorption capacities were comparable to
those of 10 nm Fe203 nanoparticles, so two materials have been created that likely utilize
the studied mechanisms of uptake of nanoparticulate hematite while bound in a cohesive
platform. PAN/Fe203 and PAN/Fe203@Fe203 also employed rapid kinetics relative to
GFH®, which demonstrated promise for use as membrane filters with short contact times
for treatment. Although both materials performed well in batch systems that reached
thermodynamic equilibrium, core-shell PAN/Fe20s@Fe203 outperformed PAN/Fe20s in
flow-through filtration with As(V), Cr(V1), and Pb(l1) making it the ideal choice for POU
or POE water treatment, in which rapid kinetics play a key role. PAN/Fe203@Fe203 also
achieved simultaneous As and suspended solids removal in groundwater samples, and thus
is applicable in real water systems. Furthermore, the PAN/Fe203@Fe203 nanofiber filter —

a flexible sheet of nanofibers, even after hydrothermal treatment — is a robust candidate as
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a filtration technology, as supported by strength testing. The small footprint of this
membrane filter would allow it to be deployed in POU and POE scenarios (e.g., by
individual groundwater well users in rural areas) where larger technologies (e.g., a packed
bed of GFH) cannot be easily utilized, particularly for Pb and As removal.

While this study balanced material strength with reactivity, with the knowledge
gained here further strides can be made in making the cohesive nanofiber platform more
reactive, scalable, and deployable for POU and POE water treatment applications. First,
decreasing average nanofiber diameter by changing electrospinning parameters would
likely improve performance in flow-through filtration. Despite decreases in nanofiber
diameter having little impact on sorption capacity for Cr(VI), we have demonstrated that
properties determined at equilibrium are not necessarily representative of properties
exhibited in a kinetically limited regime (i.e., membrane filtration). Decreasing nanofiber
diameter and increasing specific surface area could vastly improve rapid uptake of
metals/metalloids. Regarding scalability, although electrospinning has been demonstrated
on an industrial scale, industrial-scaled electrospinning with hydrothermal synthesis post-
processing is not prevalent. The hydrothermal synthesis utilized herein for Fe2Os coating
of nanofibers is ideal for scalability because it does not require high pressure (i.e., above 1
atm) nor high temperature (i.e., above 100 °C). In addition, the durability of
PAN/Fe203@Fe203 means it could be easily integrated and deployed in household faucet
filters and water bottle filters. Future work, centered on improving reactivity (without
adding synthesis steps) while producing filters at-scale and in forms that can be used in

current water treatment process designs, would help bring this nano-enabled iron oxide
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technology into the hands of consumers who face the challenge of metal/metalloid

contamination in drinking water.



Table 3-1. Water quality characteristics for groundwater from

Mason City, lowa.

Parameter

Source Lime Creek Aquifer
Well depth 60 feet

Dissolved oxygen =0.13 mg/L
Ammonia N D5mgTlas N
Chloride 16 mg/L

Sulfate 13 mg/L

Nitrate N Non-detect
Dissolved organic carbon 1.2 mg/L

Total alkalinity 280 mg/L

Total dissolved solids 320 mg/L

Arsenic 0.11 mg/L (93 ug/L As(V))
Calcium 70 mg/L

Iron 1.5mg/L
Magnesium 23 mg/L

Sodium 13 mg/L
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Table 3-2. Langmuir coefficients (Kv, in L/mg) and maximum adsorption capacities (gmax, in mg/m? sorbent, mg/g sorbent, and mg
g/Fe in sorbent) for PAN/Fe203@Fe203, PAN/Fe>03, and GFH® for AsO4*", Cu?*, CrO4*, and Pb*" at pH 6. Maximum adsorption
capacities are also given for 10 nm Fe2O3 nanoparticles.

2+

. Qmax
Material .
units | Ky (L/mg) K (L/mg) Ki(L/mg) K (L/mg) | Guma

PAN/ mg/m? 033 +0.02 067+ 0.04 031+0.01 1.1£0.1

Fe:Os@ mg/g 26+15 93+0.5 0.10 £ 0.02 1941 0.94+0.11 8.7+0.2 0.18 £0.056 31+2

Fe203 mg/g Fe 17+ 1 35+2 16+0 57+4
mg/m? 0.19+0.01 0.37+0.04 0.14£0.01 0.59 £ 0.04

PAN/ mg/g  2.0+1.0 2.7+0.1  0.086+0.023 52£0.5 4.4+37 2.0£02 0.16 £ 0.05 83+0.5

FeOs o/ Fe 131 26+3 1041 42+3
mg/m? 0.25 £ 0.02 0.067 = 0.006 0.19 £0.01 0.25+0.04

GFH® mg/g  0.17+0.07 71+6 0.067 +0.018 192 0.34+0.10 53+4 0.018 £ 0.006 70 + 12
mg/g Fe 110+ 10 31+3 86+ 6 110 =20
mg/m? 0.28 +0.09 0.63 £ 0.25 0.19 £0.05 0.84 = 0.23

10 nm mg/g 22+7 49 +20 15+4 66+ 18
Fei0s e/ Fe 31+ 10 70 + 28 21+5 94 + 25

00T
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As, Cr, or Pb

Head space, filled with influent
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Filter
EHE
o 3 5
cCis
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= (5mL each)
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Figure 3-1. Schematic of the dead-end filtration system used to test nanofiber filters in
flow-through. As the filter holder had been modified so that it could be used for cross-
flow or dead-end filtration, influent was pumped into the system on a side inlet of a
Millipore 47 mm filter holder at a sufficiently high flow rate (20 mL/min) to ensure
influent contact with the entire filter. Influent passed through the filter and was collected,
with 5 mL samples taken periodically from the filter outlet for analysis.



102

n =300
a) — PAN
Avg. diam.:
=== 180 + 30 nm
8.9+2.0 m%g

b) — PAN/Fe;05
Avg. diam.:
240 40 nm
14 £ 1 m2g

c) PAN/Fe;0:@Fe,03
= Avg. diam.:

250 £ 50 nm
28 + 3 mig

Frequency

<
©
s
Q
©
=
Q
3
2
©
-
)
2

Figure 3-2. Size distribution histograms for (a) PAN, (b) PAN/Fe203, and (c)
PAN/Fe203@Fe203 nanofibers, with corresponding images of the mats and SEM images
of the nanofiber mats. Average nanofiber diameters and measured surface areas from
BET with standard deviation are given for each material.
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Figure 3-3. X-ray diffraction (XRD) spectra for (a) 10 nm Fe2O3 nanoparticles in green,
(b) PAN/Fe203@Fe20s3 in red, and (c) PAN/Fe20s in blue. Peaks are consistent with d-
spacings for hematite, indicated with grey squares.
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Figure 3-4. Sorption capacities for CrO4+* for as-electrospun PAN/20 wt.% 10 nm Fe20s3
and PAN/20 wt.% 40 nm Fe20s.
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q (mg/q)
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Aqueous concentration (mg/L)

[C]PAN/50 wt% Fe,0; /\ PAN/25 wt% Fe,0;
(O PANI/33 wt% Fe,0, <> PAN/8 wt% Fe,0,

PAN

Figure 3-5. Adsorption isotherms for PAN/Fe2O3 with different mass loadings of Fe203
for (a) CrO4* and (b) Pb*". Experiments were conducted in pH 6 10 mM MES buffer.
Isotherms are given in terms of mass adsorbed per mass of adsorbent (mg/g), and lines
are Langmuir model fits. Results demonstrate that higher loadings of Fe2O3 correspond

with increased uptake of metals. PAN alone adsorbs some Pb?" but does not adsorb any
CrO4>.
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| | |
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Aqueous CrO,2 concentration (mg/L)

PAN/Fe,0,@Fe,;0,

20% 40 nm Fe;0,/ 11% 10 nm Fe, 04/
0.14 M FeClz/L-arg., 12h 0.14 M FeClz/L-arg., 12h

& 20% 10 nm Fe;04/ v 20% 10 nm Fez 0./
0.14 M FeCl;/L-arg., 12h 0.14 M FeCl;/L-arg., 6h

20% 10 nm Fe;Of O 20% 10 nm Fe;O.f
0.07 M FeCl:/L-arg., 12h 0.14 M FeCl:/L-arg.. 1Th

Figure 3-6. Adsorption isotherms for CrO4> for core-shell PAN/Fe203@Fe203 with
various sizes Fe20Os3 in electrospun nanofibers, wt.% of Fe203 in electrospun nanofibers,
concentrations of hydrothermal solutions, and hydrothermal treatment durations.
Experiments were conducted in pH 6 10 mM MES buffer.
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Figure 3-7. Adsorption isotherms for PAN/Fe2O3@Fe203 in blue, PAN/Fe20s3 in red, and
GFH® in green for uptake of (a,b,c) AsO4+>" and (c,d,e) CrO4*. Maximum adsorption
capacities for 10 nm Fe2O3 nanoparticles are given by the grey lines. Experiments were
conducted in batch with 5 mg of sorbent and 10 mL of 10 mM MES buffer at pH 6 with
the appropriate concentration of metal/metalloid. Isotherms are given in terms of mass
adsorbed per surface area of adsorbent (m?), mass of sorbent (g), and mass Fe in sorbent
(g Fe); lines are Langmuir model fits.
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Figure 3-8. Adsorption isotherms for PAN/Fe203@Fe203 in blue, PAN/Fe20s3 in red, and
GFH® in green for uptake of (a,b,c) Cu?" and (c,d,e) Pb*". Maximum adsorption
capacities for 10 nm Fe203 nanoparticles are given by the grey lines. Experiments were
conducted in batch with 5 mg of sorbent and 10 mL of 10 mM MES buffer at pH 6 with
the appropriate concentration of metal/metalloid. Isotherms are given in terms of mass
adsorbed per surface area of adsorbent (m?), mass of sorbent (g), and mass Fe in sorbent
(g Fe); lines are Langmuir model fits.



109

10 83 — 10 4% —
ED D a& )
03 ‘E&é = o| os -%Ug a
O o054 r & 06 - o
a -4 e oY Q .
— & o
0.4 5 04 -
5 P
= A
@ 024 A1 024
| -
1= a) AsO,* c) Cu?
Q 00 T T T T T = 00 T T T T T e
g 0 2 4 6 g 10 12 24 0 2 4 6 8 10 12 24
o 104 — 10} I
O <3 A
g 0.8 %E afga D O ps _%‘?ﬂ
5
Fal
Lll ()% A o OO pl= o
o 0.6 64 o
E o8 g @ e Fiy
- A
O 04 | 044
= o g
i A 024
0.2 iy R o o
b) CrO 2 d) Pb ‘
0.0 T T T T T v 00 T T T T T i
0 2 4 6 8 10 12 24 0 2 4 6 8 0 12 24
Time (h)

O PAN/Fe,0,@Fe,0; ] PAN/Fe,0; /\ GFH

Figure 3-9. Sorption kinetics for PAN/Fe203@Fe203 in blue, PAN/Fe20s3 in red, and
GFH® in green for (a) AsO4s™>, (b) CrO4*, (¢) Cu**, and (d) Pb*". Normalized
concentrations of cations or oxyanions are shown as a function of time. Experiments were
conducted in batch with 5 mg of sorbent and 10 mL of 10 mM MES buffer at pH 6 with
7.4 mg/L AsO4>, 6.7 mg/L CrO4%, 3.0 mg/L Pb**, or 0.6 mg/L Cu*".
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Figure 3-10. Sorption pH edge experiments shown for 7.4 mg/L AsO4* (a-c) and 6.7
mg/L CrO4* (d-f). Uptake (g) is given on a surface area basis (a,d), mass sorbent basis
(b,e), and mass Fe basis (c,f). Speciation of metals/metalloids is given at the top, along
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Figure 3-11. Sorption pH edge experiments shown for 0.6 mg/L Cu** (a-c) and Pb*" (d-
f). Uptake (g¢) is given on a surface area basis (a,d), mass sorbent basis (b,e), and mass Fe
basis (c,f). Speciation of metals is given at the top, along with the typical pzc of Fe2Os.
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Figure 3-12. Sorption pH edges for PAN/Fe203@Fe203 in blue and PAN/Fe203 in red
for (a) 0.6 mg/L Cu*", (b) 3.0 mg/L Pb*" and (c) 7.4 mg/L AsO4>, (d) 0.6 mg/L Cu?" with
additonal contaminants present. Open symbols and dashed lines show pH edges with the
single contaminant, while closed symbols and solid lines show pH edges with
competitive sorption. Experiments were conducted in batch with 5 mg of sorbent and 10
mL of of 10 mM MES buffer for pH 6 and 6.5 and 10 mM HEPES buffer for pH 7. pH
edges are given in terms of mass adsorbed per surface area of adsorbent.
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Figure 3-13. Adsorption pH edges for PAN/Fe2O3@Fe203 in blue and PAN/Fe20s3 in red
for (a) 7.4 mg/L AsO4> and (b) 6.7 mg/L CrO4*. Open symbols and dashed lines show
pH edges with the single contaminant (AsO4>" or CrO4* present), while closed symbols
and solid lines show pH edges with competitive sorption (AsO4>~ and CrO4* both
present). Experiments were conducted in batch with 5 mg of sorbent and 10 mL of of 10
mM MES buffer for pH 6 and 6.5 and 10 mM HEPES buffer for pH 7 and 8. pH edges
are given in terms of mass adsorbed per surface area of adsorbent.
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Figure 3-14. Breakthrough curves for PAN/Fe203 (open symbols) and
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filtration experiments, ~100 mg of material was used. Metal/metalloid solutions were
prepared in 10 mM MES buffer adjusted to pH 6.
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Figure 3-15. Breakthrough curves with regeneration from flow-through filtration with
PAN/Fe203@Fe20s for (a) 100 ppb As(V) (with Cr(VI) present), (b) 100 ppb Cr(VI)
(with As(V) present), and (c) 300 ppb Pb(Il). For the As(V)/Cr(VI) flow-through in (a)
and (b), ~100 mg of PAN/Fe203@Fe203 was used. After the first filtration (shown in
blue), the filter was rinsed with clean buffer, and after the second filtration (shown in
red), the filter was regenerated with 0.05 M NaOH followed by clean buffer. For Pb(II)
flow-through in (c), ~200 mg of PAN/Fe203@Fe203 was used. After the first filtration,
the filter was rinsed with clean buffer, and after the second filtration, the filter was
regenerated with 0.1 M HNO3 followed by clean buffer. All influent solutions, with the
exception of 0.05 M NaOH and 0.1 M HNO3, were prepared in 10 mM MES buffer at pH
6.
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Figure 3-16. (a) Breakthrough curves from flow-through filtration with ~100 mg
PAN/Fe203@Fe203 for Mason City groundwater (shown in green) with influent 103 ppb
As and Clear Lake groundwater (shown in red) with influent 112 ppb As (with
breakthrough of 100 ppb As in 10 mM MES buffer at pH 6 shown in blue for
comparison). (b) Clear Lake groundwater influent and effluent, with turbidities of 22
NTU prior to filtration and 0.2 NTU after filtration, respectively. The inset shows the
filter with a layer of solids after the flow-through experiment.
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CHAPTER 4: TITANIUM DIOXIDE/CARBON COMPOSITE
NANOFIBER FILTERS FOR PHOTOCATALYTIC
DEGRADATION OF EMERGING ORGANIC CONTAMINANTS

4.1. Abstract

The recalcitrance of some emerging organic contaminants in water supplies
necessitates highly effective point-of-use water treatment technologies, such as those that
use highly reactive, non-specific hydroxyl radical in advanced oxidation processes (AOPs).
Here, polyacrylonitrile (PAN) nanofibers with embedded TiO2 nanoparticles are
synthesized via electrospinning and subsequently stabilized and carbonized to produce
carbon/TiO2 (C/TiO2) nanofiber composites. Reactivity of nanofiber composites is
optimized toward atrazine, an organic micropollutant, by varying mass loading of TiOz,
adding phthalic acid (PTA) to electrospinning sol gels, and testing Aeroxide® P25 versus
5 nm anatase TiO2 nanoparticles in composites. High bulk and surface TiO2 concentrations
in and on nanofibers correspond with enhanced reactivity, while PTA makes it possible to
electrospin high P25 loadings (~80% wt.%). Most notably, C/TiO2 composites up to 63
wt.% TiO2 remain flexible and are easily handled during filtration experiments. Filtration
variables are further optimized by assessing nanofiber filters of different thicknesses and
evaluating micropollutant removal efficiencies achieved with low fluxes (in the
microfiltration range) to high fluxes for dead-end and cross-flow filtration water treatment
applications. The effectiveness of nanofiber composites is also tested in UV light (> 250
nm) versus simulated sunlight (> 305 nm). Optimal C/TiO2 composites, consisting of ~30
mg of material with 0.3 mm thickness, were tested for removal of a suite of emerging
organic contaminants, including benzotriazole, carbamazepine, DEET, metoprolol, and

sulfamethoxazole. We find that the initial reaction rate for these emerging pollutants in
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irradiated filtration systems scales with the second order rate coefficient for their reaction
with hydroxyl radical (kon), implying that photocatalytic production of hydroxyl radical
drives pollutant transformation. Ultimately, we believe the materials synthesized and
assessed herein represent next-generation, chemically reactive filtration technologies with
photocatalytic activity and material strength necessary for nanomaterial-enabled water
treatment technologies.
4.2. Introduction

The use of titanium dioxide (TiO2) as a photocatalyst for advanced oxidation
processes (AOPs) remains heavily studied in recent years [221-223] despite barriers to
practical implementation in water treatment [59,71]. Commercially available as a
nanoparticle catalyst (i.e., commercial “gold standard” Aeroxide® P25) that is challenging
to deploy at water treatment scale, a focus of many researchers, including herein, has been
to develop larger assemblies of nanoparticles that can be applied more responsibly. For
example, we have synthesized and assessed the performance of pure TiO2 nanofibers,
demonstrating that such materials can achieve reactivity comparable or even exceeding
more traditional TiO2 nanoparticles (see Chapter 2). However, our previous efforts fell
short in that the bulk, three-dimensional nanofiber mat was not mechanically stable enough
to withstand handling and application in its intended platform, a photoactive filtration
network for simultaneous chemical oxidation (via photocatalytic hydroxyl radical
production) and filtration. Indeed, even recent attempts to develop TiO2 nanofiber
structures specifically designed to exhibit some enhanced strength and durability [89]
remain relatively brittle when compared with polymeric and carbon nanofibers. While our

earlier efforts developed insight on how best to optimize TiO2 reactivity by tuning
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nanofiber diameter, crystalline phase, and co-catalyst (e.g., Au nanoparticle) loading, focus
must shift to designing TiO2 nanofiber networks able to withstand both the physical (e.g.,
durability) and chemical (e.g., fouling) challenges of their practical application in water
treatment.

To develop a cohesive electrospun platform that balanced material strength and
reactivity, recent studies have explored the immobilization of TiO2 nanoparticles on or
within polymeric electrospun nanofibers [e.g., cellulose or polyacrylonitrile (PAN)].
Several synthesis approaches are common, including (i) direct addition of TiO2
nanoparticles or nanorods into electrospinning precursor solutions [224-226]; (ii)
incorporation of Ti-containing compounds (e.g., titanium tetraisopropoxide) into
electrospinning precursor solutions with post-processing to form in situ TiO2 nanoparticles
[227-230]; and (iii) hydrothermal treatment of previously fabricated nanofibers for TiO2
surface deposition [231-234]. Many of these have been fabricated for applications beyond
water treatment, including air purification [233,235,236] and oil-water separation [234].
Of those most relevant to technology development for water treatment, most have focused
on treatment targets (e.g., dyes) of limited relevance to the current challenges of water
treatment providers [226,231]. Notably, PVDF nanofibers electrosprayed with TiO2
nanoparticles have been demonstrated for oxidation of bisphenol A, 4-chlorophenol, and
cimetidine [237]. However, the multiple synthesis steps required and concern over stability
of surface deposited TiO2 (as opposed to TiOz integrated into nanofibers) limit viability for
water treatment. Further, PVDF as a membrane material is relatively hydrophobic and can
limit flux and require high pressure to drive filtration. Ti/PAN nanofibers treated

hydrothermally to grow TiOz2 in situ have been demonstrated for oxidation of phenol, a
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model hydroxyl radical probe compound [230]. PAN likely scavenged some of the
hydroxyl radical species, reducing treatment efficiency, and no other transformations of
organic micropollutants were evaluated [230]. In addition, although PVDF can withstand
the oxidative species generated by TiO2/UV, many polymers, including PAN, are not
resistant to oxidation [238].

Carbon is likely a more promising material for a TiO2 composite; it can withstand
the oxidative environment created by TiO2/UV and it may also function as sorbent that can
surface concentrate organic targets for subsequent degradation by photogenerated hydroxyl
radicals likely to be most concentrated at the composite surface. Nevertheless, development
and performance assessments of carbon/TiO2 nanofiber composites remain sparse and have
thus far primarily centered on hydrothermal growth or solvothermal synthesis of TiO2
nanostructures on pre-fabricated electrospun carbon nanofibers [239,240]. These syntheses
demand post-processing of electrospun and stabilized/carbonized nanofibers, which adds
to the complexity and time required for making materials. Further, carbon nanofibers
generally suffer from being as brittle and low in material strength as most, pure inorganic
nanofibers do (e.g., our previous TiO2 nanofibers from Chapter 2), which leaves their
viability as reactive filtration platforms for water treatment in question. Indeed, reactivity
studies with carbon/TiO2 reactivity have been conducted in batch suspensions after
breaking up (i.e., dispersing) the carbon/TiO2 nanofibers, thereby neglecting any
consideration of material strength during composite development [239,240]. It is worth
nothing, that as with polymer composites, most of this work has also failed to demonstrate

nanofiber performance in conditions representative of water treatment, often focusing on
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photocatalytic removal of dyes (e.g., methylene blue, methyl orange, and acid red) at
relatively high (5-15 mg/L) concentrations [239,240].

Currently, no study has developed a TiO2-based nanofiber composite via an
electrospinning synthesis that (i) is simplified (e.g., single-pot); (ii) ensures material
strength, durability and flexibility; and (iii) enables photocatalytic reactivity in a flow
through platform able to target persistent organic micropollutants most relevant to modern
challenges in drinking water treatment. Herein, we use a single-pot electrospinning method
to produce polyacrylonitrile (PAN) nanofibers with embedded Aeroxide® P25
nanoparticles (as a commercially available TiO2 photocatalyst), where subsequent
stabilization/carbonization is used to convert PAN into a flexible and photochemically
active carbon/titanium dioxide (C/TiOz2) composite. Specifically, using this approach, we
demonstrate the ability to electrospin PAN/TiO2 composites with up to 80 wt% TiO2
relative to PAN (with aid of an organic acid dispersant, phthalic acid), producing a
nanofiber framework mostly comprised of TiO2 but that still retains some strength and
flexibility derived from its PAN (and ultimately carbon) backbone.

For a suite of systematically tailored C/TiO2 composites, we assessed and
optimized the material properties most influential on material robustness, as well as
photocatalytic activity toward atrazine, a widely applied organic herbicide and ubiquitous
micropollutant in drinking water. Composite variables explored included (i) mass loading
of TiOg; (ii) concentration of phthalic acid incorporated into electrospinning precursor
solutions; and (iii) the type and size of TiO2 nanoparticles (e.g., mixed-phase Aeroxide®
P25 with ~21 nm diameter versus 5 nm anatase TiO2 nanoparticles). All reactivity studies

toward atrazine were conducted in a cross-flow UV (micro)filtration apparatus, and thus
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we also explored how process flow rate and the thickness of the photoactive composite
nanofiber network (tailored by the volume of electrospinning precursor used in fabrication)
influenced atrazine removal efficiencies. Ultimately, the performance of the optimal
C/TiO2 composite was also tested toward a suite of commonly detected, persistent organic
micropollutants, including benzotriazole, carbamazepine, DEET, metoprolol, and
sulfamethoxazole. Novelty in this work is derived from the prioritization of C/TiO2
flexibility and stability alongside reactivity, and the testing of optimized C/TiO2 toward
organic micropollutants that currently challenge conventional water and wastewater
treatment systems.

4.3. Experimental methods

4.3.1. Reagents

All chemicals were reagent grade or better and used as received. The synthesis of
the C/TiO2 nanofibers involved N, N-dimethylformamide (DMF) (BDH, 99.8%),
polyacrylonitrile (PAN) (Aldrich, MW 150,000), Aeroxide® P25 (Acros Organics), 5 nm
anatase TiO2 nanoparticles (U.S. Research Nanomaterials, Inc., 99.5%), and phthalic acid
(PTA) (Sigma Aldrich, 99.5+%). 5 mM potassium phosphate monobasic (Fisher Scientific,
99.3%) with pH adjusted to 7 was the buffer used in all photochemical experiments.
Atrazine (Fluka, 99.1%), 1H-benzotriazole (Alfa Aesar, 99%), carbamazepine (Sigma-
Aldrich, 98+%), N,N-Diethyl-meta-toluamide (DEET) (Sigma-Aldrich, 97.6%),
metoprolol tartrate (LKT Laboratories, 98+%), and sulfamethoxazole (Sigma-Aldrich,
99+%) were used as organic micropollutants in photochemical filtration studies. The
eluents for HPLC analyses of micropollutants contained potassium phosphate monobasic

(Fisher Scientific, 99.3%), acetonitrile (Fisher Scientific, 99.9%), and methanol (Fisher
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Scientific, 99.9%). All solutions were prepared in deionized (DI) water (Millipore, Milli-

Q).

4.3.2. Sol gel preparation for electrospinning

Nanofibers were prepared to assess the impact of TiO2 nanoparticle size, phase
composition, and mass loading in carbon nanofibers (CNFs), as well as the impact of
phthalic acid (PTA; both as a dispersant for TiOz in sol gels and to introduce nanofiber
porosity) [177] on C/TiO2 composite flexibility and reactivity.  Accordingly,
polyacrylonitrile (PAN) nanofibers containing PTA and seeded with TiO2 nanoparticles
were electrospun, stabilized, and carbonized to obtain carbon/TiO2 composite nanofiber
filters. Either 5 nm TiO2 (anatase) or Aeroxide® P25 (~75%:25% anatase: rutile; ~21 nm
in diameter) nanoparticles were suspended in DMF (from 1 to 7 mL) with either no PTA
or 2.5 wt.% PTA (relative to total sol gel mass) and sonicated for 5 h. PAN (8 wt.% relative
to DMF) was added and dissolved by thermally mixing the solution at 60 °C for 2 h. For
assessment of mass loading of P25 on reactivity, 15 to 80 wt.% P25 was added to sol gels
along with 2.5 wt.% PTA. To evaluate the effect of PTA, sol gels with either 50 wt.% P25
or 50 wt.% 5 nm TiO2 were prepared both free of PTA and with 2.5 wt.% PTA. These sol
gels were also used to compare the effect of TiO2 nanoparticle size and phase on composite

reactivity.

4.3.3. Synthesis of carbon/TiO, composites

After cooling to room temperature following thermal mixing, prepared sol gels
were electrospun with a 23G needle and 15 kV/10 cm with a flow rate of 0.5 mL/h using
the previously described system (Chapter 2). The electrospinning process was ceased after

6 h, and the mat was peeled off the Al foil-coated grounded collector. Electrospun
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PAN/TiO2 nanofibers were then stabilized at 250 °C in air for 2.5 h and carbonized at 450
°Cinnitrogen (N2) for 1 h inatube furnace (MTI1 OTF 1200x) (with ramp rate of 5°C/min).
After stabilization and carbonization, nanofiber mats were cut into circles with diameter of

47 mm for use in reactive filtration experiments.

4.3.4. Nanofiber filter characterization

C/TiO2 nanofiber composites were characterized to ascertain their chemical and
physical properties. Nanofiber diameter, TiOz2 distribution, and porosity were investigated
with a Hitachi S-4800 scanning electron microscope (SEM) [91]. To prepare for SEM,
approximately 0.5 cm by 0.5 cm pieces of nanofiber mats were placed on carbon tape on
Al sample stubs and subsequently sputter-coated with Au to reduce charging while
imaging. To prepare samples for cross-sectional imaging using SEM, 0.5 cm by 0.5 cm
pieces of nanofiber mats were sandwiched between pieces of cardboard with carbon tape
for support, with the cardboard holding the samples subsequently carbon taped to Al stubs.
The phase of TiO2 nanoparticles was confirmed with X-ray diffraction (XRD, Rigaku
MiniFlexll, Co X-ray source). For XRD, a ~0.5 cm by 0.5 cm piece of nanofiber mat was
taped to a glass slide with 0.2 mm well depth and analyzed from 20°C to 80°C for Bragg
angle. N2-BET analysis (Quantachrome Nova 4200e) was used to determine surface area
of nanofiber composites after outgassing samples at 60°C for 6 h prior to measurement.
Relative abundance of Ti on the surface of nanofibers was analyzed with a Kratos Axis
Ultra X-ray photoelectron spectroscopy (XPS) system equipped with a monochromatic Al
Ko X-ray source. For XPS analysis, approximately 0.5 cm by 0.5 cm of C/TiO2 was placed
on a sample holder using carbon tape. XPS was used to collect full spectrum survey scans,

as well as to examine O 1s, C Is, N 1s, and Ti 2p regions.
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4.3.5. Preparation of organic micropollutant stock solutions

Saturated stock solutions of 110 uM (24 mg/L) atrazine, 125 uM (30 mg/L)
carbamazepine, and 1 mM (253 mg/L) sulfamethoxazole were prepared in DI water by
adding each constituent to a level above the solubility limit in water, stirring overnight, and
using vacuum filtration with 0.22 pm nitrocellulose filters (Millipore) for removal of any
residual, undissolved solids. 10 mM stock solutions of atrazine, carbamazepine, and
sulfamethoxazole were also prepared in methanol for use in making calibration curve
standards. Because of their higher solubility in water, stock solutions of benzotriazole,
DEET, and metoprolol were prepared directly in DI water (at 10 mM, 1 mM, and 10 mM,

respectively).

4.3.6. Optimization in cross-flow filtration system

Composite performance was assessed in a custom-built cross-flow filtration
apparatus with integrated quartz window to allow UV irradiation during operation. A 47
mm diameter nanofiber filter was supported with a 0.22 um PVDF filter (Durapore) and
placed into a Millipore filter holder modified with a 38 mm diameter quartz window
(Figure 4-1). 500 mL of test solutions were prepared for flow-through experiments using
5 mM phosphate buffer adjusted to pH 7 spiked with 0.14 uM (30 ppb) atrazine or 0.5 uM
of atrazine, benzotriazole, carbamazepine, DEET, metoprolol, or sulfamethoxazole.
Solution was pumped across and through the filter at equal rates, from 5 mL/min across
and 5 mL/min through (270 L/m?/h flux) up to 50 mL/min across and 50 mL/min through
(2,700 L/m? flux) the filter, with all solution returned to the magnetically stirred reservoir.
A schematic of the cross-flow filtration system is shown in Figure 4-1. The solution was

circulated through the system for 1 h in darkness to allow any sorption of the target analyte
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on the filter to reach equilibrium. After 1 h, the quartz window was exposed to UV light
from an Hg(Xe) arc lamp (Newport, 200W) with a 250 nm cut-on long-pass filter (Asahi
Spectra) or a 305 nm cut-on long-pass filter (for minimal experiments). Cross-flow
filtration experiments with UV light were executed for up to 3 h, during which 0.5 mL
samples were taken periodically from the reservoir, retentate (i.e, the cross-flow effluent),
and permeate (i.e., through-flow effluent). For these experiments, permeate was returned
to the reservoir for recirculation along with the retentate. UV control experiments were also
conducted, in which the system was operated and sampled without a C/TiO: filter to
quantify phototransformation of atrazine, benzotriazole, carbamazepine, DEET,

metoprolol, and sulfamethoxazole by UV light alone.

4.3.7. Sample analysis

Samples were analyzed via high performance liquid chromatography with diode
array detector (HPLC-DAD, Agilent 1100 Series). The 0.5 mL samples were placed in 2
mL amber autosampler vials that were crimp sealed prior to analysis. All HPLC methods
were adapted from previous work [91,177]. Briefly, atrazine samples were analyzed at 223
nm with an eluent of 50% acetonitrile/50% DI water at 1 mL/min for 6 min per sample.
For benzotriazole samples, an eluent of 40% methanol/60% 5mM phosphate buffer at pH
7 was used at 1 mL/min for 7 min per sample, with analysis at 268 nm. Carbamazepine
samples were analyzed at 213 nm with an eluent of 45% acetonitrile/55% DI water at 1
mL/min for 6 min per sample. For DEET samples, an eluent of 40% acetonitrile/60% 5mM
phosphate buffer, all adjusted to pH 3, was used at 1 mL/min for 9 min per sample, with
analysis at 220 nm. Metoprolol samples were analyzed at 223 nm with an eluent of 22%

acetonitrile/78% 5mM phosphate buffer at pH 5. For sulfamethoxazole samples, an eluent
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of 30% methanol/70% 5mM phosphate buffer at pH 5 was used at 1 mL/min for 9 min per
sample, with analysis at 268 nm. Samples were analyzed using an Agilent ZORBAX
Eclipse Plus C18 column. For all HPLC methods, injection volumes of 100 pL of each

sample were used to ensure detection of low levels (ppb) of micropollutants.

4.4. Results and Discussion
4.4.1. Composite nanofiber characterization
4.4.1.1. Mass loadings of TiO2

Figure 4-2 shows SEM images of and histograms for C/P25 composites with 0
wt.% up to 63 wt.% P25 (relative to PAN), denoted as C-(wt.%) hereafter (e.g., C-15 for
C/15 wt.% P25). We note that each sol gel also contained 2.5 wt.% PTA (to be discussed
in further detail below). Histograms of nanofiber diameter distribution reveal that
increasing the mass loading of P25 in PAN/TiO2 nanofibers (from 0 to 63 wt.%) generally
increased the average nanofiber diameter of C/TiO2. From 0 to 63 wt.% P25 relative to
PAN, average nanofiber diameter increased from 200 + 40 nm to 360 + 80 nm, with the
largest increase (~100 nm) occurring from 33 wt.% to 50 wt.% P25 (Figure 4-3a).
However, below 33 wt.%, the average diameters were roughly constant, suggesting there
is a critical mass of P25 at which the composite deviates from the typical morphology of
carbon nanofibers.

SEM images revealed considerable differences in surface morphology of the
nanofibers as P25 loading increased. Below C-33 (see Figure 4-2a to 4-2c), the nanofibers
appear to be predominantly carbon containing isolated aggregates of P25 nanoparticles
(~400 nm in diameter), the number of which increases with P25 loading. Above C-33, not

only are more aggregates of P25 observed on the surface of nanofibers, but also isolated



128

P25 nanoparticles. This causes the nanofiber surfaces to become visibly rougher. We
believe this transition from (primarily) isolated P25 aggregates in carbon nanofibers to
more evenly distributed P25 aggregates and particles contributes to the increase in diameter
observed for these composites, perhaps due to repulsive electrostatic interactions between
the surfaces of P25 nanoparticles once embedded in PAN. Indeed, distance between
nanofiber layers is increased by the inclusion of high wt.% P25, as nanofiber mats with
more P25 seemed more voluminous and less dense after electrospinning.

We note that the highest loading of P25 that could be electrospun was 80 wt.%
relative to PAN, and the resulting C-80 nanofibers are shown in Figure 4-3b and 4-3c.
These nanofibers exhibited the most dramatic increase in diameter, with most diameters
measuring at ~1 pum (although a sufficient sample size for a complete histogram of
nanofiber diameter was not collected at this time). Notably, during imaging of C-80
samples, a substantial distance between nanofiber layers in the nonwoven mat was
apparent, consistent with features resulting from unfavorable electrostatic interactions
between nanofibers arising from the extensive amount of embedded P25. However, while
composites with up to 67 wt.% P25 remained moderately flexible, higher P25 loadings (75
and 80 wt.% P25) were especially brittle, chalky, and more susceptible to breakage while
handling. Thus, they were not extensively utilized in subsequent flow-through reactivity
studies, as a result of concerns over their durability and potential to leach loosely bound
P25 into the finished water supply.

In terms of P25 distribution in composites, XPS indicated a mere 0.3 atomic %
(at.%) Ti on the surface of C-15 nanofibers. Surface TiO:z increased, albeit non-linearly,

with increasing P25 content (Figure 4-4a). Specifically, rather modest increases were
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observed up to 50 wt.%, while a more marked increase in surface Ti was observed above
63 wt%. For example, surface Ti more than doubled (from ~4 to ~9 at.% Ti) over only a
~20% increase in P25 content for C-63 and C-80 nanofibers. Thus, low with P25 loadings,
it appears the majority of P25 is embedded within the bulk of the carbon nanofibers, and
only above a critical loading of 63 wt.% P25 can more proportional increases in surface Ti
be achieved.

Increases in P25 content also yielded composites with greater specific surface area,
as measured by N2 BET isotherms (Figure 4-4b). While carbon nanofibers without P25
(i.e., C-0) had rather low specific surface area (5 m?/g), the addition of P25 produced a
linear increase in surface area for composites from 33 to 80 wt.%. Thus, despite the increase
in nanofiber diameter observed for these composites, the roughness imparted by the
accumulation of P25 on the nanofiber surface yields considerable increases in composite
surface area. Indeed, at the highest loadings investigated (C-80), as much as a 10-fold
increase in surface area (to 50 m?/g) relative to C-0 was observed, a value roughly
equivalent to the specific surface area of P25 nanoparticles.

Finally, we note that XRD confirmed that the phase of embedded TiO:2
nanoparticles was not altered during synthesis. Figure 4-5 compares diffraction patterns
for P25 nanoparticles and 5 nm TiO2 nanoparticles to that of their composites. Patterns for
P25 indicate a mixed phase consisting of both 75% anatase and 25% rutile, as expected for
this widely studied, commercially available photocatalyst. In contrast, XRD results with 5
nm TiO2 particles are indicative of pure anatase, while also showing the line broadening
expected for smaller primary particle sizes (materials prepared from these 5 nm particles

are discussed in greater detail below). In composites, the XRD patterns were consistent
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with those obtained with the different TiO2 starting materials. Thus, electrospinning, and
most importantly carbonization, did not change the phase of TiO2 in nanofibers. Because
mixed phases like P25 are typically observed to be most reactive as photocatalysts, this
phase conservation holds important implications for the reactivity of P25-based

composites.

4.4.1.2. Inclusion of phthalic acid

The inclusion of 2.5 wt.% PTA increased the average nanofiber diameter of C-50
from 180 + 40 nm to 310 £ 60 nm (Figure 4-6a and 4-6b), presumably due to the increase
in precursor solution viscosity arising from its inclusion in the sol gel, as has been
previously observed [177]. In addition to this effect on diameter, comparison of SEM
images of C-50 with and without PTA suggest that PTA also introduces pores into the
composite (Figures 4-6¢ and 4-6d), a phenomenon resulting from its volatilization during
carbonization and noted to increase not only surface area but also flexibility of CNFs and
CNF composites [177,241].

Unexpectedly, however, SEM images also suggest that PTA improves the
distribution of P25 nanoparticles in the nanofibers, while the introduced macroporosity also
appears to be most concentrated near the P25 particles and their aggregates. In support of
its stabilizing effect in P25 suspensions, we note that higher mass loadings of P25, most
notably C-80, could only be fabricated via electrospinning when PTA was present at 2.5
wt.%, whereas such high mass loadings without PTA produced an unstable precursor
solution that could not be electrospun. Indeed, sedimentation studies conducted with P25
nanoparticles suspended in DMF illustrate that inclusion of PTA results in a more stable

sol gel suspension (Figure 4-7). Specifically, 4 h after suspension preparation P25 began
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to settle out of solution when PTA was not present, and by 24 h the majority of P25 had
settled out of the suspension. In contrast, P25 remained well-dispersed in DMF when PTA
was present, resulting in a stable suspension throughout the 24 h observation period.

We propose, therefore, that PTA, an aromatic dicarboxylic acid, sorbs to the P25
surface in suspension, thereby functioning as a stabilizing ligand in DMF. In water, PTA
is known to bind as a bidentate complex on TiO2 [242], and we presume a similar complex
forms in polar DMF. Further, we believe the ability of PTA to complex the P25 particle
surface promotes the localization of macroporosity near the embedded P25 particles in the
nanofiber composites. Indeed, most pores observed in SEM images (see Figure 4-6d) are
located near regions of the nanofibers where P25 is clearly concentrated. Despite this
effect, C-67 both with and without PTA had ~6 at.% Ti on the nanofiber surface, indicating
that the abundance of TiO: available in the sol gel results in decent surface coverage on

electrospun nanofibers with or without PTA as a dispersant.

4.4.1.3. Composites prepared with 5 nm anatase TiO2 nanoparticles

In contrast with larger P25 particles, C/TiO2 nanofiber composites prepared from 5
nm anatase TiO2 nanoparticles were affected differently by the inclusion of PTA in sol gel.
As shown in Figure 4-8, the surface morphology of C/50% 5 nm anatase TiO2 with and
without 2.5% PTA were comparable, with those nanofibers prepared with PTA showing
virtually no introduced macroporosity in the nanofiber, though PTA did increase the
nanofiber diameter (as seen with P25 composites) from 150 £ 50 nm to 230 £ 60 nm.
Further, in comparing 50 wt.% TiO2 composites prepared from 5 nm anatase or P25, TiO2
exhibited a lower surface abundance in nanofibers prepared from 5 nm nanoparticles (~1

at.% surface Ti from XPS) relative to those prepared from P25 (~2 at.% surface Ti from



132

XPS). This is likely the result of the greater aggregation state of the 5 nm particles, which
limits their ability to more uniformly distribute themselves on the nanofiber surface.
Sedimentation studies supported this, as 5 nm anatase TiO2 nanoparticles aggregated and

settled out of DMF more rapidly than P25 nanoparticles (Figure 4-9).

4.4.2. Optimization of C/TiO2 composite nanofiber filters for chemical oxidation of
organic contaminants in cross-flow filtration systems.

4.4.2.1. Optimization of photocatalytic composite material properties

Initial reaction rate coefficients (initial kobs values) were determined from the
normalized atrazine concentration (i.e., concentration at some time t divided by the initial
concentration or C/Co) in the reservoir of the cross-flow filtration system (see Figure 4-1)
assuming a pseudo-first order degradation process. Over time, the reservoir concentration
of atrazine approximated exponential decay in all experimental systems (Figure 4-10), as
was also observed for decay of atrazine (and other micropollutants) in closed (i.e., no flow)
batch systems with P25 (in Chapter 2). This was the case both in UV only controls (i.e., no
C/TiO2 composite filter) and in systems with C/TiOz filters across the range of P25 mass
loadings investigated. We note that all materials were allowed to equilibrate under flow in
the absence of UV light for 1 h to allow for any loss of atrazine via sorption to the composite
filter layer. In these systems, we observed ~10% of atrazine sorbs to the filters, although
no additional atrazine loss via sorption occurred beyond 1 h. Moreover, UV light alone
(i.e., in the absence of C/TiO2 composites) photolyzed ~40% of atrazine over 3 h (the
standard time period utilized in reactive filtration experiments). Thus, initial kobs values
reported for C/TiO2 composite systems have been corrected to account for atrazine loss to

direct UV photolysis.
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For irradiated composite filters, increasing the loading of P25 from 15 to 80 wt.%
correspondingly increased the reactivity of C/TiO2 nanofibers toward atrazine upon
exposure to UV light (Figure 4-10). Initial kobs values increased from 0.004 to 0.013
min over this range, corresponding to half-lives from 1-3 h. Assuming a steady-state
concentration of hydroxyl radical ([OH*]ss) on the surface of the irradiated filter, these
coefficients correspond to between 1x107? to 4x1071? M. These values were estimated from
our measured initial value of kobs = kon[OH*]ss, where kow is the reported second order rate
constant for atrazine oxidation by hydroxy! radical (3.17x10° M s1) [243].

Generally, initial kobs Values increased with P25 content, expressed both as bulk
P25 concentration (wt.%) and surface Ti concentration (at.%) from XPS (Figure 4-11).
This is consistent with the larger abundance of P25 in the composite nanofibers being able
to produce a greater concentration of hydroxyl radical (and possibly other reactive oxygen
species known to be produced during P25 irradiation) at the nanofiber filter surface.
However, these correlations are rather weak, which may indicate that other physical and/or
chemical factors may influence atrazine degradation in these systems. For example, as P25
loading increases, so too does nanofiber diameter, which will influence the nominal pore
size of the filter layer and potentially the degree of interaction between atrazine and the
photocatalytic nanofiber surface.

Based on the moderate reactivity, ease of fabrication, and strength of C-50, this
material was selected to evaluate the influence of other synthetic variables on composite
performance. For example, as shown in Figure 4-10, the inclusion of PTA in C/TiO2 had
no impact on reactivity, while the use of 5 nm anatase TiOz in place of P25 rendered C/TiO2

unreactive as a photocatalyst, with degradation of atrazine on par with the UV control
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(without TiO2 material present). Complementary experiments conducted in batch
compared the reactivity of 5 nm anatase particles to P25, showing that under UV irradiation
P25 is roughly 3-fold more reactive than the anatase particles (Figure 4-12). This inherent
difference in reactivity relates to mixed phase TiO2 (anatase and rutile) being recognized
as a superior photocatalyst than either pure rutile or pure anatase because of an electron
trapping mechanism associated with the mixed phases [129,244]. Nevertheless, from these
batch results, we would anticipate some level of performance enhancement in composites
prepared from 5 nm anatase particles. We assume that the lack of reactivity in these
composites may reflect the greater extent of aggregation (and thus, lower degree of surface
availability) observed for 5 nm particles relative to P25 upon integration into nanofiber

composites.

4.4.2.2. Optimization of photocatalytic filtration parameters

Various flow rates in cross-flow filtration were assessed to determine optimal
conditions for achieving and analyzing removal of organic micropollutants (Figure 4-13).
Operating in cross-flow mode, samples were collected over time of the reservoir, retentate,
and permeate. This sampling regime not only allowed us to assess C-50 filter performance
in a recirculating cross-flow configure (by monitoring reservoir concentration over time),
but also its performance during dead-end filtration applications by comparing the
difference between the reservoir and permeate concentrations at each sampling point
(where this difference represents the extent of atrazine removal in a single pass through the
irradiated filter).

Although the relatively rapid flow rates of 50 mL/min across the filter and 50

mL/min through the filter achieved the fastest decrease in atrazine concentration in the
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reservoir (non-detect after 1.5 h), this configuration relied on high filter throughput with
relatively low reduction of atrazine in the permeate (initial kobs of 0.03 mint for filter
permeate). In comparison, with flow rates of 10 mL/min across the filter and 10 mL/min
through the filter, the reservoir concentration of atrazine reduced more gradually over time
(non-detect after 3 h) due to less volume being passed through the filter in the same time
period. However, filter permeate immediately exhibited much lower concentrations of
atrazine (initial kobs of 0.1 mint), achieving ~80% atrazine transformation in a single pass
through the irradiated filter.

In fact, focusing solely on the extent of removal in a single pass (from the difference
between reservoir and permeate concentration at each sampling time), we see that the
maximum atrazine removal the can be achieved in a single pass decreases considerably at
higher flow rates (i.e., higher values of permeate flux) (Figure 4-14). This is not
unexpected, as the contact time between the atrazine solution and the irradiated C-50 filter
layer is greatest at lower values of flux. Thus, low flow rates that can achieve high removal
in a single pass would be ideal in dead-end filtration applications of photoactive
composites, while high flow rates with greater loss in the reservoir over time would be
optimal in a recirculating cross-flow system. We note that to continue assessing reactivity
from both cross-flow and dead-end filtration standpoints, all additional experiments were
conducted using the relatively low flow rates 10 mL/min across the filter and 10 mL/min
through the filter.

To minimize the amount of nanofiber mass required for efficient micropollutant
removal, we also explored the performance of C-50 nanofiber filters with half (~300 pm)

and three-times (1800 pm) the thickness of our standard recipe for composite filter
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fabrication (i.e., that used during optimization; ~600 pum). Filters with cross-sectional
widths of 290 + 20, 600 + 40, and 1,800 + 200 um (determined by SEM) all exhibited
comparable reactivity toward atrazine (Figure 4-15), with initial kobs value estimated from
reservoir atrazine concentrations of ~0.012 min%. This suggests that the photic zone (i.e.,
the depth of the composite filter layer exposed to light) is likely less than ~300 um, such
that any increases in filter thickness beyond this depth provide little additional performance
benefit. While attempts were made to explore the performance of even thinner nanofiber
filter layers, preparations of composites with cross-sections less than ~300 um could not
be effectively prepared via electrospinning because the material was too thin to be removed
from the collector without damaging it. Due to its efficacy and the minimal amount of
materials needed to prepare filters 300 pm thick (which corresponds to only ~30 mg of
composite), this formulation was used in all subsequent flow-through studies.

Finally, all experiments thus far have been conducted with irradiation from high
energy UV light, which provides the maximum degree of overlap with the bandgap of TiOo.
To minimize the energy needed for photocatalytic applications of composite filters,
additional tests compared material performance during irradiation with simulated sunlight
(with wavelengths greater than 305 nm using a long-pass, cut-on filter at this value). Figure
4-16 compares the time-dependent removal of atrazine in a single filter pass (from the
difference in reservoir and permeate concentration) for C-50 filters under UV and
simulated sunlight. Notably, under both UV and simulated solar irradiation, removal in a
single pass through the C-50 filter layer increases with time. The timescales of our
experiments should be sufficient to achieve steady-state hydroxyl radical production during

irradiation. Instead, the time-dependent removal likely reflects a near-constant level of OH®



137

radical being produced at the irradiated filter surface, while the concentration of atrazine
decreases over time in the filter influent. Thus, during operation, the ratio of
[OH*]ss/[atrazine]infiuent inCreases, which in turn allows the extent of removal in a single

pass to increase over time.

4.4.3. Demonstration of optimized nanofiber filters with different micropollutants

C-50 nanofiber filters with 300 um thickness (electrospun with 2.5 wt% PTA) were
assessed in cross-flow filtration using flow rates of 10 mL/min across and 10 mL/min
through the filter for photochemical oxidation of 0.5 uM atrazine, benzotriazole,
carbamazepine, DEET, metoprolol, and sulfamethoxazole. Normalized concentration
profiles of each pollutant in the reservoir, retentate, and permeate, along with UV controls
(without C-50 present), are shown in Figure 4-17. After equilibration for 1 h to allow for
sorption, ~10% of atrazine and ~15% of DEET sorbed to filters, while benzotriazole,
carbamazepine, metoprolol, and sulfamethoxazole did not measurably sorb.
Sulfamethoxazole was susceptible to direct photolysis, degrading by 80% over 3 h with
exposure to UV light alone. Direct UV photolysis occurred to a lesser extent for atrazine,
benzotriazole, DEET, and metoprolol (~40%, 20%, 20%, and 15%, respectively, over a 3
h period), while carbamazepine was recalcitrant.

In the presence of C-50, the permeate had considerably reduced concentrations of
each micropollutant as compared to the reservoir and retentate early in the flow-through
experiments (Figure 4-17). The notable decrease in sulfamethoxazole in retentate as
compared to the reservoir was due to the impact of photolysis on concentration within the

quartz filtration cell. Overall, the micropollutant suite exhibited half-lives ranging from 45
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min to 1 h in the recirculating flow through system, based on trends in reservoir
concentration over time.

Using the difference at each sampling point between retentate and permeate, Figure
4-18a illustrates the time-dependent (or concentration dependent) removal of each
micropollutant in a single pass through the UV-irradiated C-50 filter. In this configuration,
the C-50 filter is promising, with all micropollutants exhibiting increasing removal through
the filter over time. All micropollutants appear to achieve steady-state removal after ~30
minutes of operation, which represents the maximum removal of each compound in a
single pass through the irradiated filter (Figure 4-18b). These maximum removal range
from 60-80% removal across the analyte suite, and we assume the removal in this regime
is limited by the transport of the micropollutant to the near surface region of the irradiated
C-50 filter where hydroxyl radical concentrations are greatest.

Trends in the removal of our micropollutant suite do, in fact, support a role for
hydroxyl radical in micropollutant removal. Specifically, in comparing initial kobs for
micropollutants based on reservoir concentrations, Kobs increases linearly with reported
second-order rate constants for the oxidation of each micropollutant with hydroxy! radical
(i.e., kon values) (Figure 4-19). The lone exception is sulfamethoxazole, which deviates
considerably from the correlation with the other micropollutants, presumably due to its
extensive direct UV photolysis. Notably, the dependence of kobs 0n kow is decidedly not
first order [i.e., log(kobs) oc 0.2xlog(kon)], consistent with a similar correlation observed for
P25 reactivity toward organic micropollutants in batch systems (see Chapter 2). This likely

implies that reaction with hydroxyl radical is not entirely rate-limiting, and that other steps
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in the reaction sequence (e.g., micropollutant surface adsorption or product desorption)

also influence the overall rate of transformation.

4.5. Conclusion

This study describes the optimization and demonstration of photochemically
reactive TiOz/carbon nanofibers that offer a robust, stand-alone filter platform for use in
POU and POE water treatment applications. Electrospinning enabled a simple, single-pot
synthesis of these composites, while stabilization and carbonization converted PAN
(susceptible to oxidative stress) to a more resistant carbon. C/TiO2 nanofiber filter
reactivity could be enhanced by increasing TiO2 mass loading in nanofibers (ultimately
enabled by inclusion of PTA in electrospinning precursor solutions) and using P25 as
opposed to 5 nm anatase TiO2 nanoparticles. Reactivity was also assessed from cross-flow
and dead-end filtration considerations, and it was determined that high flow rates are well-
suited for cross-flow filtration while low flow rates work well for dead-end filtration (in
which organic micropollutants need to be removed during first pass through a filter).
Additionally, filters consisting of 30 mg mass with 0.3 mm thickness performed
equivalently to filters of more mass/greater thickness. C/TiO2 materials were less reactive
under simulated sunlight (>305 nm light) as compared to UV (>250 nm light), but still
exhibited considerable organic micropollutant removal. Finally, observed initial rate
coefficients for atrazine, benzotriazole, carbamazepine, DEET, and metoprolol had a small
correlation with second order rate coefficients (kon) for the micropollutants, while
sulfamethoxazole proved an outlier because it underwent extensive direct photolysis.

Ultimately, these C/TiO2 composite nanofiber filters effectively combine the reactivity of
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Ti02 with the durability of flexible carbon nanofibers, providing a stable platform for the

exploitation of TiO2 with UV as an AOP for water treatment applications.
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Figure 4-1. A schematic of the cross-flow filtration system used to test C/Ti02
nanofibers in this study. The inset by the cross-flow membrane shows the Millipore filter
holder modified with a quartz window and side inlet/outlet to allow for cross-flow
filtration with exposure to UV light. Both retentate (cross-flow) and permeate (flow
through the filter) were returned to the feed reservoir. Periodic samples were taken of
permeate, retentate, and the reservoir during filtration experiments.
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Figure 4-2. Histograms and associated SEM images for (a) C-0 (0 wt.% P25), (b) C-15,
(c) C-33, (d) C-50, and (e) C-63 nanofiber composites. All electrospun sol gels contained
2.5 wt.% PTA. As mass loading of P25 in the nanofibers increased, nanofibers
transitioned from smooth carbon nanofibers, to rough nanofibers with visible TiO2
aggregates and increased surface area.
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Figure 4-3. (a) Average nanofiber diameter is shown as a function of P25 content (wt. %)
in C/Ti0z2 nanofibers. (b and ¢) SEM images of C-80 which show nanofiber diameters of

~1 um and extensive surface coverage with P25 nanoparticles.
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Figure 4-4. (a) Surface at.% Ti (determined via XPS) and (b) surface area of C/TiO2
nanofiber composites as functions of P25 content in nanofibers. Above 63 wt.% P25,
increases in P25 corresponded with sharp increase in surface Ti. Surface area increased
linearly between 33 wt.% P25 and 80 wt.% mass loadings in nanofibers.
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Figure 4-5. X-ray diffraction spectra for (a) P25 nanoparticles, (b) C-50 with 2.5 wt.%
PTA, (c) C-50 (without PTA), (d) 5 nm anatase TiO2 nanoparticles, (¢) C-50 using 5 nm
TiO2 with 2.5 wt.% PTA, and (f) C-50 using 5 nm TiO2 (without PTA). Electrospinning
and stabilizing/carbonizing composites did not change the resultant XRD spectra of TiO2
nanoparticles.
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Figure 4-6. Histograms, SEM images, and digital images of (a,c) C-50 without PTA and
(b,c) C-50 with 2.5 wt.% PTA. Pores introduced into nanofibers via PTA inclusion are
indicated with red arrows in (d). Both materials remained flexible after
stabilization/carbonization (c,d).
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Figure 4-7. Electrospinning sol gels containing 50 wt.% P25 (relative to PAN that would
be added) in DMF without PTA (left) and with 2.5 wt.% PTA (relative to final sol gel
mass) after (a) initial preparation and 5 h of sonication (0 h), (b) 4 h, and (c) 24 h. P25
began to settle out, as indicated with arrows, after (b) 4 h and (c) 24 h without PTA
present.
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Figure 4-8. Histograms and associated SEM images of (a) C-50 using 5 nm anatase TiO2

nanoparticles without PTA and (b) C-50 using 5 nm anatase TiO2 nanoparticles with 2.5
wt.% PTA. SEM insets show aggregates of 5 nm TiO: in the composite nanofibers.
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Figure 4-9. Sedimentation studies showing normailized absorbance versus time for 0.1
g/L P25 in DFM in blue and 0.1 g/L 5 nm anatase TiO2 in DFM in red.
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Figure 4-10. Curves showing phototransformation of 30 ppb atrazine over time for
C/Ti0Oz2 nanofiber composites with different mass loadings of P25 (15 to 80 wt.%), with
and without PTA, and with 5 nm TiO2 nanoparticles used in place of P25. A UV control
(conducted without TiO2 material) is shown with the grey dashed line.
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Figure 4-11. Initial koss for C/TiO2 composites as a function of different amounts (a) bulk
TiO2 and (b) resultant surface Ti abundance for nanofibers. Rate coefficients
correspondingly increased with increasing bulk and surface TiOx.
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Figure 4-12. Normalized concentration of 75 uM atrazine over time when reacted in
batch suspensions containing 0.1 g/L. P25 (shown in red) and 0.1 g/L 5 nm anatase TiO2
(shown in blue) under UV light with wavelengths greater than and equal to 250 nm.
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Figure 4-13. Normalized concentration of atrazine (with initial 30 ppb concentration)
over time in cross-flow filtration reservoir, retentate, and permeate for (a) 10 mL/min
retentate and permeate flow rates, (b) 30 mL/min retentate and permeate flow rates, and
(c) 50 mL/min retentate and permeate flow rates. Although more removal is achieved
overall with high flow rates (c), low flow rates correspond with more removal of influent
to the filter [as measured by permeate concentrations (a)].
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Figure 4-14. Maximum removal of atrazine by filter pass (measured by differences in
concentration between filter influent and permeate) across permeate fluxes. Only 530
L/m?/h, the leftmost point with the highest maximum removal, falls within the range of
microfiltration.
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Figure 4-15. (a) SEM image of the cross-section of ~300 um thick C-50 nanofiber filter.
(b) Initial reaction rate coefficients (koss) as a function of cross-sectional filter thickness
for C-50. Greater filter thicknesses corresponded with more mass.
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Figure 4-16. Removal by filter pass (as measured by differences in atrazine
concentration between filter influent and permeate) over time for experiments conducted
with simulated sunlight [UV light greater than 305 nm in length (in blue)] and UV light
greater than 250 nm in length (in red). The use of UV light with smaller wavelengths
resulted in more rapid removal, though notable removal (20-50%) was still achieved with
simulated sunlight (> 305 nm light).
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Figure 4-17. Normalized concentration chemical contaminants over time in cross-flow
filtration reservoir, retentate, and permeate with initial 0.5 uM (a) atrazine, (b)

benzotriazole, (¢) carbamazepine, (d) DEET, (e) metoprolol, and (f) sulfamethoxazole.
UV controls, conducted without TiO2 material present, are shown by grey dashed lines.
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Figure 4-18. (a) Removal by filter per pass (as measured by differences in contaminant
concentration in filter influent and permeate) over time for atrazine (ATZ), benzotriazole

(BTA), carbamazepine (CBZ), DEET, metoprolol (METO), and sulfamethoxazole

(SMX). (b) Maximum removal achieved per filter pass, calculated by averaging removals

at 20 and 40 minutes from (a).
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Figure 4-19. Initial reaction rate coefficients for atrazine (ATZ), benzotriazole (BTA),
carbamazepine (CBZ), DEET, metoprolol (METO), and sulfamethoxazole (SMX) as a
function of their known second order rate constants for hydroxyl radical. Notably, all kops
values showed a linear dependence on kon except for sulfamethoxazole, which was
greatly impacted by direct UV photolysis during filtration experiments.
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CHAPTER 5: CONCLUSIONS

Collectively, this work balanced optimization of nanomaterial reactivity, which has
historically been the exclusive focus in research studies, with optimization of nanomaterial
strength to develop nano-enabled filters for POU and POE water treatment applications.
While electrospun nanofibers are highly tunable and can be used to target specific water
pollutants, without ensuring their cohesiveness as a filtration platform, they are impractical
and will not deliver on their promise as water treatment technologies. Ultimately, we
believe this work establishes the commercial viability of chemically active nanofiber filters
for removal of inorganic and organic water pollutants.

In this study, each research chapter built upon the previous one. First, TiO2
nanofibers were optimized for reactivity toward a suite of organic micropollutants in a
variety of water qualities in Chapter 2. However, these nanofibers were brittle and
ultimately impractical for use in filters for POU/POE water treatment. This issue was
immediately considered and addressed for materials developed in Chapter 3. Fe20s3
nanofiber sorbents were synthesized (utilizing PAN) with concerted effort focused on
maintaining material cohesiveness, flexibility, and strength. We succeeded in making a
material, easily manipulated and used in flow-through filtration, almost completely
covered in reactive Fe20s surfaces for uptake of inorganic (e.g., As, Pb) contaminants.
Finally, we applied lessons from Chapter 2 and Chapter 3 in synthesizing C/TiO2
composites that were both reactive and flexible/strong in Chapter 4. The result was
development of nanofibers with substantial surface TiO2 and corresponding reactivity

toward a suite of EOC:s.
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5.1. Enhanced photocatalytic reactivity of gold/titanium dioxide
nanofiber composites

Although photocatalysis with TiO2 has been studied for decades [62], we sought to
optimize TiO2 nanofiber reactivity by tuning electrospinning and post-processing
parameters during TiO2 synthesis. We established that like Aeroxide® P25, TiO2
nanofibers obtain optimal reactivity with a mixed-phase composition of 75% anatase and
25% rutile. Consistent with hypotheses, narrower nanofiber diameters resulted in greater
surface area-to-volume ratios and thus enhanced reactivity. Further, we determined that
surface-deposited Au at relatively low amounts relative to TiOz (i.e., 1.5 wt.%) increased
reactivity, while Au embedded in nanofibers did not impact reactivity. Finally, we assessed
nanoparticulate and nanofiber catalysts in batch for reactivity toward a suite of emerging
organic contaminants (e.g., DEET, sulfamethoxazole) and across different water qualities
(e.g., sedimentation basin effluent). No previous study had taken the same holistic
approach toward electrospun TiO2 optimization, both mechanistically tuning parameters to
optimize reactivity while maintaining relevance to real-world water treatment through
testing with various contaminants and in samples of different water qualities.

Significantly, this work established that TiO2 nanofibers behave analogously to
TiO2 nanoparticles. This means that the substantial body of work related to nanoparticulate
photocatalysts does relate to the TiO2 nanofibers developed herein. This also allows for
TiO2 nanotechnology to push application of materials, without needing to complete wholly
new mechanistic studies for every formulation of TiO2 synthesized.

Additionally, while Au was demonstrated as an effective catalyst on TiOz surfaces,
it proved highly susceptible to fouling in real-water matrices that shut down reactivity of

TiO2 altogether. Thus, noble metal catalysts must be employed carefully, and although they
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can optimize reactivity in clean matrices, they may have unintended, negative
consequences in practical applications.
5.2. Metal sequestration via iron oxide/polymer nanofiber filters

After the development of extremely reactive yet brittle nanofibers in Chapter 2, we
focused our efforts on making reactive, durable materials that could withstand application
as filters in water treatment. We optimized both polymer-Fe203s composite nanofibers and
core-shell polymer-Fe2Os composite nanofibers coated with additional Fe20s
nanostructures to increase surface area and sites for metal/metalloid uptake from water.
Both materials were flexible and able to sorb measurable amounts of As, Cu, Cr(VI), and
Pb, making both candidates for water filtration applications. Additionally, in mixed
metal/metalloid solutions, As(V) outcompeted Cr(VI1) for surface sites on nanofiber
materials, behaving comparably to GFH® and Fe203 nanoparticle suspensions. Ultimately,
both composite and core-shell (coated) nanofiber materials performed equivalently in batch
experiments across a range of metal/metalloid concentrations and pH values and
outperformed commercial GFH® on a surface area basis.

However, the core-shell nanofiber filters exhibited substantially more uptake of
As(V), Cr(V1), and Pb(ll) in flow-through filtration, demonstrating that behavior in batch
experiments is not necessarily indicative of behavior in kinetically limited regimes
encountered in water treatment. Furthermore, core-shell nanofibers were also capable of
simultaneous removal of As and suspended solids when tested in flow-through filtration
with groundwater samples naturally containing more than 100 ppb As and 22 NTU
turbidity. Thus, these core-shell nanofiber filters are well-suited for treatment of complex

water matrices.
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An additional outcome was the reinforcement that polymer/iron oxide composites
react in aqueous solutions similarly to traditional (i.e., nanoparticulate) iron oxide sorbents.
Polymeric iron oxide nanofiber composites sorbed similar amounts of cations and
oxyanions as Fe2Os in suspension on a surface area basis. Once again, this means the
numerous studies on binding of metals/metalloids to iron oxides in suspension can be used

to gain insight into reactivity of these nanofiber composites.

5.3. Photocatalytic oxidation of organics via titanium dioxide/carbon
nanofiber filters

Moving forward from Chapters 2 and 3, our goal had been to develop a filter
utilizing immobilized TiOz in a cohesive platform that retained reactivity and minimized
barriers to using it in photochemically reactive water filtration. TiO2 nanoparticulate
suspensions, though impractical, will always be the most reactive form of the
photocatalysts in water; development of a cohesive, reactive filter platform requires
balancing material strength and flexibility with reactivity. Thus, we endeavored to use
carbon nanofibers, analogously to how we had employed polymer nanofibers in Chapter 3,
to provide structural integrity to carbon/TiO2 composite nanofibers. All filters are cohesive
mats, able to be tested in cross-flow filtration, which is a vast improvement from the batch
experiments executed in Chapter 2.

Tuning various synthesis parameters, as we had in Chapter 2, enabled us to optimize
reactivity of flexible carbon/TiO2 nanofibers. First, mass loading of TiO2z in electrospun
nanofibers directly impacted the amount of surface TiO2, and thus reactivity, of
composites. The inclusion of PTA in electrospinning precursor solutions enabled high (80
wt.% relative to PAN) loadings of TiO2 to be electrospun, though these materials in turn

proved more brittle and susceptible to breakage while loading into and unloading from the
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filter holder. PTA also introduced pores associated with TiO2 aggregates in the
nanoparticles, which may have use in other applications of C/TiOz, but did not impact
reactivity in our system. Finally, P25 proved more reactive as a nanofiber additive than 5
nm anatase TiO2 nanoparticles, which mirrored reactivity observed in batch experiments.

Regarding filtration parameters, the amount of material could be minimized
without loss of reactivity, as 30 mg carbon/TiO2 nanofiber filters were as reactive as filters
with more mass. Flow rates during filtration could also be decreased to achieve higher
levels of removal from influent into the filter (a benefit for dead-end filtration applications),
while increased flow rates were associated with more removal in our cross-flow filtration
system due to high volumes passing through the filter during short time periods. Removal
of micropollutants was likewise achieved with UV light and with simulated sunlight (> 305
nm).

Ultimately, carbon/TiO2 nanofiber filters exhibited reactivity toward a suite of
emerging organic contaminants, supporting their applicability for use as an AOP with UV
light. The observed initial rates in flow-through filtration correlated with second order rate
coefficients for the chemicals, showing potential for reactivity toward other EOCs to be
predicted based on published kon values. Furthermore, all materials remained intact and
flexible, even after use in filtration experiments. Material strength and reactivity were
elegantly balanced in these C/TiO2 composite nanofiber filters.

5.4. Future research

Our study has made great strides in navigating practical considerations while

developing nanotechnologies for POU and POE water treatment devices. However,

additional research is required to understand the mechanisms that make the materials
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effective as chemically active filters. Future work should aim to bridge the gap between
bench-scale research and pilot-scale/prototype demonstration that can bring about actual
use of these technologies in water treatment. Additionally, methods used in this study can
be applied in syntheses of other materials that would be effective for water treatment;
materials in this study can also be applied in environmental contexts beyond water
treatment.

5.4.1. Mechanistic studies with nanofiber filters

Deeper understanding of the binding mechanisms of metals/metalloids on
polymeric iron oxide nanofiber composite filters synthesized herein would enable
prediction of filter behavior and thus application in a broader range of water qualities. For
example, X-ray photoelectron spectroscopy (XPS), Fourier transform infrared (FTIR)
spectroscopy, and synchrotron-based X-ray absorption near edge structure (XANES)
analysis have been used to elucidate that sorption can occur by ion exchange between
As(V) and Cr(V1) species and hydroxyl groups on flowerlike a-Fe2O3 structures [245].
Extended X-ray absorption fine structure (EXAFS) spectroscopy has also been used in
modeling surface complexation of Cu(ll) on iron oxide surfaces and in turn predicting
uptake on iron oxides across a range of pH values [246]. Such studies with PAN/Fe203
composites would help determine how the structure of Fe2O3 coatings on the nanofibers
impacts the nature (and efficacy) of metal/metalloid uptake.

Likewise, a more in-depth study of photochemical oxidation of EOCs by C/TiO2
composites with UV light (as an AOP) could further link reactivity to hydroxyl radical
concentrations and other system parameters, thus enabling prediction of reactivity toward
certain micropollutants. Analysis of transformation products of EOCs (e.g., with HPLC or

LC-MS) would provide insight into the extent of oxidation of organics [247,248].
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Experiments probing inhibition of C/TiO2 also facilitate better understanding of how it
degrades organic micropollutants.

Studies of the combined reactivity of core-shell PAN/Fe203@Fe20s and C/TiO2
nanofiber composites would provide insight into synergies achieved through multi-
functionality. With a C/TiO2 layer on top, exposed to UV light, followed by a polymeric
iron oxide layer, it is expected that C/TiO2 would oxidize As(l11) to As(V) and thus make
As less mobile [19] and more likely to sorb on Fe20s.

Future work should also focus on the stability of nanoparticles and coatings used in
the synthesized TiO2 and Fe203 nanofiber composite filters. Such studies should analyze
fate and transport of the nanostructures and potential leaching of ions (e.g., Fe**) in batch
and filtration systems. Especially with the C-80 composite (80 wt.% P25) synthesized in
Chapter 4 of this work, which had a surface area comparable to that of P25 nanoparticles,
some TiOz is likely loosely bound to the nanofiber surfaces and susceptible to release
during cross-flow filtration.

5.4.2. Practical demonstration of nanofiber filters

While carbon/TiO2 composites were demonstrated for removal of various EOCs,
based on previous studies [55] these materials should also be capable of providing some
drinking water disinfection. Assessment of bacteria and virus inactivation by C/TiO2 with
UV in comparison with UV light alone would provide insight into disinfection achieved in
UV/TiO2 AOPs and add value to use of the composite filters. Like much work with TiO2
nanomaterials, a majority of experiments are conducted in batch systems (e.g., inactivation
of E. coli in a Petrie dish) [249,250]. We suggest that disinfection studies conducted in

flow-through filtration would be most representative of conditions in water treatment.
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C/Ti02 nanofiber filters should also be assessed in more challenging water samples.
For example, work should follow that completed in Chapter 2 with pure TiO2 nanofibers,
and push testing of C/TiO2 in surface water samples. Studies could evaluate anti-fouling
properties of C/TiO2 under UV light, propensity of filters to foul after considerable aging
(especially in the absence of UV light), and changes in flux over time as a result of influent
water quality. Additionally, C/TiO2 could be assessed for removal of taste and odor
compounds, which are commonly encountered in surface water sources.

5.4.3. Scale-up of nanofiber filters

While we have employed bench-scale systems to synthesize nanofiber filters, for
these technologies to be truly applicable in the field of water treatment, synthesis would
need to be demonstrated as scalable for increased and consistent production of these
materials. This is certainly achievable, as electrospinning has been demonstrated on an
industrial scale [251]. Likewise, the hydrothermal process used herein to achieve Fe203
coatings would be well-suited for scaling up, as it was at ambient pressure and relatively
low temperature (less than 100 °C). Tube furnace processes used to convert polymer to
carbon also utilized relatively low temperatures (250 °C and 450 °C), well within
parameters used for industrial nanomaterial syntheses. With industrial collaboration,
increased production of these materials could be demonstrated and negate any concerns
about scalability.

Scaling up the syntheses processes would enable the production and subsequent
testing of nanofiber filter prototypes for POU/POE water treatment applications. Further,
development and demonstration of a pilot-scale membrane filtration unit could enable
demonstration of this nanotechnology as a viable treatment option for small public water

systems (PWS). All electrospun materials in this work were hydrophilic, and thus could
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pass water with gravity filtration or with low applied pressures. This characteristic would
enable the treatment of relatively large volumes of water (as compared to POU/POE
treatment) processed by small PWS, even with several layers of nanofiber filters deployed
in series.

5.4.4.Use of methods herein for material development and expansion of
applications

Methods herein could be utilized to synthesize similar materials for other
environmental applications beyond water treatment. C/TiO2 composites would be
especially relevant for air pollution control and gas phase catalysis, with TiO2 already
commercially used for air purification [252]. In addition, the macroporosity of C/TiO2
nanofiber mats synthesized with PTA would be ideal for photocatalytic reactions in air, in
which porosity increases reaction sites available [253]. These sites, inaccessible in water
in this study (likely due to diffusion limitations), are accessible in gas phase applications.
Methods from Chapter 2 and Chapter 4 could also be combined to develop carbon
nanofibers containing Au/TiO2 composites; Au/TiOz is a well-studied catalyst for gas-
phase oxidation reactions [254-257].

Methods in this study could also be used to synthesize different materials that would
be effective for water treatment processes. For example, while we focused on Fe203 for
metal/metalloid uptake, similar syntheses could be used to make alumina/aluminum oxide
nanofiber composites for fluoride removal [258,259]. Likewise, iron-based sorbents could
be similarly synthesized using a number of other iron oxides (e.g., goethite, magnetite) that

sorb water pollutants.
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5.4.5. Economic and life-cycle assessments of nanofiber filters

To ensure composite nanofiber filters can be truly viable in commercial water
treatment devices, economic analyses and life-cycle assessments (LCAs) for the materials
synthesized in this study would be invaluable in evaluating these nanotechnologies for real-
world application. While some LCAs (assessing benefits and environmental impacts of
new technologies) exist for electrospun nanofibers [260,261], current literature is sparse
and lacking a framework for assessing electrospun nanofibers produced on different scales
[262]. Furthermore, economic analyses based on bench-scale electrospinning would differ
greatly from that for scaled-up electrospinning. Thus, economic analyses and LCAs must
appropriately account for product development at a smaller scale than would eventually be
used for manufacturing nanofiber filters for these technologies to be fairly judged on

commercial viability.
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