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Abstract

Gerbig, Chase A. (Ph.D., Civil, Environmental, and Architectural Engineering)
The Effects of Dissolved Organic Matter on Mercury-Sulfide Interactions in Aqueous Systems

Thesis directed by Professor Joseph N. Ryan,

Mercury speciation with sulfide and dissolved organic matter was characterized by extended X-
ray absorption fine structure (EXAFS) spectroscopy under a variety of conditions, including a
range of Hg:DOM ratios, sulfide concentrations, and equilibration times. Five different DOM
isolates were used to elucidate the effects of DOM characteristics on mercury speciation in
sulfidic environments. In the absence of sulfide, the mercury-DOM complex was characterized
by thiol-like binding with 2.4 sulfur atoms at a distance of 2.35 A from the mercury atom. In
sulfidic systems, mercury existed as a very small (<10 nm) and/or poorly crystallized
metacinnabar-like particle stabilized by DOM. Typically, the mercury-sulfur bond distance was
representative of metacinnabar (2.53 A), but changes in the number of sulfur atoms coordinating
mercury were representative of changes in particle size and/or crystallinity. At high Hg:DOM
ratios (> 4 nmol mg™) the nanocolloidal metacinnabar-like nanocolloids were significantly larger
or more ordered than at low Hg:DOM ratios (< 4 nmol mg™) that are more representative of
natural environments. The size and/or degree of crystallinity decreased as the specific UV
absorbance (SUVA) of the DOM stabilizing the nanocolloidal metacinnabar-like particle
increased. As the sulfide concentration decrease, at a fixed Hg:DOM ratio, the mercury-sulfide
particle size/crystallinity decreased such that the smallest nanoparticles were modeled as less
than 1 nm in diameter. The reactivity of the nanoparticles was tracked with a tin-reducible
mercury assay. Sulfide-free systems indicated that kinetic limitations drive the fraction of
reducible mercury and that mercury bound to thiol groups in DOM is substantially less reactive
than mercury bound to weaker carboxyl groups. The fraction of reducible mercury in sulfidic
systems was substantially higher when the particles were formed with high SUVA DOM
compared to low SUVA DOM. The fraction of reducible mercury decreased rapidly with
equilibration time, up to about 2 h, indicating that metacinnabar-like particles form rapidly.
Poorly crystallized and/or nanocolloidal metacinnabar-like particle that are stabilized by DOM
are relatively reactive and may be important mercury species in natural systems.
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1.1 INTRODUCTION

Improved understanding of the geochemistry, fate, and transport of mercury (Hg) in
aquatic ecosystems is critical for assessing its ecological and human health effects. In particular,
the need to understand factors controlling the bioavailability and reactivity of mercury under
environmentally relevant conditions has increased as society strives to manage resources and
restore ecosystems while ameliorating the effects of mercury. It has long been recognized that
the chemical forms of mercury in the water column and sediments are intimately related to its
overall effects on living organisms, but a number of important questions concerning processes
that control mercury reactivity, especially with regard to bioavailability for methylation, remain
to be addressed. Often, the key questions involve chemistry at the aqueous—geological-microbial
interface in environments that are chemically complex, such as the sediment—water interface.

Dissolved organic matter (DOM), which is ubiquitous in water, soil, and sediment
environments, frequently controls a number of important environmental processes that are
relevant for the cycling of metals, including mercury, in aquatic ecosystems. These processes
include mineral dissolution and precipitation (Hoch et al., 2000; Waples et al., 2005),
photochemical oxidation and reduction reactions (Moran and Covert, 2003; Stubbins et al.,
2008), and the speciation, transport, and fate of metals (Perdue, 1998; Haitzer et al., 2003). The
compounds that comprise DOM also indirectly influence the fate of metals in aqueous systems
by controlling ecological processes. Some of the indirect effects of DOM include influencing
pH, serving as a substrate for microbially mediated reactions (Tranvik, 1998; Findlay, 2003),
controlling the depth of the photic zone (Wetzel, 2001), and influencing the availability of

nutrients (Qualls and Richardson, 2003).



The most significant processes to define for understanding the chemistries of organic
matter and mercury are (i) the effects of DOM on the chemical speciation and bioavailability of
mercury for methylation by microorganisms and (ii) the effects of DOM on the partitioning of
mercury and methylmercury (MeHg) between dissolved and particulate phases and the biota in
the water column.

Until recently, very low mercury concentrations in most ecosystems have masked the strength
and mechanisms of mercury—DOM interactions, resulting in a poor understanding of important
environmental processes. With advances in experimental design and analytical approaches,
however, new insights are beginning to emerge. In this chapter, we describe the effects of DOM
on mercury biogeochemistry by addressing field-based observations and fundamental chemical

interactions that drive mercury and methylmercury reactivity in the aquatic environment.

1.2 DISSOLVED ORGANIC MATTER

DOM is a complex, heterogeneous continuum of low to high molecular weight organic
compounds exhibiting different solubilities and reactivities. Organic compounds can be truly
dissolved, aggregated into colloids, associated with inorganic colloids, or bound to filterable
particles. Historically, organic matter in natural waters has been arbitrarily divided into dissolved
and particulate organic carbon based on filtration, generally through 0.45- or 0.7-um filters
(Figure 1.1). No natural cutoff exists between DOM and particulate organic matter and the
distinction is operational.

The study of the composition and environmental significance of organic matter in natural

waters is hampered by its inherent chemical complexity, which poses a number of analytical
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Figure 1.1. Conceptual diagram showing the size distribution of organic matter between
particulate and dissolved organic carbon in natural waters.



problems in defining its reactivity (Aiken and Leenheer, 1993). Thousands of molecules are
known to contribute to the composition of DOM in a given water sample (Stenson et al., 2003;
Sleighter et al., 2010). The distribution of these compounds and, hence, the chemical
characteristics of DOM in a water body, are influenced by the nature of source materials and the
biogeochemical processes involved in carbon cycling within the entire ecosystem, including the
terrestrial watershed (Aiken and Cotsaris, 1995; McKnight and Aiken, 1998; Fellman et al.,
2010). In addition, for most rivers and streams, DOM concentration and composition vary as a
function of hydrology (Aiken and Cotsaris, 1995; Saraceno et al., 2009; Dittman et al., 2010).
The variability in the amount and nature of DOM among ecosystems, especially with respect to
differences in polarity and aromatic carbon content, are significant factors in controlling DOM
reactivity in a number of important environmental processes relevant to mercury
biogeochemistry.

DOM is a complex mixture of molecules, and the various molecules comprising DOM
react in different ways with mercury. For instance, studies of mercury binding to DOM have
shown that only a small fraction of DOM molecules possess the necessary functional groups to
bind Hg(II) very strongly (Haitzer et al., 2002). Other molecules that bind Hg(II) weakly can
nonetheless interact with HgS(s), an important form of mercury in sulfidic environments and
cinnabar mining regions, to inhibit HgS(s) precipitation or enhance HgS(s) dissolution
(Ravichandran et al., 1998; Ravichandran et al., 1999; Slowey, 2010). Other molecules that may
not directly interact with Hg(II) or HgS(s) can influence their fate by controlling photochemical
reactions or fueling microbial activity. While certain fractions of DOM react with mercury, a
large portion of DOM molecules may be inert with regard to interactions with mercury,

especially under the common conditions where the concentration of DOM (milligrams per liter)



greatly exceeds that of mercury (nanograms per liter). Complicating the situation is that, for
some processes, the pool of compounds comprising DOM may contain compounds that
counteract each other with regard to a particular reaction. For instance, the presence of both
dissolution-promoting and dissolution-inhibiting compounds has been noted for DOM
interactions with bulk (Waples et al., 2005) and colloidal HgS(s) (Slowey, 2010).

Despite advances in methods to characterize DOM, serious challenges remain in defining
its reactivity with mercury at the molecular level. A variety of approaches have been employed
in the study of DOM in natural systems. The simplest of these, and the most common with
regard to field-based studies, is the determination of dissolved organic carbon (DOC)
concentration. DOC concentration alone, however, does not provide information on DOM
composition. Methods used to learn more about DOM composition in field settings include the
measurement of optical properties such as the absorbance of ultraviolet and visible (UV—vis)
radiation and fluorescence. Optical properties are used to calculate specific ultraviolet
absorbance (SUVA; Weishaar et al., 2003), spectral slope (Helms et al., 2008), and various
fluorescence parameters (Fulton et al., 2004; Cory and McKnight, 2005; Fellman et al., 2010).
This information is useful for assessing the nature and reactivity of DOM, although it only
provides average data about the chromophores and fluorophores within a sample. Utilizing
optical data is an attractive approach for studying DOM because data collection is straight
forward, the data provide information about both the concentration and composition of DOM
(Weishaar et al., 2003; Spencer et al., 2009), and detector systems can be employed for a variety
of process-based studies and separation techniques to study DOM composition. In addition,
optical data can be obtained in situ, allowing for the collection of high frequency environmental

data in real time that can be used to better understand the influences of sources and processes



occurring within the ecosystem, even at watershed scales (Spencer et al., 2007; Saraceno et al.,
2009).

A complementary approach to studying whole water samples is to isolate functionally
distinct DOM fractions from whole water samples to determine the fundamental structural and
chemical properties of each fraction. The properties of the fractions can be related to the
biogenesis and environmental roles of these materials. Many of the methods used to characterize
DOM lack sufficient sensitivity to obtain data on DOM samples at concentrations usually
encountered in natural ecosystems; thus, isolation or concentration may be required (Aiken and
Leenheer, 1993). Fractionation is often accomplished using solid phase extraction on
hydrophobic sorbents such as XAD (Aiken et al., 1992), C;5 (Green and Blough, 1994), and PPL
resins (Dittmar et al., 2008). Fractionation on XAD resins has been employed to obtain large
amounts of isolated organic matter (e.g., aquatic humic and fulvic acids; Figure. 1.1) for
subsequent characterization and for use in experiments designed to elucidate chemical processes
of interest. Detailed structural information has been obtained on fractionated samples by
elemental analyses (Ma et al., 2001), BC nuclear magnetic resonance ( 13C—NMR; Luetal., 2003;
Maie et al., 2006), mass spectrometry (Hatcher et al., 2001; Lu et al., 2003; Sleighter et al.,
2010), and analyses for specific components of DOM such as lignin, carbohydrates, and phenols
(Maie et al., 2006). Synchrotron-based techniques provide information related to chemical
binding environments (i.e., extended X-ray absorption fine structure (EXAFS) spectroscopy; Xia
et al. (1999), among others) or information about the redox status of key elements important for
metal-binding interactions such as sulfur and nitrogen (i.e., X-ray adsorption near edge
spectroscopy (XANES); Vairavamurthy et al., 1997; Vairavamurthy and Wang, 2002; Jokic et

al., 2004; Prietzel et al., 2007). Finally, well-characterized, isolated fractions of DOM, such as



aquatic humic substances from different environments, have been employed in laboratory
experiments designed to provide information on the chemical mechanisms driving DOM
interactions with Hg(II) and HgS(s) (Ravichandran et al., 1998; Ravichandran et al., 1999;
Haitzer et al., 2002, 2003; Waples et al., 2005; Deonarine and Hsu-Kim, 2009; Slowey, 2010).
Application of new analytical approaches is expected to provide additional insights into the
chemically complex processes driving interactions of DOM with mercury.

Ultrafiltration is another approach that has been applied to the study of both DOM
(Benner et al., 1997) and mercury species in water samples (Cai et al., 1999; Babiarz et al., 2001;
Choe and Gill, 2001). In this approach, dissolved samples (Figure 1.1) are fractionated based on
molecular size. The resulting data provide information about the distribution of DOM, mercury,
and methylmercury in the dissolved and colloidal size fractions, which is potentially useful in
understanding dynamics driving export of mercury species under varying hydrologic and
chemical conditions. As with all fractionation approaches, ultrafiltration is subject to potential
artifacts and care is required in employing different membrane types, assigning molecular weight
sizes without appropriate standardization (Aiken, 1984), and testing for suitability of membranes

for mercury studies (Babiarz et al., 2001).

1.3 FIELD OBSERVATIONS

Some of the earliest articles addressing mercury in natural waters noted that DOM and
mercury interact strongly to influence mercury behavior (Fitzgerald and Lyons, 1973; Andren
and Harriss, 1975). In numerous studies since, strong correlations have been noted between the

concentrations of total dissolved mercury and DOM in a variety of environmental settings



(Mierle and Ingram, 1991; Grigal, 2002; Balogh et al., 2004; Brigham et al., 2009; Dittman et al.,
2010). Elevated fluxes of both mercury and DOM have been observed during high flow events
for small catchments, which results in strong relationships between DOM (or DOC) and mercury
concentrations (Figure 1.2). The relationship between mercury and DOM concentrations can
vary greatly among different rivers and each system needs to be evaluated separately. Stronger
correlations have been observed between mercury and hydrophobic portions of the organic
matter pool (typically the fraction of DOM operationally defined as humic and fulvic substances)
than between mercury and DOC concentration when hydrophobic fractions have been
determined (Mierle and Ingram, 1991; Grigal, 2002; Shanley et al., 2008; Dittman et al., 2010).
For many streams and rivers, hydrologic factors controlling the export of DOM from
upper soil horizons and wetlands within a watershed drive the export of mercury, and to a lesser
degree, methylmercury. Changes in flow patterns in these systems are significant because upper
soil horizons, riparian zones, and wetlands are rich in DOM (Cronan and Aiken, 1985) and also
have greater mercury and methylmercury concentrations (Grigal, 2002). Indeed, discharge itself
has been noted to be a good predictor of fluvial mercury export in numerous streams and
rivers—total dissolved mercury concentrations increase as flow increases (Brigham et al., 2009;
Dittman et al., 2010). Increased mercury concentrations during high flow can be attributed to the
shift in soil runoff flow patterns to a more horizontal direction when soil is saturated as well as
an increase in shallow subsurface and surface runoff. In addition, during periods of high flow,
wetlands become inundated with water and become hydrologically connected to adjacent rivers
and streams, resulting in the export of DOM, mercury, and methylmercury from these systems
(Balogh et al., 2006). The importance of connectivity between organic-rich soil horizons,

wetlands, and adjacent streams has been noted by Hinton et al. (1998). DOC concentrations
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increase as higher proportions of runoff are derived from hydrologic flow paths that intersect
shallow organic matter-rich soil layers and wetland ecosystems where soluble organic
compounds, mercury, and methylmercury have accumulated. The shift in flow paths results in
increasing DOC concentrations and compositional changes in the organic matter transported in
rivers and streams. Storm events, the onset of the rainy season, or the melting of snowpack can
all produce high flow conditions.

Given the strong correlations between DOM optical properties and the presence of
aquatic humic substances, these optical properties are potentially useful indicators of mercury in
rivers and streams. Mierle and Ingram (1991) first noted the correlation between mercury and
color (Hazan units) associated with DOM in brown-water streams and were able to relate
mercury export to DOM export. More recently, absorption coefficients determined at a
wavelength of 254 nm were shown to be highly correlated to mercury export for a number of
stream systems (Figure 1.2; Dittman et al., 2010). The use of DOM optical data to infer
information about mercury concentrations in aquatic ecosystems offers some potentially
important advantages. First, acquiring optical data is relatively inexpensive and requires minimal
sample handling. Second, the development of optical sensors employing both absorption and
fluorescence approaches permit in situ measurements of DOM concentrations, and by
correlation, mercury, at greater frequency and during all portions of the hydrograph. For those
systems where DOM and mercury concentrations are strongly correlated, in situ measurements
can result in better determination of flux.

The relationship between DOM and mercury concentrations does not always hold. In the
Everglades, for instance, correlations between DOM and dissolved mercury concentrations are

weaker than those observed in northern riverine ecosystems (Hurley et al., 1998). This difference
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is likely due to differences in the sources, cycling, and transport of these species in the
Everglades compared to other ecosystems. The distribution of total mercury throughout the
Everglades is complicated, varying spatially and seasonally (Liu et al., 2008), with
concentrations of dissolved mercury generally <5 ng L™ throughout the ecosystem (Hurley et al.,
1998; Liu et al., 2008). DOM concentrations in the Everglades are generally greater than those
found in most aquatic environments and can be generated in situ from existing vegetation,
detritus, and peat soils or transported from other areas in the Everglades. In addition, correlations
between DOM and mercury concentrations are weak-to-nonexistent for urban environments
(Mason and Sullivan, 1998; Brigham et al., 2009). In these systems, wastewater discharge and

urban runoff strongly influence the export and reactivity of DOM.

1.4 EFFECTS OF DOM ON MERCURY DISTRIBUTIONS BETWEEN SOLUTION

AND PARTICLES

A consequence of strong interactions between DOM with Hg(II), HgS(s), and MeHg is
that DOM influences the partitioning of mercury species to particles and soil organic matter such
that concentrations of dissolved mercury and methylmercury increase in the presence of DOM. A
number of studies have demonstrated that DOM is an important factor controlling the dissolution
of mercury from
soils and sediments (Mierle and Ingram, 1991; Drexel et al., 2002). Factors that influence the
concentration of dissolved mercury are significant because many of the processes (both abiotic
and biotic) involved in mercury cycling in aquatic environments are hypothesized to be strongly

dependent on the concentration of total dissolved mercury. For instance, Skyllberg et al. (2003)
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showed that concentrations of methylmercury associated with soils and soil solutions correlated
positively with the concentration of dissolved mercury in soil waters for a catchment in northern
Sweden.

Field-based partitioning coefficients of mercury between the particulate and dissolved

phase, described as the partitioning coefficient, are often given by an expression of the form:

_ Prug/ss
Frhg

K, (Equation 1.1)

where K} is the concentration-based partition coefficient (liters per kilogram), Pryy is the
concentration of total particulate mercury (nanograms per liter), SS is the concentration of
suspended sediment (kilograms per liter), and F7, is the concentration of total filterable mercury
(nanograms per liter). A similar expression can be written to describe the distribution of
methylmercury between dissolved and particulate forms. Reported field-based Kq4 values
generally range from 10%** to 10% for mercury in natural waters and from 10> to 10> for
methylmercury (Babiarz et al., 2001; Brigham et al., 2009). The value of K4 depends, in part, on
the DOM concentration. For instance, as shown in Figure 1.3a and 1.3c, K, is generally weaker
with increasing DOC concentration for a suite of rivers as reported by Brigham et al. (2009). It is
assumed that at greater DOM concentrations there is less mercury association with suspended
sediment.

In form, the field-based Ky is similar to traditional concentration distribution coefficients
employed in the chemistry of separation science (Karger et al., 1973). The chemistry-based Kg,
which is commonly employed in chromatography and other separation methods, is related to the

thermodynamic distribution coefficient. As a consequence, sorption and desorption reactions
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Figure 1.3. The relationship between distribution coefficients (K,) for total mercury (THg) or
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ecosystems. Reproduced from Figure 5 of Brigham et al. (2009).
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influencing K4 must be reversible. These constraints do not hold for field-based K4 values, which
suffer from a number of complications. First, the nature of the particulate fraction is rarely
defined. As a result, the mechanisms of interactions of mercury with the particulate surface are
unknown or poorly defined. The organic matter content of the particles, soils, or sediments is a
key factor controlling the ability of particles to adsorb mercury (Hammerschmidt and Fitzgerald,
2006; Marvin-DiPasquale et al., 2009); however, this parameter often goes unreported. Second,
the particulate fraction, defined as the material retained on a filter (typically 0.45 pm; Figure
1.1), is a mixture of materials that interact differently with mercury. Liu et al. (2008)
demonstrated different degrees of association of mercury with soils, floc, and periphyton in the
Florida Everglades, whereas Marvin-DiPasquale et al. (2009) showed that the K4 values for total
mercury and methylmercury in riverine sediments were a function of both DOM concentration
and the amount of fine sediment material. Third, what is considered “dissolved” (<0.45 pm,;
Figure 1.1) also contains inorganic and organic colloidal materials that interact differently with
both mercury and the surfaces of particulate materials compared to dissolved constituents
(Babiarz et al., 2001; Choe and Gill, 2001). Babiarz et al. (2001) demonstrated that the colloidal
phase exerted a strong control on the distribution of mercury between dissolved and particulate
phases for a variety of surface waters resulting in underestimation of field-based K4 values.
Lastly, K4 values are often dependent on the concentration of particles in solution, such as
suspended sediment—this phenomena is known as the particle concentration effect (Figure 1.3b
and 1.3d; Honeyman and Santschi, 1989; Babiarz et al., 2001). Given these factors, non-
thermodynamic field-based K4 values—based only on the ratio of filterable versus particulate

mercury—are not readily comparable between systems, or within the same system under
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different hydrologic conditions. In addition, because the reactions driving observed K4 values are

not reversible, the usefulness of these data is reduced for modeling purposes.

1.5 MERCURY BINDING STRENGTH

Mercury, a soft B-group metal, exhibits relatively weak interactions with oxygen
containing ligands, moderate strength interactions with nitrogen-containing ligands, and strong
interactions with sulfur-containing ligands. Consider the three ligands glycolic acid, glycine, and
thioglycolic acid; they only vary in a single functional group (an alcohol, amine, and thiol group,
respectively) and serve as an excellent example of the effect of a single functional group on
Hg(II) binding strength. The Hg(II) binding constants (f,; HgL,) are 10"* (Rossotti and
Whewell, 1977), 10" (NIST, 2004), and 10** (NIST, 2004), respectively (correcting for the
slightly different temperatures and ionic strengths at which each constant was measured does not
appreciably change the comparison). The oxidation state of the ligand in question is critical in
predicting the strength of binding. The electron-dense binding sites created by reduced
functionalities create a significantly stronger bond with Hg(II) than a binding site composed of
the oxidized version of the same element. An inorganic example is quite telling—sulfate (SO4*")
is a weak ligand (K, = 10'%), whereas sulfide (S*; K, = 10°*%) is extremely strong.

The distribution of metal-binding functional groups within DOM is broad. Oxygen-
containing functional groups are much more abundant than nitrogen- or sulfur-containing groups.
In addition, the functional groups of a single element span a range of possible oxidation states.
Sulfur functional groups in organic matter range from highly reduced (e.g., thiols, R-SH) to

highly oxidized (e.g., sulfonates, R-SOs;H) (Vairavamurthy et al., 1997). Just as the inorganic
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example of sulfate versus sulfide suggests, the binding of these organic sites with respect to
Hg(1I) is substantially different—thiol sites exhibit very strong interactions, whereas oxidized
sulfur groups are extremely weak. Further, the structural distribution of binding sites in a ligand
significantly affects the ligand’s ability to bind a metal (and the subsequent strength of that
interaction). For this reason, chelating ligands such as ethylenediaminetetraacetic acid (EDTA)
bind metals much more effectively than ligands that interact with a metal at a single site. The
heteroatom(s) involved in metal binding, the oxidation state of those heteroatoms, and the steric
arrangement of the metal complex are important parameters in determining the binding site
orientation and strength in DOM.

While model organic ligands and inorganic examples are illustrative, they do not
adequately capture the heterogeneity of DOM and the effect of DOM on mercury behavior in the
environment. For instance, Ravichandran et al. demonstrated that the effects of DOM on both the
dissolution (1998) and inhibition of precipitation (1999) of HgS(s) were poorly replicated by
compounds known to interact strongly with mercury. In another example, some model
compounds increase Hg(II) methylation because they bind Hg(II) and make it more bioavailable
(Schaefer and Morel, 2009). However, increased methylation rates when mercury speciation is
controlled by a model compound are inconsistent with the often observed decrease in
methylation rates in the presence of DOM (Miskimmin et al., 1992; Barkay et al., 1997).

We begin the discussion of Hg(II)-DOM interactions by first considering the strength of
that interaction. The measurement of metal-organic matter binding constants is most frequently
quantified with a conditional stability constant. Comparison of constants can be difficult because

the constants are specific to the conditions of the experiment, and are not often defined in
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consistent ways, if they are defined at all. For example, Benoit et al. (2001) defined a conditional

stability constant for the reaction:

Hg?** + RXH"™ = HgX™ D + g+ (Equation 1.2)

and a corresponding conditional stability constant of log K = 10.6—11.8 depending on the DOM

isolate. Alternatively, Haitzer et al. (2002) defined a stability constant for the reaction:

Hg + DOM = HgDOM (Equation 1.3)

and report a corresponding conditional stability constant of log K = 23.2 + 1.0 L kg™'. The Benoit
et al. (2001) example assumes some known stoichiometry, a pKa for the acid functional group,
and the ability to calculate a molar concentration of DOM for the calculation of Hg(II) speciation
at a given pH. The Haitzer et al. (2002) constant is a mass-based constant (hence the units liters
per kilogram), and while free of some assumptions, does not account for pH. When a series of
reasonable assumptions are made, and a consistent definition of the constant is used, these
conditional stability constants agree, and show very strong binding between Hg(II) and DOM.
Only organic thiols exhibit Hg(II) binding strengths comparable in strength to the mercury—
DOM interaction observed in these two studies.

The notion that mercury binding to DOM is dominated by thiol-like sites at
environmental levels of mercury is well supported in the literature. A number of binding constant
studies have measured large conditional stability constants between organic matter and Hg(II)

that are consistent with binding by thiols. These studies have used whole water (Hsu and Sedlak,
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2003; Lamborg et al., 2003; Han and Gill, 2005; Black et al., 2007), organic matter isolated from
natural waters (Benoit et al., 2001; Haitzer et al., 2002, 2003), organic matter extracted from
peats (Drexel et al., 2002; Khwaja et al., 2006), and intact peats (Skyllberg et al., 2000; Drexel et
al., 2002). In addition to the variety of organic matter sources and types, a variety of methods
were employed including equilibrium dialysis—ligand exchange, reducible mercury titration,
octanol-water or toluene—water partitioning, competitive ligand exchange—solid phase
extraction, and bromide competition. The consistent conclusions between these significantly
different approaches argue for the ubiquity of strong thiol-like binding sites in organic matter.
Although it is clear that some conditions give rise to the measurement of strong binding
sites, there are also mercury—organic matter studies that measure weaker carboxyl- and phenol-
like interactions between Hg(I) and DOM (Cheam and Gamble, 1974; Lovgren and Sjoberg,
1989; Yin et al., 1997; Haitzer et al., 2002). The predominant difference between these
observations and the observations of thiol-like binding sites is the amount of mercury in solution
relative to the amount of organic matter. Studies with higher ratios of mercury to DOM measure
weaker binding constants. The balance between thiol-like and carboxyl-like binding sites in
DOM is driven by the relative abundance of these types of sites. Using one DOM isolate, Haitzer
et al. (2002) reported a carboxyl content of DOM of 5.45 mmol/g and a reduced sulfur content of
DOM of 0.32 mmol/g. Even if all of the reduced sulfur was in the form of thiols that can interact
with metals, there would be an abundance of weaker carboxyl sites in the DOM. However,
reduced sulfur in organic matter may be in the form of thiols, dithiols, or polysulfides (with
thiophenes also observed in soil humic material; Vairavamurthy et al., 1997; Solomon et al.,
2003). Without cleaving sulfur—sulfur bonds, dithiols, and polysulfides in DOM are unlikely to

bind with Hg(II) as strongly as thiols (Basinger et al., 1981). Thus, even quantification of
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reduced sulfur is unlikely to indicate how many strong, thiol-like binding sites may be present in
DOM. By measuring the conditional stability constant of Hg(II) with DOM over a wide range of
Hg:DOM ratios, Haitzer et al. (2002) was able to quantify the strong binding capacity of a DOM
isolate from the Florida Everglades (Figure 1.4). DOM from different environments may have
slightly different strengths and capacities (Haitzer et al., 2003), but the measurements by Haitzer
et al. (Haitzer et al., 2002) provide an excellent example of thiol-like versus carboxyl-like
binding sites. As indicated in Figure 1.4, below 1 pg Hg (mg DOM)™' the stability constant is
approximately 10 L kg™, whereas above 10 pg Hg (mg DOM)™' the stability constant is
approximately 10'° L kg™ In this study, the stability constant of 10” L kg™ is consistent with
thiol-like binding sites, whereas the constant of 10'° L kg™ is consistent with carboxyl-like sites.
At approximately 1 ug Hg (mg DOM)™, the conditional stability constant begins to decrease,
suggesting some carboxyl-like sites are effectively competing for Hg(II), lowering the observed
stability constant, and giving an approximate cutoff for the amount of strong binding sites
present in the DOM.

Several studies suggest that Hg(II) strong binding sites in soil organic matter are
composed of multiple sulfur atoms (Xia et al., 1999; Khwaja et al., 2006; Skyllberg et al., 2006).
If we assume that DOM binding sites are similar to soil organic matter binding sites, and two
atoms of reduced sulfur are involved in binding a single Hg(II) atom, the strong binding site
capacity of DOM reported by Haitzer et al. (2002) represents only 3.1% of the reduced sulfur
(1.8% of the total sulfur) in the DOM isolate. Some of the reduced sulfur is likely to be present
as weaker binding dithiols and polysulfides, although Xia et al. (1999) interpreted EXAFS data
to indicate that there is evidence for the participation of a dithiol-like moiety in Hg(II) binding in

concert with strong-binding thiol-like sites. In addition, the multiple-thiol nature of the strong
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Figure 1.4. Conditional stability constant (Kpoy ) for the binding between Hg(II) and a DOM

isolate from the F1 site in the Florida Everglades versus the ratio of total mercury to DOM.
Reproduced from Figure 6 of Haitzer et al. (2002).
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binding sites presents the possibility that lone thiols exist in the DOM but do not strongly interact
with Hg(II). Finally, a portion of the reduced sulfur pool may be sterically inaccessible to Hg(II),
thus accounting for a portion of reduced organic sulfur that does not participate in Hg(II)
binding. Whatever the specific stoichiometry of the Hg(II) binding sites, the Hg(I1)-DOM bonds
are slow to form, despite the rapid water exchange rate of the Hg(II) ion (Stumm and Morgan,
1996). The highest stability constants for Hg(II)-DOM binding are only measured after
approximately 24 h of equilibration time (Gasper et al., 2007; Miller et al., 2007), which gives
further evidence for strong DOM binding sites that are highly specific and difficult for Hg(II) to
access.

Han and Gill (2005) expand the discussion to a broad set of DOM samples by making
their own measurements of conditional stability constants and compiling the Hg(II)-DOM
conditional stability constants of multiple studies under one consistent definition of a stability
constant (reasonable assumptions were required for some studies). The result shows the variation
in ligand concentration (DOM binding sites) as a function of the stability constant (Figure 1.5).
These data depict a continuous distribution of strong Hg(II) binding sites, with the strongest sites
also being the least abundant—a phenomenon that is consistent with conclusions for other metals
(Town and Filella, 2000) and presents the most robust method for describing the distribution of

strength and abundance of Hg(II) complexing sites in DOM observed across multiple studies.
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Figure 1.5. The relationship between mercury ligand concentration (/L/,) and the HgL
conditional stability constant (K,.,s) for natural water samples and DOM isolates. Reproduced
from Figure 4 of Han and Gill (2005); references are those within Han and Gill (2005).
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1.6 MERCURY BINDING ENVIRONMENT

The first known direct observations of Hg(II) binding environments in organic matter
were reported by Xia et al. (1999) using EXAFS spectroscopy. Using a humic acid extracted
from an organic-rich soil horizon and the soil itself, they observed Hg(II) binding environments
at mercury to reduced sulfur (S;.q) molar ratios of 3.1:1 and 0.56:1, respectively, that are
composed of oxygen functional groups as well as sulfur functional groups (Figure 1.6a and
1.6b). Hesterberg et al. (2001) built on this work by using EXAFS to examine Hg(II) binding
environments as a function of the Hg:S molar ratio in a different soil humic acid extract (~70%
of total sulfur was in a reduced state). In general, as the Hg:S ratio decreased from 1.7 to 0.18,
the average number of sulfur atoms coordinating Hg(II) increased, while the average number of
oxygen atoms coordinating Hg(II) decreased. At the lowest Hg:S ratio, approximately 90% of
the Hg(II) binding by the extracted humic acid was by reduced sulfur functionalities. Further
work in soils at Hg:S,q4 ratios as low as 0.01 showed three coordinating sulfur atoms—two sulfur
atoms were in a linear S—-Hg—S binding arrangement and a third sulfur atom stabilized the
complex from a greater distance than the two linear sulfur atoms (Figure 1.6¢c; Skyllberg et al.,
2006). At Hg:Syeq ratios greater than 0.1, the complex was similar to what Hesterberg et al.
(2001) observed with a Hg(II) complex composed of a sulfur atom as well as coordinating
oxygen or nitrogen functional groups (Figure 1.6d). Overall, the results of X-ray spectroscopy
examinations support the conclusions arrived at through binding constant measurements—
namely that reduced sulfur functional groups play a dominant role in Hg(II) binding by organic

matter when the Hg:DOM ratio is sufficiently low.
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Figure 1.6. Four proposed binding arrangements for Hg(Il) in soil organic matter. (a) and (b) are
for Hg:S,eq ratios of 0.56 and 3.1, respectively (open circles represent Hg, hatched represent S,
dotted represent O, and closed represent C); each Hg(II) bond is presented with its length in
angstroms (A ), and Debye—Waller factor (6%), a measure of the dynamic and static disorder of
the bond. (c) and (d) represent potential structures from systems with Hg:S;q ratios of 0.01-0.05
and 0.10-0.40, respectively. (a) and (b) are from Xia et al. (1999); (c) and (d) are from Skyllberg
et al. (2006).
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The studies that make direct observations of Hg(II) binding by organic matter either use
whole soil or organic matter extracted from soil rather than aquatic DOM. One of the primary
differences between studying aquatic DOM and soil organic matter is the concentration. While
aquatic DOM concentrations are typically on the order of milligrams per liter, these studies with
soil and soil organic matter were done between 2.1 and 50 g L™, introducing the potential for
intermolecular interactions that are far less likely in DOM solutions. Aggregation, in particular,
may be problematic because it could shield binding sites from the bulk solution, preventing
Hg(II) interactions. However, the processes that contribute sulfur to organic matter (e.g., abiotic
incorporation of inorganic sulfide, biological sources) may be similar in aquatic DOM and soil
organic matter from organic horizons and probably lead to similar distributions of sulfur
functional groups. Aquatic DOM (Haitzer et al., 2002) and soil humic substances (Skyllberg et
al., 2006) both exhibit a capacity for strong Hg(II) binding that includes <5% of all reduced
organic sulfur, suggesting that reduced sulfur content of organic matter is a poor proxy for the

amount of strong binding sites in both aquatic and soil environments.

1.7 METHYLMERCURY BINDING STRENGTH AND ENVIRONMENT

Studies of methylmercury binding by DOM have followed much the same trajectory
as Hg(II) binding studies. Through a combination of binding constant studies at varying ratios of
methylmercury to organic matter and the application of spectroscopic methods (particularly in
the case of methylmercury interactions with soil organic matter), thermodynamic constants have
been developed in concert with a detailed understanding of the methylmercury binding

environment in organic matter.
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The studies that have measured methylmercury binding by organic matter (dissolved and
soil or peat derived) have measured conditional binding constants (under varying conditions,
including pH) as high as approximately 10'” (based on the reaction RS + CH;Hg" = CH3;HgSR;
Karlsson and Skyllberg, 2003) and have generally concluded that the strength of the MeHg—
organic matter interaction is indicative of methylmercury binding by thiol-like binding sites
(Hintelmann et al., 1995; Amirbahman et al., 2002; Khwaja et al., 2010). These studies have
noted pH-dependent methylmercury binding by organic matter, particularly at slightly acidic
conditions of pH <5. This pH dependence is important because it suggests that thiol groups of
varying pKa values and binding affinities are important at different pH values. For example,
Amirbahman et al. (2002) effectively modeled methylmercury binding using a three-site model
with the sites having pKa values of 4, 7, and 10, which are representative pKa values for
disulfane (RSSH), cysteine, and a general thiol, respectively. Alternatively, models that use thiol
sites that only have higher pKa values of 8.50 and 9.95 (Karlsson and Skyllberg, 2003) or only
have one low pKa of 4.0 (Khwaja et al., 2010) have been created. The differences in the
conclusions between these studies are more likely the result of experimental parameters,
methods, and modeling approaches than structurally different binding environments.

In addition to identifying thiol-like methylmercury binding sites in organic matter,
conditional stability constant studies have been used to examine the capacity of organic matter
for binding methylmercury. The study with the highest methylmercury concentrations observed
the weakest sites, but those weaker sites were still thought to be thiol-like (Amirbahman et al.,
2002). The strong binding site content of organic matter for methylmercury has been identified
as 0.2—13 ng MeHg (mg DOM)' by equilibrium dialysis (Hintelmann et al., 1997) and 14.3-206

ng MeHg (mg DOM) by gel permeation chromatography/hydride generation inductively

27



coupled plasma mass spectrometry (ICP-MS) (O'Driscoll and Evans, 2000)\. The work of
Amirbahman et al. (2002) was carried out between approximately 20 and 215 ng MeHg (mg
DOM)"', which suggests that the three binding sites they modeled were at least representative of
methylmercury binding at more environmentally relevant MeHg:DOM ratios. Studies at lower
MeHg:organic matter ratios measure conditional stability constants that are only somewhat
higher (Karlsson and Skyllberg, 2003; Khwaja et al., 2010). The range of methylmercury binding
constants is much narrower than the range of observed Hg(II) binding constants (e.g., 10'°-10%
L kg™ as observed by Haitzer et al. (2002) for carboxyl-like and thiol like DOM sites), likely
because the range of MeHg concentrations used to study binding has been narrower and focused
on the strong sites. The studies that have examined methylmercury binding constants to organic
matter are generally consistent in their conclusions that thiol-like sites dominate binding,
although binding constants increase as the ratio of methylmercury to organic matter decreases.

X-ray spectroscopy of MeHg bound to organic matter has confirmed the findings of
binding constant studies by directly identifying sulfur-containing binding sites for MeHg in
organic matter. At sufficiently low MeHg:organic matter ratios, MeHg binding environments
consist of a thiol bond (Hg—S distance of 2.30-2.40 A° ) and a Hg—C bond from the methyl
group (Qian et al., 2002; Yoon et al., 2005). Increasing the MeHg:Sred ratio causes a transition
in the average binding environment from sulfur dominated to oxygen dominated (Figure 1.7).
Only at MeHg:S,.q well below 1 does S,.q dominate MeHg binding. This transition represents the
transition from thiol-like sites to carboxyl-like sites, and supports the results of model compound
studies where methylmercury is bound by a single ligand site (Schwarzenbach and Schellenberg,
1965). For comparison, a typical environmental ratio of 0.1 ng MeHg (mg DOM)™ is a

MeHg:S,4 ratio of about 0.002 if the DOM is 1% total sulfur and 70% of that sulfur is reduced.
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Although other reduced sulfur sites exist in DOM, there is no evidence of anything other than a
single thiol-like site coordinating methylmercury at environmentally relevant amounts of

methylmercury.

1.8 DOM AND MERCURY MINERAL DISSOLUTION

The role of DOM in the dissolution and precipitation reactions of mercury minerals is a
critical consideration in some environments. The mercury—sulfide minerals cinnabar (a-HgS) and
metacinnabar (f-HgS) make up the majority of mine wastes related to mercury and gold mining
(Kim et al., 2000; Lowry et al., 2004), and are also found in environments contaminated by
mercury from industrial applications (Barnett et al., 1997; Boszke et al., 2008; Han et al., 2008).
Laboratory experiments have demonstrated the potential for metacinnabar to form in natural
systems that contain only mercury, sulfide, and DOM (Ravichandran et al., 1999; Deonarine and
Hsu-Kim, 2009; Slowey, 2010). Mercury phases other than cinnabar and metacinnabar can be
found in the environment (e.g., HgO, HgCl,) and are typically related to mining activities (Kim
et al., 2000; Rytuba, 2000), but the sulfide minerals are by far the most thermodynamically
stable. It has also been speculated that precipitation of HgS minerals is the dominant mechanism
of mercury loss from active mercury pools (Stein et al., 1996). Colloidal forms of HgS minerals
may be the dominant transport mechanism for mercury in mining-impacted ecosystems (Slowey
et al., 2005b). Mercury methylation requires transport of mercury species across microbial
membranes, and that process is generally only possible with dissolved species (Morel et al.,
1998). Despite the low solubility and slow dissolution of many mercury minerals, methylation

has been observed in environments downstream from mercury-bearing mine deposits (Hines et
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al., 2006; Holloway et al., 2009), which suggests that thermodynamic calculations of solubility
may not tell the whole story of dissolution, precipitation, bioavailability, and transport.

The dissolution of cinnabar and metacinnabar in the absence of DOM (and other
complicating aspects of natural environments) indicates that dissolution at circumneutral pH is
thermodynamically unfavorable (i.e., low mineral solubility), kinetically slow, and similar to
minerals generally considered stable (Barnett et al., 2001). In systems designed to simulate acid
mine drainage (Burkstaller et al., 1975), or with uncontrolled pH (Holley et al., 2007), the
dissolution rates are one to two orders of magnitude higher, but are still relatively slow. Even 14
M HNO:; is insufficient for rapid dissolution of metacinnabar and cinnabar (Mikac et al., 2003);
aqua regia is necessary to completely dissolve the minerals (Bloom et al., 2003; Kim et al.,
2003).

Several mechanisms for the slow dissolution of HgS(s) in the absence of organic matter
have been proposed, and depend strongly on the conditions of the system. Sulfide (Paquette and
Helz, 1995), polysulfide (Jay et al., 2000), and elemental sulfur (Paquette and Helz, 1997)
promote dissolution of HgS(s) under anoxic conditions. In contrast to ligand-promoted
dissolution under anoxic conditions, oxidative dissolution by Fe(IIl) (Burkstaller et al., 1975),
and dissolved oxygen (Barnett et al., 2001; Holley et al., 2007) has also been documented. The
oxidized sulfur species released during oxidative dissolution provide a good measurement of
mineral dissolution rates, but measurement of the dissolved mercury concentration has been
shown to severely underpredict HgS(s) dissolution (Burkstaller et al., 1975; Barnett et al., 2001;
He et al., 2007; Holley et al., 2007). Voltammetric evidence shows that Hg(II) is adsorbed to the
HgS(s) surface after dissolution (Holley et al., 2007). It has been speculated that adsorbed Hg(II)

may reduce HgS(s) dissolution rates (Barnett et al., 2001), although the introduction of chloride
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to complex aqueous Hg(II) did not increase HgS(s) dissolution rates in oxygenated systems at
neutral pH (Ravichandran et al., 1998; Barnett et al., 2001). Chloride did increase the rate of
cinnabar dissolution in acidic Fe(III) solutions (Burkstaller et al., 1975). The general oxidative

dissolution reaction proposed by Barnett et al. (2001):

HgS(s)+ 2=S—H+ 20,(aq) © (=S—-), Hg+ S0~ + 2H*  (Equation 1.4)

involves the adsorption of released Hg(II) to a sulfthydryl surface site (=S—H) and is
circumstantially supported by evidence of a SO,* :H" ratio of 1:2 in HgS(s) dissolution
experiments.

The introduction of DOM to cinnabar dissolution experiments generally results in
increased dissolution of the mineral phase (Ravichandran et al., 1998; Waples et al., 2005; He et
al., 2007). The data also suggest that not all DOM has the same degree of reactivity. DOM
isolates from a range of environments showed mercury release rates from cinnabar dissolution
that differed by a factor of 200 (Waples et al., 2005). Because HgS(s) dissolution is not well
represented by mercury release rates, the mineral dissolution rate is difficult to compare to
studies that used oxidized sulfur species to more accurately measure dissolution rates. However,
both studies that measured mercury release from cinnabar dissolution in the presence of DOM
isolates note undetectable mercury concentrations in the aqueous solution in the absence of
DOM. Increases in DOM concentration resulted in increased dissolution of mercury from
cinnabar (Ravichandran et al., 1998), but only up to a threshold after which mercury release was
independent of DOM concentration (Waples et al., 2005)—a common characteristic of ligand-

promoted dissolution mechanisms characterized by maximum DOM adsorption to the mineral
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surface. The DOM isolates most effective at dissolving cinnabar were the most aromatic and
highest molecular weight (Ravichandran et al., 1998; Waples et al., 2005) as shown in Figure

1.8. Because the rate of dissolution depended on the aromaticity of DOM, the rate of dissolution
was also correlated with the SUVA of the DOM isolates (aromaticity, molecular weight, and
SUVA covary in DOM samples). Despite the relationship between SUVA and cinnabar
dissolution rate, SUVA was not a good predictor of the amount of DOM adsorbed to the
cinnabar surface, unlike what has been observed for oxide minerals (McKnight et al., 1992;
Wang et al., 1997). In addition, total sulfur and reduced sulfur contents of the DOM isolates were
poor indicators of mercury release from cinnabar (Ravichandran et al., 1998; Waples et al.,
2005), even though sulfur functional groups represent the strongest mercury binding sites.

The relationship between aromaticity (and other covarying properties) of DOM and
mercury release during cinnabar dissolution does not itself distinguish a mechanism. It is clear
from observed sulfate concentrations in excess of released mercury concentrations that oxidative
dissolution is taking place and that Hg(II) adsorption to the cinnabar surface is also taking place
in the presence of DOM (Ravichandran et al., 1998; Holley et al., 2007). Mercury release from
cinnabar did not change in the absence of oxygen, suggesting that DOM may play a major role in
the oxidative process that releases mercury (Ravichandran et al., 1998). Certain portions of the
DOM pool, especially quinones, are capable of participating in redox reactions and have been
found in wide-ranging environments (Cory and McKnight, 2005). It is unlikely that DOM
complexation of mercury plays a major role in increasing mercury release from cinnabar.
Dialysis membrane experiments that separated DOM from the cinnabar surface but allowed

mercury to pass and complex with the DOM showed mercury release rates that were much lower
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Figure 1.8. The relationship between cinnabar dissolution rate (normalized to DOC exposure
and surface area) and three parameters of DOM: specific UV absorbance at 280 nm (SUVA280),
aromatic carbon, and average molecular weight. WL HPoA is the hydrophobic acid isolate from
Williams Lake, MN; F1 HPoA is the hydrophobic acid isolate from the F1 site in the Florida
Everglades; Suwannee River fulvic acid (SR FA) and Suwannee River humic acid (SR HA) are

the fulvic acid and humic acid isolates, respectively, from the Suwannee River, GA. Reproduced
from Figure 2 of Waples et al. (2005).
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than when DOM was allowed to contact the cinnabar surface (Waples et al., 2005). Also, the
amount of mercury released in solution was well in excess of the strong binding sites of the
DOM (Waples et al., 2005). This is not to say that aqueous binding of Hg(II) has no effect on
mercury release from cinnabar. Although most ligands proved inadequate for increasing cinnabar
dissolution (even strong Hg(II)-chelating agents like EDTA), the thiol ligands cysteine and
thioglycolic acid did increase mercury release, just not to the extent of organic matter extracted
from natural waters (Ravichandran et al., 1998). It is important to note that the concentration of
reduced sulfur functional groups in the experiments with model compounds were typically two
orders of magnitude greater than the concentration of reduced sulfur in the DOM experiments,
and only a fraction of the reduced sulfur in DOM participates in mercury binding. Although the
mechanism for DOM promotion of cinnabar dissolution is uncertain, it is clear that DOM
adsorption to the cinnabar surface is a critical component of the dissolution mechanism.

Waples et al. (2005) proposed that the effective rate of DOM-enhanced dissolution of
cinnabar is a function of the competitive effects between two distinct pools of DOM—one that
promotes dissolution and one that inhibits dissolution. The dissolution-promoting group tends to
be more aromatic and readily leaves the cinnabar surface after solubilizing Hg(II) atoms. The
dissolution-inhibiting group tends to irreversibly adhere to the surface and block the adsorption
of the dissolution-promoting pool to surface sites. When the two pools interact with cinnabar
simultaneously, and in equal quantities, dissolution rates were not drastically slower than when
only the dissolution-promoting pool had access to the cinnabar. However, when the dissolution-
inhibiting pool equilibrated with the cinnabar surface before the dissolution-promoting pool was
introduced, the rate of cinnabar dissolution was much slower than when the dissolution-

promoting pool alone was allowed access to the cinnabar surface. Organic matter derived from
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terrestrial origins tends to have more of the dissolution-promoting components than organic
matter derived from microbial sources.

The enhanced dissolution of cinnabar and metacinnabar in the presence of unfractionated,
natural waters not only supports the role of DOM but also points to the complexities introduced
by other constituents of natural waters. In particular, the presence of multivalent cations (e.g.,
Ca®" ,Mg”", and AI’") has been shown to drastically change the dissolution of cinnabar in the
presence of DOM. Surface water shows mercury release from cinnabar dissolution that is as
much as two orders of magnitude lower than the same water after it is passed through a cation
exchange resin, which removes multivalent cations (Ravichandran et al., 1998). Some studies
have not observed increased cinnabar dissolution rates in the presence of natural waters
containing divalent cations (Holley et al., 2007), but other studies have. Specifically,
metacinnabar dissolution was higher in low DOC creek water compared to a DOC-free, divalent
cation-free NaCl system, and high DOC water from the Florida Everglades increased dissolution
to a greater extent than the low DOC creek water (Barnett et al., 2001). Both DOC-containing
waters had significant Ca(II) concentrations, suggesting the effect of the DOM in these waters
(about an order of magnitude increase in HgS(s) dissolution over the NaCl solution) may not

have been fully realized.

1.9 DOM AND MERCURY MINERAL PRECIPITATION

In supersaturated solutions consisting of only mercury and sulfide, the precipitation of
HgS(s) takes place within seconds, starting as polysulfide-like Hg—S chains, transitioning to

clusters, then less crystalline metacinnabar, and finally forming crystalline metacinnabar
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particles (Charnock et al., 2003). Cinnabar is the thermodynamically more favorable form of
HgS(s) on the earth’s surface, but metacinnabar forms first, eventually transforming into
cinnabar (Potter and Barnes, 1978). Metacinnabar precipitated in situ (as opposed to HgS(s)
transported from mining activities) has been observed in relatively few environmental sites, and
those sites tend to have higher total mercury concentrations because of local mercury
contamination sources (Barnett et al., 1997; Lechler et al., 1997; Beldowski and Pempkowiak,
2003; Han et al., 2008). Transmission electron microscopic images of the metacinnabar formed
in the soils near Oak Ridge, TN (a mercury-contaminated site) show particles with diameters of
approximately 100 nm. If these particles exist in unimpacted environments, they are likely to go
undetected because of their small size (i.e., they will pass 0.2 um and larger filters and be
considered “dissolved”) and the difficulty of observing small particles in low abundance in a
complex matrix. Thermodynamic speciation of mercury in sulfidic systems focuses on a suite of
Hg—S complexes to explain significant amounts of filter-passing mercury (Dyrssen and
Wedborg, 1991; Paquette and Helz, 1997; Benoit et al., 1999b; Jay et al., 2000; Tossell, 2001;
Charnock et al., 2003; Lennie et al., 2003; Bell et al., 2007), but as the Oak Ridge microscopy
data show, insoluble inorganic metacinnabar particles can also pass filters and be “dissolved.”
Generally speaking, membrane filtration is not done consistently and introduces significant
artifacts, especially when the distinction between dissolved and particulate is important (Hedberg
et al., 2011). In addition, the speciation models tend to discount the effect of DOM because
sulfide strongly out competes even the strongest DOM binding sites. Uncertainties in the Hg—S
thermodynamic constants, which suggests metacinnabar may be a stable form of mercury at
environmental concentrations (Deonarine and Hsu-Kim, 2009), inconsistent partitioning of

mercury—sulfide species to octanol in the presence of DOM (Miller et al., 2007), and the
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observation that metacinnabar particles in the presence of DOM partition to octanol (Deonarine
and Hsu-Kim, 2009) suggest that DOM is important to mercury speciation in the presence of
sulfide and that metacinnabar may be an important form of mercury to consider in natural
sulfidic environments.

In the presence of sulfide and DOM, at least some fraction of the mercury takes the form
of small metacinnabar particles (Ravichandran et al., 1999; Deonarine and Hsu-Kim, 2009;
Slowey, 2010). Stabilization of metal—sulfide particles by organic matter is not a new
observation: CuS(s) and ZnS(s) stabilization has been observed in laboratory studies (Horzempa
and Helz, 1979), experimental wetlands (Weber et al., 2009), and microbial biofilms (Labrenz et
al., 2000; Moreau et al., 2007). The DOM fractions most capable of stabilizing HgS(s) halted
nanocolloidal growth at 1-5 nm in diameter (Deonarine and Hsu-Kim, 2009; Slowey, 2010), and
stabilized aggregates on the order of 20-200 nm (Ravichandran et al., 1999; Deonarine and Hsu-
Kim, 2009; Slowey, 2010). DOC concentrations as low as about 0.5 mg C/L have been shown to
effectively slow the aggregation of HgS(s) particles, and increasing DOM concentrations have
even stronger negative effects on the growth rate (Deonarine and Hsu-Kim, 2009).
Approximately 3 mg C/L has been shown to completely stabilize HgS(s) aggregates <100 nm for
at least 24 h (Deonarine and Hsu-Kim, 2009). In sulfidic systems with 10 mg/L DOM and
<10** M Hg, all of the mercury passed through a 0.1 — pm filter, but when the mercury
concentration was raised to 10 >> M, all of the mercury was retained by the filter (Ravichandran
et al., 1999), indicating that size of HgS(s) aggregates depended on total mercury concentration.
Considering that environmental concentrations of mercury are on the order of 10™'° M, it is not
surprising that sampling with 0.2 and 0.45 pm filters have identified an abundance of “dissolved”

mercury, even in sulfidic systems. Membrane filtration only provides an operational definition of
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dissolved species, can be problematic for other metals (Hedberg et al., 2011), and is probably
also problematic in distinguishing between dissolved and colloidal forms of mercury.

Similar to the case of HgS(s) dissolution, DOM samples that are more aromatic tend to be
most effective in stabilizing HgS(s) precipitates or aggregates (Ravichandran et al., 1999;
Deonarine and Hsu-Kim, 2009; Slowey, 2010). The HgS(s) that precipitates in the presence of
more aromatic DOM samples is less crystalline than the HgS(s) that precipitates in the presence
of less aromatic DOM (Slowey, 2010). Humic and fulvic acids maintain more mercury in
solution (as determined by filtration) than other fractions of the DOM pool (Ravichandran et al.,
1999). A decrease in the SUVA of DOM that remains in solution after reaction with mercury and
sulfide indicates the preferential loss of aromatic carbon as HgS(s) precipitates and DOM
adsorbs to the surface (Ravichandran et al., 1999). The adsorption of DOM to HgS(s) surfaces
leads to more negatively charged surfaces, which in turn increases electrostatic repulsion and
particle stabilization (Ravichandran et al., 1999; Deonarine and Hsu-Kim, 2009). Decreased
HgS(s) particle growth in the presence of DOM was observed at lower ionic strength, proving
that electrostatic repulsion, which becomes more powerful at lower ionic strength, is the primary
mechanism for DOM-coated HgS(s) particle stabilization (Deonarine and Hsu-Kim, 2009).

The exact mechanism for DOM adsorption to HgS(s) is somewhat unclear. Various thiol-
containing model ligands have proven to be at least partially effective in preventing HgS(s)
aggregation, whereas weaker inorganic and carboxyl ligands were not effective (Ravichandran et
al., 1999; Deonarine and Hsu-Kim, 2009). HgS(s) particles are more negatively charged when
the thiol ligands thioglycolic acid or cysteine are adsorbed to the surface, much like when DOM
is adsorbed. The sulfur content of DOM was not a good predictor of DOM adsorption to

cinnabar and metacinnabar (Ravichandran et al., 1998; Waples et al., 2005), although it is clear
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that total sulfur is not a good predictor of Hg(II) binding capacity, and thus may not be a good
predictor of surface activity either. If the mechanism of DOM adsorption to HgS(s) is similar to
the adsorption on oxide minerals, the process involves ligand exchange with surface sites, and is
not entirely reversible (Gu et al., 1994). A complex relationship exists between DOM binding
sites, DOM aromaticity, and HgS(s) surface sites, which promotes the stability of small HgS(s)
particles, although the precise mechanism is an area of ongoing study.

Including Ca®" in the solutions satisfied negative surface charges of the DOM coated
HgS(s) by binding with the DOM or adsorbing to the HgS(s) surface, which decreased the
electrostatic charge and promoted aggregation to larger particles (Ravichandran et al., 1999).
Whole water has not been shown to be especially effective in stabilizing small HgS(s) aggregates
(at a mercury concentration of 10~** M) until the water was run through a cation exchange resin
to remove multivalent cations. Following cation exchange, the whole water was more effective
than before the cation exchange at stabilizing colloidal HgS(s), but was still less effective than
the hydrophobic DOM isolate from the whole water (Ravichandran et al., 1999). The promotion
of HgS(s) aggregation by multivalent cations becomes less pronounced (as defined by the
amount of 0.1 — um filterable mercury) at lower total mercury concentrations (Ravichandran et
al., 1999).

At this point, it is clear that DOM can simultaneously stabilize HgS(s) particles and
promote the dissolution of HgS(s). These two mechanisms compete with one another in systems
supersaturated with mercury and sulfide. The precipitation and redissolution of significant
amounts of HgS(s) in the presence of DOM occurs somewhat cyclically over several hundred
hours when the initial sulfide concentration is well in excess of the total mercury concentration

(Slowey, 2010). DOM can consume excess sulfide and incorporate the sulfide into the organic
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matter structure (Casagrande et al., 1979; Heitmann and Blodau, 2006). Therefore, ecosystems
that have continuous input of sulfide from sulfate-reducing microbes may always have the
drivers necessary for dissolution and precipitation. Increasing sulfide concentrations increases
the redissolution of DOM-coated HgS(s) (Slowey, 2010). The increased redissolution may be
due to the formation of mercury—sulfide complexes (Paquette and Helz, 1995; Benoit et al.,
1999b; Jay et al., 2000; Lennie et al., 2003; Bell et al., 2007), or it may be due to an interaction
with the DOM. At lower sulfide concentrations, more Hg(II) will be bound by the DOM. DOM
interacting with Hg(II) may not be available for surface interactions, and thus cannot promote the
redissolution of HgS(s). Interacting with all of these processes are multiple pools of DOM that
behave differently—some promote dissolution and some inhibit it—and the extent and
reversibility of surface adsorption of each pool has not been adequately studied.

The DOM-stabilized HgS(s) observed in laboratory experiments strongly resembles the
HgS(s) observed in a mercury-contaminated field site. The HgS(s) formed at the field site was
not perfectly crystalline, but resembled metacinnabar, and the size of the HgS(s) particles was on
the order of tens of nanometers (Barnett et al., 1997). The fact that the HgS(s) from the field site
was more rapidly dissolved than crystalline metacinnabar (Barnett et al., 1997; Han et al., 2008)
indicates that special considerations must be made to determine mercury speciation in these
environments. The thermodynamic constants for DOM-stabilized metacinnabar-like HgS(s) may
not be well represented by the thermodynamic constants of crystalline metacinnabar. The
kinetics of dissolution of poorly crystalline, DOM-coated metacinnabar may be significantly
different from the kinetics of well-formed metacinnabar. Altered thermodynamic or kinetic

properties of naturally formed nanocolloidal sized HgS(s) may also be attributable to their size,
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as the interfacial energy of a small particle is likely to destabilize the particle and promote
dissolution (Gilbert and Banfield, 2005).

The role that nanocolloidal HgS(s) stabilized by DOM plays in uncontaminated
environments is not entirely clear. Direct observation of nanocolloidal metacinnabar-like HgS(s)
in the laboratory has been limited to concentrations of total mercury that are orders of magnitude
higher than typically found in uncontaminated environments. However, ultracentrifugation
shows the removal of nanocolloidal mercury species (that are presumably poorly crystalline
HgS(s)) when the total mercury concentration is as low as about 1 nM (Slowey, 2010). The only
direct observation of nanocolloidal HgS(s) in the environment has thus far been limited to
contaminated sites and sites impacted by mining activity. These studies have identified HgS(s)
species as small as a few nanometers in diameter, and the aggregates of these particles only reach
200 nm on the top end. Thus, if HgS(s) is present in natural ecosystems, it has always been
defined as dissolved when samples are filtered through membranes with pores sizes of 0.2 um or
greater. Low total mercury concentrations are also likely to make it difficult to find HgS(s)
species in natural samples that contain significant amounts of other colloidal species. While
direct observation of nanocolloidal HgS(s) has not been observed in uncontaminated natural
environments, there is strong circumstantial evidence that it exists.

When considering the biogeochemistry of mercury in natural ecosystems, DOM must be
considered in almost all processes from the atomic scale to the field scale. Much is known about
the binding of mercury and methylmercury by DOM and the positive correlations between
mercury and DOM in natural environments. However, other interactions and processes are not as
well understood. Data show interesting and potentially important interactions between DOM and

HgS(s) minerals, but many of the molecular scale mechanisms are somewhat unclear. Inherent
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difficulties in studying DOM include the spatial and temporal variability of DOM in natural
environments, and isolating the effects of a small but important subset of molecules from a large
pool of organic molecules. Continued study of mercury—DOM interactions on all relevant scales
will expand our ability to predict and understand mercury biogeochemistry, and will potentially

help us assess and mitigate the ecological and health effects of mercury.
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2.1 ABSTRACT

Direct determination of mercury (Hg) speciation in sulfide containing environments is
confounded by low mercury concentrations and poor analytical sensitivity. Here we report the
results of experiments designed to assess mercury speciation at environmentally relevant ratios
of mercury to dissolved organic matter (DOM) (i.e., <4 nmol Hg (mg DOM)™") by combining
solid phase extraction using C;g resin with extended X-ray absorption fine structure (EXAFS)
spectroscopy. Aqueous Hg(Il) and a DOM isolate were equilibrated in the presence and absence
of 100 uM total sulfide. In the absence of sulfide, mercury adsorption to the resin increased as
the Hg:DOM ratio decreased and as the strength of Hg-DOM binding increased. EXAFS analysis
indicated that in the absence of sulfide, mercury bonds with an average of 2.4 + 0.2 sulfur atoms
with a bond length typical of mercury-organic thiol ligands (2.35 A). In the presence of sulfide,
mercury showed greater affinity for the C;g resin, and its chromatographic behavior was
independent of Hg:DOM ratio. EXAFS analysis showed mercury—sulfur bonds with a longer
interatomic distance (2.51-2.53 A) similar to the mercury—sulfur bond distance in metacinnabar
(2.53 A) regardless of the Hg:DOM ratio. For all samples containing sulfide, the sulfur
coordination number was below the ideal four-coordinate structure of metacinnabar. At a low
Hg:DOM ratio where strong-binding DOM sites may control mercury speciation (1.9 nmol mg™)
mercury was coordinated by 2.3+0.2 sulfur atoms, and the coordination number rose with
increasing Hg:DOM ratio. The less-than-ideal coordination numbers indicate metacinnabar-like
species on the nanometer scale, and the positive correlation between Hg:DOM ratio and sulfur
coordination number suggests progressively increasing particle size or crystalline order with

increasing abundance of mercury with respect to DOM. In DOM-containing sulfidic systems
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nanocolloidal metacinnabar-like species may form, and these species need to be considered when

addressing mercury biogeochemistry.

2.2 INTRODUCTION

Predicting the fate and transport of soft, chalcophilic metals in the environment depends
in part on metal speciation in the presence of sulfide and dissolved organic matter (DOM). The
speciation of mercury (Hg) is of particular concern because of the potential formation of
methylmercury (especially in sulfate reducing systems; Compeau and Bartha, 1985) and
bioaccumulation in aquatic food chains (Benoit et al., 2003). Studies of other metals have
identified nanocolloidal metal-sulfide minerals in sulfide-containing systems, including ZnS(s) in
biofilms (Labrenz et al., 2000) and at microbial interfaces (Moreau et al., 2007), and CuS(s) in
experimentally flooded wetlands (Weber et al., 2009) and experimental systems containing
DOM (Horzempa and Helz, 1979). Colloidal mercury-sulfide minerals, particularly
metacinnabar ($-HgS(s)), the low-temperature polymorph of HgS(s), have been observed in
experimental systems (Ravichandran et al., 1999; Deonarine and Hsu-Kim, 2009; Slowey, 2010),
and at mining (Slowey et al., 2005a) and contaminated field sites (Barnett et al., 1997) but not in
natural sulfate-reducing environments with relatively low mercury concentrations and no point-
source contamination (Gilmour et al., 1998). Efforts to thermodynamically model the speciation
of Hg(II) primarily focus on Hg-DOM complexes in the absence of sulfide and Hg-sulfide
complexes in the absence of DOM. Provided the mercury concentration is sufficiently low,
DOM exhibits a high affinity for Hg(II), dominating mercury speciation in typical oxic surface

waters (Benoit et al., 2001; Haitzer et al., 2002, 2003; Hsu and Sedlak, 2003; Lamborg et al.,

46



2003; Han and Gill, 2005). The high strength of Hg-DOM interactions at low Hg:DOM ratios,
coupled with directly observed mercury soil organic matter binding sites (Skyllberg et al., 2000;
Khwaja et al., 2006; Skyllberg et al., 2006), suggests DOM binding sites are thiol-like in nature,
although the mercury coordination environment has never been directly observed in aquatic
DOM as it has been in soil organic matter. Studies of mercury speciation with sulfide in the
absence of DOM show rapid precipitation of metacinnabar (Charnock et al., 2003) and a number
of dissolved mercury-sulfide complexes (e.g., HgHS,", Hg(HS),’, HgS, %, HgS"), of which
neutrally charged complexes have been hypothesized to be the most important for methylation
(Paquette and Helz, 1997; Benoit et al., 1999a; Benoit et al., 1999b; Tossell, 2001; Lennie et al.,
2003; Bell et al., 2007).

Thermodynamic models that suggest mercury-sulfide complexes dominate mercury
speciation at low mercury concentrations do not compare well with empirical observations of
colloidal HgS(s) stabilized by DOM in experimental systems. In sulfide- and DOM-containing
systems with a mercury concentration of 50 pM, metacinnabar particles were observed as
particles or aggregates of less than 100 nm in diameter. At 50 nM Hg, the particles or aggregates,
if present, were too small to remove via conventional centrifugation (Ravichandran et al., 1999).
Similar work using ultracentrifugation has demonstrated removal of mercury particles from
solutions with concentrations as low as 1 nM Hg, although the removed mercury was only
definitely characterized as metacinnabar-like at 10 uM Hg (Slowey, 2010). The metacinnabar
particles formed in the presence of DOM, sulfide, and relatively high concentrations of total
mercury (i.e., >10 uM) become coated with DOM, which increases electrostatic repulsion and
prevents aggregation and bulk precipitation of metacinnabar (Ravichandran et al., 1999;

Deonarine and Hsu-Kim, 2009; Slowey, 2010). The direct observation of DOM-stabilized
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metacinnabar particles is limited to studies conducted at mercury concentrations far in excess of
most natural systems, where only the weakest DOM binding sites are relevant for mercury
speciation (Haitzer et al., 2002). Speciation calculations, however, suggest that DOM-stabilized
HgS(s) may also be present at common environmental levels of mercury, DOM, and sulfide
(Deonarine and Hsu-Kim, 2009).

The goal of this study was to empirically determine mercury speciation in DOM-
containing solutions with and without free aqueous sulfide at Hg:DOM ratios and total mercury
concentrations that are lower than previously studied and span a range of Hg-DOM binding
strengths. We adopted a solid phase extraction (SPE) method previously used to determine Hg-
DOM binding constants to concentrate hydrophobic mercury species (Benner et al., 1997; Hsu
and Sedlak, 2003) and applied this method over a wide range of Hg:DOM ratios. The speciation
of mercury concentrated by SPE was subsequently examined with extended X-ray absorption
fine structure (EXAFS) spectroscopy for samples of selected Hg:DOM ratios. The results
presented in this paper provide direct insight into the nature of the Hg-DOM bond and on the

role of DOM in mercury speciation in sulfidic environments.

2.3 METHODS

DOM Isolation. Whole water was collected from the F1 site (26°21'35"N, 80°22'14"W) in
the Florida Everglades, filtered through a 0.3 pm glass fiber filter, acidified to pH 2 with HCI,
and passed through a column of Amberlite XAD-8 resin according to the method of Aiken et al.
(1992). The hydrophobic acid fraction (HPoA; comprised of humic and fulvic acids) was

retained on the XAD-8 resin and eluted with 0.1 N NaOH. The eluate was hydrogen-saturated,
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desalted, freeze-dried, and stored for later use. This DOM isolate has been used in several studies
of mercury-organic matter interactions (Ravichandran et al., 1999; Haitzer et al., 2002, 2003;
Waples et al., 2005). Information on the DOM source and characterization is available elsewhere
(Gilmour et al., 1998; Ravichandran et al., 1998).

Experimental Solutions. Two identical sets of experimental solutions were prepared — a
set for experiments only involving SPE, and a set for SPE followed by EXAFS analysis of
mercury on the resin. Experimental solutions for both sets were prepared in deionized water
(>18.0 MQ cm resistivity) and contained 0.01 M NaH,POj,, enough NaClOy to bring the ionic
strength to 0.1 M (as calculated by Visual MINTEQ); Gustafsson, 2010) and an appropriate
amount of 0.1 M NaOH to bring the pH to 6.5+0.1. DOM stock solution was prepared daily,
filtered (0.45 um Supor membranes), and added to the experimental solutions to yield a DOM
concentration of approximately 10 mg L™ for all SPE and most SPE-EXAFS experiments
(measured range 8.6-11.3 mg DOM L™). Some of the SPE-EXAFS experiments were conducted
at approximately 50 mg DOM L. Appropriate volumes of Hg(II) stock solution (Hg(NO3), in
10% HNO3) were spiked into the experimental solutions to achieve mercury concentrations
ranging from 0.35 nM to 1.4 pM. The range of mercury and DOM concentrations allowed some
experiments to be conducted at a Hg:DOM ratio at or below 4 nmol Hg (mg DOM)’, the ratio at
which all strong binding DOM sites become saturated and weak-binding sites begin to also bind
mercury (Haitzer et al., 2002). Sulfide-containing solutions were prepared in an oxygen-free
glovebox. Sodium sulfide (Na,S * 9H,O; washed before use) stock solution was prepared daily
and added to experimental solutions to bring the total sulfide concentration to 100 pM. Solution
bottles were wrapped with aluminum foil to prevent photoreactions and allowed to mix at room

temperature on a shaker table rotating at 150 rpm. Solutions were equilibrated for 20-24 h,
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which has been shown elsewhere to give sufficient time for Hg-DOM equilibration (Gasper et
al., 2007; Miller et al., 2009) and Hg-DOM-sulfide equilibration (Miller et al., 2007; Deonarine
and Hsu-Kim, 2009). Containers for solution/stock preparation and sampling were glass with
Teflon-lined caps cleaned in a solution of 10% HNO; and 10% HCI (trace metal-grade) for at
least 24 h and baked at 400 °C for 4 h.

Solid Phase Extraction. The SPE portion of the experiments was carried out on glass
columns (10 cm length, 0.9 cm diameter; Spectrum Chromatography) packed with 0.500 g of Cyg
resin (Supelclean ENVI-18, Spectrapor). The column fittings and lines were Teflon, except for
the pump tubing, which was polyvinylchloride. Resin-free columns and tubing were cleaned with
a mixture of 10% HNOj; and 10% HCI and rinsed repeatedly with deionized water. Clean resin
was prepared in the column by suspending resin in methanol and rinsing (20 min per rinse at 4
mL min™") with deionized water followed by 5 mM HCI, repeating once, and concluding with
deionized water. The loss of mercury to a resin-free column (<5%) and contamination from a
resin-filled column (<0.03 nM) were sufficiently small to be ignored in the subsequent SPE
experiments, but there was some DOC contamination from resin-filled columns (<5 mg C L™';
presumably methanol).

Cleaned and resin-filled columns were loaded with approximately 1 L of experimental
solution for SPE experiments and 2 L of solution for SPE-EXAFS experiments. Experimental
solutions were pumped through the cleaned resin-filled columns at a flow rate of 4.0+0.2 mL
min™. After expunging the first 2 mL of solution out of each column, the remaining loaded
volume was collected as effluent fractions for chemical analyses. Resin was harvested from the
column following solution loading and was stored under an oxygen-free atmosphere for sulfide-

containing experiments until EXAFS analysis. Mercury recovery from the SPE experiments,
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including mercury in effluent fractions and mercury adsorbed to the resin, was greater than 90%
of the total mercury loaded. Error in the SPE of mercury was related to errors in mercury
measurements (described in next section) and depended on the amount of mercury passing
through the resin. At high retentions (>90%) the error was less than 1% retained mercury, and at
lower retentions (~60%) the error was approximately 4% retained mercury.

Sample Analysis. Dissolved organic carbon (DOC) concentrations were determined using
a total organic carbon analyzer (OI Analytical Model 700). DOM concentrations were calculated
based on DOC measurements and the carbon content of the Everglades F1 HPoA isolate (52.2%
C by mass). Measurements of ultraviolet and visible light absorbance at wavelengths ranging
from 254 to 412 nm were made using a UV - visible spectrophotometer (Agilent model 8453)
with a 1 or 5 cm path length quartz cuvette.

Total aqueous mercury concentrations in initial and effluent samples from the SPE were
determined by cold vapor atomic fluorescence spectroscopy using a Millennium Merlin mercury
analyzer according to EPA Method 245.7. Analytical mercury stocks were prepared from
National Institute of Standards and Technology (NIST) standard reference material 3133.
Mercury standards and most samples were oxidized with 1% (v/v) KBr/KBrOj solution. High
DOM and sulfide-containing samples were oxidized with 2% (v/v) KBr/KBrOj solution to
ensure sufficient residual oxidant to preserve mercury after oxidation of organic matter and
sulfide species. Acceptable recovery of standards was 80—120% with less than 20% relative
difference in duplicate measurements. Typical recovery was 90—110% with less than 10%
relative difference. The detection limit for any given run was always below 0.013 nM Hg based
on three standard deviations of seven replicates of a sample with a concentration one-half of the

lowest standard.
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Solid phase mercury concentrations on the harvested chromatography resin were
measured on a DMA-80 direct mercury analyzer (Milestone Inc.) by thermal decomposition of
the sample, catalytic conversion to elemental mercury, amalgamation, and atomic absorption.
Calibration was done with a series of standard reference materials obtained from NIST and
Environment Canada. Acceptable recovery of the reference materials was 80—120%.

Extended X-ray Absorption Fine Structure Spectroscopy. Resin samples were prepared
for EXAFS by loading 2 L of the experimental solutions outlined in Appendix Table Al onto C;g
resin. Two liters of solution were necessary to maximize the amount of mercury loaded onto the
resin due to the relatively high concentration threshold (approximately 40 ppm Hg) needed to
collect viable EXAFS spectra. The top third of the resin in the column was removed from the
column and used for EXAFS analysis because solid phase mercury analysis indicated it was
more concentrated than the resin in the bottom two-thirds of the column.

EXAFS data were collected on wiggler beamline 11-2 at the Stanford Synchrotron
Radiation Lightsource using a Si(220) monochromator crystal in the ¢ = 90° crystal orientation.
Mercury Li-edge EXAFS spectra were collected using an aluminum coldfinger liquid nitrogen
cryostat (77 K) to minimize thermal vibration and improve the quality of the spectra from low
mercury concentration samples. The resin samples were loaded into aluminum holders in an
oxygen-free environment, enclosed in Kapton tape, and quickly transferred to the liquid nitrogen
cryostat to minimize exposure to oxygen. Spectra were collected on a 32-element high-
throughput germanium detector in fluorescence-yield mode. Gallium filters were used to
minimize interference from inelastic scattering. HgCl, was used as an internal standard for

energy calibration of each spectrum collected.

52



Multiple scans (13 - 22) were collected for each sample, energy-corrected using the
calibration standard, deadtime-corrected for potential loss of signal due to finite photon detection
times, and averaged together. After background subtraction, the data were converted to k-space
with a k’-weighting and Fourier-transformed. The EXAFS spectra were fit over a k-range of 2.0~
9.5 A™" using phase and amplitude functions from model single-shell scattering paths generated
in SIXPack (Webb, 2005) using Feff6l (Rehr et al., 1991). H-C, Hg—O, and Hg—S models (the
only realistic first shell interactions in Hg—-DOM-sulfide systems) were created and constrained
based on the results of the first shell fitting of the resin samples. Mixed interactions were
attempted (i.e., Hg—O and Hg—S), but single atom interactions consistently proved to be better
fits. Given the limited energy range over which spectra were resolvable, only first shell fitting
was successfully completed for each resin sample. The scale factor (Sp) was fixed at 0.9 for all
samples, and the Debye—Waller factor (6°), which serves as a measure of thermal vibration and
static disorder around mercury in the sample, was first allowed to float for all fits; the average
Debye—Waller factor for all samples (0.007 A%) was selected and final fits fixed at this value in

order to directly compare fitting results between samples.

2.4 RESULTS

DOM Solid Phase Extraction. The absorption of ultraviolet and visible (U—vis) light was
used to track DOM adsorption to the C,g resin because small amounts of methanol contamination
in effluent fractions led to erratic DOC measurements. DOM retention by the resin was
consistent regardless of mercury concentration (0.35 nM—1.4 uM) or the presence or absence of

sulfide (Figure 2.1a). DOM retention decreased as the volume of loaded solution increased
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Figure 2.1. (a) The average fraction of ultraviolet and visible light-absorbing DOM components
retained by the C;g resin as a function of absorbing wavelength for approximately 1 L of eight
sulfide-free and five sulfide-containing solutions. Error bars represent 95% confidence intervals
for all mercury concentrations. (b) The fraction of total mercury retained on C;g resin for all
experiments with DOM (8.6-11.3 mg DOM L) and with and without sulfide as a function

of total mercury concentration.
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(Appendix Figure Al). The fraction of UV—vis-absorbing components retained by the resin
increased with increasing wavelength but was generally low — less than 35%. The UV—vis
absorbance of DOM at 254 nm correlates well with the aromaticity of the organic matter
(Weishaar et al., 2003), although more conjugated molecules are expected to absorb at 412 nm.
These data indicate that the more conjugated organic molecules are also somewhat more
hydrophobic and preferentially adsorb to the resin.

Mercury Solid Phase Extraction. Retention of mercury by C;s resin was a function of
mercury concentration and the presence or absence of sulfide (Figure 2.1b), unlike the retention
of DOM. Mercury adsorption to the column did not change substantially through the course of
loading up to 1 L of sulfide-free solution (Appendix Figure A2). The overall efficiency of
mercury adsorption from sulfide-free solutions was dependent on the mercury concentration in
the loading solution (Figure 2.1b). At 5.6 nM Hg and below, the retention of mercury was 85—
91%. At 39 nM Hg and above, retention dropped to 48—61%.

Retention curves for mercury in systems containing 100 pM total sulfide were distinctly
different from those without sulfide (Appendix Figure A2). The retention of mercury from a
sulfide-containing solution with 0.45 nM Hg increased as the total volume loaded increased. In
contrast, at mercury concentrations from 1.5 to 490 nM, the mercury adsorption was consistently
high (Figure 2.1b, Appendix Figure A2). Based on these chromatography results, the mercury
species formed in the presence of sulfide at higher mercury concentrations are slightly more
hydrophobic (>99% retention at 490 nM) than those formed at lower mercury concentrations
(95% retention at 1.5 nM) and substantially more hydrophobic than those formed in the absence
of sulfide. For all cases, greater than 60% of the mercury retained by the resin was present in the

top one-third of the column based on solid phase analysis.
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The 0.45 nM Hg and sulfide solution resulted in uncommon chromatographic behavior —
the retention of mercury increased as the volume of solution loaded onto the resin increased.
Such behavior indicates that the sorbent phase becomes more favorable for the sorption of the
compound in solution as the amount of the sorbed compound increases. In the mercury-DOM-
sulfide systems in this study, two components are accumulating on the resin—mercury and
DOM—and either could be responsible for the increased retention of mercury with loaded
volume. Either the adsorption of mercury from solution could promote the sorption of more
mercury, which could potentially lead to the formation of mercury species on the resin which are
not present in solution, or the adsorption of DOM from solution could promote the adsorption of
more DOM along with the bound mercury species.

To determine which mechanism was responsible for the increasing mercury retention
with increased loading, we compared the retention of mercury from the 0.45 nM Hg, 100 uM
sulfide, 10.6 mg DOM L' solution with the retention of mercury after the resin was preloaded
with DOM (Figure 2.2). A mercury-free preloading solution (9.8 mg DOM L™, 100 uM sulfide,
428 mL) was loaded onto C;g resin and followed with an identical solution that also contained
0.40 nM Hg. The DOM retention was identical in both systems as indicated by the retention of
UV;s4 absorbing components (Figure 2.2). After preloading the resin with DOM, mercury
retention was initially very high (>97%), and the retention did not increase with increased
loading volume as observed in the system without preloading. We interpret the difference in
mercury retention to mean that mercury-mercury interactions were not driving mercury retention
because the DOM-preloaded system showed high mercury retention at the beginning of mercury
loading. Had mercury retention increased with volume after DOM preloading, there would have

been evidence for mercury-mercury interactions, which would have brought into question
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whether the mercury species on the resin are present in solution. Instead, we surmise that DOM
served as a bridge between the mercury species in solution and the resin, and an abundance of
DOM on the resin increased mercury affinity for the sorbent phase.

Extended X-ray Absorption Fine Structure Spectroscopy. Experimental and fitted
mercury Lj-edge EXAFS spectra and the Fourier transforms corresponding to the conditions
outlined in Appendix Table A1 are shown in Figure 2.3. The EXAFS spectra of the three sulfide-
containing systems (Figure 2.3b, 2.3c, and 2.3d) are in phase with one another and out of phase
with the sulfide-free sample (Figure 2.3a). This corresponds with the alignment of the primary
Fourier transform features of the sulfide-containing samples (indicated in Figure 2.3 by a vertical
line) and the misalignment of the sulfide-containing samples with the sulfide-free sample. The
spectra for samples with added sulfide (2.3b, 2.3c, and 2.3d) were best modeled by a mercury—
sulfur bond in the first shell with a Hg—S interatomic distance of 2.51-2.53 A (£0.01-0.02 A,
depending on the sample; Figure 2.3). The mean sulfur coordination number for the sulfide-
containing samples increased with increasing Hg:DOM ratio from 2.3+0.2 sulfur atoms at 1.6
nmol Hg (mg DOM)™ to 3.3+0.2 sulfur atoms at 34 nmol Hg (mg DOM)™. The spectra for the
sample without added sulfide (2.3a) was also best modeled by mercury—sulfur bonds in the first
shell, despite the absence of added sulfide in the sulfide-free system. The Hg-DOM interaction
was fit with a significantly shorter Hg—S distance of 2.35+0.01 A and a coordination number of

2.4+0.2 sulfur atoms.
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2.5 DISCUSSION

Mercury-Dissolved Organic Matter Interactions. In the absence of sulfide and at
sufficiently low Hg:DOM ratios, we hypothesized that Hg-DOM binding would be dominated by
mercury — sulfur interactions because (1) Hg-DOM binding studies have measured large stability
constants consistent with thiol-like sites (Haitzer et al., 2002; Lamborg et al., 2003) and (2) Hg-
soil organic matter (SOM) studies using EXAFS spectroscopy have detected Hg—S bonds at low
Hg: SOM ratios (Skyllberg et al., 2000; Nagy et al., 2011). We observed 2.4 coordinating sulfur
atoms at 2.35 A, which is consistent with observations of a 2—3 sulfur coordination environment
in soil organic matter and soil humic acid as detected by X-ray spectroscopy (Skyllberg et al.,
2006; Nagy et al., 2011) and pH titrations (Khwaja et al., 2006). The Hg—S interatomic distance
is in good agreement with two-coordinate mercury binding environments observed for model
thiolates (Manceau and Nagy, 2008) and represents the first known direct observation of mercury
binding environments in aquatic DOM. Sulfur is a relatively minor element in DOM (1.7 wt % in
the isolate used in this study), and the proportion of sulfur that is actually involved in metal
binding is low (<2% of the total sulfur in this isolate based on 2.4 atoms/site and a binding
capacity of 4 nmol (mg DOM) ™). We also expect that these types of sites are ubiquitous in
organic matter. Similar sites been directly observed in peats and organic matter extracted from
peat (Skyllberg et al., 2000; Nagy et al, 2011). Additionally, DOM from a wide range of
environments has a similar mercury binding strength at a fixed Hg:DOM ratio, which suggests
that sites with similar functional groups are present in all DOM sources (Haitzer et al., 2003).
The observation of multiple sulfur atoms per site suggests the possibility that these sites may be

(1) of biological origin (e.g., dithiols in protein residues), (2) the result of abiotic sulfide
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incorporation into DOM, or (3) the result of multiple DOM molecules coordinating a mercury
atom.

The concentration requirement, or detection limit, of EXAFS restricted identification of
the Hg-DOM binding environment to a Hg:DOM ratio of 4.0 nmol Hg (mg DOM)™', which is the
strong binding capacity of the DOM isolate (Haitzer et al., 2002). Hg:DOM ratios in most
environmental settings are typically a few orders of magnitude lower than this strong binding
capacity. The chromatographic data suggest we can extrapolate information gained at the
Hg:DOM ratio of 4.0 nmol Hg (mg DOM) to lower and more environmentally relevant
Hg:DOM ratios. The sulfide-free data in Figure 2.1b show high retention of mercury (>85%) at
mercury concentrations below 5.6 nM Hg and lower retention of mercury (<62%) at mercury
concentrations above 39 nM Hg.

When normalized to the DOM content of each system (all had approximately 10 mg
DOM L), the transition observed between 5.6 and 39 nM Hg corresponds to a transition
between 0.67 and 4.6 nmol Hg (mg DOM)™. Below the 4 nmol Hg (mg DOM)™' strong binding
capacity of the DOM, the Hg-DOM complexes are significantly more hydrophobic with respect
to the C,s resin than they are above the strong binding capacity. The transition from more to less
hydrophobic complexes as the Hg:DOM ratio increases past 4 nmol Hg (mg DOM)™!
corresponds to the transition from thiol-like Hg-DOM binding strengths to carboxyl-like Hg-
DOM binding strengths (Haitzer et al., 2002). Both types of complexes are significantly more
hydrophobic than the mercury-free DOM, which is only retained at about 20% as measured by
the retention of UV,s4 absorbing components (Figure 2.1a). The sulfur dominated binding
environment observed with EXAFS at 4 nmol Hg (mg DOM)™ is likely only present in a small

subset of DOM molecules and that subset is more hydrophobic than other portions of the DOM
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pool. The chromatography data shown in Figure 2.1b, coupled with our understanding of DOM
binding strengths, suggests that the small number of DOM molecules involved in the directly
observed sulfur dominated mercury binding at 4 nmol (mg DOM)™ persist at lower, more
environmentally significant Hg:DOM ratios where EXAFS was not possible.

Mercury-Dissolved Organic Matter-Sulfide Interactions. The EXAFS spectra from all
three sulfide-containing samples were best fit with a Hg—S scattering interaction at an
interatomic distance of 2.51-2.53 A (Figure 2.3). The Hg-S interatomic distance from all three
samples agrees, within uncertainty, with the 2.53 A Hg—S distance in crystalline metacinnabar
(Charnock et al., 2003). The observed EXAFS spectra are not consistent with cinnabar (which
has six coordinating sulfur atoms at three distinct distances; Charnock et al., 2003), polymeric
HgS species that exhibit two sulfur atoms at a shorter distance of 2.30 A (Bell et al., 2007),
neutrally charged complexes (i.e., HgS(aq) and HgHSOH(aq)) with a single Hg—S interaction at
less than 2.40 A (Tossell, 2001), nor the Hg-DOM interaction described previously. In addition,
simultaneous fits of a Hg—S scattering path at 2.53 A indicative of metacinnabar and a Hg-S
scattering path at 2.35 A indicative of Hg-DOM complexes showed no significant DOM binding
in systems that contained sulfide.

The Hg—S bond distance is independent of Hg:DOM ratio for the three sulfide-containing
samples and matches well with metacinnabar, but the sulfur coordination numbers are all lower
than the four-coordinate structure of crystalline metacinnabar. The modeled coordination
numbers may be explained by imperfectly ordered crystal structures or nanosized HgS(s)
particles where under-coordinated mercury atoms on the particle surface comprise a large
percentage of all mercury atoms in the phase. The disorder in the particles may even be greater

than the coordination number implies because the Debye—Waller factor was fixed in the EXAFS
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modeling, which implicitly assumes that changes in the spectra were related to changes in
coordination number and not the degree of disorder. The modeled coordination number increases
with increasing Hg:DOM ratio (Figure 2.3, samples b, ¢, and d), which suggests that the
Hg:DOM ratio is an important factor in dictating the size or crystalline order of the
metacinnabar-like species. Metacinnabar-like species formed at the lowest Hg:DOM ratio
resemble the initial phases of metacinnabar crystallization characterized by under-coordinated
mercury atoms, whereas the metacinnabar-like species formed at the highest Hg:DOM ratio
resembles a structure approaching that of bulk crystalline metacinnabar (Charnock et al., 2003).
The interaction of DOM with particle surfaces and subsequent control of particle aggregation has
been documented for HgS(s) (Ravichandran et al., 1999; Deonarine and Hsu-Kim, 2009; Slowey,
2010) and other metal sulfides and metal oxides (e.g., Kodama and Schnitzer, 1977; Horzempa
and Helz, 1979), although the formation of HgS(s) has never been directly observed at the
mercury concentrations and Hg:DOM ratios at which mercury is interacting with the strongest
DOM binding sites. The strong DOM binding sites are not strong enough to prevent the
formation of metacinnabar, but the metacinnabar that forms when mercury speciation is
dominated by thiol sites is smaller or less ordered than metacinnabar formed at higher Hg:DOM
ratios.

Our results show that the portion of DOM interacting with the surface of HgS(s) and
preventing growth is more hydrophobic with respect to fractionation on C;g resin than the DOM
that remains in solution. The majority of the DOM in our SPE experiments passed through the
column, although the portions of the DOM that absorb light at higher wavelengths, which
presumably represents greater conjugation, are retained on the resin to a greater degree than the

bulk DOM (Figure 2.1). Additionally, the hydrophobic fraction retained by the resin favors
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adsorption of metacinnabar-like mercury species (Figure 2.2). These results are supported by
previously observed preferential adsorption of aromatic DOM molecules to colloidal
metacinnabar particles (Ravichandran et al., 1999).

EXAFS-derived coordination numbers can be used to estimate particle sizes when they
are significantly lower than the coordination number of the bulk phase and the particles are well
ordered (Calvin et al., 2003; Frenkel, 2007). The less-than-ideal sulfur coordination numbers for
the three metacinnabar-like samples observed in this study indicate the particles are on the
nanometer scale. Referred to as the termination effect, this phenomenon arises when under-
coordinated atoms on a particle surface make up a significant fraction of the atoms in the
particle. The abundance of under-coordinated atoms drives down the average coordination
number for particles in the diameter range of tens of nanometers or less. If we assume that the
HgS(s) is perfectly crystalline, the less-than-ideal coordination numbers of the mercury—sulfur
bonding observed in this study point to particles that are less than 20 nm in diameter, with the
smallest (and most under-coordinated) particles as small as just a few nanometers in diameter. In
a previous study designed to assess the importance of DOM in inhibiting the precipitation of
metacinnabar (Ravichandran et al., 1999), metacinnabar colloids decreased in sized with
decreasing mercury concentration. The minimum mercury concentration for direct
characterization, 50 uM, led to metacinnabar particles or aggregates less than 100 nm as
determined by centrifugation. We have now identified evidence for smaller metacinnabar-like
nanoparticles at 50 nM Hg. Our results are also consistent with observations at 10 uM Hg of
poorly crystalline and under-coordinated HgS(s) particles that are on the nanometer scale

(Slowey, 2010).
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The results presented here contrast with the conclusions of octanol-water partitioning
studies which suggest neutrally charged species (e.g., HgS’ and Hg(SH),) dominate mercury
speciation in the presence of sulfide in natural environments (Benoit et al., 1999b). DOM
significantly alters the octanol partitioning of Hg—S species when mercury concentrations are as
low as 0.1 nM (Miller et al., 2007), and the partitioning of amorphous metacinnabar-like
nanoparticles to octanol has been demonstrated at a mercury concentration of 3 uM (Deonarine
and Hsu-Kim, 2009). Our study bridges the concentration divide by empirically observing a
metacinnabar-like species at an intermediate mercury concentration, which chromatography
suggests is present at even lower mercury concentrations than could be directly observed with
EXAFS. Mercury-sulfide speciation modeling predicts metacinnabar will form at the
intermediate and high mercury concentrations used in this study. However, the speciation
modeling is ambiguous at the low concentrations in this study below about 4 nM Hg because on
the uncertainty in thermodynamic constants (constants for the modeling reproduced in Appendix
Table A2). If metacinnabar is not formed below 4 nM, then speciation modeling predicts
hydrophilic complexes (primarily HgHS,") will dominate in these systems (quantitative
speciation presented in Appendix Figure A3). Hydrophilic complexes will not be retained by the
Cig resin. Our data show the mercury species in sulfidic systems are consistently retained at high
levels by the resin, which indicates that the HgS(s) observed at higher mercury concentrations
also dominates at lower, more environmentally relevant concentrations. Modeling efforts
elsewhere have shown that uncertainty in thermodynamic constants, particularly the
metacinnabar solubility product, makes mercury speciation difficult to predict at environmentally

relevant concentrations (Deonarine and Hsu-Kim, 2009). Our results provide empirical evidence
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that a discrete inorganic metacinnabar-like phase is stabilized by dissolved organic matter at
mercury concentrations and Hg:DOM ratios that are more representative of natural systems.

Environmental Implications. Conventional filtration methods are insufficient to diagnose
the presence or absence of nanosized particles in the environment; however, the potential exists
to use a chromatographic approach to detect the presence of mercury-containing nanoparticles.
Hsu-Kim and Sedlak (2005) noted the adsorption of mercury species to C,g resin when a
wastewater effluent sample was exposed to sulfide. As that study and another (Deonarine and
Hsu-Kim, 2009) have noted, some of those mercury species are not labile to a strong competing
ligand, such as glutathione, whereas dissolved complexes with organic matter are labile. Now
that direct observation of mercury speciation has identified metacinnabar (or at least, a
metacinnabar-like phase) as a potential source of that nonlabile portion at lower mercury
concentrations approaching environmentally relevant concentrations, the potential exists to
identify similar species in natural anoxic waters with a chromatographic approach.

Knowledge of the speciation of mercury is paramount in assessing the extent and kinetics
of the biologically driven conversion of mercury into methylmercury. While this study does not
attempt to determine the role of speciation in methylation, it provides evidence that sulfate-
reducing microbes, which typically reside in sulfide- and organic matter-rich environments, are
likely to be exposed to disordered, nanoparticulate metacinnabar stabilized by dissolved organic
matter. Our results are consistent with the observation of poorly crystalline, nanometer-scale
HgS(s) particles in a mercury contaminated site (Barnett et al., 1997) and illuminate the role of
DOM in HgS(s) formation and stabilization. The mechanism of that stabilization, the rate of
nanoparticle growth and aggregation, and the role DOM-coated nanoparticulate metacinnabar

plays in methylation are critical areas for further research. In addition, the thermodynamics of a
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nanoparticulate phase are not necessarily well represented by thermodynamic constants of the
bulk phase (Gilbert and Banfield, 2005), and thus mercury speciation models may need to

account for disordered nanoparticulate HgS(s).
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3.1 ABSTRACT

Understanding mercury (Hg) speciation in systems containing dissolved organic matter
(DOM) and sulfide is necessary for predicting the fate and transport of mercury in the
environment. We have characterized metacinnabar-like nanoparticles in Hg-DOM-sulfide
systems by concentrating mercury from aqueous solutions containing a suite of DOM isolates on
a chromatography resin, and examining the mercury binding environment with extended X-ray
absorption fine structure (EXAFS) spectroscopy. The amount of time that mercury equilibrated
with DOM before sulfide exposure (12-142 h) and the amount of time that the Hg-DOM-sulfide
system was allowed to equilibrate (4-121 h) did not significantly change the structure of the
metacinnabar-like species. In all cases with variable equilibration times, metacinnabar-like
nanoparticles were under-coordinated with respect to sulfur, although the mercury-sulfur bond
distances were consistent with metacinnabar. Significant changes in the sulfur coordination
number were observed with variable sulfide concentrations (1-100 pM). The changes in sulfur
coordination number suggest that the metacinnabar-like nanoparticles were significantly smaller
or more disordered at lower sulfide concentrations. The size or disorder of metacinnabar
nanoparticles was also correlated with the specific ultraviolet absorbance (SUVA) of the DOM
isolate in the system. DOM isolates of higher SUVA stabilized metacinnabar-like nanoparticles
that were smaller or more disordered than those stabilized by DOM isolates of low SUVA.
Sulfide concentration and DOM composition are important factors for predicting the structural

order of metacinnabar-like nanoparticles formed in Hg-DOM-sulfide systems.
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3.2 INTRODUCTION

Mercury is an excellent example of the difficulties associated with understanding metal
behavior in natural systems and the importance of resolving those difficulties so that we can
address the serious environmental and human health effects of certain metals. Mercury
contamination is widespread, and microbes in many natural systems methylate mercury, which
creates a potent neurotoxin that has negative implications for human health (Mason et al., 1995;
Morel et al., 1998). One of the key steps in the methylation process is microbial uptake of
mercury from solution, but there is an incomplete understanding of the uptake process (is it
active or passive?) and the forms of mercury that are present in solution and available for
methylation (Schaefer et al., 2011).

The speciation of mercury in aquatic environments with low mercury concentrations
depends on several factors, including the impact of dissolved organic matter (DOM), and the
presence of sulfide. DOM is ubiquitous in environmental systems and it controls mercury
speciation in the absence of sulfide by strongly binding aqueous mercury (Haitzer et al., 2002,
2003; Hsu and Sedlak, 2003; Lamborg et al., 2003; Black et al., 2007). Mercury speciation in the
presence of sulfide is more complex. The uncertainty in thermodynamic constants for mercury-
sulfide species leads to ambiguous conclusions about the presence of metacinnabar (B-HgS(s)),
the low temperature polymorph of HgS(s) (Benoit et al., 1999b; Miller et al., 2007; Deonarine
and Hsu-Kim, 2009). Laboratory experiments have demonstrated that metacinnabar precipitation
is likely, even at low mercury concentrations (Ravichandran et al., 1999; Deonarine and Hsu-
Kim, 2009; Slowey, 2010; Gerbig et al., 2011) although precipitated metacinnabar has only been

definitively identified in contaminated sites with high mercury concentrations (Barnett et al.,
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1997). One explanation for the discrepancy between field and laboratory observations of
metacinnabar is that DOM complicates identification of metacinnabar particles in natural
systems.

DOM generally slows or halts particle aggregation by adsorbing to the surface of
particles, which increases electrostatic repulsion and steric hindrance between particles, and
slows aggregation (Horzempa and Helz, 1979; Liang and Morgan, 1990; Tiller and O'Melia,
1993). Preferential adsorption of the hydrophobic portion of organic matter to mineral surfaces
has been demonstrated in the field (McKnight et al., 1992) and in the laboratory (Wang et al.,
1997). Aggregates of metal sulfides precipitated in the presence of hydrophobic organic matter
can be stabilized at 100 nm or less in diameter, and the primary particles that comprise the
aggregates are significantly smaller than 100 nm (Ravichandran et al., 1999; Lau and Hsu-Kim,
2008; Deonarine and Hsu-Kim, 2009; Deonarine et al., 2011). Some evidence exists to suggest
that the primary particles are not well-crystallized (Slowey, 2010; Gerbig et al., 2011).
Furthermore, particles that form at high metal-to-DOM ratios are more crystalline than those that
form at low ratios (Gerbig et al., 2011). Most environmental systems where mercury is a concern
have very low Hg:DOM ratios (Grigal, 2002), but techniques to identify and characterize
nanoparticles in environmental systems are generally lacking (Howard, 2010). We know that
organic matter has significant effects on particle behavior at high metal-to-DOM ratios, but
relatively little is known about the effects of DOM at lower Hg:DOM ratios.

In this paper, we used a solid-phase extraction/extended X-ray absorption fine structure
(EXAFS) spectroscopy technique (Gerbig et al., 2011) to examine four variables that are
potentially important to the size and crystallinity of HgS(s) formed in the presence of DOM:

(1) reaction time between mercury and DOM before sulfide addition, (2) reaction time between

71



mercury, DOM, and sulfide after sulfide addition, (3) sulfide concentration at fixed Hg:DOM
ratios, and (4) the properties of the DOM present during HgS(s) formation. The solid phase
extraction concentrates mercury from aqueous solutions, and EXAFS examines the local binding
environment of mercury atoms within the HgS(s). All solutions had Hg:DOM ratios well below
those used in other studies of metal-sulfide precipitation in the presence of organic matter. We
quantified the changes in HgS(s) size and crystallinity as a function of kinetics, sulfide
concentration, and DOM characteristics at conditions that more closely resemble natural

systems.

3.3 METHODS

Solution composition. Aqueous solutions of mercury, DOM, and sulfide were prepared in
deionized water (=18 MQ cm) which contained a phosphate buffer (10 mM) for a final pH of
6.5+0.1 and enough sodium perchlorate to bring the ionic strength to 0.1 M as calculated by
Visual MINTEQ (Gustafsson, 2010). Sodium phosphate and sodium perchlorate stocks were
filtered through 0.45 um polyethersulfone membranes (Pall Corporation, Supor) before addition
to the deionized water. DOM stock solutions (200 mg L™) were prepared gravimetrically, 0.45
um-filtered, and diluted into the buffered water. Following DOM addition, Hg(II) stock solution
(Hg(NO3), in 10% HNOs3) was added to bring the total mercury concentration to the desired
level. After mercury and DOM were allowed to equilibrate for a period of time (t;), sulfide was
added to the sample from a stock solution (Na,S-9H,0, washed with deionized water before use).
The sulfide-amended solution was allowed to equilibrate for another period of time (t;) before it

was run through a solid phase extraction column to extract the mercury species. Sulfide and
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DOM stock solutions were prepared daily and mercury stock solutions were prepared monthly.
All samples were prepared in an oxygen-free glove box (95% N,, 5% H;) to prevent exposure to
oxygen. One liter of sample was prepared for each condition. The sample bottles were covered in
aluminum foil to prevent photoreactions and mixed at room temperature on a shaker table
(Thermo Scientific, Max Q 2000) rotating at 150 rpm. Containers for all solutions, stocks, and
samples were glass with Teflon®-lined caps. The containers were cleaned in a solution of 10%
HNO; and 10% HCI for 24 h and baked at 400°C for 4 h.

Solid phase extraction. Details for the solid phase extraction of mercury from aqueous
solution to prepare samples for EXAFS were described by Gerbig et al. (2011). In brief, the
aqueous solution was passed through a glass chromatography column filled with 0.500 g of
cleaned C;g resin (Supelclean ENVI-18, Spectrapor) at a flow rate of 4.0 mL min™ in a glove box
filled with 95% N, and 5% H,. Most of the mercury was retained in the upper one-third of the
loaded resin, which was removed from the column and kept under a N»/H, atmosphere until
EXAFS analysis. The retention of mercury by the resin in the solid phase extraction was greater
than 98% of the total mercury in solution for all samples.

Experimental conditions. A variety of conditions were manipulated in this study,
including the origin of the DOM, sulfide concentration, and equilibrium times (t; and t;). The
solution composition and kinetics for each sample is outlined in Table 3.1. Most experiments
were conducted with the hydrophobic acid (HPoA) isolate from the F1 site in the Florida
Everglades (Gilmour et al., 1998). This DOM isolate has been used extensively in mercury
studies (Ravichandran et al., 1998; Haitzer et al., 2002, 2003; Waples et al., 2005; Gerbig et al.,
2011). The most common sulfide concentration used in this study was 100 uM, and the most

common equilibrium times were t;=24 h and t,=24 h.
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The DOM isolates were prepared by acidifying filtered water to a pH of 2, passing it
through XAD-8 resin (Amberlite), eluting the DOM from the resin with 0.1 N NaOH, hydrogen-
saturating the eluate, desalting, and freeze-drying the isolate. The other four DOM isolates used
in this study, in addition to the F1 HPoA, were Florida Everglades site 2BS hydrophobic acid
(2BS HPoA), Suwannee River fulvic acid (SR FA), Williams Lake hydrophobic acid (WL
HPoA), and Pacific Ocean fulvic acid (PO FA). The field locations where the DOM samples
were collected from are described in Appendix Table A3. The only difference between the
hydrophobic acid and fulvic acid isolates is that the hydrophobic acid isolates also contain the
humic acid component of the DOM, which has been removed from the fulvic acid samples by
precipitation at a pH of 1. The structural and chemical characteristics of the DOM samples are
listed in Appendix Table A4.

Chemical analyses. Dissolved organic carbon concentrations were measured with an OI
700 Analytical Model 700 total organic carbon analyzer. The method involves acidification of
aqueous samples to remove inorganic carbon, persulfate oxidation of organic carbon, and
subsequent infrared detection of evolved carbon dioxide. Acceptable recoveries were defined as
90-110% recovery of a sodium benzoate standard and >80% recovery of a caffeine standard.
Dissolved organic carbon concentrations were converted to dissolved organic matter
concentrations based on the carbon content of the DOM isolates presented in Appendix Table
A4. Measurements of ultraviolet (UV) light absorbance of DOM samples at 254 nm were made
on an ultraviolet-visible spectrophotometer (Agilent, model 8453) with a 1 cm quartz cuvette.

Total mercury concentrations were measured with a mercury analyzer (Millennium
Merlin) according to EPA Method 245.7. Mercury stocks were prepared from National Institute

of Standards and Technology standard reference material 3133. Samples were oxidized with 2%
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(v/v) KB1/KBrOs for at least 24 h. Sufficient residual oxidant was verified with starch iodide
paper. Acceptable recovery of standards was 80-120% with less than 20% relative difference in
duplicate measurements. Typical recovery was 90-100% with 10% relative difference. Precision
and recovery were verified by analyzing U.S. Geological Survey standard reference mercury
samples. The detection limit for any given run was always below 0.013 nM Hg as defined by
three times that standard deviation of seven replicates of a sample with a concentration one-half
of the lowest standard.

EXAFS spectroscopy. Mercury Lij-edge EXAFS spectra were collected on beam line 11-
2 at the Stanford Synchrotron Radiation Lightsource using a Si(220) monochromator crystal in
the =90° orientation. Resin samples were loaded into 2 mm-thick aluminum holders and sealed
into the holders with Kapton® tape, all in an oxygen-free atmosphere. A liquid nitrogen cryostat
was used to keep the sample temperature at 77 K during spectra collection to minimize noise
from thermal vibrations and to minimize beam damage of the sample. Spectra were collected on
a 32-element germanium detector in fluorescence yield mode. Gallium filters were used to
minimize inelastic scattering and HgCl, was used as an internal standard for energy calibration
of each spectra.

Two solid reference materials were examined along with the resins from solid phase
extraction. Cinnabar and metacinnabar (Alfa Aesar; mercury(Il) sulfide red and mercury(Il)
sulfide black, respectively) powders were diluted into boron nitride for a total mercury
concentration of approximately 300 ppm Hg. The relatively low concentration was necessary to
ensure the spectra could be collected in fluorescence yield mode without saturating the detector

in a setup identical to that used for the resin samples.
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The number of EXAFS scans varied depending on the concentration of mercury in the
sample and the data quality. With the exception of the reference materials (which only required
three scans), 9-32 scans were done. The lowest concentration resin sample was approximately 35
ppm Hg, while the highest concentration resin sample was approximately 250 ppm Hg (based on
the mass balance of eluted mercury from the solid phase extraction). The scans for each sample
were energy-corrected based on the calibration standard, dead time-corrected for the potential
loss of signal due to finite photon detection times, and averaged together. Background subtracted
spectra were converted to k-space with &*-weighting, and Fourier-transformed.

The EXAFS spectra were fit over a k-range of 2.0-9.5 A™'. This is a fairly narrow energy
range, but spectra quality degraded substantially beyond k=9.5 A'. The only possible atoms
bound to mercury in these systems are sulfur (from the sulfide or from organic sulfur), carbon
(from the organic matter), and oxygen (as a hydroxide species or from the organic matter). Phase
and amplitude functions were created for Hg-S, Hg-O, and Hg-C interactions at various bond
distances and with various geometries with SixPACK (Webb, 2005) using Feft6l (Rehr et al.,
1991).

The initial fits were done by fitting the coordination number, bond distance, Debye-
Waller factor (¢%; a measure of static disorder and thermal vibration), and initial energy
correction, while only the scale factor was held constant at 0.9. Improved goodness-of-fit was
determined by a decrease in the reduced chi-squared of the fit (Xredz), a parameter the accounts
for variations in the degrees of freedome between fits. The initial fits showed that mercury-sulfur
interactions were the only viable fits for all samples and that only a single mercury-sulfur
interaction was necessary to fit samples with DOM. No significant carbon or oxygen bonding

was observed in any fit. We were primarily concerned with changes in nanoparticle size and
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crystalline disorder, and three of the fit parameters — the bond distance, the coordination number,
and the Debye-Waller factor — can be used to evaluate size and disorder of small particles
(Combes et al., 1989; Frenkel et al., 2001; Calvin et al., 2003; Calvin et al., 2005b; Frenkel,
2007). In general, when the coordination number decreases below the coordination number for
the bulk phase, the Debye-Waller factor increases above the disorder of the bulk phase, or the
bond distance decreases below the distance of the bulk phase, then particle size and/or crystalline
order has decreased. The coordination number and Debye-Waller factor are correlated fitting
parameters, so fitting both simultaneously makes comparisons between samples ambiguous. We
held the Debye-Waller factor constant in comparisons to facilitate the use of coordination
number as a measure of particle size or disorder. The constant Debye-Waller factor for each data
set (i.e., variable kinetics, variable sulfide and mercury concentrations, variable DOM, Table 3.1)
is the average of the Debye-Waller factors from the initial fits where the Debye-Waller factor
was allowed to vary. Final fits were determined with this constant Debye-Waller factor (Table
3.1). The Debye-Waller factor is not the same between sets, but averaging it over a smaller
number of samples ensures the average more accurately represents the Debye-Waller factor of
the data in each set. Thus, comparisons within sets are more robust and in comparisons between
sets we account for differences in Debye-Waller factor. Additionally, two fits were generated for
the reference materials: one with a varying Debye-Waller factor and one with the average

Debye-Waller factor of all of the samples in the study.
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3.4 RESULTS

Reference and DOM-free samples. The EXAFS spectra and corresponding Fourier
transforms for the cinnabar and metacinnabar reference materials are significantly different from
each other (Figure 3.1). The frequency of the oscillations is out of phase because the
coordination environment is significantly different between the two samples. The model fit for
cinnabar shows 2.1+0.8 sulfur atoms coordinating mercury at 2.38+0.02 A when the Debye-
Waller factor is a fitting parameter (see Table 3.1 for fitting results). This fit agrees with the
primary mercury-sulfur interaction in cinnabar of two sulfur atoms at a distance of 2.39 A from
the mercury atom (Charnock et al., 2003). Similarly, the four-coordinate, 2.53 A sulfur-binding
environment in metacinnabar (Charnock et al., 2003) is reproduced accurately (3.8+1.1 sulfur
atoms at 2.51+0.02 A) in the metacinnabar reference material when the Debye-Waller factor is a
fitting parameter.

Cinnabar and metacinnabar were also fit with a fixed Debye-Waller factor of 0.0090 A%,
the average value for all of the other samples in this study. When this average Debye-Waller
factor is used, the number of coordinating sulfur atoms in the primary mercury-sulfur interaction
increases significantly, although the mercury-sulfur bond distance remains the same (Table 3.1).
This result is expected because the Debye-Waller factor and the coordination number are
correlated parameters in the fitting model. The features of the fit spectra do not change
significantly when the Debye-Waller factor is varied (Figure 3.1); there are simply larger
amplitudes in the &*-weighted data and corresponding higher magnitudes in the Fourier
transforms. The features in the Fourier transform beyond the primary mercury-sulfur interaction

in cinnabar and metacinnabar suggest that these materials have significant long-range order,.
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which is indicative of well-crystallized materials. The average Debye-Waller factor for the
precipitated samples is probably not an accurate representation of the disorder in the reference
materials because the reference materials were presumably prepared in highly controlled systems
without impurities like DOM to complicated precipitation.

The DOM-free sample shown in Figure 3.1 lacks the clear long-range order that the
reference materials have, so its spectrum was fit with the average Debye-Waller factor of the
samples in this study (0.0090 A?). The potential longer-range order that is present in the Fourier
transform could not be fit with sufficient certainty to include it in the structural model. The fit of
the primary peak (3.9£0.3 sulfur atoms at 2.51+0.2 A) accurately matches the theoretical
coordination environment of metacinnabar and the coordination environment of the
metacinnabar reference material examined in this study. Visual MINTEQ (Gustafsson, 2010)
predicts that metacinnabar is supersaturated in a solution of 157 nM Hgr and 100 uM H,Sr at pH
6.5 based on the equilibrium constants used by Gerbig et al. (2011). The EXAFS data confirm
that metacinnabar precipitates in the absence of dissolved organic matter and that the primary
mercury-sulfur bonds have the expected metacinnabar structure, although the higher Debye-
Waller factor suggests a higher degree of disorder relative to the metacinnabar reference
material.

Variable kinetics of equilibrium times. There are no statistically meaningful differences in
coordination numbers or bond distances with variation in either Hg-DOM (t;) or Hg-DOM-
sulfide (t;) equilibration time. The &’-weighted data (Figure 3.2) shows that all six samples have
the same oscillation frequency, although the spectra for some samples (2d, 2e, and 2f) is
somewhat noisier than for other samples (2a, 2b, 2¢c, and 2¢). All six samples also show similar

mercury-sulfur bond distances (2.50-2.52 A), and the range of average coordination numbers,
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3.4-3.8, is not significantly different among all six samples (Figure 3.3). The Hg-S bond
distances are slightly shorter than the distance in ideal metacinnabar, and the uncertainty in four
of the samples does not overlap the 2.53 A distance of metacinnabar, although the range is only
0.01 A short. The Hg-S distance is not short enough for the mercury species to be interpreted as
any known inorganic complexes (Tossell, 2001; Bell et al., 2007), organic complexes (Skyllberg
et al., 2006; Gerbig et al., 2011; Nagy et al., 2011), or cinnabar (Charnock et al., 2003), which all
have primary Hg-S interactions between 2.30 A and 2.40 A. We conclude that the mercury-
sulfide species in these systems is imperfectly-ordered metacinnabar-like nanoparticles. The
metacinnabar-like nanoparticles form quickly (<4 h) and display the same coordination numbers
and bond distances for long periods of time after formation (>121 h). Their structure is not
affected by the amount of time that mercury is equilibrated with DOM before sulfide addition.

As expected for small or disordered metacinnabar-like nanoparticles, the number of
sulfur atoms coordinating mercury is less than the ideal four-coordinate structure of
metacinnabar. The number of coordinating sulfur atoms reported in this study is slightly higher
than those reported previously for metacinnabar-like nanoparticles formed at similar Hg:DOM
ratios (Gerbig et al., 2011). The slightly higher coordination numbers for these samples may be
the result of fitting the EXAFS spectra with a slightly higher Debye-Waller factor, which will
give rise to higher coordination numbers, because the two parameters are correlated in the fitting
method.

Variable sulfide and mercury concentrations. The variation of sulfide concentration at
two mercury concentration ranges — a low range (95-114 nM) and a high range(399-748 nM)
(Table 3.1) — gives rise to significant variations in EXAFS spectra (Figure 3.4) and fitting results

(Figure 3.5). The k’-weighted data for five samples (labeled 4a-4e) display similar oscillation
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frequencies (Figure 3.4), but the amplitudes differ substantially among samples. These five
samples all have Hg-S bond distances that are consistent with metacinnabar (Table .3.1). The 1
uM H,St, 110 nM Hgr sample (4f) has a Hg-S bond distance (2.46+0.02 A) that is significantly
shorter than the bond distance in metacinnabar, but is longer than other potential mercury-sulfur
species (Tossell, 2001; Charnock et al., 2003; Skyllberg et al., 2006; Bell et al., 2007; Gerbig et
al., 2011; Nagy et al., 2011). This likely indicates substantial disorder in the HgS(s) that is
formed in the system, although it could also suggest a transition to a mercury species with
shorter Hg-S bond distances as sulfide and mercury concentrations decrease. All six samples are
supersaturated with respect to metacinnabar by several orders of magnitude, as predicted by
Visual MINTEQ (Appendix Figure A4; Gustafsson, 2010). In this range of sulfide
concentrations (1-100 pM), metacinnabar solubility is most exceeded at the lowest sulfide
concentrations because higher sulfide concentrations result in higher concentrations of aqueous
mercury-sulfide complexes (Appendix Figure A4).

The five samples that have Hg-S bond distances that are metacinnabar-like still show
substantial variations in coordination number, which suggests variations in particle size or
crystalline order. As mercury concentration decreases while the sulfide concentration is held
constant, or the sulfide concentration decreases while the mercury concentration is held
approximately constant, the average number of sulfur atoms coordinating a mercury atom
decreases (Figure 3.5). The highest concentrations of mercury and sulfide generate a HgS(s)
particle that most closely resembles crystalline metacinnabar (4a; 4.3+0.3 sulfur atoms at
2.53£0.01 A). The least ordered system (4f; 2.1£0.2 sulfur atoms at 2.46+0.02 A) was prepared

at the lowest concentrations of mercury and sulfide.
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The samples with variable mercury and sulfide concentrations had the highest average
Debye-Waller factor (0.0098 A%) of all of the data sets examined. As a result, the coordination
numbers tend to be somewhat higher than samples with lower Debye-Waller factors. However,
the comparison among samples with the same Debye-Waller factor doesn’t change substantially
if they are all re-analyzed with a different Debye-Waller factor. The precise coordination number
changes slightly (the magnitude of change depends on the magnitude of change in the Debye-
Waller factor), and the fits are less precise, but the relative difference between the highest and
lowest coordination number remains approximately constant. Regardless of the precise
coordination number/Debye-Waller factor pair, the variation in particle size or crystalline order
of HgS(s) is a function of the mercury and sulfide concentrations.

Variable dissolved organic matter type. The EXAFS spectra for the five different DOM
isolates all had similar k’-weighted data quality and all showed similar Fourier transformations
(Figure 3.6). The number of sulfur atoms coordinating mercury was slightly below the ideal
metacinnabar structure for all five samples, and the difference between two of the samples (PO
HPoA and F1 HPoA) and metacinnabar was statistically significant (Table 3.1). As with the
variable kinetics samples, we interpret these small coordination number differences to be a
representation of the changes in nanoparticle size or disorder and not a substantial difference in

the mercury species present in the system.
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3.5 DISCUSSION

Nanoparticle size and disorder. In theory, there is a robust relationship between the
average number of sulfur atoms coordinating mercury in a metacinnabar particle and the size of
that particle (Frenkel, 2007). The relationship between the effective coordination number (Nez)
and the diameter of a well-ordered and spherical particle (d) is defined by the equation (Calvin et

al., 2003):

Nepr = (1 —§§+%(£)3> Npuik (Equation 3.1)
where 7 is the atomic radius (the mercury-sulfur bond distance of 2.53 A) and Ny, 1s the number
of sulfur atoms (four) coordinating mercury in a large, perfectly crystalline metacinnabar
particle. Based on Eqn. 3.1, the coordination number is highly sensitive to the particle diameter
for d of less than about 2 nm (Figure 3.7). Above about 6 nm, the change in coordination number
is relatively small compared to the change in diameter, and the effective and bulk coordination
numbers begin to converge. For values of N, determined for the metacinnabar-like particles
formed in this study, particle diameters of less than 1 nm are predicted by Eqn. 3.1 (Figure 3.7).
Eqn. 3.1 assumes well-ordered and spherical particles, which is probably not to be expected for
the metacinnabar-like particles formed in this study. Eqn. 3.1 tends to underestimate particle size
for disordered or non-spherical particles (Calvin et al., 2005a; Calvin et al., 2005b), but it is still
clear that the deviations from the bulk metacinnabar coordination number we observe in this
study are at least partially due to particle sizes on the nanometer scale.

If we instead assume that the metacinnabar-like particles are all the same size, we can
also interpret the EXAFS results as indicative of changes in the disorder of the crystal structure.

For many of the systems the low coordination numbers (e.g., the 1 uM H,St and 110 nM Hgr
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sample has a coordination number of 2.1+0.2) suggest substantial disorder. Additionally, all of
the samples lack the longer-range order (R>3) observed in the cinnabar and metacinnabar
reference materials (Figure 3.1). The Debye-Waller factors for all of the precipitated samples
were significantly higher than the fit Debye-Waller factor for the two reference materials (Table
3.1). The Debye-Waller factors observed in this study are significantly higher than the Debye-
Waller factors for metacinnabar precipitation in the absence of organic matter at high mercury
concentration observed by others (Charnock et al., 2003; Lennie et al., 2003) although the
Debye-Waller factors in this study are comparable to studies that have examined metacinnabar
precipitation in the presence of organic matter (Slowey, 2010).

Equilibration time. In the absence of dissolved organic matter, and at high mercury and
sulfide concentrations, metacinnabar precipitation is rapid — Charnock et al. (2003) reported that
the basic metacinnabar crystal structure is apparent in 5 s and the static disorder in the mercury
bonds drops to the level of crystalline metacinnabar within 20 min. However, the ideal four-
coordinate metacinnabar structure fails to form in the presence of the F1 HPoA organic matter
isolate even after several days of exposure to sulfide (Figure 3.3). Other studies have noted slow
or halted particle aggregation in the presence of organic matter (Horzempa and Helz, 1979;
Ravichandran et al., 1999; Lau and Hsu-Kim, 2008; Deonarine and Hsu-Kim, 2009; Deonarine
et al., 2011), but DOM halts the growth of the primary particles as well. These primary particles
are exceedingly small (<10 nm), poorly crystalline, or both.

Our data contrasts with the observations of Slowey (2010) who noted cyclical increases
and decreases in the amount of dissolved mercury in DOM- and sulfide-containing systems. The
cyclical changes in dissolved mercury were attributed to the precipitation, dissolution, and re-

precipitation of HgS(s) particles. Organic matter is capable of promoting the dissolution of
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HgS(s) (Ravichandran et al., 1998; Waples et al., 2005), but no other studies that have observed
HgS(s) stabilization at higher mercury concentrations have noted significant re-dissolution of
precipitated HgS(s) (Ravichandran et al., 1999; Deonarine and Hsu-Kim, 2009). Our data
indicate that the Hg-DOM-sulfide system rapidly comes to equilibrium after sulfide addition and
that no net change in the metacinnabar-like crystal structure occurs over time.

Similarly, the amount of time for which mercury is equilibrated with DOM does not have
an effect on the crystal structure of the metacinnabar-like nanoparticles. Hg(II) takes
approximately 24 h to come to equilibrium with the strongest DOM binding sites (Lamborg et
al., 2003; Gasper et al., 2007; Miller et al., 2009), and the Hg:DOM ratio used in this study is
below the 4 nmol mg™' strong binding capacity that has been identified for the F1 HPoA organic
matter isolate (Haitzer et al., 2002). Release of mercury from the strong binding sites is either
rapid or slow, but inconsequential to the equilibrium form of the metacinnabar-like
nanoparticles.

Mercury and sulfide concentration. The significant differences in metacinnabar-like
nanoparticle characteristics with varied sulfide and mercury concentration (Figure 3.5) have
important implications for our understanding of the forms of mercury that microbes are exposed
to in natural systems. All of the samples in Figure 3.5 were super-saturated with respect to
metacinnabar, and the systems that were most super-saturated were the ones with the lowest
sulfide concentrations. The size or crystallinity of the metacinnabar-like nanoparticles is not a
function of the degree of super-saturation.

We see the same relationship between coordination number and Hg:DOM ratio that we
observed previously (Gerbig et al., 2011). That is, metacinnabar-like nanoparticles are larger or

more ordered when they are formed in systems with a greater abundance of mercury with respect
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to DOM. This study shows that at a fixed Hg:DOM ratio (all of the samples in Figure 3.5 have
approximately the same DOM concentration, so similar mercury concentrations are also similar
Hg:DOM ratios) higher sulfide concentrations also yield larger or more-ordered metacinnabar-
like nanoparticles. We conclude that the relative abundance of mercury, DOM, and sulfide is
important to the size or crystallinity of the metacinnabar-like precipitates. This suggests that,
depending on the aqueous chemistry of a sulfidic environment, microbes may be exposed to
mercury as (1) aqueous sulfide complexes (Benoit et al., 1999a; Miller et al., 2007), (2) small
and poorly ordered metacinnabar-like nanoparticles like those observed in this study at lower
mercury and sulfide concentrations, or (3) larger and more-ordered metacinnabar-like
nanoparticles like those observed at higher mercury and sulfide concentrations.

DOM characteristics. Although the role of DOM in particle growth and aggregation has
long been recognized (e.g., Horzempa and Helz, 1979), relatively few studies have used a suite
of DOM isolates to characterize the variability in growth as a function of DOM characteristics.
Those studies that do use a variety of DOM isolates have primarily focused on particle
aggregation behavior at high metal and particle concentrations. Deonarine et al. (2011) clearly
showed that the initial aggregation rate of ZnS(s) particles was correlated with the molecular
weight and specific UV absorbance of the DOM isolate in solution. This is consistent with our
understanding that more hydrophobic DOM isolates (humic acid, fulvic acid, and hydrophobic
acid) are more effective at inhibiting the bulk precipitation of HgS(s) particles (Ravichandran et
al., 1999) because these DOM fractions also tend to be the most aromatic, have the highest
SUVA, and have the highest molecular weight (Chin et al., 1994; Weishaar et al., 2003). Studies

of kinetics of precipitation and aggregation of other metal sulfides have failed to find a
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relationship between the organic matter reduced sulfur content (and a suite of other properties)
and metal-sulfide growth rates (Deonarine et al., 2011).

There have been some attempts to characterize HgS(s) disorder when it is formed in the
presence of different DOM isolates (Slowey, 2010), but the Hg:DOM ratios were significantly
higher than what was used in this study (approximately 500 nmol mg™' compared to <4 nmol mg’
1, which complicates comparisons. Generally, the HgS(s) was less ordered when it was formed
in the presence of Suwannee River humic and fulvic acids than it was when it was formed in the
presence of Pony Lake fulvic acid, a DOM isolate with much lower SUVA and aromaticity. In
this study there is a statistically significant (p = 0.05) negative relationship between the specific
ultraviolet absorbance of the DOM isolates at 254 nm (SUV Ajs4nm) and the number of sulfur
atoms coordinating mercury in the metacinnabar-like precipitates in each system (Figure 3.8).
SUVA, the amount of aromatic carbon in DOM, and the molecular weight of DOM are all
positively correlated (Chin et al., 1994; Weishaar et al., 2003), which suggests that the
relationship between SUVA and coordination number is a function of physical properties of the
organic matter structure.

The mechanism of DOM interaction with metal-sulfide particles and the explanation for
the role of DOM in slowing or preventing particle growth and aggregation is somewhat unclear.
Studies of model compounds have shown that organic thiols, which bind metals strongly, are
more effective at preventing aggregation than oxygen- and nitrogen-containing organic
compounds, which bind metals less strongly (Gondikas et al.; Lau and Hsu-Kim, 2008;
Deonarine and Hsu-Kim, 2009). The only model compounds without thiol groups that effectively
slow aggregation are large chelators, such as ethylenediaminetetraacetic acid (EDTA) (Helz and

Horzempa, 1983). This would seem to suggest that surface complexation between the ligands
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and metals on the particle surface is a critical step in preventing particle aggregation and growth.
However, studies that have shown organic matter to be even more effective at preventing particle
growth and aggregation than model thiols use metal concentrations grossly in excess of the
strong binding capacity of the organic matter (Ravichandran et al., 1999; Lau and Hsu-Kim,
2008; Deonarine and Hsu-Kim, 2009; Deonarine et al., 2011). Furthermore, the reduced sulfur
content of organic matter is not a good predictor of particle aggregation rates (Deonarine et al.,
2011) or the efficacy of DOM in promoting HgS(s) dissolution, which should be related to
surface reactions (Ravichandran et al., 1998; Waples et al., 2005). DOM-induced inhibition of
metal-sulfide particle aggregation is a result of the adsorption of DOM to the particle surface.
DOM adsorption imparts a negative surface charge which repels other DOM-coated particles,
and introduces steric effects which physically prevent particle interaction and aggregation
(Horzempa and Helz, 1979; Ravichandran et al., 1999; Deonarine et al., 2011). Multiple
properties of DOM are important in particle aggregation. The Hg:DOM ratio suggests that
specific ligand-metal interactions are important (Chapter 2), and the relationship between DOM
SUVA and coordination number (Figure 3.8) suggests that aromaticity or molecular weight is
also an important component of DOM in metal-sulfide precipitation.

Environmental Implications. This study is the first to examine the role of DOM
composition in nanoparticle growth at low Hg:DOM ratios where the strong binding sites of the
organic matter are relevant for mercury speciation. The SUV Ajsanm of the DOM isolates is
negatively correlated with number of sulfur atoms coordinating mercury in metacinnabar-like
nanoparticles (Figure 3.8). This suggests that bulk properties of the DOM isolates, namely
aromaticity or molecular weight, are important for nanoparticle growth and aggregation at low

Hg:DOM ratios. We can expect the form of mercury in sulfide-containing aquatic environments
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to be significantly different depending on the nature of the organic matter present. In waters
containing DOM of low SUV Ajs4nm, mercury will precipitate as larger and more crystalline
HgS(s) nanoparticles, and these particles will aggregate more readily into bulk HgS(s).
Conversely, in waters containing DOM of high SUV Ajs4nm, mercury-sulfide nanoparticles will
be smaller and less crystalline and the particles will be less likely to aggregate into bulk HgS(s).

Microbial uptake and eventual methylation of mercury in aquatic environments,
particularly those containing sulfate reducing bacteria which are largely responsible for mercury
methylation, depends on the geochemistry of mercury, sulfide, and DOM. It is currently unclear
how inorganic mercury enters microbial cells, though several studies suggest that only small,
neutrally charged complexes passively traverse microbial membranes (Barkay et al., 1997,
Schaefer and Morel, 2009). Some active pathways have also been suggested (Schaefer et al.,
2011). However, these studies fail to consider the potential existence of nanocolloidal
metacinnabar-like particles, relying instead on speciation calculations that are ambiguous and
treat metacinnabar precipitation as the removal of reactive mercury from the environment
(Skyllberg, 2008; Deonarine and Hsu-Kim, 2009).

The results of this study have broad implications for nanoparticles in the environment.
Organic matter may play a substantial role in stabilizing the nanoparticles and multinuclear
clusters that natively form in many natural systems (Rozan et al., 2000; Moreau et al., 2007). The
nature of organic matter may be an important factor when considering the stabilization, transport,
and bioavialability of metal colloids from contaminated sites (Weber et al., 2009; Pédrot et al.,
2011). Non-native nanocolloids introduced for engineering purposes (Liu et al., 2005) or as
contaminants (Hyung et al., 2006) are also likely to be affected by organic matter. It is

reasonable to expect that DOM will not act uniformly with respect to these nanocolloids, much
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as DOM did not act uniformly with respect to the size and crystallinity of the metacinnabar-like
nanoparticles observed in this study.

The data in this study are consistent with the suggestion that a continuum of metal
complexes, clusters, and particles of different size and order are present in the environment
(Rickard and Luther III, 2006; Aiken et al., 2011). Considerations must be made in speciation
calculations and models for the size and morphology of the metacinnabar-like nanoparticles we
observed. For example, it has long been recognized that amorphous ferric (oxy)hydroxides have
different thermodynamic properties than well-crystallized ferric oxides. Poorly crystalline CuS(s)
is three orders of magnitude more soluble than covelite, and the dissolution of poorly crystalline
CuS(s) is not kinetically hindered like the dissolution of covelite (Shea and Helz, 1989). It has
also been shown that natively formed HgS(s) is more easily dissolved than crystalline cinnabar
or metacinnabar in natural systems (Barnett et al., 1997; Han et al., 2008). Even well-crystallized
particles will exhibit significantly different thermodynamic properties when the particles are
nanometers in size due to the destabilizing forces of interfacial energy (Gilbert and Banfield,
2005; Liu et al., 2009). It is reasonable to expect that the metacinnabar-like nanoparticles
exhibited in this study have thermodynamic and kinetic properties that are substantially different
from the thermodynamic properties of bulk metacinnabar. The role these nanoparticles play in
mercury geochemistry needs further research, with an emphasis on how methylating microbes

interact with the nanoparticles.
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4.1 ABSTRACT

Methylation of mercury in natural systems depends on the forms of mercury available to
methylating microbes. In this study we used a tin-reducible mercury assay to examine the
reactivity of mercury under a variety of conditions that may be important to mercury speciation
in aquatic environments. Mercury bound to strong thiol binding sites in dissolved organic matter
(DOM) was less reducible than mercury bound by several organic ligands, including thiol
ligands, and was also less reducible than mercury bound to carboxyl groups in DOM. Mercury
precipitated with sulfide in the presence of DOM was less reducible than Hg-DOM complexes,
but was more reducible than HgS(s) precipitated without DOM present. The reducibility of
poorly crystalline metacinnabar-like HgS nanoparticles coated with DOM increased as the
specific ultraviolet light absorbance (SUVA) of the DOM decreased. These results suggest that
DOM is an important parameter in assessing the potential for methylation of nanocolloidal
metacinnabar-like particles in aquatic environments. The amount of reducible mercury decreased
as the time of equilibration with sulfide increased, especially over the first 2 h of equilibration.
The time that mercury equilibrated with DOM before sulfide addition affected the reducible
mercury fraction but the amount of sulfide in solution had a nominal effect. The tin-reducible
assay for mercury is a useful tool for assessing the reactivity of mercury species. The reducible
mercury results in this study suggest that nanocolloidal metacinnabar-like particles may need to

be considered in methylating systems.
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4.2 INTRODUCTION

Mercury contamination presents a significant ecological and human health concern. Most
contamination is deposited via atmospheric deposition (Wang et al., 2004); consequently, the
contamination is widespread. Sulfate- and iron-reducing microbes convert mercury to
methylmercury (Morel et al., 1998; Fleming et al., 2006), which is a potent neurotoxin that
accumulates in biota (Mason et al., 1995). Although microbes are known to be the primary
pathway for methylmercury production, the forms of inorganic mercury that pass from solution
into the cells are unclear. Several important inorganic and organic forms of mercury have been
proposed in conjunction with active and passive pathways for the entrance of mercury into
microbial cells (Benoit et al., 1999a; Schaefer and Morel, 2009; Schaefer et al., 2011).

Determination of mercury speciation in sulfide-containing environments, where a
significant portion of methylation takes place, often relies on speciation models because the
speciation of mercury at such low concentrations is difficult to measure empirically. With current
thermodynamic data, the models suggest that mercury speciation is dominated by sulfide
complexes and that systems are close to the solubility of metacinnabar (3-HgS(s)), the low-
temperature polymorph of mercuric sulfide (Skyllberg, 2008). Dissolved organic matter (DOM)
is able to strongly bind mercury(Il) in the absence of sulfide (Haitzer et al., 2003; Han and Gill,
2005), but even strong-binding thiol groups in DOM cannot out-compete inorganic sulfide for
mercury(Il). However, DOM significantly complicates mercury speciation in sulfidic systems
when the precipitation of metacinnabar is possible (Ravichandran et al., 1999; Miller et al., 2007,
Deonarine and Hsu-Kim, 2009; Slowey, 2010; Gerbig et al., 2011). DOM interacts with the

surface of precipitating metacinnabar particles, slowing or halting growth of the particles
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(Slowey, 2010; Gerbig et al., 2011) and the aggregates that form from the individual particles
(Deonarine and Hsu-Kim, 2009; Slowey, 2010). The stabilized metacinnabar-like nanoparticles
are small (nanometers in diameter) and poorly crystallized compared to bulk metacinnabar
(Chapter 3; Gerbig et al., 2011).

Particles that are nanometers in size are expected to have significantly different
thermodynamic properties than bulk materials (Gilbert and Banfield, 2005)(Gilbert and Banfield,
2005). Additionally, poorly-crystallized precipitates typically have different thermodynamic
properties than well-crystallized materials. For example, ferric (oxy)hydroxides are more soluble
than well-crystallized ferric oxides such as goethite (a-FeOOH) or hematite (Fe,Os). Recently
precipitated CuS(s) has a solubility product three orders of magnitude greater than the CuS(s)
mineral covelite (Shea and Helz, 1989). HgS(s) formed in mercury-contaminated systems is
more soluble than metacinnabar (Barnett et al., 1997; Han et al., 2008). Several factors have been
shown to impact the size and crystallinity of nanocolloidal metacinnabar-like particles, including
the DOM in the system when they precipitated (Chapter 3). Methylating microbes are likely to
be exposed to nanocolloidal metacinnabar-like particles coated in DOM, but little is known about
the reactivity of these particles and how their reactivity depends on the nature of the DOM
interacting with the particle surfaces.

To assess the effect of the nature of DOM and the kinetics of mercury interaction with
DOM and sulfide, we examined the reactivity of mercury species in the presence of DOM
isolates from eleven sources with and without sulfide using a tin-reducible mercury assay. For
this assay, reducible mercury (Hgg) is defined as the amount of mercury that is quickly converted
to elemental mercury (Hg") by SnCl, in an otherwise chemically unaltered sample. A variety of

studies utilize reducible mercury measurements to assess the amount of labile mercury in
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sediment or water samples (Krabbenhoft et al., 1998; Lindstrém, 2001; Lamborg et al., 2003;
Lamborg et al., 2004; Miller et al., 2007; Marvin-DiPasquale et al., 2009). Most importantly, the
fraction of reducible mercury (Hgr/Hgr) in soil columns has been shown to positively correlate
with the methylation rate of mercury in the natural systems (Marvin-DiPasquale et al., 2009). By
examining the fraction of Hgg in a variety of laboratory systems, we were able to characterize
the stability of nanocolloidal metacinnabar particles as a function of important environmental

variables and speculate on the significance of nanocolloidal metacinnabar for methylation.

4.3 METHODS

Dissolved organic matter samples. Eleven different organic matter (DOM) samples were
used in this study. Freeze-dried isolates were prepared according to the method of Aiken et al.
(1992), which utilizes Amberlite XAD-8 and XAD-4 resins to separate dissolved organic matter
based on the polarity of the DOM molecules. To prepare hydrophobic acid (HPoA) samples,
whole water was filtered through a 0.3 pm glass-fiber filter, acidified to pH 2, and passed
through a column of XAD-8 resin, which absorbed the hydrophobic acid portion of the DOM.
The sorbed DOM was eluted with 0.1 N NaOH, de-salted, proton-saturated, and freeze-dried.
Humic and fulvic acids, which together comprise HPoA, were separated by acidifying the
XAD-8 eluate to pH < 1 to precipitate the humic acids (Thurman and Malcolm, 1981), which
were removed via centrifugation. The transphilic acid (TPiA) used in this study is the fraction of
DOM that passes through the XAD-8 resin and absorbs to the XAD-4 resin at pH 2. TPiA from

XAD-4 was eluted and prepared in the same manner as the HPoA.
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Most experiments were conducted with the hydrophobic acid isolate (HPoA) from the F1
site in the Florida Everglades. This DOM sample has been used extensively for other mercury
studies (Ravichandran et al., 1998; Ravichandran et al., 1999; Drexel et al., 2002; Haitzer et al.,
2002, 2003; Waples et al., 2005; Miller et al., 2007; Gerbig et al., 2011). The other ten DOM
samples (Table 4.1) represent a range of chemical characteristics and environments. Elemental
composition (including reduced sulfur content) and ?C-NMR characterization for most of the
organic matter samples is compiled elsewhere (Waples et al., 2005; Deonarine et al., 2011) and
is reproduced in Appendix Table A3.

Solution composition. Solutions containing DOM, mercury, and sulfide (where
necessary) were prepared in deionized water (> 18 MQ cm). Two different buffers were used to
maintain pH 6.5+0.2. Solutions prepared with a phosphate buffer contained 5 mM NaH,PO, and
the pH was adjusted with 1 N NaOH. Solutions prepared with a carbonate buffer contained
3 mM NaHCOs; and the pH was adjusted with 0.3 N HNOs. The ionic strength of all samples was
adjusted to 0.1 M with NaClO4 based on calculations done in Visual MINTEQ (Gustafsson,
2010). DOM was added to buffered solutions from stock solutions that were prepared by
dissolving the organic matter isolates in deionized water and filtering the stock through 0.45 pm
polyethersulfone membranes (Supor, Pall Corporation). Some experiments contained 10 uM of
an organic ligand instead of dissolved organic matter (Table 4.2). These compounds were
prepared as stocks and added before mercury was added to the solution. Mercury was added after
the DOM as a small-volume spike from a stock solution (Hg(NO3), in 10% HNOs3). Sulfide was
added after mercury. The sulfide stock was prepared by washing Na,S-9H,0 with deionized
water before use. All solutions were prepared in glass flasks with glass stoppers that were

cleaned in 10% HCl and 10% HNOs and baked at 400°C for 4 h to remove mercury and organic

105



"(1102)

‘|12 duieuoaq Aq panodal sy, (S00¢) ‘|e 12 sajdep Ag pasn Jou sem ajdwes INOQ,, "3SIMJ3Y30 p3jou ss3jun (S002) "|e 12 sa|dep Aq paniodal sy,

%T0T LY'S SS°'S 06'9 (VH ¥S) p1oe d1wny JaAly 93uuemns
%€0T 67 90°s S¥'9 (VH ¥Y0) p1ediwny Jaary olyo
%98 8C'S sy ¥9°G (VH 480) p1oe diwiny JaAly 9329930
- g ey 07 s (VOdH ¥S) pioe diqoydoipAy Janry sauuemns
%6 60°€ T6'C 7 (VOdH T4) p1oe diqoydoupAy T4 sape|diang
%C0T 68°C 96°C 107 (V4 ¥30) pedIAIng JaAlY 99429930
%C0T LTT 0C'C 8T'E (V4 ¥YO) p1edIA|Ny JBAIY 01YO
- qeu 06'T 18T (V1d1 T4) p1oedljiydsuey T4 sape|diang
%E6 LTT 10T ¥8'C (VOdH ¥Y0) pieaiqoydoipAy JaAiy olyo
%€E0T €T 9€'T (0] 4 (VOdH 1M) p1oe diqoydoapAy oxeq swel||Im
%E6 70 Tv'0 0,0 (V4 Od) pediA|ny ueadQ d1yioed
(pesuodau/painsesw) mr.E H.mE 1) WuosZy ANS AH-E H,mE 1) W08z ANS AH.E H.mE 1) WSty AN 91e|0s| INOd

1UdWaaJge WLy ANS

payoday

painsesin

paijnsegn

. Apn)s siy) ur pasn sape[ost WO Y3 10§ uostredurod (VANS) dULqIOSqe J[01ABDN IYAS [y dqEL

106



Table 4.2. The reducibility of various mercury complexes with simple organic ligands.’

Organic Ligand® Molecular Weight (g mol™)° Hgr (% Hgr)
glycolic acid 76.1 91
glycine 75.1 101
EDTA 292.2 85
thioglycolic acid 92.1 105
cysteine 121.2 63
glutathione 307.3 66

®Conditions: carbonate buffer, pH 6.5-6.7, model compound concentration 10 uM, Hgr=0.25-

0.27 nM, equilibration time approximately 2 h. ®Structural models for the organicligands are

available in Appenix Figure AS. “Listed molecular weight is for the acidic, mercury-free
molecule.
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carbon contamination. Sulfide-containing solutions, solutions with an organic thiol ligand, and
the stocks used to make those solutions were prepared in a glove box (95% Na(g), 5% Hx(g)) and
were kept anoxic until analysis by sealing the stopper with electrical tape. Flasks were covered
with aluminum foil to prevent photoreactions and were allowed to equilibrate quiescently.

Experimental conditions. The parameters varied in this study include DOM source,
mercury concentration, sulfide concentration, mercury-DOM equilibration time (¢;), and
mercury-DOM-sulfide equilibration time (#,). The standard sulfide-free system contained about
10 mg L™ of the Everglades F1 HPoA isolate, and 0.25 nM Hgr, and was equilibrated for about
24 h (t;). The standard sulfide-containing system contained about 10 mg L™ of the F1 HPoA
isolate, 2.5 nM Hgr, and 100 uM H,St and the equilibration times were about #; = 24 h and
t>=24 h. More total mercury was used in sulfide-containing systems because reducible mercury
was not detectable in the sulfide-containing systems containing Hgr = 0.25 nM.

Reducible mercury measurement. Reducible mercury (Hggr) was measured by adding tin
chloride reductant to the experimental solutions and measuring the amount of evolved elemental
mercury. The reductant stock solution was prepared by dissolving 100.0 g SnCl, (Certified ACS
grade, Fisher Scientific) in 50 mL trace metal-grade HCI to which 400 mL of deionized water
was added after the SnCl, dissolved. The reductant solution was continuously purged with a
high-purity He or N, gas stream that contained an in-line gold trap to scrub elemental mercury
from the gas. The reductant stock solution was added to samples at a ratio of 1.0 mL of reductant
solution to 100 mL of sample. Samples with high concentrations of Hgr were diluted with
deionized water before adding the stock solution. The reduced samples were purged with
ultrahigh-purity He or N, gas flowing at 250-300 mL min™' for 15 min while mixing on a shaker

table. The evaded vapor was passed sequentially through a soda lime trap and a gold trap to
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remove acid vapors and elemental mercury, respectively. The amount of elemental mercury on
the gold trap was analyzed by thermally desorbing the mercury from the gold trap on to a second
gold trap, thermally desorbing from the second trap into a high purity Ar gas stream, and
utilizing cold vapor atomic fluorescence spectrometry (CVAFS; Tekran Model 2500 mercury
analyzer) to detect elemental mercury in the Ar gas stream.

Standards for Hgr measurements were made from a National Institute of Standards and
Technology (NIST) reference material. Standards were spiked into 0.5% (v/v) trace metal-grade
HCI immediately before Hgr measurement. The relative standard deviation of the ratio of
standard mercury mass to analytical peak area for all standards was less than 10%. Due to the
nature of the analysis, matrix tests were not possible. However, recovery of known mercury
spikes into 0.5% (v/v) HCI was 90-100%. Blanks (0.5% HCI) were repeatedly analyzed. The
daily detection limit of the method, based on three times the standard deviation of the blank
measurements (n > 4), was always below 0.25 ng Hg and was typically below 0.10 ng Hg.
Duplicate measurements were made on approximately 10% of Hgr samples. The relative
difference between duplicates was always less than 10%. Experimental replicates (2-4) were also
performed for a subset of experimental systems. Estimates of error presented in this study are for
experimental replicates. Reactive mercury was measured on an absolute mass basis, and
converted to a concentration based on the volume of analyzed sample. The reactive mercury
fraction (Hgr/Hgr) is the ratio of the amount of mercury reduced by tin to the total mercury
concentration (HgT) in the sample.

Chemical analyses. Total mercury measurements were made according to EPA method
245.7 by oxidizing the sample to destroy mercury-DOM and mercury-sulfide species, followed

by reduction with SnCl,, and mercury detection with CVAFS (Millennium Merlin, PS
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Analytical). Mercury stocks were prepared from NIST standard reference material 3133.
Samples were oxidized with 2% (v/v) KBr/KBrOs for at least 24 h. Sufficient residual oxidant
was verified with starch iodide paper. Acceptable recovery of standards was 80-120% with less
than 20% relative difference in duplicate measurements. Typical recovery was 90-100% with
10% relative difference. Precision and recovery were verified by analyzing U.S. Geological
Survey standard reference mercury samples. The detection limit for any given run was always
below 0.011 nM Hg as defined by three times that standard deviation of seven replicates of a
sample with a concentration one-half of the lowest standard.

Dissolved organic carbon concentrations were measured with an OI 700 Analytical
Model 700 total organic carbon analyzer. The method involves acidification of aqueous samples
to remove inorganic carbon, persulfate oxidation of organic carbon, and subsequent infrared
detection of evolved carbon dioxide. Acceptable recoveries were defined as 90-110% recovery
of a sodium benzoate standard and >80% recovery of a caffeine standard. Dissolved organic
carbon concentrations were converted to dissolved organic matter concentrations based on the
carbon content of the DOM isolates (Appendix Table A3). The amount of DOM in experimental
systems was calculated based on the dilution of measured DOM stock solutions. Measurements
of ultraviolet (UV) light absorbance of DOM samples were made on an ultraviolet-visible
spectrophotometer (Agilent, model 8453) with a 1 cm quartz cuvette. The specific UV

absorbance (SUVA) was calculated according to the formula (Weishaar et al., 2003):

UV absorbance at A (cm™1)
DOC (mgC L™1)

suva, = )x100 (Equation 4.1)

at wavelengths of A = 254 nm and 280 nm. The SUVA values for the DOM samples used in this

study compare well with reported SUVA values, as shown in Table 4.1
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4.4 RESULTS

The comparison between the amount of reducible mercury in three different systems —
standard Hg-DOM, standard Hg-DOM-sulfide, and DOM-free mercury and sulfide — in both
buffers is presented in Figure 4.1. The amount of reducible mercury in the phosphate buffer is
consistently lower than the amount of reducible mercury in the carbonate system because some
of the tin precipitated with the phosphate in the phosphate-buffered solution. No tin precipitation
was observed in the carbonate-buffered solution.

Hg-DOM complexes that are formed in the sulfide-free system are more reducible than
the mercury species formed in the systems that contain 100 uM sulfide (Figure 4.1). Reducible
mercury in sulfide-containing systems is higher when DOM is present. The amount of reducible
mercury in sulfide-containing systems without DOM is only slightly above the detection limit for
the reducible mercury measurement.

The amount of reducible mercury in sulfide-free systems with DOM is substantially
lower than the amount of reducible mercury in systems that contain a suite of organic ligands
(Table 4.2). The organic ligands all have reducible mercury fractions greater than 60%, while the
reducible mercury fraction in the standard DOM system is less than 15% (Figure 4.1). The
organic ligands were equilibrated with mercury for only 2 h, compared to 24 h of DOM
equilibration with mercury, but a 24 h equilibration with ethylenediaminetetraacetic acid
(EDTA) showed that the reducible mercury fraction did not substantially change from 2 h to 24 h
(85% versus 82%, respectively). The Hg-organic ligand binding constant is not a good predictor
of the amount of reducible mercury. For example, the binding constants for the dominant

glycolic acid, glycine, and thioglycolic acid complexes vary over 36 orders of magnitude
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Figure 4.1. Comparison of the reducible mercury fraction under three different conditions in two
different buffers. Constant conditions: #; = 23.1-23.9 h (for samples with DOM), t, =23.3-259 h
(for samples with sulfide), Hgr = 0.26-0.28 nM for sulfide-free systems, Hgr = 2.3-2.4 nM for
sulfide-containing systems. Error bars represent one standard deviation for 2-4 replicates,
depending on sample).
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(log B> =7.05, 9.3, and 43.8, respectively; Rossotti and Whewell, 1977; NIST, 2004), but the
differences in the reducible mercury fraction are small between the samples. The reducible
mercury fraction is also generally unrelated to the molecular weight of the complexing ligand.
Both thioglycolic acid and cysteine are thiol-containing ligands that bind mercury very strongly
(NIST, 2004), and both have similar molecular weights, but the fraction of reducible mercury
varies substantially between them.

The amount of mercury relative to the amount of DOM has an important impact on the
reducible mercury fraction. At low Hg:DOM ratios, the Hgr fraction in the phosphate-buffered
system is less than 10%, but as the Hg:DOM ratio rises past about 1 nmol mg™', the amount of
reducible mercury increases substantially (Figure 4.2). The same general relationship is observed
in the carbonate-buffered system. The Hg:DOM ratio for most sulfide-containing and sulfide-
free systems in this study was about 0.03 and 0.3 nmol mg™, respectively. Both systems are
below the Hg:DOM ratio where significant changes are expected in the Hgr fraction due to a
high Hg:DOM ratio.

At a fixed Hg:DOM ratio (~0.03 nmol mg™), the effect of the mercury-DOM
equilibration time (¢;) on the Hgg fraction in sulfide-free systems is important, especially for
short Hg-DOM equilibration times (Figure 4.3). The phosphate-buffered system shows a large
decrease in the Hgg fraction with ¢, between 0.12 and 6 h, at which point there is no major
change in the Hgg fraction up to 70 h. The carbonate-buffered system has a higher Hgr fraction
at high #;, as we would expect because the carbonate buffer generally shows higher Hgg fractions
than the phosphate buffer (Figure 4.1). The sample from the carbonate-buffered system at low ¢,
(< 1 min) showed that Hgp is initially very high and decreases rapidly to the levels seen in the

phosphate-buffered system, in which more gradual changes occur.
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Figure 4.2. The relationship between the reducible mercury fraction and the Hg:DOM ratio for
sulfide-free systems with two different buffers. Constant conditions: DOM = 8.8-9.4 mg L™
Everglades F1 HPoA, ¢, = 23.5-24.5 h. Error bars represent one standard deviation for 2-4
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Figure 4.3. The reducible mercury fraction as a function of the mercury-DOM equilibration time
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all others were 0.23-0.29 nM. DOM = 8.8-9.4 mg L' Everglades F1 HPoA for all samples. Error
bars represent one standard deviation for three replicates.
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SUVA,s4 of the DOM is not good predictors of the Hggr fraction in sulfide-free systems
after we account for mercury contamination in select DOM samples (Figure 4.4a). Three of the
DOM samples used in this study — the Ogeechee River HA and FA and the Suwannee River HA
— had high background levels of mercury in the isolate. The three contaminated isolates
(indicated with asterisks in Figure 4.4) had background mercury contamination of 0.01-0.02
nmol mg™', which nearly doubled the amount of total mercury in those sulfide-free systems (the
other isolates had mercury concentrations that ranged between below the detection limit, 0.1
pmol mg™', and 0.2 pmol mg™). The reducibility of the mercury contamination may not be the
same as the reducibility of the mercury equilibrated with the other DOM samples. When we
exclude the three contaminated DOM isolates from the data presented in Figure 4.4a, there is no
relationship between DOM SUVA;s4 and the Hgg fraction.

DOM in sulfide-containing systems, however, does have a variable impact on the Hgg
fraction depending on the SUV A,s4. The effect of mercury contamination in the three
contaminated isolates was less significant in the sulfide-containing systems because the amount
of mercury spiked into the system was ten times greater than the amount of mercury spiked into
the sulfide-free systems. The four samples with SUV A,s4 values below about 3.5 L mg'1 m! all
show reducible mercury levels that are significantly lower than those DOM isolates with higher
SUV Ajs4 values. Three of the four DOM isolates with the highest SUVA values have Hgg
fractions above 5%. The DOM isolate with the highest SUV A;s4 value, the Suwannee River HA,
is somewhat anomalous. The Hgg fraction for the Suwannee River HA is lower than that for the
other DOM isolates with high SUV A;s4 values, but it is still greater than the fraction of Hgr for

the DOM isolates with low SUV A,s4 values.
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Figure 4.4. The reducible mercury fraction as a function of the specific ultraviolet absorbance of
the DOM in the system for (a) sulfide-free systems in two different buffers, and (b) sulfide-
containing systems in carbonate buffer. Each sample is labeled with the DOM isolate.
Abbreviations correspond to Table 4.2. Samples with an asterisks had high background levels of
mercury. DOM = 6.9-10.5 mg L™'; Hgr = 0.23-0.37 nM in sulfide-free systems, except for DOM
samples with high background mercury concentrations (*); Hgr = 2.1-2.8 nM in sulfide-
containing systems; #; = 22.1-24.0 h for all samples; #, = 23.5-24.5 h for all sulfide-containing
samples. Error bars represent one standard deviation for 2-4 replicates, depending on sample.
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Equilibration times in sulfide-containing systems had mixed effects on the Hgg fraction.
An increase in the time for mercury to equilibrate with Everglades F1 HPoA (#;) had little effect
on the Hgg fraction when 7, was fixed at about 24 h (Figure 4.5a). The increase in the Hgg
fraction with increasing ¢; was small on an absolute scale, and the only potentially meaningful
difference in the Hgg fraction is between ¢, = 0.17 h and 70.2 h (0.19% and 0.95% Hgg,
respectively). An increase in the time for the Hg-DOM (Everglades F1 HPoA as the DOM
isolate) solution to equilibrate with sulfide (z,) decreased the Hgg fraction (Figure 4.5b). The Hgg
fraction dropped from about 5.9% at £, =0.17 h to 0.3% at #, = 2.0 h. There was a slight increase
in the Hgg fraction beyond about 10 h, but the increase was small compared to the decrease in
Hgr over the first 2 h.

The amount of sulfide added to the system also had a small effect on the reducible
mercury fraction (Figure 4.6). The Hgr fraction increased as the total sulfide concentration was
increased from 0.3 to 3 uM. From 3 to 100 uM, the Hgr fraction decreased with increasing total
sulfide concentration. Most of the changes in Hgg with variable sulfide concentration are too
small to be significant. The 95% confidence interval of the replicated system at 100 pM H,Sr is
+0.6%. If we apply that interval to all of the other samples, the only significant difference is
between the sample with the low Hgr fraction at 0.3 uM H,St and sample with the high HgR
fraction at 3 pM H,St. The variable sulfide system is also complicated by likely changes in
sulfide concentration over time. The amount of sulfide in the system is reported as the initial
concentration based on dilution of the stock solution used to prepare the sample. The sulfide
concentration is expected to decrease over time as it reacts with organic matter (Heitmann and
Blodau, 2006; Einsiedl et al., 2008). The half-life for sulfide incorporation into DOM, in systems

similar to those used in this study, has been reported as 3.9 h (Heitmann and Blodau, 2006). The
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Figure 4.5. The effect of (a) Hg-DOM equilibration time (¢;) and (b) Hg-DOM-sulfide
equilibration time (#;) on the amount of reducible mercury in systems that contain 100 uM H,St
in phosphate buffer. Note the narrow range of the ordinate axis, especially in (a). When ¢; was
varied, 7, was held constant at 23.7-24.0 h; when ¢, was varied, ¢; was held constant at 23.8-24.0
h. DOM = 8.8-9.4 mg L' Everglades F1 HPoA. Hgr = 2.3-3.3 nM. Error bars represent one
standard deviation for four replicates.
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capacity of organic matter to accept electrons through sulfide oxidation has been reported as
about 1.3 peq mgC™' (Heitmann and Blodau, 2006). Most of the change in the Hgg fraction
occurs over a relatively short time (Figure 4.5b), but total sulfide concentrations are expected to
change over this time as well. The effects of variable sulfide concentrations on the Hgr fraction

are generally too small to be meaningful.

4.5 DISCUSSION

Mercury and dissolved organic matter. The capacity of strong binding sites in the
Everglades F1 HPoA, the primary DOM isolate used in this study, is about 4 nmol mg™ (Haitzer
et al., 2002). These binding sites are characterized by large conditional stability constants (on the
order of 10* L kg at pH 7,10.1 M); hence, they are expected to be thiol-like. Above this strong
binding capacity, the stability constants decrease to much smaller values (on the order of 10'' L
kg" at pH 7,10.1 M) that are expected to represent mercury binding by oxygen-containing
functional groups (carboxylic, phenolic). Other researchers have reached the same conclusion for
mercury binding by organic matter from a wide variety of sources (Skyllberg et al., 2000;
Haitzer et al., 2002, 2003; Hsu and Sedlak, 2003; Lamborg et al., 2003; Han and Gill, 2005;
Skyllberg et al., 2006; Black et al., 2007; Tipping, 2007; Gerbig et al., 2011). We observed that
the Hgg fraction increased dramatically as the Hg:DOM ratio exceeded the 4 nmol mg™ strong-
binding capacity of the Everglades F1 HPoA (Figure 4.2). Mercury bound strongly to thiol-like
sites at low Hg:DOM ratios was much less reactive with respect to tin reduction than mercury

bound weakly to carboxyl- and phenol-like sites.
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The Hggr fraction appears to depend on the strength of Hg-DOM binding, but the
reducibility of mercury bound to the organic ligands in this study (Table 4.2) and in another
study (Lamborg et al., 2003) suggests that the strength of the actual binding site is of only minor
significance to the reducibility of mercury. Glutathione, for example, is able to out-compete
DOM for mercury, even at low Hg:DOM ratios (Hsu-Kim and Sedlak, 2005), but Hg-glutathione
complexes are much more reactive with respect to tin reduction than Hg-DOM complexes. One
explanation for the low reducibility of mercury bound to strong DOM binding sites is that the
strong sites are slow to release mercury during tin reduction, whereas weaker sites exchange
mercury rapidly.

In the reducible mercury measurement, the sample is exposed to the tin reductant for 15
min in an acidic, chloride-rich solution. Hg(II) and Hg-chloride complexes are readily reduced
by tin (the total mercury analytical method relies on the rapid reduction of these species).
Mercury bound to strong sites in the DOM may not be released quickly enough to be reduced
during the 15 min of exposure to the tin reductant, even if the combination of proton competition
for binding sites and chloride complexation for mercury is sufficient to desorb the mercury from
the DOM. We can assume that these conditions are thermodynamically strong enough because
the organic ligands, which have comparable binding sites to those observed in DOM, release
mercury for reduction.

Metal binding by ligands is not necessarily a rapid process, especially when metals go
through a series of binding arrangements before settling on the strongest sites (Hering and Morel,
1989a). Little is known about mercury release from DOM, but mercury binding takes a
significant period of time — upwards of 24 h — to reach equilibrium with dissolved organic matter

(Lamborg et al., 2003; Gasper et al., 2007; Miller et al., 2009). Stable Hgr measurements were
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not observed in this study until almost 10 h of Hg-DOM equilibration time had passed (Figure
4.3), presumably because mercury rapidly binds to more abundant but weaker sites, and slowly
exchanges to less reactive strong sites over a period of time, as has been observed with copper
and ligands in sea water (Hering and Morel, 1989b). If the release of mercury from the strong
sites is also kinetically limited (in a way that the model ligands are not limited), we would see a
substantial difference between the Hggr fractions of DOM and organic ligands.

The explanation for the slow release kinetics is not entirely clear. All DOM isolates free
of background mercury contamination have similar Hgg fractions (Figure 4.4a), and the Hgg
fractions for the organic ligands are significantly greater than any DOM isolate (Table 4.2). The
consistency in Hgr across DOM samples from sulfide-free systems (Figure 4.4a) eliminates
potential correlations with molecular weight, sulfur content, or other bulk characteristics of
DOM (Appendix Table A3). The differences between the molecular weight of some of the
smaller DOM isolates used in this study and some of the model compounds are not especially
large. For example, Pacific Ocean fulvic acid has an average molecular weight of 532 g mol™
(Appendix Table A3; Waples et al., 2005) and glutathione has a molecular weight of 307.3 g
mol ™. There isn’t a single bulk property of DOM that explains the substantial difference between
reducible mercury in solutions with model compounds and solutions with DOM, and also
explains the consistent reducible mercury fractions across the various DOM isolates used in this
study.

The slow release of mercury from DOM may partially explain observations of decreased
mercury methylation rates in the presence of DOM (Barkay et al., 1997; Hammerschmidt et al.,
2008). It has been demonstrated that microbial uptake of mercury is enhanced in the presence of

simple organic ligands and when mercury is present as neutrally charged inorganic complexes
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(Barkay et al., 1997; Schaefer and Morel, 2009; Schaefer et al., 2011). We clearly demonstrated
that mercury bound to strong DOM sites and simple organic ligands have different reactivity
with respect to tin reduction, even though both the DOM and the organic ligands contain
functional groups that strongly bind mercury. While cysteine may rapidly exchange mercury
with a microbial surface and promote methylation (Schaefer and Morel, 2009; Schaefer et al.,
2011), DOM does not necessarily release bound mercury quickly, even when it comes into
contact with surface sites on methylating microbes that present thermodynamically more
favorable binding sites.

Mercury, dissolved organic matter, and sulfide. The mercury, DOM, and sulfide systems
in this study are over-saturated with respect to metacinnabar under most circumstances
(Appendix Figure A4). The solutions (~2.5 nM Hgr) are only potentially under-saturated at high
sulfide concentrations (100 uM H,Sr) if a disputed aqueous mercury-sulfide complex (HgS") is
included in equilibrium calculations (Skyllberg, 2008; Deonarine and Hsu-Kim, 2009), and the
highest metacinnabar solubility product is chosen from the range of reported values (Appendix
Figure A4). When these supersaturated conditions exist in a solution that also contains dissolved
organic matter, very small (<10 nm) or poorly-crystallized metacinnabar-like particles will form
and be stabilized by DOM (Chapter 3; Slowey, 2010; Gerbig et al., 2011). Figure 4.1
demonstrates that HgS(s) precipitated in the absence of DOM is not as reducible as the
metacinnabar-like nanoparticles formed in the presence of DOM. Not all DOM isolates behave
identically with respect to nanoparticulate metacinnabar formation. DOM isolates characterized
by low SUVA»s4 yield metacinnabar-like nanoparticles that are larger or more ordered than

DOM isolates characterized by high SUVA,s4 (Chapter 3).
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In this study we show that the reducibility of the mercury in these metacinnabar-like
nanoparticles is also related to the SUVA,s4 of the DOM, which suggests there may be a
relationship between particle size/crystallinity and the Hgg fraction. For example, mercury from
the larger or more crystalline nanoparticles formed in the presence of Pacific Ocean fulvic acid is
significantly less reducible than mercury from the nanoparticles formed in the presence of
Suwannee River hydrophobic acid or Ohio River humic acid (Figure 4.4b). Small particles have
higher surface area-to-volume ratios, which would expose a greater fraction of the total mercury
in the particle to the tin reductant. Small particles also tend to be easier to dissolve because high
interfacial tension tends to destabilize the particles (Gilbert and Banfield, 2005). Poorly-
crystallized materials are known to have different solubilities and dissolution rates than the bulk
form of those materials (Shea and Helz, 1989; Stumm and Morgan, 1996). The poorly
crystallized/smaller metacinnabar nanoparticles may be less stable, and therefore more
susceptible to reduction by tin than the larger and well-crystallized metacinnabar particles.

It has been suggested that two distinct pools of dissolved organic matter interact with
HgS(s) surfaces — one pool irreversibly adsorbs to the surface while the other pool readily
exchanges to and from the surface (Waples et al., 2005). The irreversible pool is composed
predominantly of DOM with low SUV A»s4, while the opposite is true of the reversible pool
(Waples et al., 2005). SUVAys4 is well correlated with both dissolved organic matter aromaticity
and molecular weight (Chin et al., 1994; Weishaar et al., 2003), which indicates that either or
both characteristic might be the driving force behind differences in particle interactions.
Dissolved organic matter with high SUVA,s4 is more effective at dissolving HgS(s), possibly
because of the exchangeability of the DOM (Ravichandran et al., 1998). The exchangeability of

dissolved organic matter may explain why metacinnabar-like nanoparticles formed with the
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DOM of low SUV A,s4 are also less reducible. Once the low-SUVA DOM adsorbs to the
metacinnabar surface there is little exchange with the solution. The high-SUV A,s4 DOM,
however, promotes redissolution of the particles and readily leaves the surface after dissolving
mercury. The systems still contains excess sulfide, so redissolved mercury precipitates again,
perpetuating a cycle that yields smaller, less crystalline, and more reducible metacinnabar-like
nanoparticles.

The redissolution/reprecipitation cycle is supported by the reducible mercury data for the
Hg-DOM-sulfide system (Figure 4.5b). After sulfide exposure, the amount of reducible mercury
drops as metacinnabar-like nanoparticles precipitate. The reducible mercury fraction is at a
minimum at ¢, = 6 h, when only 0.2% of the total mercury is reducible by tin. After 6 h, the
reducible mercury fraction rises again, eventually reaching 1.0% at z; = 73 h. The 95%
confidence interval for the ¢, = 24 h point is £0.2% (n=4). If we apply that interval to the other
points in Figure 4, the increase in the Hgg fraction with time after 6 h is significant. The cycling
of mercury dissolution and precipitation in sulfide- and DOM-containing systems has been
observed previously (Slowey, 2010). The cycling was most pronounced at the lowest mercury
concentrations (~1 nM Hgr), which are comparable to what was used for reducible mercury
measurements in this study (~2.5 nM). No changes in metacinnabar size or crystallinity as a
function of sulfide equilibration time (#,) were observed in Chapter 3 with X-ray spectroscopy
techniques. This is likely due to the higher total mercury concentration (~150 nM Hgr), where
cycling between dissolution and precipitation is less pronounced (Slowey, 2010).

The increase and subsequent decrease in the Hgg fraction with increasing sulfide
concentration (Figure 4.6) does not match the change in any known mercury species as a

function of sulfide concentration. In general, metacinnabar becomes increasingly soluble with
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increasing sulfide concentration, although it is likely over-saturated in all systems in this study,
(Appendix Figure A4; Deonarine and Hsu-Kim, 2009). X-ray spectroscopy data suggests that the
size/crystallinity of the metacinnabar-like nanoparticles likely present in these systems should
increase as sulfide concentration increases from 1 to 100 uM (Chapter 3). Consequently, we
would expect mercury reducibility to decline with increasing sulfide concentrations in that range.
However, the reducible mercury fraction at 1 and 10 uM H,St was about the same, and the
reducible mercury fraction peaked at 3 uM H,St (Figure 4.6). It is generally recognized that our
understanding of mercury speciation at low sulfide and mercury concentrations is incomplete,
especially when the unknown effects of DOM are considered (Miller et al., 2007; Skyllberg,
2008; Deonarine and Hsu-Kim, 2009). Furthermore, the loss of sulfide to the DOM may not be a
trivial consideration in this system, especially at the lowest sulfide concentrations (Heitmann and
Blodau, 2006; Einsiedl et al., 2008). The data in Figure 4.6 suggests there are changes in
mercury species in this environmentally important range that we do not currently understand.
Environmental implications. Reducible mercury provides a useful tool to address changes
in the form of mercury present in the environment. We have demonstrated that higher reactivity
of unequillibrated mercury is related to the slow formation of equilibrium Hg-DOM species
(Figure 4.3). These data explain the observation that mercury deposited in the Florida Everglades
from the atmosphere is more reactive than mercury that has equilibrated in the system
(Krabbenhotft et al., 1998). These results may also give insight into the forms of mercury
available for methylation in environmental samples. The positive correlation between microbial
methylation rate and the amount of reducible mercury in soil cores (Marvin-DiPasquale et al.,

2009) suggests that we can use these data to characterize speciation relevant to microbes.
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DOM and sulfide both effectively reduce the rate of microbial methylation, despite the
fact that metacinnabar solubility increases with increasing sulfide concentration (Barkay et al.,
1997; Hammerschmidt et al., 2008). Despite the inhibitory effects of DOM and sulfide,
methylation continues to take place in organic matter-rich, sulfate-reducing environments
(Gilmour et al., 1998; Morel et al., 1998; Fitzgerald et al., 2007). Microbes passively take up
small neutrally-charged mercury species, and mercury bound to DOM is considered unavailable
to microbes (Barkay et al., 1997). The fraction of mercury methylated in mining-affected
environments is significantly lower than in environments with mercury from atmospheric
deposition (Gilmour et al., 1998; Holloway et al., 2009), which suggests that large
mercury-containing particles are also unavailable for methylation. This study has shown that the
small, poorly crystallized, DOM-coated metacinnabar-like nanoparticles identified with X-ray
spectroscopy techniques (Chapter 3; Gerbig et al., 2011) are significantly more reactive than
metacinnabar precipitated without DOM. DOM with high SUV A;s4 is more effective at
maintaining the reactivity of metacinnabar-like nanoparticles than DOM with low SUV Ajs.
Future studies of methylation must consider small and poorly crystalline metacinnabar-like
particles to be a significant pool of reactive mercury that may be substantially more available for

methylation than previously considered.
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Chapter 5

Conclusions and Summary
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5.1 SUMMARY OF RESULTS

Direct determination of mercury speciation in natural environments is confounded by low
mercury concentrations and poor analytical sensitivity. We were able to empirically examine
mercury speciation in sulfide-containing and sulfide-free systems at mercury concentrations as
low as 50 nm Hgr, and Hg:DOM ratios less than 2 nmol mg™' by combining solid phase
extraction using C,g resin with extended X-ray absorption fine structure (EXAFS) spectroscopy.
Minimizing mercury concentration and Hg:DOM ratio is important because the strong binding
sites in DOM are in low abundance. This is the first study to empirically examine mercury
speciation at concentrations and Hg:DOM ratios where the strong binding sites are relevant for
mercury speciation.

In the absence of sulfide, mercury binding by DOM (hydrophobic acid isolate from the
F1 site in the Florida Everglades) is characterized by 2.4 + 0.2 sulfur atoms with a bond length
typical of mercury-organic thiol ligands (2.35 A). When mercury is equilibrated with DOM and
sulfide the mercury species are distinctly different. The mercury—sulfur bond is significantly
longer (2.51-2.53 A) and is similar to the mercury—sulfur bond distance in metacinnabar (2.53
A) (Chapter 2). Although the mercury-sulfur bond distance is representative of metacinnabar,
there are fewer sulfur atoms binding mercury in Hg-DOM-sulfide systems than bind mercury in
well crystallized metacinnabar. At a low Hg:DOM ratio where strong-binding DOM sites may
control mercury speciation (1.9 nmol mg™') mercury was coordinated by 2.3+0.2 sulfur atoms,
and the coordination number rose with increasing Hg:DOM ratio (Chapter 2). The less-than-ideal
coordination numbers indicate metacinnabar-like species on the nanometer scale, and the

positive correlation between Hg:DOM ratio and sulfur coordination number suggests
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progressively increasing particle size or crystalline order with increasing abundance of mercury
with respect to DOM.

In addition to Hg:DOM ratio, we examined several other parameters that were potentially
important to the size or crystalline order of the metacinnabar-like nanoparticles in Hg-DOM-
sulfide systems (Chapter 3). The amount of time that mercury equilibrated with DOM before
sulfide exposure (12-142 h) and the amount of time that the Hg-DOM-sulfide system was
allowed to equilibrate (4-121 h) did not significantly change the structure of the metacinnabar-
like species at relatively high mercury concentrations (~150 nM Hgr). Significant changes in the
sulfur coordination number were observed with variable sulfide concentrations (1-100 uM). The
changes in sulfur coordination number suggest that the metacinnabar-like nanoparticles were
significantly smaller or more disordered at lower sulfide concentrations. The size or disorder of
metacinnabar nanoparticles was also correlated with the specific ultraviolet absorbance (SUVA)
of the DOM isolate in the system. DOM isolates of higher SUVA stabilized metacinnabar-like
nanoparticles that were smaller or more disordered than those stabilized by DOM isolates of low
SUVA.

The chemical reactivity of the Hg-DOM complexes and metacinnabar-like nanoparticles
was examined with a tin-reducible mercury assay. Mercury bound to strong thiol binding sites in
dissolved organic matter was less reducible than mercury bound by several organic ligands,
including thiol ligands, and was also less reducible than mercury bound to carboxyl groups in
DOM. Mercury precipitated with sulfide in the presence of DOM was less reducible than Hg-
DOM complexes, but was more reducible than HgS(s) precipitated without DOM present. The
reducibility of poorly crystallined metacinnabar-like HgS nanoparticles coated with DOM

increased as the specific ultraviolet light absorbance (SUVA) of the DOM decreased. The
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amount of reducible mercury decreased as the time of equilibration with sulfide increased,
especially over the first 2 h of equilibration. The time that mercury equilibrated with DOM
before sulfide addition affected the reducible mercury fraction but the amount of sulfide in

solution had a nominal effect.

5.2 ENVIRONMENTAL IMPLICATIONS

This study is the first to examine the role of DOM in nanoparticle growth at low
Hg:DOM ratios where the strong binding sites of the organic matter are relevant for mercury
speciation. Metacinnabar-like particles formed at increasing Hg:DOM ratio are larger or more
crystalline, which shows that minimizing the Hg:DOM ratio is a critical consideration when
empirically determining metal speciation. The SUV Azs4nm of the DOM isolates is negatively
correlated with the number of sulfur atoms coordinating mercury in metacinnabar-like
nanoparticles. This suggests that bulk properties of the DOM isolates, namely aromaticity or
molecular weight, are important for nanoparticle growth and aggregation at low Hg:DOM ratios.
We can expect the form of mercury in sulfide-containing aquatic environments to be
significantly different depending on the nature of the organic matter present. In waters containing
DOM of low SUV Ajs4nm, mercury will precipitate as larger and more crystalline HgS(s)
nanoparticles, and these particles will aggregate more readily into bulk HgS(s). Conversely, in
waters containing DOM of high SUV Ajs4nm, mercury-sulfide nanoparticles will be smaller and
less crystalline and the particles will be less likely to aggregate into bulk HgS(s).

Using the reducible mercury assay we have demonstrated that higher reactivity of

unequillibrated mercury is related to the slow formation of equilibrium Hg-DOM species. These
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data explain the observation that mercury deposited in the Florida Everglades from the
atmosphere is more reactive than mercury that has equilibrated in the system (Krabbenhoft et al.,
1998). These results may also give insight into the forms of mercury available for methylation in
environmental samples. The positive correlation between microbial methylation rate and the
amount of reducible mercury in soil cores (Marvin-DiPasquale et al., 2009) suggests that we can
use these data to characterize speciation relevant to microbes.

DOM and sulfide both effectively reduce the rate of microbial methylation, despite the
fact that metacinnabar solubility increases with increasing sulfide concentration (Barkay et al.,
1997; Hammerschmidt et al., 2008). Despite the inhibitory effects of DOM and sulfide,
methylation continues to take place in organic matter-rich, sulfate-reducing environments
(Gilmour et al., 1998; Morel et al., 1998; Fitzgerald et al., 2007). Microbes passively take up
small neutrally-charged mercury species, and mercury bound to DOM is considered unavailable
to microbes (Barkay et al., 1997). The fraction of mercury methylated in mining-affected
environments is significantly lower than in environments with mercury from atmospheric
deposition (Gilmour et al., 1998; Holloway et al., 2009), which suggests that large
mercury-containing particles are also unavailable for methylation. This study has shown that the
small, poorly crystallized, DOM-coated metacinnabar-like nanoparticles are significantly more
reactive than metacinnabar precipitated without DOM. DOM with high SUV A;s4 is more
effective at maintaining the reactivity of metacinnabar-like nanoparticles than DOM with low
SUVA,s4. Future studies of methylation must consider small and poorly crystalline
metacinnabar-like particles to be a significant pool of reactive mercury that may be substantially

more available for methylation than previously considered.
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The results of this study also have broad implications for other nanoparticles in the
environment. Organic matter may play a substantial role in stabilizing the nanoparticles and
multinuclear clusters that natively form in many natural systems (Rozan et al., 2000; Moreau et
al., 2007). The nature of organic matter may be an important factor when considering the
stabilization, transport, and bioavialability of metal colloids from contaminated sites (Weber et
al., 2009; Pédrot et al., 2011). Non-native nanocolloids introduced for engineering purposes (Liu
et al., 2005) or as contaminants (Hyung et al., 2006) are also likely to be affected by organic
matter. It is reasonable to expect that DOM will not act uniformly with respect to these
nanocolloids, much as DOM did not act uniformly with respect to the size and crystallinity of the

metacinnabar-like nanoparticles observed in this study.

5.3 FUTURE WORK

Previous empirical studies of mercury-sulfide precipitation in the presence of DOM have
been conducted at relatively high mercury concentrations (Ravichandran et al., 1999; Deonarine
and Hsu-Kim, 2009; Slowey, 2010). The lowest concentration in those studies where speciation
was empirically determined, 10 uM Hgr, is over two orders of magnitude more concentrated
than the lowest mercury concentration used in this study (50 nM Hgr). However, the lowest
concentration used in this study is still 2-3 orders of magnitude higher than typical environmental
concentrations (Grigal, 2002). We were able to extrapolate some of our empirical results to lower
mercury concentrations based on the solid phase extraction characteristics of mercury or fraction
of reducible mercury, but those extrapolations are not are precise as the definitive

characterization of mercury speciation provided by X-ray spectroscopy. The studies that have
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used higher mercury concentrations also extrapolated their results to lower concentrations (based
on centrifugation or light scattering data), but we our empirical results at concentrations they
extrapolated to, demonstrate that empirical observation provides a more nuanced understanding
of speciation than extrapolation.

One of the most exciting tools for characterizing metal speciation at low metal
concentrations is voltammetry. There is substantial debate about the application and
interpretation of voltammetry data, particularly where naturally formed nanocolloids or clusters
are concerned (Rozan et al., 2000; Ciglenecki et al., 2005), but when the tool is used
appropriately it is capable of identifying metal speciation at total metal concentrations that are
substantially lower than those used in this study. The presence of dissolved organic matter
complicates volatammetric measurements, and typical hanging mercury drop electrodes are
problematic for use in identifying mercury speciation, but those obstacles will be overcome.

In this study we used the specific ultraviolet absorbance of the dissolved organic matter
as a proxy for chemical and physical properties (i.e., aromaticity and molecular weight) of the
DOM because SUVA is generally well correlated to these properties (Chin et al., 1994; Weishaar
et al., 2003). Aromaticity and molecular weight have not been reported elsewhere for all of the
isolates used in this study and we lacked sufficient quantities of DOM isolate to make the
measurements ourselves for some isolates. The relationship between SUVA and aromaticity is
robust, but imperfect. Future studies should make direct measurement of the physical properties,
if possible, rather than relying on a proxy measurement. Additionally, other tools to characterize
DOM may be useful, including fluorescence spectroscopy, size exclusion chromatography, and

spectral slope.
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Furthermore, the DOM isolates used in this study were primarily hydrophobic acids or
sub-fractions thereof. There are other portions of the DOM pool that comprise a significant
amount of naturally occurring DOM (Thurman and Malcolm, 1981, Aiken et al., 1992) that we
did not test. Previous studies have shown that the hydrophobic fraction of the organic matter is
probably the most important fraction with respect to mercury-sulfide interactions. The growth of
HgS(s) in systems with whole water (stripped of multivalent cations) or only the hydrophobic
acid derived from the whole water showed effectively identical HgS(s) growth and aggregation
behavior (Ravichandran et al., 1999). The hydrophobic acid fraction is also more practical
because it is easier to isolate the large quantities of isolate required for these studies. Future
studies should include whole water samples and non-hydrophobic acid fractions of DOM to fully
characterize the role of DOM in mercury-sulfide geochemistry.

The experimental conditions in this study survey a wide range of variables that are
potentially important to the formation of poorly crystalline metacinnabar-like nanoparticles,
including DOM characteristics, sulfide concentration, Hg:DOM ratio, and equilibration times.
We think that we surveyed some of the most important variables (and variables that are more
difficult for other research groups to address), but we still neglected critical variables like pH and
ionic strength. Ionic strength has a significant impact on the aggregation of DOM-coated
metacinnabar particles (Deonarine and Hsu-Kim, 2009), and many of the pertinent mercury-
sulfide and mercury-DOM interactions involve proton exchange (Appendix Table A2). For
example, the metacinnabar-like particles that form in lower ionic strength systems (such as fresh
water) will have substantially thicker electronic double layers, which may limit the adsorption of
anionic DOM to the surface and may promote HgS particle growth and aggregation. However,

this process may be balanced by increased electronic repulsion of negatively charged
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metacinnabar-like particles, which will slow aggregation. The potential effects of extreme pH is
somewhat more clear: extreme pH’s tend to promote the solubilization of metacinnabar (as free
mercury ions at low pH and as mercury-sulfide complexes at high pH). At circumneutral pH’s
the hydrophobicity of the DOM may change dramatically, especially around the pKa for the
carboxyl groups in the DOM (typically 4-4.5). More protonated DOM will likely adsorb more
readily to the metacinnabar particle surface, preventing growth and aggregation at earlier stages.
A full accounting of mercury speciation in the presence of DOM and sulfide must account for the
environmental ranges of pH and ionic strength.

We also intentionally kept all of our samples in the dark to prevent photoreactions. DOM
reduction of mercury in dark systems is possible, but the effects can be neglected above about
0.5 mgC L (Gu et al., 2011). In systems with light exposure, though, a whole suite of direct and
indirect mechanisms can alter mercury geochemistry (Amyot et al., 1997; Krabbenhoft et al.,
1998; Lalonde, 2001; Ravichandran, 2004; Garcia et al., 2005; O'Driscoll et al., 2006; Zhang,
2006). This is analogous to the role of photo-Fenton reactions in iron geochemistry in natural
systems (Zepp et al., 1992), though precise mechanisms are not necessarily the same. How these
mechanisms impact nanocolloidal metacinnabar-like particles, how various DOM characteristics
change those interactions, and a suite of other important questions all require answers before a
complete understanding of mercury biogeochemistry that includes the species identified in this
study is possible.

The kinetics of the formation of metacinnabar-like particles in the presence of DOM is
also likely to be an important parameter in environmental systems. We explore some kinetics
issues in Chapters 3 and 4, but have done so primarily in a qualitative manner. No known studies

have examined the kinetics of metacinnabar-like particle formation in a manner that would allow
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for the rate of chemical reactions to be separated from the mixing scenario. However, some of
the studies that have addressed Hg-DOM-sulfide systems used substantially different mixing
regimes, but observed consistent kinetics. Slowey (2009) equilibrated the Hg-DOM-sulfide
systems quiescently, whereas Miller et al. (2007) mixed their systems in a manner consistent
with our method. Despite the differences in mixing scenarios, the two studies have similar
kinetics results. In both studies the Hg-DOM-sulfide system equilibrated in 4-8 hours, which is
also consistent with the equilibration kinetics we observed. The observation that reaction kinetics
are generally independent of mixing suggests that the reaction is slow relative to the transport of
reactants, even in unmixed scenarios, and that variations in mixing rate will have a nominal
effect on the reaction rate. A thorough analysis of mass action and kinetics is warranted, but
current studies suggest that the reaction rate is slow relative to external mass transfer.

Of course, this is all academic if the most important sensor of mercury speciation in the
environment, microbes, show that nanocolloidal forms of metacinnabar are just as inert as large
particles. Studies need to be conducted to determine the availability of these poorly-crystallized
metacinnabar nanoparticles for methylation. The reducible mercury data shows that under some
circumstances (e.g., DOM of high SUV A;s4) there are large increases in the susceptibility of
mercury to chemical reduction by tin. Although a good correlation between the reducible
mercury fraction and methylation rates has been observed (Marvin-DiPasquale et al., 2009), the
biogeochemical framework that explains this correlation is not complete. The ultimate test of the
importance of DOM-stabilized nanocolloidal metacinnabar-like particles (DOMSNCMCLP, for
short) is how microbes perceive them, and most importantly, if they play an important role in

mercury methylation.
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Appendix Table Al. Solution composition and Hg Li-EXAFS fitting results for Hg-S
coordination numbers (CN), interatomic distances (R), and Debye-Waller factors (02)

EXAFS Results for Hg-S
Experimental Parameters Bonds

[Hglr  [DOM] Hg:DOM  [HaS]r

. a 2 2\b
Figure (nM)  (mg L™ (nmol:mg) (uM) CN R(A) o (A)
2.3a 180 45.4 4.0 0 2.4+0.2 2.35+0.01 0.007
2.3b 94 50¢ 1.9 100 2.3+0.2 2.51+0.02  0.007
2.3c 50 10.3 4.9 100 2.9+0.2 2.5240.01 0.007
2.3d 415 12.1 34 100 3.3+0.2 2.53+0.01 0.007

Note: EXAFS fitting errors represent 95% confidence levels (+20).
*refers to EXAFS spectra in Figure 2.3.

> value fixed.

¢ approximate; calculated from mass of isolate used in preparation.
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Appendix Table A2. Thermodynamic constants used for mercury
speciation modeling (25°C, ionic strength = 0 M).

Reactions

HgS + H =Hg*" + HS’

Hg>" + HS = HgSH"

Hg”" + HS =HgS’ + H'

Hg”" + 2HS = Hg(HS),’

Hg>" +2HS = HgHS, + H"
Hg”" + 2HS = HgHS,” + 2H"
Hg”" + RS, = Hg(RS,)

RS,” + H =RS,H’

RS,” + 2H" = RS,H,’

Hg”" + H,O = HgOH" + H"
Hg”" + 2H,0 = Hg(OH),” + 2H"
Hg*" + 3H,0 = Hg(OH); + 3H"

log K
-38+£2
30.2
26.5
37.7
315
23.2
34.9
8.4
16.8
-3.4
-6.2
-21.1

Source
(NIST, 1993)

(Benoit et al., 1999b)
(Benoit et al., 1999b)
(Dyrssen and Wedborg, 1991)
(Dyrssen and Wedborg, 1991)
(Dyrssen and Wedborg, 1991)
(Haitzer et al., 2003)
(Khwaja et al., 2006)
(Khwaja et al., 2006)
(NIST, 1993)

(NIST, 1993)

(NIST, 1993)

The constants used in this study are the same as those used by Deonarine et al. (2009)

with one exception; they are reproduced here with their primary reference. The one exception is

the constant for HgSO, which was not used in Deonarine et al. (2009). The constants for

hydroxide complexes and DOM binding are included only for completeness; they do not play a

significant role in mercury speciation in the presence of sulfide. All speciation calculations were

done with Visual MINTEQ (Gustafsson, 2010) and the standard library of constants, except for

those noted in the table. Visual MINTEQ uses Hg(OH), as the mercury component, which

required all equations to be written in terms of Hg(OH),. The simpler, Hg**-based equations are

reproduced here.
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Appendix Figure Al. The fraction of DOC and UV-vis-absorbing components retained by the
chromatography resin as a function of loaded volume for a sulfide-free (filled symbols) and a
sulfide-containing (open symbols) system. The DOM adsorption for the range of mercury
concentrations (0.35 nM — 1.4 uM) is represented well by the two systems depicted.
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Appendix Figure A2. The fraction of mercury retained by the chromatography resin as a
function of loaded volume for four representative solutions. The 0.35 nM Hg sulfide-free data
are typical of 0.35 nM — 3.4 nM Hg sulfide-free systems. The 36 nM Hg sulfide-free data are
typical of 13 nM — 1.4 uM Hg sulfide-free systems. The 40 nM Hg sulfide-containing data are
typical of all sulfide-containing systems (1.5 — 490 nM Hg) except for the 0.45 nM Hg sulfide-
containing system.
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Appendix Figure A3. The speciation of mercury (2 nM total) in the presence of sulfide (100 uM
total), and DOM (10 mg L™, modeled as 40 nM RS, 1) at pH 6.5 and I 0.1 M as calculated using
Visual MINTEQ (Gustafsson, 2010) using the constants in Appendix Table A2 and the highest
metacinnabar solubility product.

The uncertainty in the metacinnabar solubility product gives rise to uncertain mercury
speciation in our sulfidic systems below approximately 4 nM total mercury. When the solubility
product is lowest (log K= -40), precipitation of metacinnabar is predicted. When the solubility
product is highest (log Ko = -36), the model predicts several mercury-sulfide complexes
dominate mercury speciation. Of the possible species, the presence of HgS’ is debated
(Deonarine and Hsu-Kim, 2009). Regardless of the inclusion of HgS’, mercury speciation would
be dominated by charged mercury sulfide complexes if metacinnabar has not precipitated (73%

charged when HgS" is excluded and 59% charged when HgS" is included).
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Appendix Figure A5. Structures of the model ligands used in reducible mercury experiments.
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Larger scale of several
particles

Appendix Figure A6. Transmission electron microscope image of several mercury-containing
particles. The mercury in the particles was identified with energy dispersive spectroscopy.
Mercury and sulfur were identified in the particles, but the relative quantities could not be
reliably measured. The particles were not stable in the electron beam. They enlarged and
disappeared within one minute. The solution that was dried on to the microscopy grid contained
50 nM Hgr, 100 pM H,S, and 20 mg L' F1 HPoA at pH 6.5 and I 0.0024 M.
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