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ABSTRACT 

 The conditions found in stream ecosystems are an integration of watershed 

characteristics and processes. Anthropogenic disturbances are part of this integration and 

include direct inputs to streams, alteration of riparian areas, and modification of 

catchment properties which affect material inputs. Impacts to discrete portions of 

terrestrial watersheds combine as water moves down gradient, transporting the 

byproducts of catchment disturbances to streams including, nutrients, organic materials, 

particulates, and toxins. This dissertation explores the effects of disturbance on nutrient 

cycling in stream ecosystems at three spatial scales: the patch scale includes localized 

processes and assemblages, the reach scale encompasses tens to hundreds of meters of 

stream length, and the watershed scale consists of the hierarchical network of stream 

orders found in catchments. Additionally, the gut bacterial communities of three 

freshwater snail species were investigated to better understand the ecology and 

physiology of this important group of aquatic grazers. Snails are important regulators of 

periphyton growth, which plays an integral role in nutrient cycling in stream ecosystems. 
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Freshwater snails are also intermediate hosts for a variety of parasites of medical and 

veterinary significance.        

 Biofilm assemblages are patch scale communities which dominate the metabolism 

and biogeochemical cycles in stream ecosystems. To determine the effects of 

eutrophication, one of the most common disturbances to stream ecosystems, on the 

structure and function of heterotrophic stream biofilms, we created an enrichment 

gradient by amending darkened stream channel mesocosms with a stochiometrically 

balanced solution of sucrose, NH4, and PO4. A total of ~2000 high quality bacterial 

partial 16S rRNA gene sequences yielded 381 unique phylotypes (<97% similarity). 

Significant differences (p<0.005) were detected between communities from all 

treatments, with increasing enrichment resulting in greater community divergence and 

decreased diversity. Biofilm community productivity and function responded 

exponentially to enrichment, with exponents of 1.5 for areal mass, 2.3 for live cell 

density, and 2.5-3.5 for the activities of 5 extracellular enzymes. The observed nonlinear 

increase in functional capacity suggests biofilms are highly responsive to resource 

availability likely due to the physical structures and synergistic social interactions found 

in biofilm assemblages. 

 Domestic and native ungulate grazers significantly alter riparian areas, stream 

reaches, and catchment characteristics. We examined nutrient cycling linkages between 

riparian soils and adjacent streams and the impacts of ungulate grazing on these 

ecosystems and processes at six grazing exclosure sites in the Valles Caldera National 

Preserve, NM, USA. The exclusion of native and domestic ungulate grazers for three 

years significantly increased the riparian aboveground biomass of standing vegetation 
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(273 ± 155 vs. 400 ± 178 g m-2) and litter (56 ± 75 vs. 107 ± 77 g m-2) (p = 0.005 and 

0.013, respectively). Soil nutrient values (0 to 15-cm depth) were minimally affected by 

grazing after five growing seasons, with significant increases in soil total phosphorus at 

three of the six sites. No connection was found between soil and stream nutrient 

availability or limitation. Stream geomorphology was not significantly altered by five 

years of grazing exclusion. The elimination of grazing suppressed instream nutrient 

processing with significantly longer NH4 uptake lengths (p = 0.02) and non-significant 

trends toward decreased NH4 uptake rates observed in exclosure reaches. These results 

suggest ungulate grazing impacts terrestrial characteristics which are linked to ecosystem 

services provided by adjacent aquatic ecosystems. Management plans should carefully 

balance the positive effect of grazing on stream nutrient processing and retention reported 

here with the well documented grazing related loss of other ecosystem services such as 

decreased fish and aquatic invertebrate habitat and effects on water quality parameters 

such as turbidity and water temperature. 

 Nutrient cycling in aridland catchments and rivers is controlled by a unique set of 

inputs and retention mechanisms. We investigated spatial and temporal variation in the 

sources and sinks of nutrients in the middle Rio Grande (MRG), a 300 km reach of 

aridland river in the southwestern United States that drains an agro-urban catchment 

experiencing rapid population growth. Wastewater treatment plant inputs were the 

dominant source of nutrients to the MRG, increasing loads of NO3-N, SRP, and NH4-N 

by 1000-2000% relative to upstream loading. The total retention of NO3-N and SRP 

inputs in the MRG corridor ranged from 6-99% and 34-99%, respectively. Retention was 

strongly and positively correlated with the percentage of water diverted from the MRG 
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for agricultural irrigation (R2 = 0.86 and 0.80 for NO3-N and SRP, respectively). 

Irrigation diversions downstream of the urban wastewater inputs sequestered on average 

480, 370 and 40 kg day-1 of NO3-N, SRP, and NH4-N, respectively, during the irrigation 

season. Within the river channel, retention was 129-906 kg day-1 for NO3-N and 56-779 

kg day-1 for SRP, values similar to those measured in mesic systems. However, the 

combination of in-stream and irrigation network nutrient processing in the MRG adds up 

to catchment scale retention levels that are significantly higher than those found in mesic 

systems. 

 Little is known about the microbial gut flora of freshwater snails in spite of the 

important role gastropod mollusks play as grazers in freshwater ecosystems. Some 

freshwater snail species are also responsible for the transmission of parasitic diseases 

including schistosomiasis, which affects ~ 200 million humans worldwide. This study 

used culture independent methods to describe the community composition and the 

variability of gut microbes within and among three species of planorbid snails, Helisoma 

duryi (North American species), Bulinus africanus (African species), and Biomphalaria 

pfeifferi (African species). Three hundred and fourteen unique bacterial operational 

taxonomic units (OTUs, DNA sequences with <98% similarity) were found in the guts of 

the three snail species. This diversity was distributed across 23 bacterial phyla with the 

largest number of OTUs found in the Proteobacteria and Bacteroidetes groups. A small 

percentage of bacterial clones from every snail species were related to opportunistic 

pathogens that infect a range of hosts including snails and humans. Measures of β 

diversity revealed minimal divergence among the gut microbial communities both within 

and among the three planorbid species, with samples differing primarily in the abundance 
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of sequences within bacterial lineages and not in the presence or absence of lineages. 

These results suggest the presence of highly diverse and relatively similar gut microbial 

communities in the three snail species in spite of varying levels of phylogenetic and 

geographic separation, and highlight the need for additional study to determine the roles 

gut microbes play in the physiology of these important intermediate hosts for digenetic 

trematodes of medical and veterinary significance. 

 This investigation of nutrient cycling in stream ecosystems at three scales and 

under three disturbance regimes revealed anthropogenic impacts substantially alter this 

important ecosystem function; however, negative impacts are frequently moderated by 

other factors. Eutrophication was shown to decrease bacterial diversity at the local level, 

however, the functional capacity to process organic materials increased exponentially for 

microbial communities exposed to enrichment. At the reach scale domestic and native 

ungulate grazers negatively impact numerous stream characteristics but in this study were 

shown to enhance instream nutrient retention. At the watershed level urban wastewater 

inputs were the dominate source of stream enrichment, however, the use of nutrient 

enriched river water for irrigation removed substantial portions of these inputs. These 

findings highlight the importance of ecosystem based management plans to address the 

effects of disturbance on nutrient cycling in impacted stream ecosystems.  
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Chapter 1: NONLINEAR RESPONSES OF STREAM BIOFILM CO MMUNITIES 

TO A RESOURCE GRADIENT 

David J. Van Horn1, Robert L. Sinsabaugh1, Cristina D. Takacs-Vesbach1, Kendra R. 

Mitchell2, Clifford N. Dahm1 

1Department of Biology, University of New Mexico, 167 Castetter Hall MSC03 2020, 1 

University of New Mexico, Albuquerque, NM 87131-0001 

2Department of Microbiology & Immunology, University of British Columbia  

Life Sciences Centre 2552-2350 Health Sciences Mall, Vancouver, BC, V6T 1Z3 

Abstract 

 The metabolism and biogeochemical cycles of aquatic ecosystems are largely 

mediated by microbial communities, with biofilm assemblages dominating in stream 

ecosystems. To determine the effects of resource availability on the structure and function 

of heterotrophic stream biofilms, we created an enrichment gradient by amending 

darkened stream channel mesocosms with a stochiometrically balanced solution of 

sucrose, NH4, and PO4. A total of ~2000 high quality bacterial partial 16S rRNA gene 

sequences yielded 381 unique phylotypes (<97% similarity). Significant differences 

(p<0.005) were detected between communities from all treatments, with increasing 

enrichment resulting in greater community divergence and decreased diversity. Biofilm 

community productivity and function responded exponentially to enrichment, with 

exponents of 1.5 for areal mass, 2.3 for live cell density, and 2.5-3.5 for the activities of 5 

extracellular enzymes. The observed nonlinear increase in functional capacity suggests 

biofilms are highly responsive to resource availability likely due to the physical structures 

and synergistic social interactions found in biofilm assemblages. 
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Introduction 

The metabolism and biogeochemical cycles of aquatic ecosystems are largely 

mediated by microbial communities. Aquatic microbial communities come in two 

primary forms, planktonic assemblages that develop in the water columns of marine, 

lentic and large river environments, and attached biofilm communities whose 

contributions to ecosystem metabolism are most prominent in small to mid-sized streams, 

wetlands, and shallow lakes. While plankton and biofilm communities share similar 

biogeochemical and organic carbon processing functions they have markedly different 

physical structures and biotic interactions that may lead to differing responses to changing 

resource supply.  

Planktonic microbial communities lack self-imposed physical structure. 

Metabolism is regulated by top-down (predator/prey) and bottom-up (resource 

availability) interactions. Bottom-up effects are dominant in oligotrophic systems and 

top-down interactions are most important in eutrophic environments (Dufour and 

Torreton 1996, Gasol et al. 2002, Vargas et al. 2007, Thelaus et al. 2008). Within 

planktonic communities there is little evidence for cooperative or synergistic interactions 

among populations. Predator-prey interactions create a microbial loop that either 

packages carbon and nutrients for higher trophic levels or returns dissolved carbon and 

nutrients to support bacterial production.  

In contrast to planktonic microbial communities, attached microbial populations 

form complex structured associations in biofilms. When planktonic microbial cells adhere 

to solid surfaces, signal cascades alter gene expression and initiate the formation of a 

dense layer of extracellular polymeric substances (Watnick and Kolter 2000, Beloin and 
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Ghigo 2005) that shields biofilm organisms from predators and insulates inhabitants from 

external variables such as pH, temperature, ultraviolet light, desiccation, and toxic or 

antimicrobial substances (Webb et al. 2003, Hall-Stoodley et al. 2004). As biofilms 

thicken, physical and chemical gradients form internally, facilitating cooperative 

metabolic interaction within and between populations (Costerton et al. 1995, Davey and 

O'Toole 2000). Populations interact through multiple intercellular communication 

mechanisms including quorum sensing (Hense et al. 2007), programmed cell death within 

populations (Webb et al. 2003), and lateral gene transfer within and among species 

(Watnick and Kolter 2000, Parsek and Fuqua 2004).  

The substantial differences between planktonic and biofilm associations likely 

impact the response of these communities to altered resource supply, and ultimately the 

ecosystem services provided. Because they are simpler to manipulate, plankton 

communities have been the focus of most studies that examine microbial community 

composition and metabolism in relation to resource availability. This extensive body of 

research suggests planktonic bacterial communities respond predictably to changing 

resources. Meta-analyses of cross site eutrophication gradients show that primary 

production increases linearly with nutrient enrichment, stimulating a linear, and less than 

1:1, increase in bacterioplankton production (Cole et al. 1988, Thelaus et al. 2008). 

Bacterial biomass, however, increases more slowly than production as a result of 

increased predation (Thelaus et al. 2008). Similar patterns have been observed using 

experimental mesocosms through the manipulation of primary production (Hobbie and 

Cole 1984, Oviatt et al. 1986) and direct additions of C, N and P (Joint et al. 2002, Smith 

and Prairie 2004, Jansson et al. 2006).  
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In contrast, studies of the effects of resource supply on biofilm community 

structure and function are limited. Evidence from single level enrichment studies in 

microcosms suggests that modest increases in resource supply in the form of C (sucrose), 

N and P, lead to substantial, and possibly non-linear, changes in biofilm production and 

function (Mohamed et al. 1998, Chenier et al. 2003, Chenier et al. 2006).  

In this study, we used stream mesocosms to measure the effects of a resource 

supply gradient on heterotrophic biofilm productivity and function, community diversity 

and structure. We compared the magnitude and linearity of these responses in relation to 

resource supply, the implications of these responses for biofilm turnover time and 

nutrient retention, and contrast these responses to those reported for planktonic microbial 

communities.  

Materials and Methods 

General Experimental Design  

 Heterotrophic microbial biofilms were established in the dark in fifteen 

experimental stream channel mesocosms (Singer et al. 2006). The channels 

(depth/width/length: 0.02/0.1/3.0 m) were lined with removable unglazed ceramic tiles, 

supplied with stream water to ensure colonization by ambient microbial populations, and 

continuously enriched with a stochiometrically balanced (C:N:P ratio 106:16:1) solution 

of dissolved organic carbon (DOC), N and P to create a productivity gradient (Fig. 1). 

Water was diverted to the mesocosms from an intermittent stream located in Bear Canyon 

in the foothills of the Sandia Mountains near Albuquerque New Mexico, at a rate of 0.03 

l s-1 per mesocosm, generating a nominal flow velocity of ~ 2 cm s-1within the channels. 

Enrichment treatments were multiples of the ambient DOC concentration (1.5 mg l-1). 
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Treatments included no enrichment in control channels, and 2X, 4X, 8X and 10X 

increases in ambient DOC concentration with supplemental N (NO3, ambient 

concentration = 0.002 mg l-1 NO3-N) and P (PO4, ambient concentration = 0.002 mg l-1 

PO4) added to preserve a C:N:P ratio of 106:16:1. Nutrient solutions were metered into 

channels behind baffles to assure even mixing. Three replicate channels were used for 

each level of enrichment. After three weeks of growth, the time necessary to produce a 

mature biofilm, colonized tiles were collected for biofilm analyses.  

 

 

Figure 1: Schematic experimental design for stream-side mesocosm experiment 
along with photos of the installed mesocosms.  
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Biofilm Productivity and Physical Structure  

Biofilm mass (dry mass - DM, and ash free dry mass - AFDM) was measured for 

three replicate tiles from each channel. Biofilm was scraped from the tiles and deposited 

onto ashed, tared glass fiber filters placed in aluminum pans. Filters were dried at 80°C, 

reweighed to calculate DM, and ashed at 500°C for 3 h. Ashed filters were reweighed and 

AFDM was calculated as the difference between dry mass and ash mass.  

The relative abundance of live and dead cells was assessed for triplicate samples 

from each channel using a BacLight Kit (Invitrogen, Eugene, OR). The stains were 

checked for linearity of fluorescence over the biofilm cell densities to be analyzed. 

Samples were homogenized in a bicarbonate buffer, eight 250 µl replicates for each 

sample were pipetted into black 96-well microplates, and 6 µl of an equal mixture of a 

1:10 dilution of the stains was added to the microplate wells. Samples were incubated at 

room temperature in the dark for ~15 min and then read on a fmax Fluorescence 

Microplate Reader (Molecular Devices, Sunnyvale, CA) set to an excitation wavelength 

of 485 nm and an emission wavelength of 538 nm for the SYTO® 9 stain, and an 

excitation wavelength of 485 nm and an emission wavelength of 591 nm for the 

propidium iodide stain. Results were normalized by the area of the tile sampled and were 

corrected for dilution where appropriate.  

The physical structure of biofilms was assessed using confocal microscopy. 

Briefly, a single biofilm colonized tile from each channel was placed in a plastic tray 

while still submerged in the experimental stream channel, and transported on ice to the 

Keck Confocal Laboratory at the University of New Mexico. Samples were stained with 
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the live/dead stain described above and imaged using a 5x objective on a LSM 510 

confocal microscope (Carl Zeiss).    

Biofilm Function  

Biofilm function was assessed by measuring the potential activity of five 

hydrolytic extracellular enzymes: α-glucosidase (AG), β-glucosidase (BG), N-

acetylglucosaminidase (NAG), alkaline phosphatase (AP), and leucine aminopeptidase 

(LAP). Potential activities were measured using methylumbelliferyl linked substrates 

following protocols similar to those described by Sinsabaugh et al. (1997). Triplicate tiles 

were analyzed from each channel. Biofilm was scraped from the tile and homogenized in 

50 mM bicarbonate buffer (pH 8). 200 µl aliquots of biofilm homogenate and 50 µl of 

200 µM substrate were added to black, 96-well microplates with 16 replicate wells per 

sample. The microplates were incubated in the dark at room temperature. Each plate 

contained reference standards, substrate controls, and sample controls. Fluorescence was 

measured periodically for up to 19 h using a fmax Fluorescence Microplate Reader set to 

an excitation wavelength of 365 nm and an emission wavelength of 450 nm. The 

fluorescence results were checked for linearity over the incubation period and activities 

were calculated as nmol substrate converted per hour per cm2 of tile (nmol h-1 cm-2).      

Biofilm Community Structure and Diversity  

Bacterial 16S rRNA gene sequences were amplified using the bacteria-specific 

forward primer 8F 5'-AGAGTTTGATCCTGGCTCAG-3' and the reverse primer 1492R 

5'-GTTTACCTTGTTACGACTT-3' (Lane 1991) in  triplicate 50 µl reactions containing 

5 µl 10X buffer (Promega Buffer B with 1.5 mM MgCl2), 12.5 mM each dNTP (BioLine 
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USA, Inc.), 20 pmol each of 8F and 1492R primers, 2.5 U Taq polymerase (Promega 

U.S.). The PCR thermal cycling (ABI GeneAmp 2700, Applied Biosystems, Foster City, 

CA) consisted of 30 cycles of 30 s at 94°C, 30 s at 50°C, and 90 s at 72°C. Replicate 16S 

rRNA gene amplifications were pooled and gel purified using a DNA Purification Kit 

(MoBio Laboratories, Carlsbad, CA), and cloned using a TOPO TA Cloning Kit 

(Invitrogen, Carlsbad, CA). One hundred and ninety two clones per library were 

sequenced using high-throughput Sanger sequencing (ABI 3730 Capillary Sequencer, 

Applied Biosystems, Foster City, CA), half with M13 and half with 8F primers. 

Data Analysis 

 Differences among enrichment treatments for biomass, enzyme activities, and 

live/dead cell abundances were assessed using one-way ANOVA and Bonferroni multiple 

comparisons on log-transformed data using SAS (version 9.2, SAS Institute, Cary, North 

Carolina). SMATR (Falster et al. 2006, Warton et al. 2006) was used to calculate 

exponential scaling exponents and 95% confidence intervals for biomass, enzyme 

activities, and live/dead cell abundances using ordinary least squares regression of log-

transformed data. SMATR was also used to fit a line to C:P (BG:AP) and C:N 

(BG:(LAP+NAG)) enzyme ratios using the standard major axis method (SMA) and to 

determine significant differences in the slopes of these lines.  

 Biofilm community 16S rRNA gene sequence data was checked for quality using 

CodonCode Aligner. High quality sequences (average Phred 20 values > 500) greater than 

600 bp were exported to Greengenes (http://greengenes.lbl.gov) for alignment (NAST 

Alignment Tool, DeSantis et al. 2006a), chimera checking (Bellerophon Chimera Check 

Tool, Huber et al. 2004), identification of the most closely related 16S rRNA gene 
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sequences previously characterized from cultured and uncultured bacteria (DeSantis et al. 

2006b), and determination of the taxonomic affiliation (Hugenholtz classification, 

Classify Tool). ARB was used to filter the sequences to an uniform length and create a 

distance matrix of the aligned and filtered sequences (Ludwig et al. 2004). The taxonomic 

affiliation results and distance matrix were analyzed in mothur (Schloss et al. 2009) to 

divide sequences into phylotypes, generate rarefaction curves using a 97% DNA sequence 

similarity cutoff, calculate the Chao1 estimate of richness, and examine the taxonomic 

affiliation and abundance of each phylotype in each sample using a heatmap. 

The phylogeny of the bacterial 16S rRNA genes from the enrichment gradient was 

analyzed using UniFrac (Lozupone and Knight 2005, Lozupone et al. 2006) and mothur. 

Briefly, all aligned, high quality sequences were added to a backbone phylogenetic tree of 

6634 bacterial 16S rRNA gene sequences (Hugenholtz 2002) using the parsimony add 

function in ARB (Ludwig et al. 2004). This tree was imported into UniFrac to calculate 

the UniFrac metric which is defined as the phylogenetic distance between sets of taxa in a 

tree, calculated as the percentage of branch length that leads to descendants from only one 

of a pair of environments represented in a single phylogenetic tree (UniFrac Metric) 

(Lozupone and Knight 2005). Parsimony (mothur) and un-weighted UniFrac hypothesis 

testing were performed to test whether the communities from the five treatments had the 

same structure. Environment Distance Matrices (EDM-UniFrac) were calculated to 

measure distances between all sample pairs in a tree (Lozupone et al. 2006) to 

hierarchically cluster samples using an Un-weighted Pair Group Method with Arithmetic 

Mean (UPGMA-UniFrac) algorithm (Lozupone et al. 2006). Jackknife analysis was used 

to assess confidence in the nodes of the UPGMA tree (Lozupone et al. 2006). The EDM 
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were also used to perform a principal coordinate analysis (PCoA-UniFrac) (Lozupone et 

al. 2006).  

Results 

Biofilm Physical Structure 

 Mean AFDM values in the control, 2X and 4X enrichments ranged from ~ 0.1 to 

0.25 mg cm-2 while values in the 8X and 10X enrichments ranged from ~1.0 to 1.25 mg 

cm-2 (Fig. 2). AFDM values for the control and 2X enrichment were similar and not 

statistically different. The values for the 8X and 10X enrichments were also similar to 

each other.  

 

Figure 2: Biomass response to enrichment as measured by the fluorescence signal of 
live/dead cells (cm-2) and ash free dry mass (mg cm-2). Values were obtained for all 
treatments, however, in some cases control values are too low to be seen in the 
figure. 
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The areal density of AFDM and DM responded in a roughly linear fashion to the resource 

gradient with 23 and 18 fold increases (scaling exponents (b) and 95% CI of 1.48 ± 0.28 

and 1.31 ± 0.29), respectively, over the 10 fold enrichment gradient (Fig. 3).  

 

 

Figure 3: Response ratios (normalized to control) of biofilm biomass and functional 
parameter responses to an enrichment gradient. The single dot at an enrichment 
level of 1 represents the control values for all eight parameters. 
 

 Confocal laser microscopy showed that biofilm from the control treatment was a 

dense layer of bacterial cells with minimal vertical development. Images from successive 

enrichments showed increasing vertical development driven by increasing abundance of 

filamentous growth forms interspersed with cocci and rod shaped cells (images not 

shown). As a result, the areal abundance of live and dead cells increased much more than 

AFDM in response to resource enrichment with increments of 10, 53, 213, and 193 fold 
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and 10, 34, 126, and 132 fold, respectively, in the 2X, 4X, 8X, and 10X enrichments, 

respectively (b and 95% CI of 2.25 ± 0.23 and 2.05 ± 0.18) (Fig. 3). The live and dead 

cell fluorescence values for the control, 2X, and 4X treatments were significantly 

different from one another and from the 8X and 10X treatments, which were not 

statistically different (Fig. 2). One of the 15 channels, channel 9 a 4X treatment, was a 

consistent outlier and was excluded from the biofilm physical structure and function 

analyses.  

Biofilm Function 

 As biofilm mass cm-2 increased in response to enrichment, extracellular enzyme 

activities (EEA) increased exponentially, with responses even greater than those observed 

for cell density (Fig. 3). In relative terms, EEA increased in the order AG, NAG, BG, 

LAP, and AP. For AG, activity in the control and 10X enrichment treatment ranged from 

0.004 to 8.0 nmol h-1 cm-2, respectively; for AP the corresponding range was 0.14 to 47 

nmol h-1 cm-2. Response ratios for the 10X enrichment relative to the control treatment 

increased in approximately the reverse order with values of 350, 500, 1100, 2100 and 

7900 for AP, LAP, BG, AG, and NAG, respectively (Fig. 3). Exponential scaling 

exponents and 95% CI were 2.42 ± 0.26, 2.48 ± 0.35, 2.76 ± 0.40, 3.01 ± 0.43, and 3.46 ± 

0.52 for AP, LAP, BG, AG, and NAG, respectively (Fig. 3). Only one enzyme, LAP, 

reached a plateau at the 8X enrichment with a slight decrease in activity found in the 10X 

enrichment (Fig. 4). For each enzyme, activity in the control treatment was significantly 

different from that in enrichment treatments while activities in the 8X and 10X 

enrichment treatments were not significantly different (Fig. 4).  
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Figure 4: Response of extracellular enzyme activities (nmol hr-1 cm-2) to an 
enrichment gradient. Values were obtained for all treatments, however, control 
values are too low to be seen in the figure in some cases. 
  

 Across the enrichment gradient, ratios of the activities of C, N and P acquiring 

enzymes, represented as BG:(LAP+NAG):AP remained consistent at ~ 1:1:1 (Fig. 5). 

This stoichiometric EEA ratio is characteristic of heterotrophic microbial communities in 

soils and freshwater sediments (Sinsabaugh et al. 2009). SMA of ln(BG) vs. 

ln(LAP+NAG), and ln(BG) vs. ln(AP) across the enrichment gradient had significantly 

different slopes (p<0.02) of 1.09 (95% CI ± 0.05) and 1.20 (95% CI ± 0.07), respectively 

(Fig. 5). 
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Figure 5: C:P and C:N ratios of the ln normalized activities for enzymes responsible 
for acquiring carbon (BG), nitrogen (NAG + LAP), and phosphorus (AP). 
 

Biofilm Community Composition 

 A total of 2014 high quality partial 16S rRNA gene sequences were obtained. 

These sequences were distributed across the resource gradient treatments with 391, 413, 

421, 411, and 378 sequences from the control, 2X, 4X, 8X, and 10X enrichment 

treatments, respectively. A total of 381 phylotypes were identified at the species level 

(<97% similarity) with 206, 87, 94, 78, and 71 phylotypes found in the control, 2X, 4X, 

8X, and 10X treatments, respectively. Rarefaction curves from the four enrichment 

treatments (97% similarity cut-off) approached a plateau indicating comprehensive 

sampling of the 16S rRNA gene diversity amplified in these samples (Fig. 6). The 

rarefaction curve from the control treatment did not reach a plateau; however, the slope of 

this curve was decreasing indicating a substantial amount of the 16S rRNA gene diversity 
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was successfully amplified (Fig. 6). The rarefaction curves indicated that bacterial 

diversity progressively decreased from the control, 4X, 2X, 8X, and 10X enrichment 

treatments (Fig. 6) with 95% confidence intervals for Chao1 species richness estimates 

(<97% identity) of 402-723, 131-278, 107-159, 106-226, and 103-241, respectively.  

 

Figure 6: Rarefaction curves created in mothur (<97% similarity) for the bacterial 
communities from the five enrichment treatments obtained by analysis of a distance 
matrix created from sequence data in ARB. 

 

Representatives from 10 bacterial phyla and candidate divisions were found in the 2014 

partial 16S rRNA gene sequences recovered. Of the 10 phyla detected, 8, 7, 4, 4, and 4 

were represented in the control, 2X, 4X, 8X and 10X enrichment treatments, respectively 

(Fig. 7).  
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Figure 7: Abundance heatmap created in mothur for bacterial 16S rRNA gene 
sequences ordered by taxonomy (Hugenholtz classification) and enrichment level. 
Each row in the heatmap represents a phylotype defined at 97% similarity cutoff. 
The color of each phylotype bar represents the maximum relative abundance (i.e. 
[relative abundance / maximum relative abundance]) of each phylotype for each 
enrichment treatment according to the legend in the bottom left corner. The phylum 
division of each phylotype is indicated on the left.  
 

An analysis of phylotype overlap (<97% identity) between treatments showed the least 

overlap between the control and 10X treatments (4 phylotypes) and the most overlap 
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between the 4X and 8X (37 phylotypes) and 8X and 10X (37 phylotypes) treatments 

(Table 1). In general, samples from treatments with increasingly divergent levels of 

enrichment shared a decreasing number of phylotypes (Fig. 7).      

Table 1: Phylotype overlap between treatments. 
Treatment 

Comparison 
Shared Phylotypes (97% 

Similarity Cut-off) 

Cont - 2X 28 

Cont - 4X 23 

Cont - 8X 8 

Cont - 10X 4 

2X - 4X 28 

2X - 8X 15 

2X - 10X 7 

4X - 8X 37 

4X - 10X 30 

8X - 10X 37 
 

The parsimony and un-weighted UniFrac hypothesis testing analysis both 

indicated that communities from the five treatments were significantly different from one 

another (p < 0.005), with the exception of the 8X and 10X treatments, which were not 

significantly different using the UniFrac test. UPGMA clustering of the sequence data in 

UniFrac (1000 permutations, un-weighted) revealed nine sample groupings that were well 

supported by jackknife analysis (data not shown). Sequences from the control, 2X, and 

4X treatments grouped into three distinct clades, indicating that the community structures 

of these samples were unique from each other and the 8X and 10X samples. The 8X and 

10X samples grouped together in a fourth clade with mixed grouping of samples among 

the two treatments. PCoA results show relatively tight and distinctive grouping of 

sequences from the control, 2X and 4X enrichment treatments and a grouping that 

includes sequences from the 8X and 10X treatments (Fig. 8). Principal Coordinate 1 
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explained 27% of the variation in the samples and appeared to be well correlated with the 

eutrophication enrichment level as the sample clusters increased in enrichment from the 

left to the right side of the plot (Fig. 8). 

 

Figure 8: Principal coordinate analysis performed in UniFrac for the bacterial 
communities of the fifteen individual enrichment channels. Analysis was performed 
using the UniFrac un-weighted analysis option which provides a qualitative measure 
of β diversity, disregarding the relative abundance of lineages in the sample tree and 
focusing on the presence/absence of bacterial lineages within a community. 

 

Classification of the partial 16S rRNA gene sequences (RDP Classification, 

Greengenes Classification Tool) revealed taxonomic shifts in the most frequently found 

sequences from each treatment. Sequences from the control treatment were the most 

evenly distributed between numerous bacterial genera with the greatest percentage of 

sequences from the Flavobacterium (Bacteroidetes), Leptothrix (Betaproteobacteria), and 
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Chitinophaga (Bacteroidetes) genera. Sequences from the 2X enrichment were most 

commonly found in the Arcicella (Bacteroidetes), Leptothrix (Betaproteobacteria),and 

Rheinheimera (Gammaproteobacteria) genera, the 4X enrichment was composed of 

Arcicella (Bacteroidetes), Rhodoferax (Betaproteobacteria),and Rheinheimera 

(Gammaproteobacteria) genera, and the 8X and 10X enrichments were most populated 

with sequences from the Aeromonas (Gammaproteobacteria), Janthinobacterium 

(Gammaproteobacteria), and Arcicella (Bacteroidetes) genera.     

Discussion 

Biofilm versus Planktonic Bacterial Responses to Increased Resources 

 Biofilm community biomass responded nonlinearly to enrichment, with exponents 

(b) of ~ 1.5 for areal mass and 2.3 for live cell density. Comparable results for cell density 

were reported by Mohamed et al. (1998) who found that a 15% increment in available 

DOC led to 3.6X increment in biofilm bacterial density (b ~ 2). In contrast, a synoptic 

comparison of fifteen marine systems showed that planktonic bacterial biomass and 

abundance increased only 10X over a 2800X range in primary production (b ~ 0.01) 

(Thelaus et al. 2008). Bacterial productivity was more dynamic, showing a 1000X 

response in relation to the 2800X change in primary production (b ~ 0.8). Planktonic 

responses to experimental enrichments over much smaller ranges show similar results. 

Jansson et al. (2006) and Joint et al. (2002) reported that 2X and 32X enrichments of C, 

N, and P in planktonic mesocosms resulted in 2X and 17X increases in bacterial 

production (b ~ 0.7) and a 1X and 2X increase in bacterial biomass (b ~ 0.1), 

respectively. These findings show that biofilm development is highly responsive to 
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resource availability with ultimate limits likely imposed by physicochemical constraints 

such as shear strength and diffusion gradients (Battin et al. 2003, Besemer et al. 2007).  

As biofilm biomass increased in response to resource enrichment the activity of 

enzymes responsible for C, N and P acquisition increased more quickly (range of b ~ 2.4-

3.5). These results are generally consistent with previous biofilm studies that used single 

level enrichments (but see Ylla et al. 2009). Modest 15-20% increases in C, N and P 

resulted in 3 to 200 fold increases (b ~ 1.2-3) in biofilm functional processes including 

the utilization of carbon and nitrogen compounds (Chenier et al. 2003, Chenier et al. 

2006), nitrification and denitrification rates (Chenier et al. 2003, Chenier et al. 2006), and 

bacterial abundance (Mohamed et al. 1998). In contrast to biofilms, functional processes 

in planktonic microbial communities exhibit muted responses to increased resources. A 

study relating EEA to bacterioplankton productivity in three rivers found that EEA lagged 

resource driven increases in production (b < 1) (Sinsabaugh et al. 1997, Sinsabaugh and 

Shah 2009). Several mesocosm studies have used glucose additions to stimulate nitrogen 

removal by bacterioplankton [27, 28, 49]; the response ratios appear to be well below 

one, suggesting that C enrichment minimally impacted these functions (Shiah and 

Ducklow 1995, Joint et al. 2002, Jansson et al. 2006). These findings are not surprising 

given the dispersed nature of planktonic communities and their modest biomass response 

to increased resources. These results suggest the differing biomass/production responses 

of biofilm and planktonic communities to altered resources lead to differing functional 

capacities for these aquatic microbial communities.  

Plankton and biofilm communities share a common physiological organization in 

terms of EEA stoichiometry (Sinsabaugh et al. 2009) and the relationship between EEA 
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and productivity (Sinsabaugh et al. 2010, in revision). The differential responses of these 

communities to nutrient enrichment reflect the fate of the products as can be seen when 

biomass turnover times are considered along with predation patterns and functional 

responses to enrichment. Turnover (% biomass day-1) has been estimated for a wide 

variety of attached and planktonic bacterial communities. Biofilm turnover for 

environments including decaying leaf litter, streams, mesocosm wetlands, and tropical 

coastal lagoons range from ~ 0.02 – 4000 % day-1 with a median value of ~ 48 % day-1 

(see summary table in Su et al. 2007, and Thomaz and Esteves 1997a, Thomaz and 

Esteves 1997b, Törnblom and Søndergaard 1999, Carr et al. 2005, Tao et al. 2007). 

Bacterioplankton turnover for lakes and the open ocean ranges from ~3-180 % day-1 with 

median values of ~ 33 % day-1 (Hyun et al. 1998, Torréton et al. 2002, Hyun and Kim 

2003, Chen et al. 2005, Hyun and Yang 2005, Gao et al. 2007).  

While significant variability exists, median turnover rates for the two types of 

communities are similar; however, the mechanisms regulating these rates appear to be 

different. Bacterioplankton biomass increases moderately in response to increased 

resources while production and predation increase very rapidly, with total predation 

increasing 1000 fold, and predation per unit of bacterial biomass increasing 100 fold, over 

a 2800 fold range in primary productivity (Thelaus et al. 2008). Thus, although 

bacterioplankton production rates are high, predation eliminates much of this biomass and 

is a primary factor controlling turnover rates. In biofilm communities, biomass increases 

moderately with increasing resources (b ~ 1.5). However, enzymes responsible for the 

depolymerization of senescent material increase much more rapidly than biomass, 

resulting in the rapid and efficient internal cycling of materials. While grazing can be 
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important in regulating biofilms (Huws et al. 2005), attached bacteria produce chemical 

defenses that protect the communities from eukaryotic predation (Weitere et al. 2005, 

Matz et al. 2008) and modify their organization to create grazing resistant structures (Wey 

et al. 2008). These results suggest turnover in biofilms is a result of internal recycling and 

reuse supported by the structural properties of biofilm communities that concentrate 

nutrients (Tsuchiya et al. 2009), energy yielding materials, and extracellular enzymes, 

which are dispersed in planktonic communities. 

Implications of Non-Linear Responses and Enzyme Ratios  

Results from this study also provide insights into the effects of enrichment on 

biofilm efficiency, stoichiometric balance, and the potential these communities have for 

nutrient retention. Ratios of extracellular enzymatic activities can be incorporated into the 

threshold elemental ratio concept to link the functional stoichiometry of microbial 

communities with resource lability, growth and assimilation efficiencies, and the 

metabolic theory of ecology (MTE) (Sinsabaugh et al. 2009). The threshold elemental 

ratio concept connects stoichiometry and metabolic theory by combining  metabolic 

parameters, such as growth efficiency and respiration, and the elemental composition of 

organisms and their food sources (Allen and Gillooly 2009). A meta-analysis of soil and 

sediment extracellular enzyme activities found the ratio of commonly measured activities 

responsible for C, N, and P acquisition was 1:1:1 and was invariant over a wide range of 

habitats (Sinsabaugh et al. 2009). These findings suggest disparate microbial 

communities have similar functional organization. Ratios of close to 1:1:1 in this biofilm 

study were maintained across a tenfold enrichment gradient, providing further evidence of 

the universal nature of these resource acquisition ratios regardless of the scale of the 
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system, ambient nutrient levels, community productivity, or community composition and 

structure.  

This study found extracellular enzyme activities responded more quickly to 

enrichment than biomass accumulation. Because these enzymes are responsible for the 

depolymerization of macromolecules, this differential response implies rates of substrate 

turnover increased with enrichment. Rough estimates of carbon turnover were generated 

by converting AFDM values to nmoles of carbon and dividing by the sum of the enzyme 

activities responsible for carbon acquisition (alpha and beta glucosidase). Estimates of 

biomass turnover were on the low end of turnover rates from other studies, ranging from 

~0.03 % day-1 for the control biofilm to 1.7 % day-1 for the 10X enrichment in spite of a 

20 fold increase in areal biomass over this range. The most significant turnover 

differences were between the control and 2X enrichments. This apparent threshold may 

be related to a shift in the microbial community composition from cocci and rod shaped 

to filamentous cells which provide effective physical retention of extracellular enzymes 

responsible for breaking down senescent biofilm material.  

Increased biofilm biomass and turnover rates have implications for the retention 

of non-conservative solutes (NCS) such as nutrients and organic matter in stream 

ecosystems because biofilms are the primary processing site for reactive solutes in lotic 

ecosystems. Spiraling theory in streams describes the downstream transport of NCS in 

terms of uptake length (S), which is comprised of the uptake length of NCS dissolved in 

the water column (SW) and in the particulate or benthic compartment (SB) (Newbold et al. 

1982). SB and SW are directly related to NCS supply and inversely related to NCS 

utilization or uptake (Newbold et al. 1982). Battin et al. (2003) found that as stream 
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biofilms developed, the transient storage (low velocity storage areas important for 

nutrient uptake) increased dramatically and there was an increasing trend in the uptake of 

both a highly (glucose) and moderately (arabinose) labile carbon source. Interestingly, the 

uptake of arabinose increased more rapidly than that of glucose. The authors attribute this 

finding to the increasing importance of the mass transfer of solutes into biofilms as they 

grow and thicken: the lower molecular weight arabinose diffuses more readily into the 

biofilm at later stages of biofilm development. These findings of exponential biofilm 

growth and function with enrichment suggest that both biofilm transient storage areas and 

the uptake rates of NCS are likely to increase as streams undergo eutrophication, 

potentially compressing the downstream spiraling of NCS.  

Response of Bacterial Community Diversity and Composition to Enrichment and 

Implications for Productivity/Diversity/Function Relationships in Microbial Communities   

An extensive body of research has examined the relationships between 

productivity, diversity, and function of plant and animal communities, however, little is 

known about these properties in microbial communities. The productivity, diversity, and 

functional gradients found in this study in response to an eutrophication gradient provide 

insights into the form of these relationships for bacteria.  

Unlike biomass and activity that increased exponentially with resource 

availability, enrichment led to decreased bacterial 16S rRNA gene richness. Numerous 

studies have shown enrichment alters the general community structure of bacterial 

biofilm and planktonic communities (Lebaron et al. 2001, Schäfer et al. 2001, Chenier et 

al. 2003, Chenier et al. 2006, Haukka et al. 2006), but resolution has been limited. 

Declines in bacterioplankton richness (Carlson et al. 2002, Bertoni et al. 2008) or 
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evenness (Sipura et al. 2005) with enrichment have been observed in some planktonic 

studies, supporting the trend observed in this study. Enrichment also led to dramatic 

changes in the composition of bacterial communities. In the control treatment 

Bacteroidetes, Alphaproteobacteria, Betaproteobacteria and Gammaproteobacteria were 

present in approximately equal numbers, with Verrucomicrobia and Actinobacteria 

present at lower frequencies. These phyla are typical of those found in other stream 

biofilm communities (Brümmer et al. 2003, Besemer et al. 2007, Kobayashi et al. 2009, 

Ylla et al. 2009). In contrast, Betaproteobacteria and Gammaproteobacteria were the 

dominant phyla in the highest levels of enrichment and phylotypes related to 

Verrucomicrobia and Actinobacteria were absent.  

The dominant genera from each enrichment level also changed dramatically, 

however, the majority of these genera are classified as chemoorganotrophs. The three 

dominate genera found in the control treatment, Flavobacterium, Leptothrix, and 

Chitinophaga, are aerobes. Chitinophaga is known to hydrolyze chitin as a primary 

energy source and may indicate that fungal biomass was a source of organic matter in the 

control treatment as chitin is present in fungal cell walls. Relatives of both the 

Flavobacterium (Kobayashi et al. 2009) and Leptothrix (Brümmer et al. 2003, Ylla et al. 

2009) genera have been found in other stream biofilms. The dominant genera in the 8X 

and 10X enrichments, Aeromonas, Janthinobacterium, and Arcicella, have been found in 

other stream biofilms (Kobayashi et al. 2009), are chemoorganotrophs, and are aerobes 

with the exception of Aeromonas which is a facultative anaerobe. The dominance of this 

facultative anaerobe suggests oxygen may have been limiting in the well developed 

biofilms that resulted from enrichment. Relatives of the most common genera from the 
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control and enrichment treatments described above have been found in biofilms from 

globally distributed locations. This ubiquity suggests these genera are members of a 

cosmopolitan freshwater biofilm cluster.     

Changes in bacterial community composition have been related to enrichment in 

other systems. Ylla et al. (2009) found glucose additions eliminated phylotypes related to 

Actinobacteria from a community of heterotrophic bacteria, a pattern observed in this 

enrichment study. Kobayashi et al. (2009) used bacterial community profiling techniques 

to synoptically sample two rivers in Japan. Significant changes in the patterns of bacterial 

community composition were most strongly related to anthropogenic nitrogen inputs; 

however, insufficient sequencing prevented a determination of which bacterial genera 

were responsive to enrichment. A similar study in Germany of the Elbe River and a 

highly polluted tributary found pollution primarily impacted the abundance rather than the 

presence/absence of bacterial genera (Brümmer et al. 2003). 

Reviews of studies from plant and animal communities suggest the most common 

productivity-diversity relationships are unimodal at local scales and monotonically 

increasing at regional scales (Waide et al. 1999, Mittelbach et al. 2001, Evans et al. 

2005). A frequently proposed mechanism to explain this pattern states that in low 

productivity/available energy systems, insufficient resources exist to support many 

species at viable population levels. As productivity increases, the number of viable 

populations and the diversity increase. At local scales when productivity levels are high, 

interspecific competition increases, driving some species to extinction (Rajaniemi 2003). 

In this study of bacterial biofilms an enrichment gradient produced a productivity 

gradient; however, phylotype richness declined at all levels of enrichment. This was 
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surprising as richness was expected to increase with the number of physical and chemical 

niches that form as biofilms mature and thicken. These findings suggest that for bacterial 

communities, an increase in total available energy does not increase the total number of 

viable bacterial populations, and resource diversity may be more important for structuring 

these communities than total available resources. This is consistent with results from both 

a laboratory culturing experiment that found bacterial diversity had a unimodal 

relationship to productivity in heterogeneous but not in homogeneous environments 

(Kassen et al. 2000), and from a high carbon soil environment in which resource 

heterogeneity was thought to drive diversity patterns (Zhou et al. 2002).   

The effects of biodiversity on ecosystem functioning have been debated for 

several decades in an attempt to understand and predict how current human-induced loss 

of diversity will alter the ability of ecosystems to provide services such as carbon 

sequestration and nutrient retention and processing. While some uncertainty remains 

about diversity-function relationships, a positive trend has been found between diversity 

and ecosystem function for macro-organisms (Loreau et al. 2001, Hooper et al. 2005). 

Few studies have investigated diversity-function relationships in microbial communities 

due to logistical difficulties; however, some relevant data exist. Toxic substances have 

been used to experimentally decrease soil microbial diversity. This reduction had little 

effect on parameters driven by the entire microbial community such as respiration and 

decomposition rates. More specific parameters, however, such as nitrification, 

denitrification and methane oxidation, decreased (Griffiths et al. 2000, Muller et al. 2002, 

Girvan et al. 2005). A single aquatic study revealed a strong positive relationship between 
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bacterial diversity and community respiration rates, indicating broad scale functions may 

also be affected by changes in diversity in some systems (Bell et al. 2005).  

In the biofilm communities in this study, decreased diversity resulting from 

nutrient additions did not translate into a diminished ability to process large organic 

molecules as measured by extracellular enzyme activities. Instead, a nonlinear increase in 

function was observed. This response is likely due to physical changes that occurred in 

the biofilms as a result of enrichment. Increased biofilm thickness protects extracellular 

enzymes from being washed out of the system by downstream flow, potentially 

encouraging microbes to secrete higher quantities of enzymes into this protected 

environment. Furthermore, it is possible that efficient recycling and cooperation within 

complex biofilms is facilitated by a simplified community which may make intercellular 

communication more effective. 

Conclusions  

 Stream biofilm communities play a significant role in processing nutrient and 

organic matter inputs to streams. As streams are enriched with nutrients and dissolved 

organic carbon the community diversity and structure of these biofilm communities as 

well as their ability to perform ecosystem functions undergo significant changes. These 

responses do not follow patterns expected from the extrapolation of results from studies 

of planktonic microbial or metazoan communities. In planktonic communities, increased 

production is transferred up the food web where it increases secondary production and 

respiration. In biofilms, the products of nutrient enrichment (e.g. cells, enzymes, 

extracellular polymers) tend to accumulate, initiating a positive feedback that 

exponentially increases biomass and metabolism. This positive feedback is likely further 
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reinforced by cooperative interactions within the community. As the biofilm develops, the 

potential for cell signaling and cellular differentiation along internal gradients of resource 

availability and physicochemical conditions also increases. This positive feedback is 

eventually truncated by structural failures (sloughing) that export material downstream or 

by invertebrate grazing. Further study of enrichment effects on biofilms using a complex 

carbon source, as opposed to the readily labile carbon source used here, would provide 

additional insights into diversity-function relationships as a more diverse community may 

be necessary to break down various fractions of a more complex carbon pool. 
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Abstract 

 Catchment characteristics and disturbances control the conditions and processes 

found in stream ecosystems. We examined nutrient cycling linkages between riparian 

soils and adjacent streams and the impacts of ungulate grazing on these ecosystems and 

processes at six grazing exclosure sites in the Valles Caldera National Preserve, NM, 

USA. The exclusion of native and domestic ungulate grazers for three years significantly 

increased the riparian aboveground biomass of standing vegetation (273 ± 155 vs. 400 ± 

178 g m-2) and litter (56 ± 75 vs. 107 ± 77 g m-2) (p = 0.005 and 0.013, respectively). Soil 

nutrient values (0 to 15-cm depth) were minimally affected by grazing after five growing 

seasons, with significant increases in soil total phosphorus at three of the six sites. No 

connection was found between soil and stream nutrient availability or limitation. Stream 

geomorphology was not significantly altered by five years of grazing exclusion. The 

elimination of grazing suppressed instream nutrient processing with significantly longer 
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NH4 uptake lengths (p = 0.02) and non-significant trends toward decreased NH4 uptake 

rates observed in exclosure reaches. These results suggest ungulate grazing impacts 

terrestrial characteristics that are linked to ecosystem services provided by adjacent 

aquatic ecosystems. Management plans should carefully balance the positive effect of 

grazing on stream nutrient processing and retention reported here with the well-

documented grazing related loss of other ecosystem services such as decreased fish and 

aquatic invertebrate habitat and effects on water quality parameters such as turbidity and 

water temperature.  

Introduction 

 Terrestrial characteristics and disturbances are largely responsible for the 

conditions and processes found in stream ecosystems. This principle was eloquently 

presented by H. B. N. Hynes who wrote, ‘In every respect the valley rules the stream’ 

(Hynes 1975), a statement that has since guided a significant body of research and the 

development of theories connecting terrestrial and stream ecosystems. Streams have been 

described as four-dimensional: longitudinal connections link upstream to downstream 

segments, lateral exchanges connect terrestrial and aquatic environments, vertical flows 

link ground and surface water, and the fourth dimension of time encompasses seasonal 

and long term geomorphic fluctuations (Ward 1989, Wiens 2002). The lateral and vertical 

connections between streams and catchments operate at a variety of spatial and temporal 

scales. Climate, topography, and geology place broad-scale constraints on stream 

hydrology, geomorphology, sediment delivery, and water chemistry (Allan and Johnson 

1997, Wiens 2002, Allan 2004). Finer scale patch characteristics, seasonal cycles, 

episodic events, and connectivity between patches are superimposed upon catchment-
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scale attributes and are important determinants of energy and nutrient exchange between 

terrestrial and aquatic environments (Wiens 2002). 

 Stream water chemistry is tightly coupled to catchment parent geology, soil 

chemistry, and disturbance. This coupling is maintained through lateral inputs of surface 

water with dissolved and particulate constituents, and groundwater inputs comprised of 

water in equilibrium with catchment soils and underlying parent geology. Stream water 

chemistry sampling and spatially explicit geologic and land use data sets have been used 

in combination to determine the relative importance of catchment variables in 

determining stream chemistry values. Underlying catchment parent geology was an 

important and seasonally consistent predictor of stream water chemistry in each of these 

studies (Johnson et al. 1997, Cresser et al. 2000, Dow et al. 2006), however, its relative 

importance varied between sub-regions (Dow et al. 2006). Additionally, geology/land use 

interactions were responsible for explaining significant portions of water chemistry 

variability, indicating land use and geology covary (Johnson et al. 1997, Dow et al. 2006).  

 Recent work has also shown that altered catchment and riparian attributes affect 

in-stream processing and regulation of the bioavailable components of water chemistry. 

Restoration of an incised stream channel resulted in changes in stream geomorphology 

and hydrology, and a 50% and 2000% increase in phosphorus and nitrate uptake, 

respectively (Bukaveckas 2007). Paired stream reaches with intact and deforested riparian 

zones showed undisturbed reaches exhibited greater organic material processing and 

nutrient cycling and retention when these parameters were assessed on a per-unit-stream-

length basis (Sweeney et al. 2004). Johnson et al. (2009) found significantly higher 

ammonium demand in urban streams as compared to agricultural and forested systems. 
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This result was partially explained by increased light availability in urban streams with 

reduced canopy cover. These results highlight the importance of stream ecosystems for 

regulating water chemistry and how these services are affected by altered catchment 

characteristics.  

 Overgrazing by native and domestic ungulates is a specific watershed disturbance 

that alters catchment soil characteristics (Kauffman et al. 2004, Piñeiro et al. 2010) and 

has negatively impacted up to 80% of the streams in the arid western United States 

through degraded riparian and in-stream vegetation, water quality, stream channel 

morphology, and hydrology (Kauffman and Krueger 1984, Belsky et al. 1999, Sarr 2002). 

Grazing is reported to have a range of effects on soils that vary with soil and vegetation 

type, grazing intensity and duration, and sampling period (Piñeiro et al. 2010). Piñeiro et 

al. (2010) reported in a review that ecosystems with annual precipitation between 400 and 

850 mm showed similar patterns, with grazing lowering soil root content, increasing soil 

organic matter (SOM) C:N ratios (suggesting potential N limitation for SOM 

decomposition), and either increasing or not changing soil bulk density. Grazing affects 

streamside vegetation, with significant decreases in the total aboveground biomass of 

riparian vegetation observed in as little as two years of moderate grazing pressure (Clary 

and Kinney 2002). Long-term grazing exclosure (30 years) resulted in a near doubling of 

litter cover, a fourfold reduction of bare ground, a fivefold increase in shrub cover, and a 

30% increase in graminoid cover (Schulz and Leininger 1990). Changes in riparian 

vegetation in turn affect stream geomorphology in grasslands where vegetation 

encroachment on the active channel and sediment trapping ultimately narrow and deepen 

stream channels (Magilligan and McDowell 1997, Nagle and Clifton 2003). Stream 
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geomorphic changes have been observed in response to grazing in as little as two years of 

heavy grazing impacts (Clary and Kinney 2002, Ranganath et al. 2009), however, two to 

four years of exclosure were insufficient to produce significant recovery results in other 

systems (George et al. 2002, Lucas et al. 2009).      

 While grazing has been shown to impact terrestrial, aquatic, and riparian areas, 

few studies have attempted to connect these impacts and link them to instream ecosystem 

processes such as nutrient processing and retention. The goals of this project were to 1) 

determine if riparian soil nutrient characteristics in the Valles Caldera are reflected in 

nutrient cycling processes in streams, 2) quantify the effects of ungulate grazing on soil 

characteristics, terrestrial vegetation biomass, and nutrient cycling in adjacent aquatic 

ecosystems, and 3) assess whether eliminating grazing pressure for relatively short 

periods is sufficient to impact these variables. 

Materials and Methods  

Site Description  

The Valles Caldera National Preserve (VCNP) is comprised of ~36,000 ha located 

in northern New Mexico (35°50'-36°00' N, 106°24'-106°37' W) encompassing a volcanic 

caldera formed ~1.2 million years BP (Fig. 1).  
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Figure 1: Map of exclosure sites in the VCNP. Exclosures are designated by white 
circles, streams are gray lines, and topography grades from white at low elevations 
to black at high elevations.    
 

The VCNP ranges in elevation from ~2,500 m in the valley floors to 3,430 m at Redondo 

Peak, a resurgent volcanic dome (Heiken et al. 1990). Approximately 10,000 ha of 

montane grassland (Muldavin and Tonne 2003), 700 ha of wetlands (Muldavin and 

Tonne 2003), and 100 km of stream length are found in the valley floors of the Valles 

Caldera (VC). The soils of the VC have been described as either forest or grassland soils, 

with rocky, loamy-textured, forest soils classified as Andisols, Alfisols and Inceptisols 

derived from volcanic rocks on the hillslopes, and deep, organic rich grassland Mollisols 

found in the valley bottoms (Muldavin and Tonne 2003). Streams in the VC are low 

gradient, high sinuosity systems, with no woody riparian vegetation present in meadow 

areas. Precipitation in the VCNP during this study ranged from 500 to 700 mm yr-1 (Fig. 

2). Typical precipitation patterns include snow during winter months, dry spring and early 

summer conditions, and significant rainfall inputs during mid to late summer from North 

American monsoon events (Fig. 2).  
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Figure 2: Cumulative precipitation (mm) for the indicated water years (Oct. 1 to 
Sept. 30) measured at the VCNP headquarters (near site J3). Symbols indicate 
collection periods for soils (S), vegetation biomass (B), and stream injection studies 
(T). 

 

Domestic grazing in the VC is limited to summer months due to low winter 

temperatures and substantial snow accumulation. Livestock grazing in the VC began in 

the mid-1800’s initially supporting small sheep herds (Martin 2003, Anschuetz and 

Merlan 2007). By the early 1900’s an estimated 100,000 sheep were grazed annually in 

VC (Martin 2003, Anschuetz and Merlan 2007). A decline in wool prices in the 1940’s 

led to the replacement of sheep with cattle, resulting in the annual grazing of ~12,000 

cattle by the late 1950’s (Martin 2003, Anschuetz and Merlan 2007). From 1960-2000 

~3,000-7,000 cattle were grazed in the VC during summer months. Since the designation 

of the VCNP in 2000, cattle grazing levels have been dramatically reduced with ~600 

cattle grazed in 2004 and 2005 (Cibils et al. 2008). Grazing by native ungulates including 

elk and deer was eliminated by the early 1900’s by hunting (Martin 2003). In 1947 elk 

were reintroduced to the Jemez Mountains by the New Mexico Department of Game and 

Fish. Elk populations in 2004-2008 were estimated at 2000-3000 animals (Anderson 

2009).   
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Six sets of grazing exclosure sites were established in 2003 in the VCNP (Fig. 1). 

Each set of exclosures consists of an open control plot (C) and an ~160 by 160 m square 

area (~2.5 hectares) with a three meter high chain linked fence serving as an ungulate 

exclosure (E). Exclosures contain ~ 300 meters of stream length. Three sets of exclosures 

were constructed in each of the two watersheds draining the VCNP, the East Fork of the 

Jemez (EFJ) and San Antonio watersheds (Fig. 1). Sites in the EFJ watershed are 

designated as J1, J2, and J3 in the upstream to downstream direction. Two of the sites in 

the EFJ (J1 and J2) are on the Jaramillo stream, a tributary to the EFJ. All three sites in 

the San Antonio watershed are on the main-stem of the stream and are designated as the 

S1 (upstream), S2 (mid), and S3 (downstream) sites. At the S2 site a location upstream of 

the exclosure was used as the control area for the soil and vegetation collections while a 

downstream location was used to measure stream uptake parameters. The study sites span 

a range of stream sizes from small, second order streams (discharge of ~ 10 – 15 l sec-1) 

at J1, to larger third order streams (discharge greater than 100 l sec-1) at J3 and S3 

reaches. Background concentrations of NH4-N and PO4 were less than 50 µg l-1 at all sites 

(Table 1). 
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Table 1. Background Concentrations: 2005 and 2009. 

Site-Year Ammonium (μg l-1) Phosphate (μg l-1) 

J2-05 12±0.06 33±0.03 

S2-05 10±0.04 17±0.03 

S3-05 10±0.05 13±0.03 

J1-09 9±0.84 46±7.02 

J2-09 14±0.07 42±1.25 

J3-09 7±0.02 20±0.03 

S1-09 7±0.28 13±2.90 

S2-09 7±0.10 14±2.51 

S3-09 3±1.20 19±0.37 
 

Soil Physical and Chemical Measurements 

 Soil collections were concentrated within the riparian zone, operationally defined 

as within 10 m of the stream bank. At each plot, five samples were taken at 

approximately 25-m intervals beginning at least 25 m from the fencing on each side of the 

stream, resulting in 10 sample locations per plot (180 total sample locations). At each 

sample location, separate samples were taken for determination of bulk density and for 

chemical analyses. 

 Bulk density was determined by making a vertical cut into the soil and extracting 

an intact 5.08-cm diameter by 5.08-cm depth core from the face of the cut at a depth of 10 

cm. The cores were placed in soil cans, oven-dried to constant weight in the lab, and 

weighed for determination of bulk density (g cm-3).  

 Samples for chemical analyses included the 0 – 15-cm depth of the mineral soil 

(organic horizons, if present, were removed). The reasons for taking cores to this depth 

are: (1) this depth corresponds to the depth of expected impact by ungulate hooves and 
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should be more closely correlated with potential changes in bulk density; and (2) past 

sampling indicated that this depth includes the A horizon yet minimizes the portion of 

lower soil horizons within the sample. Soil cores (5.08 by 15-cm length) were extracted, 

placed in sterile bags, labeled and recorded, and returned to the lab where they were 

sieved to pass 2 mm (>2 mm portion weighed and recorded). Field moisture of the 

samples collected in 2004 was very low and the sieved portion was stored at field 

moisture content prior to chemical analyses. The samples collected in 2008 were air-dried 

for storage until chemical analyses are performed. All subsequent chemical analyses were 

corrected to oven-dry weight to account for the moisture retained by each sample.  

 Extractable inorganic nitrogen (N) was determined by extraction of a measured 

amount of soil with 100 ml 2M KCl. The soil solution was shaken thoroughly and 

allowed to settle for 14 – 18 h. The clarified solution was decanted and analyzed using a 

Technicon AutoAnalyzer II for NH4-N using an alkaline phenol method and for NO3-N + 

NO2-N using a cadmium reduction method (reported as mg N kg-1 soil). Total N and C 

were determined using a ThermoQuest CE Instruments NC2100 Elemental Analyzer 

(ThermoQuest Italia S.P.A., Rodano, Italy) by high temperature combustion and the 

resulting gases eluted on a gas chromatography column and detected by thermal 

conductivity. Total N and C are expressed as percent of soil sample. Modification of the 

method of Stelzer and Lamberti (2001) was used to determine total phosphorus (P). The 

weighed portion of soil was combusted at 500 °C for one hour, followed by addition of 1 

M HCl and incubation at 80 °C for 30 min to dissolve the phosphorus. After dilution and 

settling, the clarified solution was analyzed for PO4-P using a molybdate method on a 

Technicon AutoAnalyzer II and was expressed as percent of soil sample. All total C, N, 
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and P values were converted to mmol kg-1 for stoichiometric comparisons and for 

expression of all elemental ratios (C:N, N:P, C:P, and C:N:P). 

Above Ground Biomass Measurements 

 The above ground biomass of upland and riparian vegetation was measured once 

in fall, 2006. Five randomized linear stream distances were chosen at each site and 

grazing treatment using a 10-m buffer from all fences to eliminate edge effects. At each 

linear distance a riparian (within 10 m of the stream) and upland (greater than 10 m from 

the stream) location were randomly selected. Standing vegetation was clipped to 1 cm of 

the ground and litter was raked and collected separately in one quadrat (1 m2) per 

location. Samples were oven dried to constant weight and weighed to determine standing 

aboveground biomass and litter (g m-2).  

Stream Solute Injections  

Stream flow characteristics and uptake parameters for NH4 and PO4 were 

measured in both the ungulate and control reaches at three sites in 2005 and six sites in 

2009. Solute injections were performed using the Stream Solute Workshop (1990) 

protocols. Prior to the start of injections, background samples were collected at six sites 

downstream of the injection point to determine background concentrations of Br, NH4 

and PO4. Immediately following background sampling, Br (conservative solute) and NH4 

and PO4 (non-conservative solutes) were injected simultaneously for 100-140 min at a 

constant rate calculated to elevate background concentrations by 800-1000 ppb for Br and 

50 ppb for NH4 and PO4. Following the start of the injection, three samples were 

collected at each station during the solute plateau as determined visually by the clearing 

of Rhodamine-WT tracer dye added to the stream at the beginning of the injection. 
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Samples were filtered immediately in the field using 0.7-µm pore-sized Whatman Glass 

Fiber Filters ® and were stored at 4 ˚C until frozen (within 10 h of collection).  

Uptake lengths (Sw) for NH4 and PO4 were estimated from the change in 

concentration between the background and plateau samples at each of the six sampling 

stations downstream of the injection point (∆C(x,t) = C(x,t) – C(x,t0), where t = time, x = 

station distance in meters, and C(x,t) and C(x,t0) are the concentrations of the solute 

measured at the plateau and before the injection began, respectively). The ratio of non-

conservative to conservative solutes (rc = ∆C/∆Br) was used to correct for changes in 

solute concentrations due to dilution of solutes rather than biological uptake. The 

longitudinal loss rate, kl, of the non-conservative solutes was estimated by non-linear 

regression from the relationship rc(x) = r0exp(-klx) where r0 is the non-conservative to 

conservative solute ratio at x = 0. Longitudinal loss rates were converted to uptake 

lengths using Sw = -1/ kl (Newbold et al. 1982). Because Sw is strongly influenced by 

stream scale, uptake lengths were converted to a mass transfer coefficient or uptake 

velocity (Vf, mm min-1) and areal uptake rates (U, µg m-2 min-1) to compare uptake 

between streams of different sizes. Vf and U are calculated as Vf = klud (where u = water 

velocity and d = water depth) and U=VfC (where C = background nutrient concentration). 

Analysis of the conservative solute data (Br) was conducted using a 1-dimensional 

advection-dispersion model that includes a transient storage component (OTIS, Runkel et 

al. 1998) to estimate discharge (Q) and cross sectional area (A). Using Q (width x depth x 

velocity) and A (width x depth), average water velocity (vw) was calculated as vw = Q/A. 

Average water depth was calculated as d = A/width using the mean reach widths from 

twenty evenly spaced cross-sectional geomorphology transects.  
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Ammonium samples were analyzed using the phenylhypochlorite method and a 

10-cm flow path modified from Hansen and Koroleff (1983). Phosphate was measured 

using the stannous chloride method (Standard Method 4500-P D; Clesceri et al. 1998). 

Bromide was analyzed by ion chromatography (Dionex, Standard Method EPA 300.1).  

Statistical Methods 

 Analysis of variance (ANOVA) was used to determine the significance of 

treatment, between and within sites, and between year effects on soil properties.  When 

necessary, data were log transformed to meet criteria for ANOVA. When significant 

differences were determined with ANOVA, differences between the individual factors 

were determined with Scheffe F-test. All figures of soil properties show mean and 

standard error (when visible). Level of significance is p < 0.05 unless otherwise indicated. 

Student’s t-tests were used to determine the significance of grazing treatment on 

aboveground biomass and litter (data from all six sites was pooled by treatment). A 

mixed model ANOVA was used to determine the effects of grazing on nutrient spiraling 

metrics and stream physical characteristics. This model included site as a random effect 

which allowed data from the same sites but different years to be used in the same model. 

Linear regression was used to examine relationships between nutrient uptake and stream 

physical characteristics. 

Results 

Soil Physical and Chemical Measurements 

 Soils of the riparian areas in the VC show a range in chemical properties (Figs. 3 

and 4) with significant differences between sample sites for most of the soil properties in 

both sampling periods. However, the differences between sampling periods often 
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exceeded the differences between sites within a sampling period. Of particular 

importance was the increase in soil total P, C, and N at 4 of the 6 sites in the 2008 

samples relative to the 2004 samples (Fig. 4a-c), along with a general decline in the C:P 

and N:P ratios between these samplings (C:P from 263 (±5.0) to 241 (±3.0) and N:P from 

20.0 (±0.5) to 18.3 (±0.3), Fig. 4d and 4f). There were no significant differences between 

the exclosure and open grazing areas within all sites for all soil properties for samples 

collected in 2004, which was shortly after complete removal of grazing. The differences 

between sample periods can be attributed to the effects of grazing for only one soil 

property in 2008. The only effect of the exclosures on soil properties occurred for total P 

with the exclosures significantly lower than the grazed areas at three of the six sites in 

2008 (J1, J2 and S2; Fig. 4c).  
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Figure 3: Soil bulk density (a), nitrate-N (b), and ammonium-N (c) in riparian 
grassland soils from three sites within the East Fork of the Jemez watershed (J1, J2, 
J3) and the San Antonio watershed (S1, S2, S3) in the VCNP. Samples were 
collected in 2004 before the summer growing season (open squares) and in the fall of 
2008 (solid diamonds; symbols sometimes are behind squares). Within a collection, 
sites that are significantly different have different letters (italic for 2008). Within a 
site, significant differences between years are indicated by *. 
 



56 
 

 

 

Figure 4: Soil characteristics of riparian grassland soils in the VCNP (see Fig. 3 
legend for descriptions).  Dashed lines (d, e, and f) indicate grassland averages 
(Piñeiro et al. 2010).  Significant effects of exclosures occurred at 3 sites for total P 
in 2008 (c; exclosures - fill circles, control areas - open circles). 
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Above Ground Biomass 

 Above ground biomass of vegetation in the VCNP had a mixed response to 

grazing impacts by the end of three growing seasons. Upland standing vegetation and 

litter values from the combined sites both increased in ungrazed areas; however, these 

values were not significantly different from grazed sites. In contrast, standing 

aboveground biomass and litter biomass in the riparian zone from the combined six sites 

were significantly greater in exclosure areas than in the grazed treatments (p = 0.005 and 

0.013, respectively). Standing biomass averaged 273 (std. = 155) and 400 (178) g m-2 for 

the grazed and exclosed sites, respectively, while litter values were 56 (75) and 107 (77) g 

m-2 for the grazed and ungrazed areas, respectively.  

Stream Physical Characteristics 

 A wide range of physical characteristics were documented in VC streams during 

2005 and 2009. The most variable parameters were: width 0.71 (J1-C ’09) to 5.05 m (J3-

E ’09), discharge 17 (J2-C ’09) to 123 l sec-1 (S3-C ’09), and width to depth ratios 3 (J1-

E ’09) to 44 (S3-E ’09) (Table 2). Depth and velocity were more consistent between sites 

with a range of 0.10 (J2-E ’09) to 0.27 m (J1-E ’09) for depth, and 0.07 (J2-C ’09) to 0.22 

m sec-1 (S1-E ’09) for velocity (Table 2). In both watersheds during both years, stream 

width, discharge, and width to depth ratios generally increased in the downstream 

direction, however, velocity and depth did not change predictably with location (Table 2). 

Some between treatment trends were apparent in the physical parameters measured when 

2005 and 2009 data were considered together. The mean stream width was greater in the 

control reaches and the average reach velocity was greater in the exclosure reaches for six 

of the nine experiments, however, the mean control and exclosure widths (3.15 ± 1.52 m, 
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2.89 ± 1.50 m) and velocities (0.137 ± 0.041 m sec-1, 0.159 ± 0.037 m sec-1) were not 

significantly different (p > 0.05). 

Table 2. VCNP Stream Physical Characteristics: 2005 and 2009. 

Site Treatment Year 
Wetted 

Width (m) 
Depth 

(m) 

Cross-
Sectional Area 

(m2) 
Velocity 
(m sec-1) 

Discharge 
(l sec-1) 

J1 C 2009 0.71 0.22 0.15 0.12 18 

J1 E 2009 0.73 0.27 0.20 0.12 24 

J2 C 2005 2.25 0.16 0.36 0.10 36 

J2 E 2005 1.82 0.12 0.23 0.14 32 

J2 C 2009 1.69 0.15 0.26 0.07 17 

J2 E 2009 1.46 0.10 0.14 0.15 21 

J3 C 2009 5.05 0.15 0.77 0.12 95 

J3 E 2009 3.85 0.20 0.78 0.12 96 

S1 C 2009 2.93 0.16 0.47 0.19 89 

S1 E 2009 2.31 0.16 0.37 0.22 82 

S2 C 2005 3.04 0.18 0.56 0.17 97 

S2 E 2005 2.87 0.20 0.59 0.17 101 

S2 C 2009 2.97 0.20 0.61 0.18 108 

S2 E 2009 2.96 0.23 0.67 0.16 108 

S3 C 2005 4.89 0.20 0.96 0.12 116 

S3 E 2005 4.98 0.18 0.88 0.14 118 

S3 C 2009 4.81 0.16 0.75 0.16 123 

S3 E 2009 5.01 0.11 0.57 0.21 120 
 

Stream Nutrient Cycling Parameters 

 The uptake of N and P in VC streams varied between nutrients, sites, grazing 

treatments and years. Injections of NH4 revealed strong N sequestration during each of 

the 18 experiments. Ammonium Sw ranged from 52 (J2-C ’05) to 559 m (S1-E ’09), Vf 

ranged from 3.8 (S1-E ’09) to 20.5 mm min-1 (S3-C ’05), and U ranged from 28 (S1-E 

’09) to 224 µg m-2 min-1 (J2-C ’05) (Fig. 5). Injections of PO4 revealed sequestration 

during 13 of the experiments and PO4 release during 5 experiments. In general, when PO4 

uptake occurred, it was an order of magnitude lower than NH4 uptake. For experiments 

with positive uptake values, PO4 Sw ranged from 350 (J2-C ’05) to 5800 m (J3-C ’09), Vf 



59 
 

ranged from 0.19 (J2-C ’09) to 4.84 mm min-1 (S1-E ’09), and U ranged from 4 (J3-C 

’09) to 61 µg m-2 min-1 (S1-E ’09). The extremely low uptake of PO4 in VC streams 

hindered the accurate determination of PO4 spiraling parameters in these systems as 

minimal longitudinal declines in PO4 were difficult to measure accurately. 

 

Figure 5: Uptake length (Sw), velocity (Vf) and rate (U) metrics for NH4 in VCNP 
stream exclosure and control plots from 2005 and 2009. 
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 Within individual watersheds, NH4 Sw declined at downstream sites regardless of 

year or grazing treatment. In 2009, J1 and S1 NH4 Sw were approximately 5 times longer 

than those at J3 and S3 (Fig. 5). Within watershed patterns were less clear for NH4 Vf and 

U. In general, Vf and U increased at downstream sites. The lowest NH4 Vf and U for each 

treatment and year were observed at the upstream site, with the exception of the Vf for the 

J2-E site in 2009 (Fig. 5). 

 When uptake parameters from the grazing treatments were compared, one 

significant difference and two non-significant trends were apparent. For NH4 Sw, values 

were greater in the exclosure reaches for eight out of the nine comparisons (Fig. 5). In the 

single instance in which Sw was greater in the exclosure reach, J1 ’09, the J1-E and J1-C 

Sw values were similar. Ammonium Vf and U values were greater in control reaches for 

seven out of the nine comparisons, with the exception of J1 and J3 in 2009 (Fig. 5). Mean 

uptake metric values for grazing treatments with both years combined show Sw values 

were greater in the exclosure reaches (204 ± 150 vs. 138 ± 124 m), while Vf (16 ± 9 vs. 

11 ± 6 mm sec-1) and U (131 ± 73 vs. 82 ± 45 µg m-2 min-1) were greater in control 

reaches. Sw values were significantly longer in the grazing exclosure reaches (p = 0.02); 

however, Vf and U values from the two grazing treatments were not significantly different 

(p = 0.16, and 0.16, respectively).  

 Linear regression was used to investigate relationships between stream physical 

characteristics and nutrient cycling metrics using the combined data from both years. 

Statistically significant (p < 0.05) relationships were found for four of these comparisons. 

Velocity was a significant positive predictor of NH4 Sw and was negatively related to U, 

while NH4 Vf was positively related to stream width and cross-sectional area (Fig. 6). 
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Figure 6: Regression analysis of stream geomorphology and nutrient uptake 
parameters with 2005 and 2009 data combined. All regression relationships shown 
are significant (p < 0.05). 
 

Discussion 

VC Soil, Vegetation, and Stream Characteristics 

 The VC riparian grassland soils have C:P and N:P ratios higher than the average 

reported for grasslands worldwide (C:P of 200 to 300 and N:P of 14 to 24 for VC 

compared to 166 and 12.3, respectively; Cleveland and Liptzin 2007). The range in VC 

C:N ratios are around the grassland average (12 to 15 for VC compared to average of 

13.8; Cleveland and Liptzin 2007). VC soil nutrient ratios indicate that the riparian soils 

are low in P relative to the other elements and indicate that P could be limiting soil 
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microbial (Sinsabaugh et al. 2009) and/or plant production (Cleveland and Liptzin 2007). 

Aboveground biomass of 275 – 400 g m-2 in the VC is comparable to that found in other 

grassland systems in New Mexico (Brockway et al. 2002) and in the midwestern (Abrams 

et al. 1986) and western (Frank and McNaughton 1993) United States.  

 The uptake of NH4 in VC streams is within the range of uptake values reported for 

other 1st to 3rd order streams (Ensign and Doyle 2006). However, the inverse relationship 

between NH4 uptake and stream size in the VC appears to be different from that found in 

other systems in which uptake decreases in 1st to 3rd order streams (Ensign and Doyle 

2006). This is likely due to a combination of topographical and geomorphic 

characteristics of VC streams. Low order streams in the VC have higher velocities due to 

higher stream gradients in the upland reaches where these streams originate. Additionally, 

smaller streams in the VC are more susceptible to sedge and grass encroachment resulting 

in narrow, deep channels. In contrast, higher order VC streams are wide, relatively 

shallow, and exposed to significant solar radiation inputs, characteristics that likely 

increase benthic primary production and nitrogen uptake. These geomorphic/nutrient 

uptake relationships are evident in the statistically significant negative relationship 

between U and stream velocity, and the positive relationships between Sw and velocity, 

and between Vf and both stream width and cross-sectional area (Fig. 6). The PO4 uptake 

observed in VC streams is lower than that from other stream ecosystems (Ensign and 

Doyle 2006). Additionally, PO4 uptake lengths were on average approximately ten times 

longer than ammonium uptake lengths, resulting in SW-N:SW-P ratios of ~0.1. Spiraling 

theory predicts that ratios of less than one indicate N limitation (Cross et al. 2005), 

providing strong evidence that during stable summer baseflow N is the limiting nutrient 
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in VC streams. This finding is consistent with a study of nutrient limitation in 157 

streams in Arizona that found N limitation at 72% of all of the sites studied and at 89% of 

the sites sampled at baseflow (Grimm and Fisher 1986). Similar results were also found 

at sites in western New Mexico (Coleman and Dahm 1990), suggesting N limitation may 

be a widespread characteristic of streams in the southwestern United States.  

Soil to Stream Connections 

 No connection was found between 0-15 cm depth soil chemistry and instream 

nutrient cycling. Nitrogen was abundant in VC near stream soils as compared to other 

grassland systems (Cleveland and Liptzin 2007), while nitrogen was clearly limiting in 

adjacent stream ecosystems as seen in the efficient NH4 uptake and the very long PO4 

uptake lengths. This apparent decoupling of terrestrial and aquatic processes is likely a 

result of a disconnect between soils at 15-cm depth and stream recharge during mid to 

late summer when the stream nutrient uptake parameters were measured. An investigation 

of stream flow pathways in the VC found near-surface runoff that flushes nutrients from 

upper organic-rich soil horizons was important during spring snow melt but was not a 

significant contribution during the summer or fall except during extreme monsoon events 

(Liu et al. 2008). Summer and fall stream inputs were dominated by deeper subsurface 

flow and groundwater recharge (Liu et al. 2008). The chemistry of these inputs appears to 

be influenced by subsoil/parent geology rather than near surface soil chemistry. This is 

consistent with the result of Cresser et al. (2000) who found near stream parent geology 

was a better predictor of instream water chemistry than near stream soil type. Phosphorus 

is likely abundant in VC subsoils and parent geology as these materials are relatively 

young geologically and volcanic ash is a significant source of phosphorus (Felitsyn and 
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Kirianov 2002). Additionally, when soil N becomes incorporated into aboveground 

production, it remains sequestered in decomposing grassland litter for an average of ten 

years before returning to the soil pool (Parton et al. 2007). This tight retention of N in 

grassland soils may also help explain the apparent disconnect between N rich soils and N 

limited streams.   

Grazing Impacts on Soil, Vegetation, and Stream Nutrient Cycling 

 Grazing related variables had mixed responses to five years of grazing exclusion 

ranging from significant changes and trends to no response. We used the extensive body 

of literature describing grazing effects on grassland soils and streams to place the VC 

riparian and stream ecosystems along a recovery continuum and make predictions 

regarding future changes (Fig. 7). 

 

Figure 7: Conceptual diagram of the long term effects of grazing cessation on 
vegetation and nutrient cycling in VCNP riparian soils (a) and stream ecosystems 
(b). 
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Riparian standing biomass and litter were the variables predicted to respond most 

rapidly to grazing exclusion (Fig. 7a and 7b). The predicted response was observed within 

three growing seasons, with significant increases in both variables. Similar results have 

been documented in both short (Clary and Kinney 2002) and long-term (Schulz and 

Leininger 1990) riparian grazing exclosure experiments; however, grazing in some cases 

stimulates production in grasslands (McNaughton 1983, Frank and McNaughton 1993). 

This apparent contradiction may be due to my sampling design that did not measure 

biomass consumed by grazers. Also, the processes that decrease biomass in ungrazed 

areas, such as thatch development and N immobilization, may not have developed in the 

three years of exclusion prior to vegetation sampling. We predict that riparian above 

ground biomass will begin to decline in 8 to 10 years in response to negative-feedback 

mechanisms such as thatch development that shades soils, prevents sprouting, and 

immobilizes N (Fig. 7a and 7b). 

The effects of grazing on soil chemistry are tightly coupled to changes in 

vegetation biomass. If the observed increase in aboveground biomass and litter represent 

an increase in aboveground net primary production, then demand on soil N and P 

resources are expected to increase, resulting in lower soil N and P (Fig. 7a). Further 

decline in soil N could result from immobilization of N during litter decomposition 

(Parton et al. 2007), which causes a lag between N uptake and return to soil N pools and a 

greater decline in soil N (and P). Future biomass production is expected to decline in 

response to lower soil N and the negative effects of shading by increased litter. As 

decomposition balances production, conservation of N within the riparian soils will 
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eventually increase soil N and lower soil C:N relative to grazed soils that experience loss 

of N from herbivore removal (Piñeiro et al. 2010)(Fig. 7a).  

Although the reference condition at the time of exclusion is presented as constant 

in the conceptual model (Figure 7), temporal variation in soil characteristics was 

observed. At the six exclosure study sites, the greatest differences in most soil parameters 

occurred between the 2004 and 2008 collections. These changes are attributed to 

sediment deposition between collections (personal observation of fresh sediment 

deposition). The only significant effect of grazing on soil nutrients was an increase in 

total soil P at three (J1, J2, and S2) of the 6 grazed sites with P-rich sediment deposition 

the logical explanation for the increase. Similar increases in total C and N also occurred, 

indicating concurrent deposition of organic detritus and/or organic-rich sediment, 

however, a general decline in the C:P and N:P ratios from 2004 to 2008 indicates that P 

was in greater relative abundance than C or N in the newly deposited sediment than in the 

existing soil. Greater overbanking in areas with trampled and degraded stream banks, 

along with decreased overbanking in exclosures with greater riparian vegetation that acts 

to laterally constrain high flows are potential mechanisms to explain increased total P in 

soils of the three grazed areas. Expected effects of grazing on soil nutrients are likely 

masked by sediment contributions at some sites. The site with the least variation between 

years and no evidence of significant sediment deposition is J3 (total C, N, P and their 

ratios were nearly identical in 2004 and 2008, Figure 4), the lowest site on the East Fork 

of the Jemez. This site showed no significant effects of grazing on any soil 

characteristics. 
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 The geomorphology of grassland stream ecosystems often responds predictably to 

grazing pressure, with exclusion resulting in decreased width, increased depth, and 

decreased width to depth ratios (Magilligan and McDowell 1997, Belsky et al. 1999, 

Nagle and Clifton 2003, Ranganath et al. 2009). However, the rate at which these changes 

occur varies between systems with some responding to grazing pressure in as little as two 

(Ranganath et al. 2009) to five years (Clary 1999), while others show little response in 

four to fourteen years (Ranganath et al. 2009). VC streams fall into the latter category 

with no significant changes in wetted width or width to depth ratios detected in the five 

years following exclosure. We predict that as bank vegetation is reestablished and 

emergent macrophyte biomass increases, lateral sediment accretion and channel 

downcutting will cause significant channel narrowing and deepening in 10 to 20 years 

(Fig. 7b). 

 This study was the first to examine the effects of ungulate grazing on nutrient 

cycling in adjacent stream ecosystems. Grazing exclusion significantly increased NH4 

uptake lengths and produced a trend of decreased uptake rates in VC streams. These 

changes occurred rapidly (increased uptake lengths were observed after one and a half 

growing seasons) and are likely due to increased riparian and emergent vegetation that 

constrain and shade the channel and by initial, but not yet statistically significant, 

geomorphic changes. Shading decreases nutrient uptake in streams by reducing primary 

production, which is an important mechanism for nutrient retention (Mosisch et al. 2001). 

Decreased width to depth ratios and increase stream velocities both decrease interactions 

between the water column and benthos where most nutrient retention occurs. This effect 

can be produced by either geomorphic changes in which the shape of the channel is 
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changed (Bukaveckas 2007) or by increased instream vegetation which can narrow and 

latterly constrain channels in relatively short time periods (Wilcock et al. 2002).  

 The relative importance of shading versus geomorphic changes can be assessed by 

comparing the effects of grazing on uptake lengths versus uptake rates. Uptake lengths 

vary in response to both physical changes, which alter stream velocity, and changes which 

alter biological uptake. In contrast, U and Vf are normalized for different velocities and 

thus are designed to measure changes in biological uptake only. Significant increases in 

Sw and the non-significant trends of decreasing Vf and U in ungrazed reaches suggest 

grazing impacts nutrient uptake through altering both physical and biological parameters 

in VC streams. We predict that nutrient retention in VC streams will continue to decrease 

as continuing changes in geomorphology significantly reduce stream width to depth ratios 

and shading from riparian and emergent vegetation remains elevated compared to 

reference conditions (Fig. 7b).   

Conclusions 

 Five years of ungulate grazing exclusion in montane grasslands in the VCNP 

increased riparian aboveground standing biomass and litter, minimally impacted soil 

nutrient levels and ratios, and produced both statistically significant and non-significant 

trends of decreased nutrient retention in adjacent stream ecosystems. These results 

highlight the long-term nature of ecosystem recovery from grazing pressure and the need 

for detailed ongoing long-term monitoring to differentiate interannual variability from 

true long-term trends. 

 Ungulate grazing has been implicated in the degradation of many stream 

characteristics; however, this study provides evidence that grazing may enhance nutrient 
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retention in some streams, a process which is commonly considered a valuable ecosystem 

service. Managers must consider the balance between the value of instream nutrient 

retention with grazing related losses of other ecosystem services and products such as 

decreased fish and aquatic invertebrate habitat and effects on water quality parameters 

such as turbidity, temperature, and dissolved oxygen. 
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Abstract  

 Nutrient cycling and retention mechanisms in rivers draining xeric catchments 

deserve further study to predict how rapid population growth that these areas are 

experiencing worldwide will impact aridland rivers. We investigated spatial and temporal 

variation in the sources and sinks of nutrients in the middle Rio Grande (MRG), a 300 km 

reach of aridland river in the southwestern United States that drains an agro-urban 

catchment experiencing rapid population growth. Wastewater treatment plant inputs were 

the dominant source of nutrients to the MRG, increasing loads of NO3-N, SRP, and NH4-

N by 1000-2000% relative to upstream loading. The total retention of NO3-N and SRP 

inputs in the MRG corridor ranged from 6-99% and 34-99%, respectively. Retention was 

strongly and positively correlated with the percentage of water diverted from the MRG 

for agricultural irrigation (R2 = 0.86 and 0.80 for NO3-N and SRP, respectively). 

Irrigation diversions downstream of the urban wastewater inputs sequestered on average 

480, 370 and 40 kg day-1 of NO3-N, SRP, and NH4-N, respectively, during the irrigation 

season. Within the river channel, retention was 129-906 kg day-1 for NO3-N and 56-779 

kg day-1 for SRP, values similar to those measured in mesic systems. However, the 

combination of in-stream and irrigation network nutrient processing in the MRG add up 
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to catchment scale retention levels that are significantly higher than those found in mesic 

systems. 

Introduction  

Over the past century human activities have dramatically increased the quantity of 

nutrients transported in streams and rivers (Carpenter et al. 1998, Caraco and Cole 1999). 

Excess nutrients can lead to toxic algal blooms, increased turbidity, and dissolved oxygen 

depletion, all of which disrupt ecosystem functions in downstream reservoirs, estuaries 

and coastal marine environments (Rabalais 2002). Research conducted in a wide variety 

of streams and rivers has demonstrated that lotic systems are not simple conduits for 

transported materials but are important sites for processing, transforming, and retaining 

inputs (Webster and Patten 1979, Peterson et al. 2001, Mulholland et al. 2008). While 

river network nutrient retention and processing is relatively well understood in mesic 

watersheds (Alexander et al. 2000, Seitzinger et al. 2002), it is unclear whether these 

patterns and mechanisms are similar in arid regions. 

Studies quantifying nutrient retention in mesic rivers have used several 

approaches. Estimated inputs to river systems have been compared to measured outputs at 

the mouth of the watershed for a variety of basins in Europe (Behrendt 1996, Behrendt 

and Bachor 1998, Behrendt and Opitz 2000). Nutrient retention in these studies ranged 

from 9 - 80% and 4 - 88% for nitrogen (N) and phosphorus (P), respectively, representing 

upper and lower limits for retention in entire river networks (Behrendt, 1996; Behrendt 

and Bachor, 1998). Predictive models have also been used to estimate in-stream retention 

of N (Howarth et al. 1996, Alexander et al. 2000, Seitzinger et al. 2002, Wollheim et al. 

2006). These models relate N removal via denitrification to water body depth, residence 
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time, and a mass transfer coefficient that depends on denitrification rates and water 

column NO3 concentrations. Model outputs predicted that N removal within individual 

stream order segments ranges from 1 - 35% of inputs, with decreased retention in higher 

order rivers. Total N removal within entire river networks ranges from 35 - 75% of 

inputs. A direct measurement of NO3 retention in a 645 km reach of the Ohio River that 

measured loads at upstream and downstream sites supported model predictions with 10 - 

30% NO3 removal within this river reach (Bukaveckas et al. 2005). In highly impacted 

systems below major point source inputs such as wastewater treatment plants, however, 

retention has been shown to be low (Chesterikoff et al. 1992, Gibson and Meyer 2007). 

Low retention may be due to stress placed on river ecosystems by constant wastewater 

loading, an effect seen in smaller streams receiving wastewater inputs (Haggard et al. 

2001, Marti et al. 2004, Haggard et al. 2005). These studies show that the total export of 

anthropogenically augmented nutrient loads from mesic catchments is limited by 

significant instream retention, however, retention efficiency often declines with 

enrichment (Mulholland et al. 2008).  

Nutrient retention in aridland rivers is less well understood, despite the rapid 

development and urbanization occurring in many arid watersheds. The limited data that 

exist suggest that there may be significant differences between nutrient retention in arid 

and mesic river ecosystems. A study that used N inputs and stream and watershed 

retention coefficients to estimate NO3 export from 35 major catchments worldwide found 

the four aridland rivers included in the study exported significantly less NO3 than 

predicted by the model (Caraco and Cole 1999). This study also found that NO3 exports 

were much lower than expected based on watershed population densities. A more detailed 
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investigation that included data from xeric catchments in the United States revealed that 

although N exports from xeric catchments were lower than those from mesic watersheds, 

human activity increased the concentration and loads by ~ 30 percent in both types of 

systems (Caraco and Cole 2001). Caraco and Cole (2001) proposed the most likely 

mechanism driving this low N export from aridland rivers was high rates of instream or 

floodplain N retention (Caraco and Cole 2001). A similar study of P export from major 

river catchments worldwide found that the Orange River, one of the two aridland rivers 

included in the study, had extremely low P export (Caraco 1995). A separate investigation 

of longitudinal N levels in the South Platte River, an aridland river in eastern Colorado, 

found N retention in this 105 km reach ranged from 53 to 100% of inputs (Sjodin et al. 

1997). The two mechanisms responsible for N retention were denitrification (50%) and 

diversion of water from the river for municipal and agricultural use (35%) (Sjodin et al. 

1997).  

The Middle Rio Grande (MRG) of New Mexico is a major reach of a large 

aridland river (the Rio Grande) located in a region with rapidly increasing population and 

a number of management interests competing for water use. The goals of this study were 

to determine how the sources and sinks of nutrients in the MRG vary spatially and 

temporally, and assess whether nutrient retention rates and mechanisms in the MRG are 

similar to those found in other river ecosystems worldwide. 

Materials and Methods 

Site Description 

The MRG is defined as the ~300 km section of the Rio Grande in New Mexico 

below Cochiti Reservoir and above Elephant Butte Reservoir (Fig. 1). This reach of the 
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Rio Grande is ~450 km below the headwaters in Colorado and ~2,250 km above the 

terminus at the Gulf of Mexico. The majority of New Mexico’s population resides along 

the MRG, including the City of Albuquerque and environs. The ~64,000 km2 MRG 

watershed ranges in elevation from 1,300 meters at Elephant Butte Reservoir to 3,255 

meters in the Sandia Mountains. The geology of the watershed is a complex mixture of 

granitic, volcanic, and sedimentary deposits, with the MRG running through a rift valley. 

Watershed vegetation varies with elevation, with desert grasslands at low elevations 

followed by pinyon and juniper woodlands, ponderosa pine, and mixed conifer forests at 

higher elevations. Vegetation and land use in the historic floodplain of the MRG is 

dramatically different from that found in the rest of the watershed. According to the most 

recent available data (Bureau of Reclamation, 1991 Rio Grande Land Use Inventory) 

approximately 54% of the floodplain is not directly impacted by humans. The vegetation 

in this area is composed of desert scrubland (58%), cottonwood gallery forests (33%), and 

grasses (9%). Agricultural land use occurs on 32% of the MRG floodplain and is 

primarily comprised of alfalfa (39%), pasture grasses (27%) and fallow fields (22%). The 

remaining 14% of the flood plain has undergone residential, commercial, or urban 

development. 
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Figure 1. Map of the MRG with four waste water treatment plants that discharge 
directly into the MRG, mainstem sampling site locations, major streets in the 
Albuquerque metropolitan area, the mainstem of the river, a detail of part of the 
irrigation network, and four main diversion dams. 
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Discharge in the Rio Grande is dominated by snow melt from the mountainous 

headwaters in Colorado and northern New Mexico. Analysis of a 105 year record of 

discharge found peak flows typically occurred in May as a result of snow melt. However, 

some annual peak flows occurred from July to November and were associated with 

monsoon precipitation or remnants of tropical storms (Passell et al. 2004). A water 

budget showed the MRG is overall a losing reach on an annual basis with approximately 

30% losses due to irrigation withdrawals, aquifer recharge, riparian zone 

evapotranspiration, and open water evaporation (Dahm et al. 2002, Passell et al. 2004). 

Inputs to the MRG include storm and irrigation drains, ephemeral tributaries that on an 

annual basis contribute ~8% of the total MRG discharge during winter snowmelt and 

storm events (Dahm et al. 2002), and municipal wastewater inputs. The largest of the four 

wastewater inputs, the Albuquerque Southside Water Reclamation Plant, discharges on 

average 2.4 m3 s-1. This contribution is approximately one tenth and one third of total 

river discharge during high and low flow months, respectively.   

 During winter months when there are no withdrawals for agricultural irrigation, 

the hydrology of the MRG is focused within the main channel, with water released from 

Cochiti Reservoir flowing largely unimpeded to Elephant Butte Reservoir. During the 

growing season, water is diverted into the irrigation network immediately below Cochiti 

Reservoir and at three low-head dams located 38, 103 and 188 km below Cochiti 

Reservoir (Fig. 1). This water is routed through a complex series of ditches and is used to 

flood irrigate ~ 25,000 ha of cropland per month (personal communication, David 

Gensler, hydrologist for the Middle Rio Grande Conservancy District). There are ~ 2,100 
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km of irrigation ditches and drains in the network, approximately seven times the length 

of the mainstem of the MRG (Fig. 1). Irrigation water percolates through the soils into 

drains that are lower in elevation than the irrigation ditches. Water also moves via 

shallow groundwater flow from the main channel of the MRG, under riparian areas, and 

into the low lying drains (Tibbets and Molles 2005). These drains return water to the 

mainstem of the MRG many kilometers downstream of where the water was removed 

from the river.  

Sampling Methods  

 Sampling for nitrate (NO3-N), soluble reactive phosphate (SRP), and ammonium 

(NH4-N) concentrations was conducted 28 times (approximately monthly) from 

September 2005 to January 2008. Major storm events interrupted two of the 28 samplings 

and partial results from these months were excluded from the data analysis. For each 

sampling event data were collected from 23 mainstem sites distributed along the 300 km 

MRG reach. During a few summer months some of the downstream mainstem sites had 

no discharge so no samples were taken. Mainstem sites were located ~5 km downstream 

of all of the wastewater and irrigation return flows to the river to allow complete mixing 

of these inputs with the mainstem. For 15 out of the 26 full sampling events, data were 

also collected from the major wastewater and irrigation return flow inputs. All samples 

were collected as close to the stream thalweg as flows permitted. Samples were collected 

in 130 ml syringes and immediately filtered in the field through ashed 0.7 µm pore size 

Whatman ® GFF filters. Filtered samples were stored at 4°C until analysis for NO3-N and 

SRP within 72 hours. Ammonium samples were frozen until analysis. Ammonium 

samples were analyzed using the phenol hypochlorite method with a 10 cm flow path 
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modified from Hansen and Koroleff (1983). Nitrate and SRP samples were analyzed by 

ion chromatography (Dionex, Standard Method EPA 300.1, 2). 

Data Analysis  

Discharge data were obtained from 17 Middle Rio Grande Conservancy District 

(MRGCD) gages, 10 USGS gages, and 4 wastewater treatment plants. Nutrient 

concentration data and discharge estimates were used to calculate nutrient loads at each 

site. Water loss was calculated for the entire MRG by subtracting river discharge exiting 

the MRG reach from incoming discharge. Water loss was also calculated for three sub-

reaches of the MRG (Fig. 1): the northern sub-reach from Cochiti Reservoir to the Isleta 

Diversion Dam (103 km), the central sub-reach from the Isleta to the San Acacia 

Diversion Dam (85 km), and the southern sub-reach from the San Acacia diversion dam 

to Elephant Butte Reservoir (118 km).  

The total load of nutrients retained within the MRG corridor was calculated by 

subtracting the load exiting the MRG reach at the southernmost site from the load of 

nutrients in the river entering the MRG reach plus the wastewater inputs. During all 

months NH4-N and NO3-N concentration data were obtained for the largest contributor of 

nutrients to the MRG, the Albuquerque Southside Water Reclamation Plant, either 

through direct sampling of effluent or from data collected daily by the wastewater facility. 

SRP concentrations were not available for six of the sampling dates so mean data from a 

total of 20 samplings were used to estimate SRP loading during these months. Mean data 

values were also used to estimate nutrient loading from the three smaller wastewater 

plants for six to eight months, depending on the plant.  
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For the months when nutrient data were collected for all major inputs to the MRG, 

the nutrient loads from irrigation return flows were subtracted from the loads being 

diverted for irrigation to determine the load sequestered in or released from the 

agricultural system. This removal was then subtracted from the total nutrient removal 

within the MRG to estimate instream retention. Nutrient concentration data from 

irrigation return flows were also compared to concentration data from diversion water to 

determine the effects of agricultural irrigation on both nutrient concentrations and loads. 

This analysis was performed separately for the three sub-reaches of the MRG described 

above. Natural tributary inputs to the MRG were insignificant during all months as 

sampling events were scheduled during periods of stable flow and the natural tributaries 

to MRG only have significant discharge during snowmelt and heavy precipitation events.  

Results 

Nutrient Sources to the MRG   

The primary sources of nutrients to the MRG were wastewater treatment plant 

effluent, water entering the MRG from the Upper Rio Grande (URG), and agricultural 

irrigation return drains. Wastewater inputs from the four treatment plants that discharge 

directly into the MRG were major contributors of NO3-N, SRP, and NH4-N, resulting in 

significant increases in NO3-N and SRP downstream of the largest plant during all 

sampling dates (Fig. 2).  
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Figure 2. Longitudinal NO3 and SRP concentrations (mg l-1) during typical low 
(May 2007 – upper figure) and high (June 2007 – lower figure) diversion months. 
The shaded area indicates the portion of the MRG reach with urban wastewater 
inputs. 
 

Average wastewater nutrient concentrations were greater than river water concentrations 

for each sampling of wastewater effluent: NO3-N concentrations ranged from 0.7 ± 1.7 to 

13.9 ± 6.3 mg l-1, SRP concentrations ranged from 1.0 ± 1.0 to 3.7 ± 0.9 mg l-1 and NH4-

N concentrations ranged from 0.2 ± 0.2 to 11.6 ± 9.4 mg l-1 (Table 1). Average 

wastewater loads calculated for the wastewater effluent for NO3-N (1073 ± 323 kg day-1), 

SRP (659 ± 163 kg day-1), and NH4-N (106 ± 64 kg day-1) were at least an order of 

magnitude greater than loads carried by the river water entering the MRG (Table 1). We 
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observed no seasonal trend in wastewater loads or concentrations for any of the 

wastewater treatment plants. 

Table 1. Means and standard deviations for concentrations and loads of wastewater inputs and water entering the MRG from 26 monthly 
sampling events from September 2005 to February 2008. 

Site 
Mean NO3-N 
Conc. (mg l-1) 

Mean NO3-N 
Ld. (kg day-1) 

Mean SRP 
Conc. (mg l-1) 

Mean SRP  
Ld. (kg day-1) 

Mean NH4-N 
Conc. (mg l-1) 

Mean NH4-N  
Ld. (kg day-1) 

Water Entering MRG 0.02 ± 0.03  62 ± 105 0.01 ± 0.01  33 ± 31  0.003 ± 0.004  8 ± 15 

       

Bernalillo WWTP 0.7 ± 1.7  2 ± 4 1.0 ± 1.0  3 ± 3  11.6 ± 9.4  29 ± 27 

Rio Rancho WWTP 10.2 ± 3 127 ± 40 3.1 ± 1.2  38 ± 14 0.2 ± 0.2  2 ± 2 

Albuquerque WWTP 4.5 ± 1.5  916 ± 311 2.9 ± 0.7  601 ± 159 0.4 ± 0.3  74 ± 64 

Los Lunas WWTP 13.9 ± 6.3  53 ± 25 3.7 ± 0.9  14 ± 4 1.8 ± 1.3  7 ± 6 

 

Water entering the MRG from the upper Rio Grande (URG) had low nutrient 

concentrations and loads with average NO3-N, SRP and NH4-N concentrations of 0.02 ± 

0.03 mg l-1, 0.01 ± 0.01 mg l-1, and 0.003 ± 0.004 mg l-1, and average NO3-N, SRP and 

NH4-N loads of 62 ± 105 kg day-1, 33 ± 31 kg day-1, and 8 ± 15 kg day-1, respectively 

(Table 1). No seasonal trends for incoming NO3-N or NH4-N concentrations or loads 

were observed. A weak seasonal trend for incoming SRP concentrations and loads with 

slight increases during spring and summer months was found (data not shown).     

Agricultural return drain nutrient concentrations and loads varied widely between 

irrigation and non-irrigation months and among the three sub-reaches of the MRG. 

During irrigation months, agricultural return drains in the northern sub-reach had 

significantly lower NO3-N and SRP concentrations and loads than the drains in the two 

southern sub-reaches. Ammonium concentrations and loads, however, were similar in all 

three sub-reaches (Table 2). Nutrient concentrations and loads in the agricultural return 

drains were similar in all three sub-reaches during non-irrigation months. Additionally, 

concentrations of NO3-N and SRP in agricultural return drains in the two southern sub-



88 
 

reaches were ~ 60 – 80 % lower during non-irrigation months than concentrations during 

irrigation months, and NO3-N and SRP loads decreased by ~ 75 – 90 % (Table 2).  

 

Table 2. Mean (+/- SD) nutrient concentrations and loads for drains entering three sub-reaches of the MRG during both the irrigation and non-
irrigation seasons and for water diverted to the irrigation network during the irrigation season. 

Sub-
Reach 

Diversion Water 
(Out), Return 

Drain Water (In) Season 
NO3 Conc. 

(mg l-1) 
PO4 Conc. 

(mg l-1) 
NH4 Conc. 

(mg l-1) 
NO3 Ld. 
(kg day-1) 

PO4 Ld. 
(kg day-1) 

NH4 Ld. 
(kg day-1) 

Northern Out Irrig. 0.03 ± 0.03 0.02 ± 0.01 0.003 ± 0.004 7 ± 6 17 ± 11 0.000 

Central Out Irrig. 0.77 ± 0.28 0.50 ± 0.25 0.05 ± 0.05 768 ± 300 487 ± 232 46 ± 44 

Southern Out Irrig. 0.70 ± 0.28 0.28 ± 0.15 0.01 ± 0.01 191 ± 90 76 ± 34 1 ± 2 

         

Northern In Irrig. 0.07 ± 0.07 0.09 ± 0.07 0.01 ± 0.01 37 ± 9 45 ± 10 5 ± 4 

Central In Irrig. 0.57 ± 0.32 0.24 ± 0.12 0.01 ± 0.01 280 ± 138 113 ± 64 3 ± 3 

Southern In Irrig. 0.22 ± 0.09 0.11 ± 0.04 0.01 ± 0.01 126 ± 75 65 ± 34 4 ± 5 

         

Northern In Non-Irrig. 0.11 ± 0.11 0.11 ± 0.08 0.04 ± 0.06 35 ± 5 32 ± 4 16 ± 6 

Central In Non-Irrig. 0.13 ± 0.06 0.10 ± 0.07 0.01 ± 0.02 22 ± 13 16 ± 13 1 ± 2 

Southern In Non-Irrig. 0.04 ± 0.01 0.04 ± 0.03 0.004 ± 0.004 16 ± 7 17 ± 13 2 ± 2 

 

Nutrient Sinks and Retention in the MRG 

The primary sinks of nutrients in the MRG identified in this study were instream 

processing and retention and sequestration within the agricultural irrigation network. The 

total retention of NO3-N in the MRG ranged from 6 to 99 % of the inputs from 

wastewater treatment plants and upstream sources, while the total retention of SRP 

ranged from 34 to 99 % of the inputs (Table 3, Fig. 2).  
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Table 3. Total monthly water diversions below the urban portion of the MRG, retention 

of MRG nutrient loads, and percent removal of MRG nutrient loads. A * indicates 
months with unstable river discharge and ** indicates a sampling conducted immediately 

after the irrigation network was activated for the irrigation season. 

Sampling Dates 

Percent Water 
Diverted from Reach 
Below Urban Area 

Total MRG 
Nitrate Load  

(kg NO3-N day-1) 

Total MRG 
SRP Load    

(kg SRP day-1) 

Percent  
NO3 

Removed 

Percent 
SRP 

Removed 

10-11 Jan. 07 0 948 598 30 46 

3-4 Jan. 08 0 1259 714 36 54 

3-4 Feb. 07 0 975 715 28 51 

2-3 Feb. 08 0 940 698 9 55 

2-3 Dec. 06 0 2013 420 45 37 

10-11 Nov. 07 4 1053 960 43 82 

9-11 Feb. 06 4 660 504 13 63 

18-20 Nov. 05* 6 2210 683 68 73 

16-18 Dec. 05 8 1392 677 35 47 

13-14 Jan. 06 9 1859 697 58 51 

30 May-1 Jun. 07 15 1780 723 32 48 

31 Mar.-1 Apr. 07 22 1848 735 35 60 

2-4 Mar. 07** 27 726 614 12 71 

28-29 Oct. 06 40 1281 944 52 65 

26-27 Jun. 06 56 1185 872 98 97 

27-29 Apr. 07* 58 930 602 25 76 

26-28 May 06 62 1382 659 98 99 

3-4 Sep. 06* 71 954 679 29 81 

29-30 Apr. 06 76 1577 690 97 96 

24-26 Mar. 06 85 1285 680 98 96 

28-30 Oct. 05 87 1959 677 91 91 

30 Sep.-1 Oct. 06 88 905 638 95 96 

20-21 Oct. 07 94 731 436 89 88 

15-16 Sep. 07 100 913 731 88 93 

3-4 Jul. 07 100 1669 470 99 93 

17-19 Sep. 05 100 1144 1120 94 98 

 

Retention of NH4-N was difficult to measure accurately due to the relatively low loading 

of NH4-N to the MRG (Table 1). During the 22 sampling months in which there was 

stable flow unaffected by storm events or irrigation system flushing (see below), total 

retention of NO3-N and SRP was strongly and positively correlated with the amount of 

water diverted from the reach for use in the agricultural system (Fig. 3).  
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Figure 3. The percentage of water diverted from the MRG below the urban reach 
versus the percent of NO3 and SRP inputs removed within the MRG (panels a. and 
c.), and the downstream concentration of nitrate and SRP. 100% diversion indicates 
complete dewatering of the main river channel (panels b. and d.). 
 

The relationship between the percentage of the NO3-N and SRP load retained and the 

percentage of the incoming water diverted for irrigation below the urban inputs explained 
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significant portions of the variation in NO3-N (R2 = 0.86) and SRP retention (R2 = 0.80) 

(Fig. 3). Retention of NO3-N and SRP approached 100 % during summer months when 

significant portions of the discharge were removed from the river (Table 3). Six to 60 % 

of the NO3-N and 34 to 72 % of the SRP were retained during spring and winter months 

when discharge was high and water withdraws were minimal (Table 3). The amount of 

water diverted from the reach was negatively correlated with NO3-N and SRP 

concentrations at the most downstream sampling site (R2 = 0.60 and 0.43, respectively) 

(Fig. 3) showing that the diversion of water removes nutrients from the MRG with 

respect to both concentration and load.  

Data from sampling events where collections were made from all of the major 

inputs to and diversions from the river were analyzed to determine whether the 

concentrations and loads of nutrients in return flow water were elevated or depleted 

compared to diversion water during irrigation months, and to partition NO3-N and SRP 

removal into percentages and loads retained by the agricultural system and instream 

processes. Return flow concentrations and loads were analyzed separately for the three 

sub-reaches. The concentration of NO3-N, SRP, and NH4-N in drains from the northern 

sub-reach were on average 0.04, 0.07, and 0.007 mg l-1 higher, respectively, than water 

diverted at northern diversions (Cochiti and Angostura) (Table 2). Additionally drains in 

the northern sub-reach contributed on average 30 kg day-1 of NO3-N, 27 kg day-1 of SRP 

and 5 kg day-1 of NH4-N to the MRG during the irrigation season (Table 2). The drains 

from the central sub-reach had on average 0.23, 0.26, and 0.04 mg l-1 lower NO3-N, SRP, 

and NH4-N concentrations, respectively, than water diverted at the Isleta Diversion (Table 

2). Drains returning to the MRG in the central reach delivered dramatically lower loads of 
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nutrients than had been diverted to the irrigation network, with average sequestration of 

488, 374, and 43 kg day-1 of NO3-N, SRP, and NH4-N, respectively (Table 2). The drains 

from the southern sub-reach had on average 0.48 and 0.17 mg l-1 lower NO3-N and SRP 

concentrations, respectively, while NH4-N concentrations in diversion and return water 

were similar (Table 2). Drains in the southern reach delivered back to the MRG on 

average 65 and 11 kg day-1 less NO3-N and SRP, respectively, than had been diverted to 

the irrigation network (Table 2).  

Partitioning of nutrient retention revealed that the agricultural system was a slight 

source of NO3-N (1 to 16 % of total load) and SRP (4 to 7 % of total load) to the river 

during six of the 15 months and a sink of NO3-N (1 to 74 % of total load) and SRP (1 to 

84 % of total load) during the remaining sampling dates (Fig. 4). Nutrient retention loads 

associated with the agricultural system ranged from a source of 124 kg NO3-N day-1 and 

51 kg SRP day-1 to a sink of 1091 kg NO3-N day-1 and 936 kg SRP day-1. The 18,240 

hectares of irrigated farmland downstream of the major urban wastewater inputs retained 

on average 7 and 5 kg ha-1 year-1, respectively, of NO3-N and SRP. Instream processing of 

NO3-N (12 to 46 % of the total load) and SRP (10 to 81 % of total load) removed large 

quantities of NO3-N and SRP (129 - 906 kg NO3-N day-1 and 56 - 779 kg SRP day-1) 

during all months. Using an average river width of 50 m, the 200 km reach of the MRG 

downstream of the urban wastewater inputs sequesters on average ~ 26 µg NO3-N min-1 

m-2 and ~ 18 µg SRP min-1 m-2. Estimates indicate that ~ 132 and 89 metric tons of NO3-

N and SRP, respectively, are retained annually by the agricultural irrigation network, and 

~ 132 and 96 metric tons of NO3-N and SRP are retained annually by in-stream processes.  
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Figure 4. Percentage of MRG NO3 and SRP loads removed by instream processing 
and the agricultural system. Sampling events are ordered by calendar month, not 
chronologically. Values above 0% show removal while values below are inputs. In-
channel removal is shown in gray with agricultural system removal or addition in 
black.  

 

Results from data collected in the March 2007 sampling event, which took place 

during the initial spring flush of the irrigation network, were dramatically different from 

those collected during the other months. The agricultural system contributed a substantial 

amount of NO3-N to the MRG during this month, effectively offsetting the nutrients 

removed by instream processing (Fig. 4). During the September 2006 and April 2007 

sampling events precipitation inputs resulted in increased flow for the downstream 
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portion of the MRG reach. Nitrate retention during these events was significantly lower 

than retention during other irrigation months (Table 3).  

Water Loss Associated with Agricultural Irrigation 

 Average water loss in the MRG during months in which the irrigation system was 

running was 63 ± 27 % of the total volume of water entering the MRG. The northern, 

central, and southern sub-reaches lost on average 25 ± 17, 23 ± 16, and 15 ± 12 % of the 

total incoming water, respectively. Average losses of water entering individual sub-

reaches were 25 ± 17 %, 33 ± 21 %, and 36 ± 26 % for the north, central and southern 

sub-reaches, respectively. 

Discussion 

Nutrient Sources and Sinks in the MRG 

River systems receive nutrient loading from upstream sources, point source inputs 

such as wastewater and industrial discharge, and diffuse inputs such as atmospheric 

deposition, surface runoff, and nutrient enriched groundwater recharge (Carpenter et al. 

1998). The primary sink for nutrients in stream ecosystems is in-channel processing by 

autotrophic and heterotrophic organisms (Reddy et al. 1999, Seitzinger et al. 2002). 

Longitudinal sampling in the MRG identified the primary sources of nutrients to this river 

reach as point source inputs from wastewater treatment plants and loading from upstream 

sources. The largest nutrient sinks were in-channel retention and sequestration in the 

extensive irrigation network. This analysis of nutrient sources and sinks focused 

exclusively on NO3 and SRP, which are the dominant inorganic nutrient forms in streams 

and rivers. These nutrient species are highly responsive to anthropogenic impacts while 
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organic and total dissolved forms are much less responsive to human influences on 

watersheds (Caraco 1995, Caraco and Cole 1999, 2001, Oelsner et al. 2007). 

Wastewater inputs to the MRG increased instream nutrient loads by an order of 

magnitude. The dominance of wastewater effluent as a nutrient source confirms research 

conducted by Caraco and Cole (1999), who investigated sources and retention of NO3 in 

35 rivers worldwide and found point sources are the most significant contributors of 

nutrients in xeric catchments. Dominance of point sources is due to high rates of within-

catchment retention of potential non-point source inputs due to low rates of runoff and the 

limited application of fertilizers in xeric watersheds (Caraco and Cole 1999). These 

findings are supported by previous investigations of the nutrient dynamics in the MRG, 

which found wastewater inputs were the major source for N and P to the river (Passell et 

al. 2005, Oelsner et al. 2007) and identified agriculture as a potential sink of N (Oelsner 

et al. 2007).  

Loading of nutrients from upstream sources contributed to nutrient concentrations 

and loads in the MRG. However, these inputs represented a small percentage of the total 

nutrient loading, highlighting the relatively unimpacted nature of the URG and MRG 

prior to entering the urbanized portion of the MRG watershed. The presence of Cochiti 

Reservoir at the upstream end of the MRG reach may serve to further retain nutrient 

inputs from the URG, as impoundments have been shown to decrease nutrient exports in 

a variety of river ecosystems (Baxter 1977, Hillbricht-Ilkowska 1999) including the MRG 

(Oelsner et al. 2007). An analysis of URG nutrient data from 1977 to 2002 confirms the 

low upstream nutrient values reported here (Passell et al. 2005).  
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The role agricultural irrigation return drains played in the nutrient dynamics of the 

MRG varied by sub-reach and season. Drains from the northern sub-reach, which are 

supplied with low nutrient river water diverted from the MRG upstream of the urban 

inputs, consistently contributed small amounts of NO3 and SRP to the MRG. Data from 

return drains from the two sub-reaches downstream of the urban inputs to the MRG 

indicate this portion of the agricultural system acts as a substantial nutrient sink during 

the irrigation season. Average NO3 and SRP irrigation return concentrations and loads in 

the central and southern sub-reaches were consistently lower than water diverted out of 

the river to the irrigation system. Decreased nutrient concentrations in return drains are in 

contrast to an increase in the concentration of conservative solutes such as bromide and 

chloride (data not shown). These results suggest that evaporative and transpirative 

processes concentrate solutes in the irrigation network, while other processes remove 

non-conservative solutes such as nutrients. Non-irrigation month concentration and load 

data for drains from all three sub-reaches revealed minimal loading to the MRG, 

indicating the shallow alluvial groundwater responsible for this flow contains low 

nutrient concentrations. This result is supported by an investigation of recently recharged 

groundwater in the United States (Nolan et al. 2002) that found low NO3 concentrations 

in the shallow groundwater associated with the Albuquerque reach of the MRG.  

Low nutrient loading from northern sub-reach drains and high nutrient retention in 

the drains of central and southern sub-reaches are of interest because agricultural drainage 

ditches in mesic catchments have been shown to be a conduit for nutrient transport to 

river ecosystems. For example, a study of NO3 export from irrigation drains in Maryland 

found annual export rates of 1.7 – 24.9 kg NO3-N ha-1 (Schmidt et al. 2007). These 
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results suggest that flood irrigation, the dominant form of irrigation in the MRG, does not 

result in the movement of large quantities of inorganic nutrients from fields to the river 

ecosystem. Furthermore, these results indicate that some components of the MRG 

irrigation system are responsible for retaining added nutrients at a rate of 7 and 5 kg ha-1 

yr-1 for NO3-N and SRP, respectively, making this system unusual as compared to 

irrigation drainage systems from mesic watersheds. 

In-channel retention of nutrients in the MRG was relatively constant throughout 

the year with average retention values of ~ 30 and 45% of NO3 and SRP inputs and 

retention rates of 26 µg NO3-N min-1 m-2 and 18 µg SRP min-1 m-2. These retention 

values are comparable to those found in other large river reaches. A study that used a 

longitudinal sampling design similar to the one used in this study found NO3 retention at 

low discharge for a 645 km reach of the Ohio River was on average 39% of inputs 

(Bukaveckas et al. 2005). Two studies that used a modeling approach to estimate 

instream retention of NO3 and SRP in European rivers draining into the North Sea 

(Behrendt 1996) and the Baltic Sea (Behrendt and Bachor 1998) found average NO3 

retention was 42% of inputs and average SRP retention was 50% of inputs. These in-

channel N retention rates from the MRG are also similar to predictions of a simple model 

of nitrogen removal developed by Seitzinger et al. (2002) that is based on the total length 

of stream reaches within a watershed. When applied to the MRG, this model predicts 32 

% of the nitrogen would be removed in the 200 km reach below the major wastewater 

input. Areal nutrient uptake rates in the MRG are also comparable to rates in other 

systems. A review of ~ 150 nutrient spiraling experiments in streams and rivers found the 

interquartile range for NO3-N and SRP retention was 5 – 66 and 6 – 35 µg min-1 m-2, 



98 
 

respectively, with median values of 15 and 14 µg min-1 m-2, respectively (Ensign and 

Doyle 2006). In general, these findings show instream processing rates in the MRG that 

are comparable to those found in rivers draining more mesic watersheds. 

The range of combined in-channel and agricultural retention of NO3 and SRP 

inputs to the MRG was 9-99% and 37-99%, respectively. The considerable monthly 

variation in retention spans a range similar to that found for a variety of mesic catchments 

in Europe, where in-stream retention ranged from 9 - 80%, and 4 - 88% of inputs for 

nitrogen and phosphorus, respectively. These values represented total retention in the 

entire river network (Behrendt, 1996; Behrendt and Bachor, 1998). The MRG mean total 

retention values of 62 ± 32% and 73 ± 22% for NO3-N and SRP, respectively, were 

higher than those found for these European rivers that retained on average 42 and 50% of 

NO3-N and SRP inputs. The greater total mean retention of nutrients in the MRG is 

driven by higher retention rates during summer months when total retention exceeds 95% 

of inputs.  

This finding of significant total retention of nutrients in the MRG is generally in 

agreement with a study that investigated N dynamics in the MRG during five summer 

samplings (Oelsner et al. 2007). At low volumes of river discharge, NO3 concentrations 

below major wastewater inputs declined substantially, presumably due to both dilution 

from low nutrient irrigation return flows and instream processing (Oelsner et al. 2007). 

However, Oelsner et al. (2007) found that NO3 concentrations elevated by wastewater 

inputs remained high at sites up to 200 km downstream during sampling events 

conducted at high river discharge. These results are similar to results from my September 

2006 and April 2007 sampling events during which precipitation inputs resulted in 
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increased flow for the downstream portion of the MRG reach. Total NO3 retention was 

dramatically lower during these events, indicating that storm flow may significantly 

increase NO3 transport and decrease retention in the MRG. Additional research focused 

on storm flow events is necessary to fully describe nutrient retention in the MRG.  

Potential Mechanisms for the Agricultural Nutrient Sink in the MRG 

The strong evidence for the role of the MRG agricultural system in retaining 

nutrients was surprising since agricultural inputs have been identified as the single largest 

contributor to the eutrophication of aquatic ecosystems both in the United States and 

globally (Carpenter et al. 1998, Bennett et al. 2001, Tilman et al. 2001, Foley et al. 2005). 

Factors that likely contribute to nutrient retention in the MRG agricultural system include, 

1) the limited fertilization of dominant crop types, 2) retention during flood irrigation, 

and3) the distribution of large portions of MRG discharge into the extensive irrigation 

network.  

Primary crops grown in the MRG floodplain require minimal fertilization. Alfalfa, 

pasture, and fallow fields represent ~39, 27, and 22% of the agricultural land use in the 

MRG, respectively. Fertilizer application schedules for the MRG indicate minimal N 

application for alfalfa seedlings (22 kg hectare-1) and no N additions for established 

stands (Glover and Baker 1990), as alfalfa plants establish symbiotic relationships with 

the nitrogen fixing bacteria Rhizobium. Alfalfa production does require significant 

phosphorus fertilization with a suggested application rate of 135 kg P2O5 hectare-1 in the 

MRG (Glover and Baker 1990), which is in excess of requirements for corn production 

(Schlegel and Havlin 1995). Minimal data exist for fertilization rates of pasture land and 
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fallow fields; however, these agricultural land uses generally are not associated with 

fertilizer application. 

Flood irrigation is the dominant method of irrigation used in the MRG. Water not 

lost to evapotranspiration following flood irrigation percolates through the soil column 

without aid from tile drains or subsurface drainage pipes, seeps into low lying drainage 

ditches, and eventually flows back to the river. As irrigation water follows this pathway 

there are numerous potential sinks for transported wastewater-derived nutrients as well as 

fertilizers applied to the crops. Sorption to soil particles is important for removing 

nutrients such as SRP from agricultural leachate as irrigation water percolates through the 

soil column (Sinaj et al. 2002). This mechanism is responsible for low phosphorus 

exports from agricultural areas drained via subsurface drainage networks (Skaggs et al. 

1994, Herzon and Helenius 2008). This retention pathway could be responsible for the 

low irrigation return drain SRP values reported in this study, in spite of the intensive 

phosphorus fertilization used in MRG alfalfa cultivation. Nitrate also may be removed 

during this process as flood irrigation and subsequent percolation of irrigation water 

likely create conditions similar to those in natural floodplains, which have been 

demonstrated to rapidly remove NO3 from flood water via denitrification (Forshay and 

Stanley 2005). 

The extensive network of irrigation ditches and drains also may act as a sink for 

nutrients in the MRG. Irrigation ditches contain high levels of organic material, leading to 

strong redox gradients and intense biogeochemical cycling in ditch sediments 

(Needelman et al. 2007). Water percolating from irrigated fields into conveyance 

channels passes through these biologically and chemically active sediments as the water 
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seeps into return ditches. Nutrients that enter ditches also may be removed during 

downstream transport, as high rates of nutrient uptake have been documented in a variety 

of ditch systems (Kroger et al. 2007, Hall et al. 2009, Olli et al. 2009) through processes 

including sorption of SRP to sediments (Sharpley et al. 2007) and microbial uptake of 

SRP and NO3 (Sharpley et al. 2007, Strock et al. 2007). Additionally, the low elevation of 

the drainage ditches promotes the flow of water from the mainstem of the MRG, through 

the shallow alluvial aquifer underlying the riparian zone, and into the ditch system. As 

water follows this flow path nutrients are removed by riparian vegetation (Tibbets and 

Molles 2005) and microbial uptake.  

 A final factor that likely contributes to the retention of nutrients in the MRG 

agricultural irrigation system is the increased residence times for water within the 

irrigation system as compared to water that remains in the main channel of the river. The 

irrigation network effectively transforms a large river into a network of small streams that 

are spread over the floodplain. This process of distribution, collection and return 

increases the travel time of water moving through the MRG, a factor which is strongly 

and positively correlated with nutrient retention in river ecosystems (Howarth et al. 1996, 

Seitzinger et al. 2002). Increased travel time facilitates a significant amount of interaction 

between transported nutrients and soil particles, crops, and the benthic zones of numerous 

small ditches, all of which lead to nutrient uptake.  

 These cumulative processes lead to substantive amounts of nutrient uptake from 

nutrient-enriched irrigation waters. The distributary hydrology typified by the highly 

modified MRG makes catchment scale modeling of nutrient export extremely 

challenging. Measurements of nitrate retention in irrigation ditches could not be scaled up 
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to predict instream NO3 concentrations using a model based on the accumulation of water 

and solutes through a topographically driven hydrologic network that had been developed 

for a North American cross biome comparison (Helton et al. In Review).   

Comparison of Nutrient Retention in the MRG to Other River Ecosystems 

High rates of NO3 and SRP retention in the MRG (up to 99% of inputs during 

months where significant portions of flow are diverted for irrigation) are much greater 

than those observed in mesic watersheds (Behrendt 1996, Behrendt and Bachor 1998, 

Caraco and Cole 1999, 2001, Bukaveckas et al. 2005). Rates are similar, however, to NO3 

retention rates observed in other aridland rivers such as the Nile, Orange, Murray-Darling 

and Zambezi rivers (Caraco and Cole 1999, 2001) (Fig. 5).  

 

Figure 5. Export of nitrate-N (kg N km-2 year-1) from a study of 33 rivers from 
around the world versus watershed population density (people km-2) (Modified with 
permission from Caraco and Cole, 2001). 
 

Two mechanisms proposed to explain high retention rates in these other aridland systems 

were high within watershed retention due to low precipitation runoff and high instream 
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retention (Caraco and Cole 1999, 2001). We used the available literature to evaluate 

whether the water removal and potential nutrient sinks discussed as potentially important 

for nutrient removal in the MRG might also be responsible for nutrient retention in the 

Murray-Darling, Nile and Orange river systems. Germane literature was not found for the 

Zambezi River.  

Extensive agricultural development has occurred adjacent to each of these three 

aridland rivers. The Murray-Darling Basin (MDB) is the largest and most productive 

agricultural region in Australia (Banens and Davis 1998) producing over 40% of the 

nation’s gross value of agricultural production (Smith and Maheshwari 2002). Similarly, 

90% of the Nile Delta is under cultivation and is one of the most agriculturally productive 

areas in Egypt (Sultan et al. 1999). The arid portion of the lower Orange River flows 

through the Kalahari and Namib deserts in South Africa and supports ~ 71,000 hectares 

of irrigated agricultural production (Department of Water Affairs and Forestry 2004). 

Additionally, agricultural cultivation along each of these rivers uses a substantial portion 

of river flow. Agriculture in the MDB uses ~ 70% of all of the water used in Australia 

(Smith and Maheshwari 2002), cultivation in the Nile Delta uses ~ 80% of all of the 

water used in Egypt (Wahaab and Badawy 2004), and crops along the Orange utilize  

~65% of the total water removed from the Orange river (Earle et al. 2005, Lange et al. 

2007). The irrigated portion of each of these systems contains an extensive network of 

ditches and drains that supplies water to fields and drains excess water back into the river, 

preventing soils from salinizing. The MDB contains over 6,000 km of irrigation drains, 

which have been shown to be potential sinks for nutrients (Bowmer et al. 1994). After the 

closure of the Aswan High Dam, over 13,000 km of irrigation drains were constructed in 
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the Nile delta (Nixon 2003). An extensive network of irrigation ditches has been 

constructed along the Orange River to connect the numerous impoundments to irrigated 

farmland (Gillitt et al. 2005). Although a range of irrigation practices is used in each of 

the three systems, some form of flood irrigation is common in each system (Clemmens et 

al. 1999, Bethune 2004, Gillitt et al. 2005, Wood and Finger 2006).  

Two case studies from western United States indicate similar retention 

mechanisms may be important in river systems geographically related to the MRG. A 

mass balance analysis of wastewater N in the Central Arizona – Phoenix area quantified 

the intensive reuse of wastewater for agricultural and municipal irrigation, aquifer 

recharge, and nuclear power generation, resulting in a 78% reduction in wastewater N 

inputs to the Gila River (Lauver and Baker 2000). An investigation of longitudinal N 

levels in the South Platte River in eastern Colorado found N retention ranged from 53 to 

100% of inputs due to denitrification (50%) and diversion of water from the river for 

municipal and agricultural use (35%) (Sjodin et al. 1997). The combination of instream 

and anthropogenic nutrient sinks results in higher nutrient retention in aridland 

ecosystems when compared to more mesic environments (Fig. 5) via mechanisms 

illustrated in the conceptual model presented in Figure 6. 
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Figure 6. A conceptual model of nutrient retention in aridland ecosystems where 
sources of nutrients include upstream inputs and wastewater and agricultural 
effluent and significant portions of river flow are removed for use in agriculture 
irrigation. The annual percentages are given for the total NO3 (N) and SRP (P) loads 
added to the system by upstream and urban inputs, and the percentage of the loads 
either retained by in-channel or agricultural processes or transported downstream 
out of the MRG. 
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Conclusions 

 The primary contributions of nutrients to the MRG come from wastewater 

treatment plants. Two mechanisms responsible for removing these inputs from the MRG 

are instream processing and the retention of nutrients within the agricultural irrigation 

system. Percentages of nutrient loads retained by instream processing in the MRG are 

comparable to those found in mesic river systems. Additional removal by the agricultural 

system during the irrigation season results in greater than 90% total removal of the NO3 

and SRP added to the MRG. Similar water use patterns in other aridland river basins 

suggest agricultural irrigation may play a major role in explaining high nutrient retention 

in these ecosystems. Although these results demonstrate that agriculture is providing an 

important ecosystem service of water purification for downstream water users and 

ecosystems, the cost for this service is evapotranspirative loss of a significant portion of 

the MRG discharge during the irrigation season. 
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Abstract  

 Little is known about the microbial gut flora of planorbid snails in spite of the 

importance of some members of this family of gastropod mollusks in the transmission of 

schistosomiasis, a parasitic disease which affects ~ 200 million humans worldwide. This 

study used culture independent methods to describe the community composition and the 

variability of gut microbes within and among three species of planorbid snails, Helisoma 

duryi (North American species), Bulinus africanus (African species), and Biomphalaria 

pfeifferi (African species). Three hundred and fourteen unique bacterial operational 

taxonomic units (OTUs, DNA sequences with <98% similarity) were found in the guts of 

the three snail species. This diversity was distributed across 23 bacterial phyla with the 

largest number of OTUs found in the Proteobacteria and Bacteroidetes groups. A small 

percentage of bacterial clones from every snail species were related to opportunistic 

pathogens that infect a range of hosts including snails and humans. Measures of β 
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diversity revealed minimal divergence among the gut microbial communities both within 

and among the three planorbid species, with samples differing primarily in the abundance 

of sequences within bacterial lineages and not in the presence or absence of lineages. 

These results suggest the presence of highly diverse and relatively similar gut microbial 

communities in the three snail species in spite of varying levels of phylogenetic and 

geographic separation, and highlight the need for additional study to determine the roles 

gut microbes play in the physiology of these important intermediate hosts for digenetic 

trematodes of medical and veterinary significance. 

Introduction  

Microbes outnumber the cells of their eukaryotic host organisms by a factor of ten 

(Savage 1977, Turnbaugh et al. 2007). The realization that microbes are not just 

pathogens but are important symbiotic partners for eukaryotes has resulted in new 

paradigms and research programs. Recently the term microbiome was coined, which 

refers to the genomes of all the microbes associated with an organism (Turnbaugh et al. 

2007), and a major effort to sequence the human microbiome (Turnbaugh et al. 2007) has 

begun in recognition that a complete understanding of any organism includes knowledge 

of its microbiome. Additionally, recent theories of evolution consider organisms along 

with their associated microorganisms as discrete units of selection (Zilber-Rosenberg and 

Rosenberg 2008).    

The gut has long been recognized as one of the most diverse and important sites 

of microbe/host interactions and as a result, gut microbiota have been investigated in a 

variety of organisms ranging from earthworms (Karsten and Drake 1995) to humans 

(Collins and Gibson 1999). These investigations have revealed an initial microbial 
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colonization of the host gut that begins during or after birth or hatching. This colonization 

is followed by succession of the microbial community as microbes capable of inhabiting 

physical and chemical niches in the gut environment establish viable populations. The 

sources of these microbes include the general host environment, food sources, and 

excrement of other members of same species (Dillon and Dillon 2004). Communities of 

these populations stabilize, forming an indigenous or autochthonous gut microbial 

community for an individual (Savage 1977). The factors that affect the habitability of host 

guts for microbes include: diet, gut structure, the nature of the gut lining, and the physical 

and chemical conditions inside the gut (Harris 1993). 

A stabilized indigenous gut microbial community interacts with host organisms in 

a variety of ways. A primary mutualistic function of gut microbes is to assist the host 

organism in obtaining nutrients from food sources. This can take several forms including: 

an improved ability to survive on suboptimal diets, improved digestion efficiency, and 

acquisition of digestive enzymes and vitamins (Dillon and Dillon 2004). Gut microbes 

also assist their hosts by metabolizing and detoxifying secondary compounds found in 

food sources (Bhat et al. 1998, Dillon and Dillon 2004). The extent to which gut 

microbes provide nutritional aid depends on the food source of the host and the residence 

time and microenvironments in the gut. If food sources are rich in lignin or other 

indigestible compounds, as in termites and ruminates, complex gut structures and long 

residence times provide microbes with conditions necessary to process these recalcitrant 

materials.  

Autochthonous gut flora also protect their hosts from invasion by pathogenic 

exogenous microbes, a service termed colonization resistance (Rolfe 1997b, Dillon and 
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Dillon 2004). Indirect and direct antagonism are used by indigenous bacteria to prevent 

settlement by foreign microbes. Indirect mechanisms include modification of bile salts, 

induction of immunological processes and stimulation of peristalsis. Direct antagonism 

includes depletion of essential substrates, creation of restrictive physiologic 

environments, and production of antibiotic-like substances (Rolfe 1997a).   

The structure and functions of gut microbial communities discussed above have 

been elucidated primarily for mammals and insects, specifically humans, ruminates and 

termites. Currently little is known about the composition and function of gut flora in 

mollusks in general. There is very little information specifically about gut microbes from 

the gastropod family Planorbidae (Planorbidae, Pulmonata, Gastropoda, Mollusca), a 

group of snails that is of particular interest because it includes the genera Biomphalaria 

and Bulinus that serve as intermediate hosts of digenetic trematodes of the genus 

Schistosoma (Morgan et al. 2002). According to the World Health Organization, these 

parasites infect ~200 million people worldwide (Gryseels et al. 2006). These and other 

planorbid snails also support the larval development of many other digeneans that are 

pathogenic as adults in vertebrates of veterinary significance, or that are of concern to 

conservation biologists.  

The existing information about snail gut microbes is focused on terrestrial 

phytophagous and saprophagous species that feed on lignin rich food sources. These 

studies have found a range of pH, oxygen and hydrogen levels and distinct 

microenvironments in helicid snails feeding on terrestrial plants and detritus. High 

oxygen uptake rates near the gut epithelium may be related to bacterial degradation of 

plant compounds such as lignin and phenols (Charrier and Brune 2003a). These findings 
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indicate a specialized gut community may be found in helicid snails due to their reliance 

on recalcitrant food sources and their specialized gut morphology. 

Planorbid snails, which live primarily in freshwater environments and feed 

primarily on detritus, decaying macrophytes, and algae, may have significantly different 

gut flora than the terrestrial snails discussed above due to the phylogenetic distance 

between these organisms, differences in the environments they inhabit, and the 

composition and lability of their food sources. The few studies that have investigated the 

microbial community in planorbid snails used whole organism tissue samples and culture 

dependent methods to characterize the microbiota (Ducklow et al. 1979, Ducklow et al. 

1981). These data provided limited information about gut microbes due to the inability of 

culture dependent methods to recover more than a small fraction of the entire microbial 

community (Amann et al. 1995) and because whole organism samples were used.  

The goals of this study were to: 1) gain a more complete understanding of 

planorbid snails by investigating the microbiome from the guts of three species of 

Planorbidae (Biomphalaria pfeifferi, Bulinus africanus, and Helisoma duryi), 2) compare 

intestinal bacterial communities between individual snails, and 3) compare gut microbe 

community similarities and differences between species.   

Materials and Methods 

Collection and Identification of Snails  

 Adult specimens from snail species representing three genera of Planorbidae were 

obtained from natural aquatic environments. Helisoma duryi were collected from Shady 

Lakes, a recreational fishing and aquatic plant nursery facility in Albuquerque, New 

Mexico, USA (35° 12.99'N, 106° 35.91'W). Biomphalaria pfeifferi and Bul. africanus 
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snails were collected in the Tala/Kangundo area of Kenya, from the seasonal stream 

Kakulutuine (1° 12.54'S, 37° 20.38'E) and near the Kisukioni Dam ( 1° 13.50'S, 37° 

16.90'E ), respectively.  

Preliminary field identification of the snails was verified by analyzing the 28S 

rRNA gene. Briefly, DNA was extracted from whole tissue samples using a CTAB 

extraction method (modified from Winnepenninckx et al. 1993). Extracted DNA was 

amplified using PCR forward 5'-GTAACGGCGAGTGAAG-3' and reverse 5'-

GTACAATCTGAGGAACCAG-3' primers constructed to yield amplicons 773 bp in 

length. Using AmpliTaq Gold (Applied Biosystems Inc.), the PCR thermal cycling (ABI 

GeneAmp 2700, Applied Biosystems Inc.) consisted of 10 min 95°C, 30 cycles of 1 min 

95°C, 30 s 52°C, 1 min 72°C, and 7 min 72°C. The amplified 28S rRNA gene was 

sequenced directly on an ABI 3100 Capillary DNA Sequencer (Applied Biosystems Inc.). 

Sequences were analyzed using CodonCode Aligner and NCBI BLAST (McGinnis and 

Madden 2004) searches to verify the species identification.   

Bacterial Gut Flora 16S rRNA Gene Amplification and Sequencing  

 Snails were fasted for at least 24 hours prior to dissection to empty their guts of 

partially digested food (Biomphalaria glabrata snails have been shown to have food 

transit times of ~ 3 hours, Florschutz and Becker 1999). This ensured that any bacterial 

16S rRNA genes isolated were from autochthonous bacteria closely associated with the 

gut and not associated with a transient food source. Fasted snails were stored at -70°C 

until processing. The intestine, the portion of the digestive tract distal to the stomach to 

the anus, was obtained by thawing each snail, wiping its shell with ethanol, and removing 

the digestive tract using sterile instruments and techniques. The intestine was dissected 
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and processed from three Biom. pfeifferi and H. duryi specimens (samples Bio1 – Bio3, 

and Hel1 – Hel3 respectively), and two Bul. africanus specimens (samples Bul1 and 

Bul2). After dissection, the intestinal tissues were homogenized using sterile pestles and 

DNA was extracted using the CTAB extraction technique described above. Bacterial 16S 

rRNA gene sequences were amplified using the bacteria-specific forward primer 8F 5'-

AGAGTTTGATCCTGGCTCAG-3' and the reverse primer 1492R 5'-

GTTTACCTTGTTACGACTT-3' in 50 µl reactions containing 5 µl 10X buffer (Promega 

Buffer B w/ 1.5 mM MgCl2), a 12.5 mM concentration of each dNTP (BioLine USA 

Inc.), 20 pmol each of 8F and 1492R primers, 2.5 U Taq polymerase (Promega US), and 

approximately 50 ng of DNA. The PCR thermal cycling (ABI GeneAmp 2700, Applied 

Biosystems Inc.) consisted of 30 cycles of 30 s at 94°C, 30 s at 50°C, and 90 s at 72°C. 

The amplified 16S rRNA genes were spin-purified using a DNA Purification Kit (MoBio 

Laboratories) and cloned using a TOPO TA Cloning Kit (Invitrogen). Clones were 

sequenced using 8F primers, and a representative clone from each major phylogenetic 

clade was fully sequenced using bacteria-specific, internal primers with the BigDye 

terminator cycle sequencing kit (PE Applied Biosystems). 

Statistical Analysis  

 Bacterial intestinal flora 16S rRNA gene sequence data was checked for quality 

using CodonCode Aligner (CodonCode Corporation). High quality sequences greater than 

500 bp were exported to Greengenes (http://greengenes.lbl.gov) for alignment (NAST 

Alignment Tool, DeSantis et al. 2006a) to identify the most closely related 16S rRNA 

gene sequences previously characterized from cultured and uncultured bacteria (DeSantis 

et al. 2006b). A distance matrix of the aligned sequences was generated in ARB (Ludwig 
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et al. 2004). This matrix was analyzed in DOTUR (Schloss and Handelsman 2005) 

(http://schloss.micro.umass.edu/software/dotur.html) to divide sequences into operational 

taxonomic units (OTUs) within each snail species using a 98% DNA sequence similarity 

cutoff, and to generate rarefaction curves for each individual snail using both a 98% and 

95% DNA sequence similarity cutoff. The general distribution of bacterial phyla in the 

three snail species was assessed by adding a representative from each identified OTU to a 

backbone phylogenetic tree of 6634 bacterial 16S rRNA gene sequences (Hugenholtz 

2002). Each OTU representative was then assigned to the phylum to which it grouped in 

the backbone tree. A representative from each OTU was submitted to a NCBI BLAST 

search (McGinnis and Madden 2004). The bacterial sequences representing the ten 

closest matches for each sequence were recorded, along with the environments from 

which these bacteria were isolated. All clones with BLAST hits to potential pathogens 

were included in an initial phylogenetic analysis of pathogens, and redundant sequences 

were later removed.   

Sequence data for the unique OTUs defined in DOTUR was used in Arlequin 

(Schneider et al. 2000) to perform analysis of molecular variance (AMOVA). AMOVA 

estimates variance components and F-statistic (FST) analogs defined here as Φ-statistics 

(ΦST) (Excoffier et al. 1992). These parameters describe the correlation of molecular 

diversity at different levels of hierarchical subdivision (Excoffier et al. 1992). Arlequin 

also generated traditional fixation index (FST) values for pairwise comparisons between 

all samples. The FST parameter is a measure of population differentiation based on 

variance in genetic diversity within and among populations. Pairwise comparisons among 
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organisms generate FST values ranging from 0 to 1, with 0 indicating no genetic 

differentiation. Values greater than 0.15 indicate significant divergence (Wright 1978).  

The phylogeny of the bacterial 16S rRNA genes from the eight snail samples was 

also analyzed using UniFrac (Lozupone and Knight 2005, Lozupone et al. 2006). Briefly, 

all sequences were added using the parsimony add option in ARB (Ludwig et al. 2004) to 

the large backbone phylogenetic tree of bacterial 16S rRNA gene sequences described 

above. This tree was imported into UniFrac to calculate the UniFrac metric, which is 

defined as the phylogenetic distance between sets of taxa in a tree calculated as the 

percentage of branch length that leads to descendants from only one of a pair of 

environments represented in a single phylogenetic tree (UniFrac metric) (Lozupone and 

Knight 2005). This UniFrac metric was then used to perform a variety of tests. The 

UniFrac significance test was used to determine if samples were statistically different 

from each other (Lozupone et al. 2006). Environment distance matrices (EDM) were 

calculated to measure distances between all sample pairs in a tree (Lozupone et al. 2006). 

These EDMs were then used to hierarchically cluster samples using an un-weighted pair 

group method with arithmetic mean (UPGMA) algorithm (Lozupone et al. 2006). 

Jackknife analysis was used to assess confidence in the nodes of the UPGMA tree 

(Lozupone et al. 2006). Finally, the environment distance matrices were also used to 

perform a principal coordinate analysis (PCoA) (Lozupone et al. 2006).  

Each of the above tests was performed using both the weighted and un-weighted 

analysis option available in UniFrac (Lozupone et al. 2007). The un-weighted analysis 

provides a qualitative measure of β diversity that disregards the relative abundance of 

lineages and focuses on the presence or absence of bacterial lineages within a community. 
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This measure is useful for determining whether differences in environmental factors 

between sample environments are large enough to promote the growth of different 

microbial lineages (Lozupone et al. 2007). The weighted analysis provides a quantitative 

measure of β diversity that takes into account the relative abundance of lineages. This 

analysis is useful for investigating how transient environmental factors affect microbial 

community structure (Lozupone et al. 2007).  

Phylogenetic Analysis 

 A general phylogenic tree of the snail intestinal bacteria was created using a 

subset of the total 616 partial sequences found in all of the samples. These sequences 

were chosen by building a tree of all of the partial sequences and then collapsing the 

branches into a tractable number of clades. A representative sample was then chosen from 

each clade for complete sequencing (see above). Sequences were assembled using 

PHRAP in CodonCode Aligner and edited by hand. The initial forward sequence reads 

(with the 8F primer) were used in phylogenetic analysis for seven OTUs that did not have 

a fully sequenced representative due to plasmid insert loss. Phylogenetic analysis was 

performed in ARB (Ludwig et al. 2004). Topology was explored using neighbor joining, 

parsimony, and maximum likelihood analyses with various masks based on nucleotide 

frequency at each alignment position. The final trees were made in ARB by creating a 

parsimony tree with full-length sequences and adding the shorter sequences with 

parsimony quick-add. The full-length trees were bootstrapped before the shorter 

sequences were added using 1000 replicates.  All trees were rooted with 

Methanocaldococcus jannaschii.    
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Accession Numbers  

 The snail 28S and bacterial 16S rRNA gene sequences were deposited in the 

GenBank nucleotide sequence database under accession numbers: EF152570 (Biom. 

africanus), EF152571 (Bul. pfeifferi), FJ423081 (H. duryi), and FJ228740 through 

FJ229355 (bacteria). 

Results 

Snail Identification and Phylogeny 

 The 28S rRNA gene sequences from the three snail species confirmed the field 

identifications of the North American species as H. duryi, and the African species as Bul. 

africanus, and Biom. pfeifferi. Helisoma. duryi, and Biom. pfeifferi are phylogenetically 

close, considered to be sister genera in the Planorbinae sub-family while Bul. africanus 

belongs to a separate sub-family Bulininae (Morgan et al. 2002) (Fig. 1) . 
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Figure 1: Simplified phylogeny of the family Planorbidae (Gastropoda, Mollusca), 
based on 28S rDNA genes and exon 2 of a cytoplasmic actin gene, using a physid 
snail (family Physidae, Mollusca) to represent the outgroup (Morgan et al. 2002). 
The term H-clade designates a tribe-level group for which no previous formal name 
existed (Morgan et al. 2002). Several species of ancylid snails, previously considered 
as members of the related basommatophoran family Ancylidae, cluster within the 
Planorbidae. The relative phylogenetic position of these Ancylidae remains equivocal 
(also see Jørgensen et al. 2004; Albrecht et al. 2007). 
 

General Distribution of Bacterial 16S rRNA Sequences and OTUs  

 A total of 616 high quality partial 16S rRNA gene sequences were obtained. 

These sequences were distributed among the snail species with 150 from the two Bul. 

africanus samples, 215 from the three Biom. pfeifferi samples, and 251 from the three H. 

duryi samples. A total of 314 OTUs (cut-off 98% similarity) were recovered from the 

entire 616 sequence data set. When the communities from the snail species were 

considered individually, 99 OTUs were recovered from Bul. africanus, 74 from Biom. 

pfeifferi, and 156 from H. duryi.  
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Rarefaction curves from the eight samples demonstrated that a significant portion 

of the genus level diversity (95% DNA sequence similarity) was successfully described 

for all samples, with the exception of the Hel1 sample (Fig. 2). Additionally, a smaller 

but still substantial portion of the species level diversity (98% DNA sequence similarity) 

was successfully described for five of the eight samples, with some evidence of under 

sampling for the Bio1, Bul2 and Hel1 samples (Fig. 2). While many microbial 

communities are too complex to be sampled completely (Hughes et al. 2001), the 

rarefaction curves from this study indicate that we successfully described a significant 

portion of the gut microbial diversity from the snails sampled. 
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Figure 2: Rarefaction curves create in Dotur (<98% similarity cut-off) for the gut 
microbial communities from the eight snail samples obtained by analysis of a 
distance matrix created from sequence data in ARB.  
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The bacterial sequences from the snail species were distributed among 23 

bacterial phyla (Figs. 3a and 3b).  

 
 
Figure 3a: Parsimony phylogram of planorbid gut bacterial 16S rRNA genes for 
representatives from the major bacterial clades excluding Proteobacteria. Percent 
bootstrap values of 1000 iterations are shown at the nodes. Clones from this study 
are highlighted with bold typeset. 
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Figure 3b: Parsimony phylogram of planorbid gut bacterial 16S rRNA genes for 
representatives from the phylum Proteobacteria. Percent bootstrap values of 1000 
iterations are shown at the nodes. Clones from this study are highlighted with bold 
typeset. 
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In all snail species, greater than 50% of the total OTUs were found in three or four 

dominant phyla (Fig. 4). The H. duryi samples contained the most diverse flora, with 21 

phyla represented. Members of the Acidobacteria were most common, accounting for ~ 

24% of the total OTUs found in the H. duryi samples, followed by the Beta- and 

Gammaproteobacteria with ~17% and 12% respectively of the total OTUs. Bulinus 

africanus samples yielded OTUs from 17 phyla, 20% of which were from Bacteroidetes, 

while Actinobacteria, Deinococcus-Thermus, and Verrucomicrobia represented ~16%, 

10% and 10%, respectively, of the total (Fig. 4). The Biom. pfeifferi samples were the 

least diverse with 10 phyla represented. Sixty-three percent of the Biom. pfeifferi OTUs 

grouped in the Gammaproteobacteria with the Bacteroidetes containing ~15% of the 

total OTUs (Fig. 4). 

 

Figure 4: The general distribution of bacterial phyla in the three planorbid snail 
species. The data was generated by adding a representative from each identified 
OTU to a backbone phylogenetic tree of 6634 bacterial 16S rRNA gene sequences 
and assigning OTUs to the phyla they grouped with in the backbone tree. 
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BLAST searches of the 314 bacterial OTUs revealed that the most closely related 

bacterial species, based on sequence similarity, were found in a wide variety of habitats. 

Forty-four percent of the related sequences were found in terrestrial habitats of which the 

majority, 74%, were found in soil, followed by 10% in rhizospheres. Twenty-nine percent 

of the total related sequences were found in aquatic environments. Of these samples 46% 

were found in non-specific aquatic environments, 32% in sediment samples, 12% in 

water column samples, and 11% in marine environments. Seven percent of the related 

sequences were found in other gut environments with hosts including antlions, moths, 

fish, chickens, and humans. Six percent of related sequences were isolated from highly 

impacted environments such as mine tailings and polluted soil. The remaining 14% of 

related samples came from a variety of uncommon natural and manmade environments, 

such as naturally occurring tar pits, glaciers, biofilm reactors, and indoor environments. 

Some clones from each snail species were identified through phylogenetic analysis as 

close relatives of potential snail and human pathogens in the Gamma- and 

Betaproteobacteria, Tenericutes, Firmicutes, and Cytophaga-Flavobacterium-

Bacteroidetes phyla. Aeromonas species were found in every snail species and accounted 

for the highest percentage of pathogen-related clones in every snail in which they were 

detected. Overall, potential pathogens accounted for 6.7%, 14.7%, and 29.8% of the total 

clones for Bul. africanus, H. duryi, and Biom. pfeifferi samples, respectively (Fig. 5). 

Interestingly, common invertebrate symbionts, such as Rickettsia and Wolbachia, were 

absent from all of the 16S rRNA gene clone libraries. 
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Figure 5: Parsimony phylogram of planorbid gut bacterial 16S rRNA genes for 
sequences identified by BLAST searches as potential pathogens. Percent bootstrap 
values of 1000 iterations are shown at the nodes. Clones from this study are 
highlighted with bold typeset. 
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Bacterial Community Comparison between Individual Snails and Snail Species  

 The AMOVA on the OTUs from each snail sample produced estimates of 

variance components and F-statistic analogs at three levels of hierarchical division: 1) 

within populations (ΦST), 2) among populations within groups (ΦSC), and 3) among 

groups (ΦCT). Ninety five percent of the total molecular variation was due to differences 

within the populations found in individual snails, five percent was found among 

populations within groups (within snail species), and no appreciable percentage of the 

total variation was found among groups (among snail species). The ΦST value was 0.055, 

the ΦSC value was 0.056, and the ΦCT value was -0.001. The ‘within populations’ and 

‘among population within groups’ variance components and ΦST and ΦSC values were 

statistically significant (P < 0.001) while the ‘among groups’ variance component and the 

ΦCT value were not statistically significant (P > 0.6). The FST values for pairwise 

comparisons between all samples were all significant (P < 0.001) and relatively low, 

ranging from 0.007 to 0.126 (Table 1), indicating minimal to moderate divergence (FST = 

0 indicates 100% similarity, FST = 1 indicates 0% similarity, FST > 0.15 indicates 

significant divergence, Wright 1978). 

  
Table 1. Divergence of bacterial populations of individual snails, Arlequin FST values 

for bacterial OTUs from the eight snail samples. 
 Bio1a Bio2 Bio3 Bul1 Bul2 Hel1 Hel2 Hel3 

Bio1 0        
Bio2 0.056 0       
Bio3 0.091 0.126 0      
Bul1 0.034 0.070 0.104 0     
Bul2 0.016 0.052 0.086 0.030 0    
Hel1 0.010 0.047 0.082 0.025 0.007 0   
Hel2 0.020 0.056 0.090 0.034 0.016 0.011 0  
Hel3 0.048 0.084 0.117 0.062 0.044 0.039 0.048 0 

a Abbreviated species names are followed by a sample identification number. 
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The highest FST value of any of the pairwise comparisons was between two Biom. 

pfeifferi samples (FST = 0.126) indicating these samples were the most different samples 

in the data set. The ranges of FST values between samples from the same species were 

0.011 – 0.048 for the H. duryi samples, 0.056 – 0.126 for the Biom. pfeifferi samples, and 

0.03 for the Bul. africanus samples. The ranges of FST values between samples from 

different species were similar to those found within species. Comparisons between H. 

duryi and Biom. pfeifferi samples produced FST values ranging from 0.010 – 0.117. 

Helisoma duryi and Bul. africanus comparison values ranged from 0.007 – 0.062 and 

Biom. pfeifferi and Bul. africanus samples ranged from 0.016 – 0.104.  

Pairwise comparisons of the individual snail samples in UniFrac (1000 

Permutations, non-normalized) indicated all samples were significantly different 

(Bonferroni Corrected, P < 0.028 for all samples) regardless of whether the analysis was 

weighted or un-weighted for the abundance of lineages. UPGMA clustering of the 

weighted data (1000 permutations, non-normalized) revealed six sample groupings that 

were well supported by jackknife analysis: 1) Bio1-Bio2 (97%), 2) Bio2-Bio3 (81%), 3) 

Bul1-Bul2 (80%), 4) Hel1-Hel2 (99%), 5) Hel3-Bio3 (100%), and 6) Hel2- Bul2 (95%) 

(Fig. 6a). Four of these groups represent within species groupings and two represent 

between species clusters, with the most strongly supported and closely related being the 

Hel3 and Bio3 samples. UPGMA clustering of the un-weighted data (1000 permutations, 

Non-Normalized) revealed five sample groupings that were well supported by jackknife 

analysis; within species groupings were much less clear and samples from the same snail 

species were less closely related than they had been in the weighted analysis (Fig. 6e). 

The strong jackknife support for the UPGMA clustering described above also indicates 
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that the sequencing effort adequately described the snail gut microbial communities 

(Lozupone et al. 2007). Weighted PCoA results for the eight snail samples show loose 

grouping of the samples from the three snail species (Fig. 6b-6d). These results also show 

the Hel3 sample appears to cluster with the Biom. pfeifferi samples (Fig. 6b-6d), while the 

Bul. africanus samples appear the most dissimilar from the rest of the samples (Fig. 6c 

and 6d). Un-weighted PCoA results were similar to the weighted results. Samples from 

the same species, however, did not appear to cluster together as tightly, and the Bul. 

africanus samples were less clearly separated from the rest of the samples (Fig. 6f-6h). 



138 
 

 



139 
 

Figure 6: UPGMA dendrograms (6a, 6e) and PCoA plots (6b – 6d and 6f – 6h) for 
principal coordinates 1 – 3 (P1 – P3) created in UniFrac for the gut bacterial 
communities in eight planorbid snail samples from three species: Biomphalaria 
pfeifferi (   ), Bulinus africanus (   ), and  Helisoma duryi (   ). Figures 6a – 6d were 
created using the weighted option in UniFrac which provides a quantitative measure 
of β diversity, taking into account the relative abundance of lineages in a 
phylogenetic tree containing the sequence data. Figures 6e – 6h were created using 
the UniFrac un-weighted analysis option which provides a qualitative measure of β 
diversity, disregarding the relative abundance of lineages in the sample tree and 
focusing on the presence/absence of bacterial lineages within a community 
 
Discussion 

Gut Microbial Community Composition in Planorbid Snails 

 This is the first study to investigate the gut microbial community composition in 

three snail species from the family Planorbidae. The finding of more than 300 OTUs 

shows that the overall bacterial diversity in planorbid guts is high. Furthermore, this 

diversity is widely distributed across the bacterial phylogenetic tree with 23 phyla 

represented. In addition to the large number of OTUs found, rarefaction curves from 

several of the samples indicate a portion of the diversity was not sampled, providing 

further evidence of the diversity of these communities.     

 Previous studies have shown that host diet is a determining factor for the 

diversity and structure of gut microbial communities (Yamada et al. 2007, Ley et al. 

2008). In general, host organisms that ingest recalcitrant or complex food sources rely on 

complex gut microbial communities to extract nutrients from these materials (Harris 

1993). For example, analysis of mammal gut microbes revealed that herbivores, which 

ingest complex carbohydrates from plants, had the highest genus level gut microbe 

richness followed by omnivores and carnivores (Ley et al. 2008). Similarly, individual 

soil (Schmitt-Wagner et al. 2003) and wood (Yang et al. 2005) feeding termites harbor 
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100-200 gut microbe OTUs. This high diversity has been attributed to the complexity of 

microbial communities necessary to break down the recalcitrant food sources upon which 

these termites subsist. Previous feeding studies conducted with planorbid snails have 

shown that Helisoma trivolvis (Smith 1989) and H. duryi (Madsen 1992), Biomphalaria 

peregrina (Estebenet et al. 2002), Biom. glabrata (Cedeño-León and Thomas 1982, 

Thomas 1982, Thomas et al. 1985), Biom. pfeifferi  (Madsen 1992), and Bulinus 

africanus, Bul. truncatus and Bul. forskalii (Madsen 1992) all feed primarily on detritus, 

followed by decaying macrophytes, diatoms and filamentous algae. Furthermore, 

Schmölder and Becker (1990) found Biom. glabrata actively and selectively fed on sand 

grains which aid mechanical digestion of recalcitrant materials. These mineral ingestions 

provide a slight growth and reproductive advantage over snails that had no mineral 

particles available for ingestion. Thus planorbid snails rely on recalcitrant food sources 

and complex diets, both of which may require a highly diverse gut microbial community 

for digestion, consistent with the observations in this study.    

A second factor that affects the diversity and structure of gut microbial 

communities is host phylogeny (Yamada et al. 2007, Ley et al. 2008). While there are no 

available data of gut microbial diversity and structure for other planorbid snails for 

comparison, a few studies have investigated the microbial communities in 

phylogenetically more distant gastropods. A stable, potentially mutualistic gut microbial 

community is present in the phytophagous terrestrial pulmonate Helix aspersa (Charrier 

et al. 1998) (Helicidae, Pulmonata). Gut microenvironment conditions in several other 

phytophagous and saprophagous helicids also indicate that these snails may harbor an 

autochthonous gut community (Charrier and Brune 2003b). This evidence of stable 
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symbiotic gut microbial communities in closely related species suggests that the diverse 

intestinal bacterial community we observed represents an endogenous and potentially 

mutualistic community specific to planorbid snails.  

Several studies have investigated the structure and function of gut microbes in 

other gastropods. A study of abalone (Haliotis discus hannai) investigated the structure of 

gut microbial communities in these marine gastropods using culture independent methods 

(Tanaka et al. 2004). This study, which sequenced a limited number of clones from 

abalone fed a variety of diets, found a total of 15 OTUs (98% identity). These clones were 

affiliated with five bacterial phyla (Firmicutes, Fusobacteriaceae, and Alpha-, Gamma-, 

and Epsilonproteobacteria (Tanaka et al. 2004)), four of which were represented in the 

planorbid snails from this study. Gut microbes have also been shown to play a role in 

meeting the nutritional demands of several gastropod species. Gut microbes from adult 

abalone, which feed on brown, red and green algae that contain complex carbohydrates 

resistant to digestion, have been shown to excrete enzymes that break down a variety of 

these compounds when grown outside the abalone digestive tract (Sawabe et al. 1995, 

Erasmus et al. 1997). These microbes are also responsive to changes in host diet (Tanaka 

et al. 2003, Tanaka et al. 2004) and form a stable and consistent community in multiple 

samples from the same species of abalone (Sawabe et al. 1995). Gut microbes from two 

other gastropod species, the sea hares Aplysia dactylomela and Aplysia juliana, are also 

capable of degrading plant constituents in seaweed culture medium. When antibiotics 

were used to depopulate the intestines of these two gastropods, the growth rates of 

juveniles were significantly reduced. The above studies indicate that representatives from 

most of the bacterial phyla found in other gastropods were present in the planorbid snails 
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investigated in this study. These studies also revealed that several other members of the 

class Gastropoda have stable gut microbial communities that are capable of processing 

recalcitrant food items and have been linked to host health. This is further evidence that 

the diverse intestinal bacterial communities recorded in this study may represent an 

autochthonous community specific to planorbids that is important for processing the 

refractory and complex diet on which these snails depend.  

The nearest genetic neighbors to the snail gut bacteria found utilized many 

metabolic pathways and were isolated from a wide variety of habitats, but most 

commonly from varied terrestrial soil environments. These soil microbes are likely 

introduced to the planorbid digestive system through the movement of eroded soil with 

attached microbes into aquatic environments where they are ingested by the snails. It is 

likely that some of the microbes from this pool of soil bacteria are capable of filling 

niches in the planorbid digestive tract and become part of the autochthonous gut flora 

(Dillon and Dillon 2004). The second most common habitat in which the nearest 

neighbors to the planorbid gut microbes were found was aquatic environments, with 

sediment being the most common subcategory. The importance of detritus in planorbid 

diets (Madsen 1992) may help explain how sediment associated microbes established in 

the guts of these snails. Only seven percent of the bacteria related to the planorbid flora 

were isolated from the guts of other organisms. This modest presence of gut microbes is 

surprising but may be due to the relatively small number of studies that have used culture 

independent methods to survey the gut flora in fresh water aquatic organisms.  

Some of the clones recovered had 16S rRNA gene sequences similar to 

pathogenic bacteria indicating that planorbid snails may be a reservoir for snail, human 
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and other wildlife pathogens. The closest relatives of most of these clones are gut bacteria 

from a variety of hosts. Phylogenetic analysis placed these clones in clades with 

opportunistic pathogens associated with either nosocomial or community-acquired 

infection in humans and/or stress-induced disease in aquatic organisms (Kirby et al. 2004, 

Dijkshoorn et al. 2005, Kiebre-Toe et al. 2005, Vendrell et al. 2006, Dworkin 2007, Lau 

et al. 2009). Though disease associated with these pathogens is rare in humans, the 

implication of Acinetobacter and Chryseobacterium in antibiotic resistance makes 

identification of environmental sources important. The closest relatives of most of these 

clones are gut bacteria from a variety of hosts, but all of the cultured members of these 

clades, except the Tenericutes, are either common freshwater inhabitants or parasites of 

freshwater amoeba (Santos et al. 2003). It is likely these bacteria were allochthonous and 

colonized the snails’ gut through food consumption. This possibility was strengthened by 

the clone related to Spiroplasma, a phyto-pathogenic species that can be found in plant 

phloem (Bove 1997), and the clones related to Lactococcus, which had 99% similarity to 

strains isolated from broccoli and radishes according to NCBI matches. The only close 

relative known to cause disease in snails is Aeromonas hydrophila. Aeromonads are 

present in the guts of a wide range of healthy aquatic organisms, but are also associated 

with diseases of fish, frogs, zebra mussels (Gu and Mitchell 2002), and snails. Kiebre-

Toe et. al. (2005) found Aeromonas species associated with both healthy and diseased 

helicid snails, though Aeromonas hydrophila was almost exclusively isolated from 

diseased snails. Given the placement and number of clones in the Aeromonas clade, we 

probably detected both normal gut flora and potentially pathogenic strains.  
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Gut Microbial Community Similarities between Samples and Snail Species 

 Additional goals of this study were to assess the gut microbial community 

similarities and differences between the individual snail samples and between the three 

snail species.  The AMOVA results indicate that almost all of the molecular variance in 

the entire gut microbe data set collected is due to differences within individual snails and 

almost none is due to differences among individuals within snail species or among snail 

species. While this divergence is statistically significant, the low ΦST and ΦSC values 

indicate minimal divergence within the gut microbial populations of individual snails or 

among populations within groups and almost no divergence between gut microbial 

communities from different species. This result is supported by the low FST values for all 

pairwise comparisons and the similar ranges of FST values for between and within species 

comparisons. These statistical comparisons among the samples combine to suggest 

planorbid snails from different sub-families and even from different continents host 

relatively similar gut microbial communities, although we recognize that an exhaustive 

sequencing effort would be needed to uncover the full diversity of the planorbid snail gut 

microbiome. Investigations of the gut microbial communities of other gastropods 

(Sawabe et al. 1995) as well as more phylogenetically distant organisms (Ley et al. 2008) 

have revealed relatively stable communities between individuals of the same species and 

similar communities between species that are closely related phylogenetically. These 

results suggest that planorbid snails follow this pattern, with relatively stable and similar 

autochthonous gut microbial communities found within species and between closely 

related organisms that have similar diets, even when these species are found on different 

continents (North America versus Africa).  
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The data for all of the samples were analyzed using both the weighted and un-

weighted options in UniFrac. This allowed us to determine whether differences between 

samples or groups of samples were a result of dramatically different environmental 

conditions in the different host species (un-weighted), or whether the differences between 

host environments were small, affecting the abundance of lineages but not their presence 

(weighted) (Lozupone et al. 2007). The more distinct species grouping found in the PCoA 

plots and UPGMA dendrograms from the weighted samples as compared to the un-

weighted samples suggests that the differences between species has less to do with the 

presence or absence of lineages and more to do with the abundance of similar OTUs 

within lineages. This result was expected due to the similar diets, physiology, and 

environments these snail species share and their close phylogenetic relationship.  

Conclusions 

The microbiology of the guts of planorbid snails has received very little attention 

to date, even though members of this family are important intermediate hosts for the 

transmission of human pathogens. This study described the microbial community in the 

guts of three planorbid species as comprised of numerous and phylogenetically diverse 

OTUs, and relatively similar between individuals and species. These results highlight the 

need for additional study to determine the roles these gut microbial communities play in 

host health. 
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